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Abstract
The objective of the current study was to determine the growth and deposition of hygroscopic aerosol particles in the human
respiratory tract. A hygroscopic particle growth methodology was incorporated into an existing particle dosimetry model
(Exposure Dose Model 2, ExDoM2) using the κ-Köhler theory, the International Commission on Radiological Protection
(ICRP) formulation for hygroscopic growth and mathematical formulations for taking into account the residence time, the
influence of hygroscopicity on the particle’s density, and hygroscopic growth at 99.5% relative humidity. In order to validate
ExDoM2, the results of the model were compared with experimental total deposition data for NaCl particles. The incorporation of
the hygroscopic growth resulted in predictions closer to the experimental data than to model results without the use of a
hygroscopic model formulation. The hygroscopicity plays a more significant role in the lower regions (tracheobronchial (TB)
and alveolar-interstitial (AI) regions) of the respiratory tract. In particular, the hygroscopicity of NaCl particles decreases the
deposition in the AI region for particles in the size range 0.03 μm ≤ aerodynamic diameter (dae) ≤ 0.2 μmwhile for the size range
0.3 μm ≤ dae ≤ 3 μm, the hygroscopicity increases the deposition in the AI region. In addition, it is observed that the deposition of
(NH4)2SO4 and NH4NO3 particles with dae ≥ 0.30 μm is higher when the hygroscopic properties of the particles are taken into
consideration. However, the particle deposition in the range 0.02 μm ≤ dae ≤ 0.25 μm is decreased due to hygroscopicity.

Keywords Particulate matter . Hygroscopic growth . Aerosol . Human respiratory tract . Dosimetry model

Introduction

The ability of hygroscopic particles to grow in the humid
respiratory system has been reviewed in several studies
(Asgharian 2004; Ferron et al. 2005; Rissler 2005; Löndahl
et al. 2009; Winkler-Heil et al. 2014; Haddrell et al. 2015; Vu
et al. 2015). An inhaled hygroscopic particle grows in the
human respiratory tract due to the condensation of water vapor
on the particle’s surface (Asgharian 2004). Therefore, the hy-
groscopic behavior of aerosol particles plays a significant role
in determining their size (Yan et al. 2017). In particular, hy-
groscopic particles can change their size during respiration
due to the high relative humidity (RH). The RH in the lungs
has been estimated at 99.5% (Löndahl et al. 2009; Youn et al.

2016). At these conditions, the inhaled particle’s growth de-
pends on its size and chemical composition (Löndahl et al.
2009). The deposition of particles in the human respiratory
tract depends on the particle’s size and chemical composition
and on human activity patterns. Chemical composition and
particle size are the two parameters that influence more the
potential of particles to cause adverse health effects (Sánchez-
Soberón et al. 2015). The potential damage of particles is
linked to their capability to enter the lungs (Buonanno et al.
2015). Specifically, the particle size influences the region of
deposition within the human respiratory tract.

There are three main mechanisms (impaction, sedimentation,
and diffusion) for the deposition of inhaled particles in the human
respiratory tract. For particles with a diameter greater than
0.5μm, deposition occursmainly due to impaction and sedimen-
tation mechanisms (ICRP 1994). The deposition of particles via
impaction occurs when the particles cannot follow the curvature
of streamlines in the airways due to inertia, and hence, the parti-
cles deposit on the airway wall, while sedimentation deposition
occurs due to gravitational settling. In addition, particles with a
diameter less than 0.5 μm deposit due to diffusion. The diffusion
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mechanism is the deposition due to collision with air molecules
(Hinds 1999; Hussain et al. 2011).

Many studies (Ferron et al. 1993; Varghese and Gangamma
2006; Kristensson et al. 2013; Winkler-Heil et al. 2014;
Haddrell et al. 2015; Vu et al. 2015) showed that change in
particle size results in changes in total and regional deposition.
In particular, hygroscopic particles take up water as humidity
increases and thus modify the total and the regional deposition
(Anselm et al. 1990). Winkler-Heil et al. (2014) found that
hygroscopic growth decreases the deposition of particles with
an aerodynamic diameter between 0.01 and 0.3 μm due to a
less efficient diffusion mechanism while it increases the depo-
sition of particles with an aerodynamic diameter greater than
0.3 μm due to more efficient impaction and sedimentation
mechanisms. In particular, Winkler-Heil et al. (2014) stated
that the deposition of hydrophobic particles (with a diameter
between 0.01 and 0.3 μm) in bronchial and acinar airways is
higher compared to the deposition of the corresponding
hygroscopic particles. In addition, Vu et al. (2015) asserted
that hygroscopic particles with a mobility diameter less than
200 nm show lower total deposition than hydrophobic parti-
cles due to their hygroscopic properties while those with a
mobility diameter greater than 200 nm show higher total de-
position than hydrophobic particles. Vu et al. (2015) showed
that the deposition of hydrophobic particles with a mobility
diameter of 100 nm at rural sites is 40% higher compared to
the deposition of hygroscopic particles.

According to Kristensson et al. (2013), the deposition of
hydrophobic particles with a mobility diameter greater than
250 nm in the alveolar-interstitial (AI) region is lower com-
pared to the deposition of hygroscopic particles. In the tra-
cheobronchial (TB) region, the deposition of hydrophobic
particles is lower than the deposition of hygroscopic particles
with an initial mobility diameter greater than 400 nm. In par-
ticular, the deposition of hydrophobic particles with a mobility
diameter of 500 nm in the TB and AI regions is approximately
5 and 10%, respectively. The corresponding values for hygro-
scopic particles are equal to 7 and 20%, respectively.

Varghese and Gangamma (2006) calculated the daily dose
in the respiratory tract of total and soluble fractions of ambient
aerosol concentration measured at Mumbai, India. They
concluded that the total deposition was moderately increased
due to particle growth while the regional deposition was
affected significantly due to particle growth. In addition, the
dose increases in the TB and AI regions while the change in
dose is negligible for the nasopharyngeal region. In particular,
Varghese and Gangamma (2006) found that the hygroscopic-
ity decreases the daily dose (for the soluble fraction of ambient
aerosol) in the nasopharyngeal region of a healthy male (with
a functional residual capacity of 3300 cm3, tidal volume of
1500 cm3, and breathing rate 15 per minute) by 0.6% (parti-
cles larger than 0.5 μm). In addition, the hygroscopicity in-
creases the daily dose of the soluble fraction of ambient

aerosol in the TB and AI regions of a healthy male by 74
and 33%, respectively. Therefore, understanding the hygro-
scopic growth of aerosols is necessary for determining realis-
tic exposure and regional dose values for humans (Haddrell
et al. 2014).

The objective of this study is to develop a dosimetry model
for hygroscopic particles. A hygroscopic particle growth
methodology was incorporated into an existing dosimetry
model (Exposure Dose Model 2 (ExDoM2); Chalvatzaki
and Lazaridis 2015). ExDoM2 was extended with a module
that determines the change of particle size during respiration
due to the high RH in the respiratory tract and in respect to the
residence time.

Materials and methods

Basic equations and theory of ExDoM2

ExDoM2 was developed to calculate the deposition, clear-
ance, and retention of particles in the human respiratory tract
and the mass transferred to the esophagus (gastrointestinal
tract) and blood. ExDoM2 is a revised version of ExDoM
(Aleksandropoulou and Lazaridis 2013) and is based mainly
on the International Commission on Radiological Protection
(ICRP) model (ICRP 1994; ICRP 2015). The ICRP model
uses average values from the Weibel (1963), Yeh and Schum
(1980), and Phalen et al. (1985) models for the dimensions
and geometry of the airways in the TB region while it uses the
values from Hansen and Ampaya (1975) for the AI region.
Finally, ICRP adjusted these values to a normal functional
residual capacity of 3.3 × 10−3 m3 according to Yu and Diu
(1982) and James (1988).

According to ICRP, the regions of the respiratory tract are
treated as a series of filters during both inhalation and exhala-
tion, nine filters for nasal inhalation and seven filters for
mouth inhalation. Therefore, the deposition DE in each filter
j is calculated using the following equation (ICRP 1994):

DE j ¼ njϕ j ∏
j−1

jj¼0
1−njj
� � ð1Þ

where nj is the efficiency of the j filter and ϕj is the fraction of
tidal air that reaches the j filter.

The ϕj fraction of tidal air that reaches the j filters during
inhalation is calculated as (ICRP 1994)

ϕ j ¼ 1 for j ¼ 0 ð2Þ

ϕ j ¼ 1−
1

VT
∑
j−1

jj¼0
vjj for 1 ≤ j≤ N þ 1ð Þ=2 ð3Þ

where VT is the tidal volume (mL), vjj is the volume of a
preceding filter (mL), and N is the number of filters.
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Likewise, the ϕj on exhalation is calculated by the following
equation (ICRP 1994):

ϕ j ¼ ϕN− jþ1 for j ¼ N þ 3ð Þ=2;N ð4Þ

Finally, the deposition efficiency nj is calculated using the
following equation:

nj ¼ n2ae þ n2th
� �1=2 ð5Þ

where nae is the aerodynamic deposition efficiency due to
impaction and gravitational settling and nth is the thermody-
namic deposition efficiency due to diffusion (ICRP 1994).
Finally, according to ICRP (2015), the particles deposited in
the extrathoracic (ET) region (for nose breathing) are
partitioned 65% to the ET1 region (anterior nose) and 35%
to the ET2 region (posterior nasal passages). A detailed de-
scription of ExDoM2 can be found in Chalvatzaki and
Lazaridis (2015).

Growth of hygroscopic particles in the human
respiratory tract

In the current work, ExDoM2 was extended in order to
incorporate the hygroscopic growth of soluble particles.
In the scientific literature, several studies have developed
dosimetry models for hygroscopic particles (Varghese and
Gangamma 2006; Winkler-Heil et al. 2014; Haddrell et al.
2015; Vu et al. 2015). However, these studies did not take
into consideration all the significant factors/parameters
(but only some of them) affecting the deposition of hy-
groscopic particles in the respiratory tract. Therefore, the
major advantage of the modified ExDoM2 in comparison
with the other models available in the scientific literature
is its capability to take into account (1) the RH prior to
inhalation, (2) the residence time in each region of the
respiratory tract, (3) the differences in the residence time
in each respiratory tract region according to the gender
and age of the exposed individual, (4) the differences in
the residence time in each respiratory tract region accord-
ing to the physical exertion (e.g., sleep, rest, light activity)
level of the exposed individual, (5) the influence of hy-
groscopicity on the particle’s density, and (6) the chemical
composition of particles. In addition, by incorporating the
hygroscopic particle growth methodology in ExDoM2,
the deposited and retained doses of hygroscopic particles
in the respiratory tract and the mass transferred to the
esophagus (gastrointestinal tract) and blood can be calcu-
lated. Finally, with the use of ExDoM2, realistic human
exposure to hygroscopic particles at different microenvi-
ronments during the day can be determined, taking into
consideration the different (per microenvironment) parti-
cle size distribution characteristics (mass median

aerodynamic diameter (MMAD) and geometric standard
deviation (sg)).

In the current study, two different methodologies were
adopted for describing the hygroscopic growth behavior of
particles. In methodology 1 were used the new κ-Köhler the-
ory (Petters and Kreidenweis 2007) for taking into account the
chemical composition (e.g., NaCl) of particles; the ICRP
mathematical formulation (ICRP 1994) for taking into ac-
count the residence time in each region of the respiratory tract
based on the age, gender, and activity level of the exposed
subject; the equations of Martonen et al. (1982) for the influ-
ence of hygroscopicity on the particle’s density; and the
equations of Vu et al. (2015, 2017) for the calculation of hy-
groscopic growth at 99.5% RH.

In addition, ICRP (1994) used the ambient aerodynamic
diameter and not the dry aerodynamic diameter. Therefore,
the model has the capability to take into account the ambient
relative humidity using the ambient aerodynamic diameter
and the ambient relative humidity as input data for the calcu-
lation of hygroscopic growth based on the κ-Köhler equation
(Petters and Kreidenweis 2007) and the ICRP formulation.
Likewise, Haddrell et al. (2015) also used the ambient aero-
dynamic diameter and the ambient relative humidity.
However, most of the studies in the scientific literature used
the dry aerodynamic diameter or used experimental
measurements for the calculation of the effects of ambient
relative humidity. In particular, Vu et al. (2017) used the
SMPS/APS instruments for calculating the effect of ambient
relative humidity. Finally, in the current study was considered
that the number of soluble molecules or ions remains constant
over the RH (Rissler 2005; Rissler et al. 2010; Vu et al. 2015).

The hygroscopic growth factor (Gf) is determined using the
following equation (Kreidenweis et al. 2005; Haddrell et al.
2015; Vu et al. 2015):

Gf RHð Þ ¼ da
dp

ð6Þ

where da is the diameter of the particles (μm) at a%RH and dp
is the dry diameter (μm).

The new κ-Köhler theory suggested by Petters and
Kreidenweis (2007) was used in the current study. Petters
and Kreidenweis (2007) introduced the hygroscopicity param-
eter κ, which represents a quantitative measure of aerosol
water uptake characteristics. The hygroscopic growth factor
(Gf) was calculated using the following equation (Petters and
Kreidenweis 2007; Carrico et al. 2008; Haddrell et al. 2015):

Gf RHð Þ ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
1þ κ� aw

1−aw
3

r
ð7Þ

where aw is the water activity. The hygroscopic parameter κ
represents the contribution of water uptake by individual com-
ponents (Snider et al. 2016), contains all the compound-
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specific variables (molecular weight, density, van’t Hoff fac-
tor) of particulate matter chemical composition, and has no
relationship with the initial particle size and RH (Liu et al.
2016).

The hygroscopic parameter κ is related to KR as (Rissler
et al. 2010)

κ ¼ KR � Mw

ρw
ð8Þ

where KR (mol m−3) is the effective number of moles of
soluble ions or molecules per unit volume of dry particle,
Mw is the mole weight of water (g mol−1), and ρw is the
density of water (g m−3). For an aerosol distribution with a
homogenous composition, KR and κ are constant over size
(Rissler 2005; Rissler et al. 2010). In the current study, the
hygroscopic parameter κ is a necessary input parameter (κ-
Köhler theory based on Petters and Kreidenweis 2007).
Therefore, Eq. (8) was not used in the current study for
the calculation of growth factor based on Eq. (7). There
are available data for the hygroscopic parameter κ in the
scientific literature based on the chemical composition, and
hence, these values were used as input in Eq. (7). In par-
ticular, the hygroscopic parameter κ ranges from 0 for non-
hygroscopic particles (e.g., CaSO4) to 1.24 for highly hy-
groscopic particles (NaCl). The values of the parameter κ
are not always easy to determine. For example, the hygro-
scopic parameter κ of water-soluble organic carbon
(WSOC) is hard to be estimated as it requires the complete
knowledge of individual water-soluble organic compounds
(Liu et al. 2014). Many studies in the scientific literature
(Wu et al. 2013; Good et al. 2010) pointed out that the
hygroscopic parameter κ is obviously not sufficient to de-
scribe the hygroscopic behavior under supersaturated condi-
tions. In addition, Petters and Kreidenweis (2007) and Wu
et al. (2013) asserted that the hygroscopic parameter κ is
often significantly lower at 90% RH compared to higher
RH and under supersaturated conditions and hence leads
to an overestimation of the critical supersaturation. Finally,
Rissler et al. (2010) pointed out an overestimation of the
critical supersaturation due to non-spherical particles. For
the calculations performed in the current study, the hygro-
scopic parameter κ of NaCl, (NH4)2SO4, and NH4NO3 was
equal to 1.24, 0.52, and 0.68, respectively (Liu et al. 2014).

The water activity is related to RH as (Köhler 1936; Rissler
et al. 2010; Vu et al. 2015)

aw ¼ RH

100� Ck
ð9Þ

where Ck is the Kelvin curvature correction factor. Ck de-
scribes that the vapor pressure is greater over a curved water
surface than over a flat surface. This effect is greater in smaller
particles (Markelj et al. 2016). Ck can be represented as

(Petters and Kreidenweis 2007; Rissler et al. 2010; Vu et al.
2015)

Ck a%ð Þ ¼ exp
4� σ�Μw

ρw � R� T � da

� �

¼ exp
0:00209 μmð Þ

da μmð Þ
� �

ð10Þ

where σ is the surface tension of water (0.072 J m−2),Mw is the
mole weight of water (18 g mol−1), ρw is the density of water
(1 g cm−3), R is the standard gas constant (8.314 J mol−1 K−1),
and T is the temperature (298 K).

The methodology of Vu et al. (2015, 2017) was used in the
current study. In particular, the Gf (99.5%) was calculated
taking into account that the number of soluble molecules or
ions remains constant over the RH and the droplet solution is
ideal (Rissler 2005; Rissler et al. 2010). Therefore, the param-
etersKR and κ are assumed constant over the relative humidity
(constant value as RH changes from a% to 99.5%) (Vu et al.
2015). Based on Eq. (7) and the above assumption of Vu et al.
(2015), the following equation was derived:

G3
f 99:5%ð Þ−1

� �
� 1−awð Þ

aw
¼

G3
f a%ð Þ−1

� �
� 1−awð Þ

aw
ð11Þ

Therefore, combining Eq. (9) and Eq. (11), the growth
factor of particles at 99.5% RH was calculated using the fol-
lowing equation (Vu et al. 2015, 2017):

Gf 99:5%ð Þ

¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
1þ G3

f a%ð Þ−1
� �

� 99:5

a
100� Ck a%ð Þ−a

100� Ck 99:5%ð Þ−99:5
3

s

ð12Þ

The diameter of particles at 99.5% relative humidity (RH)
can be calculated using the following equation:

d99:5% ¼ Gf 99:5%ð Þ � dp ¼ Gf 99:5%ð Þ � da
Gf a%ð Þ ð13Þ

where Gf(a%) was calculated using Eq. (7) and da is the di-
ameter of particles at a% RH (before inhalation).

The conversion of a particle’s diameter at 99.5% RH to an
aerodynamic diameter at 99.5% RH was performed using the
following equation (ICRP 1994):

dae ¼ d �
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi

ρ
χ� ρ0

� C dð Þ
C daeð Þ

s
ð14Þ

where dae is the aerodynamic diameter (μm), d is the volume
equivalent particle diameter (μm), ρ is the density of particles
(g cm−3), χ is the shape factor of particles, ρ0 is the unit
density (1 g cm−3), and C is the Cunningham factor.
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The general ICRP equation was also used to assess the dae
within the respiratory tract at time t (ICRP 1994; Haddrell
et al. 2015):

dae tð Þ ¼ dae ∞ð Þ− dae ∞ð Þ−dae 0ð Þ½ �

� exp
− 10� tð Þ0:55

dae 0ð Þ

 !" #0:6
ð15Þ

where dae(∞) is the aerodynamic diameter at 99.5% RH (μm)
while dae(0) is the aerodynamic diameter before inhalation
(μm). In particular, for dae(0), the ICRP (1994) used the am-
bient aerodynamic diameter and not the dry aerodynamic di-
ameter (0% RH). Therefore, the model takes into account the
ambient relative humidity using the ambient aerodynamic di-
ameter in Eq. (15) and the ambient relative humidity in Eq.
(7). Likewise, Haddrell et al. (2015) used the ambient aerody-
namic diameter and the ambient relative humidity.

The residence time in each region of the respiratory tract
was calculated using the following equations (ICRP 1994):

tBB ¼ VD BBð Þ � 1þ 0:5� VT=FRCð Þ
V

ð16Þ

tbb ¼ VD bbð Þ � 1þ 0:5� VT=FRCð Þ
V

ð17Þ

tAI ¼ VT−VD ETð Þ− VD BBð Þ þ VD bbð Þ½ � � 1þ VT=FRCð Þ
V

ð18Þ
where VD is the anatomical dead space (mL), V is the volu-
metric flow rate of inspired air (mL s−1), and FRC is the
functional residual capacity of the exposed subject (mL).
The residence times are different based on the age, gender,
and activity level of the exposed subject. In the hygroscopic
particle growth methodology, the cumulative residence times
were used. Therefore, the time t when particles are in the AI
region during inhalation is the sum of all residence times.

The hygroscopicity of the particles affects also their densi-
ty. The density of particles at a given time (ρ(t)) can be calcu-
lated by the following equation (Martonen et al. 1982):

ρ tð Þ ¼ dae 0ð Þ
dae tð Þ

� �3

� ρ 0ð Þ−ρwð Þ þ ρw ð19Þ

where ρw is the density of water (g cm
−3) while dae(0) and ρ(0)

are the initial diameter (μm) and density (g cm−3) of the par-
ticle, respectively.

The above methodology was incorporated into an existing
model (ExDoM2) in order to obtain a dosimetry model for
hygroscopic particles. An alternative methodology (method-
ology 2) can be adopted for NaCl and Fe2O3 particles as de-
scribed in the ICRP (ICRP 1994). The ICRP equations used
for those components are based on experimental data provided
by Ferron (1977) and Gebhart et al. (1998). In particular, the

dae of NaCl particles within the respiratory tract at time t was
calculated using Eq. (20) for dae > 0.2 μm and Eq. (21) for
dae ≤ 0.2 μm (ICRP 1994):

dae tð Þ ¼ dae 0ð Þ þ 6:28� t0:8

� log10 1þ 4:13� t−1 � dae 0ð Þ0:5
h i

� 1−t−0:031 � exp −t−0:3 � dae 0ð Þ	 
	 
 ð20Þ
dae tð Þ ¼ 6:288� dae 0ð Þ1:347 ð21Þ

For Fe2O3 particles, the dae within the respiratory tract was
calculated using the equation (ICRP 1994)

dae tð Þ ¼ dae 0ð Þ þ log10 1þ 5:5� t0:5 � dae 0ð Þ0:5
h i

� 1−exp −dae 0ð Þ½ �½ � ð22Þ

Parameters such as the RH prior to inhalation were not
taken into consideration in this methodology (methodology
2). In addition, the effect of hygroscopicity on the particle’s
density is not considered in the ICRP model. In contrast, in
methodology 2, the effect of hygroscopicity on the particle’s
density was considered and Eq. (19) was used. This method-
ology was also incorporated into ExDoM2.

Results and discussion

Deposition and growth of hygroscopic aerosol
particles in the respiratory tract

The modified ExDoM2 was implemented initially for NaCl
particles due to the availability of experimental data in the
scientific literature. The deposition (%) of hygroscopic aero-
sol particles in the respiratory tract is related to the particle
size. Therefore, in the current study, the deposition (%) of
NaCl particles in the respiratory tract of an adult male for
aerodynamic diameters ranging from 0.001 to 10 μm was
calculated (Fig. 1). The deposition depends also on the activ-
ity level of the subject, and in the current study, the average
value of resting and light activity was used. In Fig. 1, the
model results are compared with the experimental total depo-
sition data of Tu and Knutson (1984) and Blanchard and
Willeke (1984). The diameters on these studies are dry vol-
ume equivalent diameters; therefore, Eq. (9) was used to con-
vert them to aerodynamic diameters. Tu and Knutson (1984)
and Blanchard and Willeke (1984) measured the deposition
(%) of NaCl particles in the respiratory tract of healthy male
subjects with a tidal volume of 1000 mL and flow rate of
500 mL s−1. In the current study, the tidal volume and flow
rate were equal to 1000 mL and 566.5 mL s−1, respectively.
These values are the average values for resting (tidal volume
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of 750 mL and flow rate of 300 mL s−1) and light (tidal
volume of 1250 mL and flow rate of 833 mL s−1) activity.
Methodology 1 model results (on average 27% lower than the
experimental data) are closer to the data of Blanchard and
Willeke (mouth breather) compared to methodology 2 model
results (on average 40% lower than the experimental data).
The average difference between the experimental data and the
model results was calculated using the difference for each
diameter. In addition, the model results when methodology
1 is used are 15% (average value) higher than the experimen-
tal data of Tu and Knutson for 0.08 μm ≤ dae ≤ 0.14 μmwhile
for 0.16 μm ≤ dae ≤ 0.5 μm, they are 36% (average value)
lower than the experimental data. Likewise, the model results
when methodology 2 is used are 24% (average value) lower
than the experimental data of Tu and Knutson for
0.08 μm ≤ dae ≤ 0.5 μm.

The differences between ExDoM2 and experimental stud-
ies are due to different airway morphometries (intersubject
variation) and flow rates. In particular, the flow rate in the
current study was equal to 566.5 mL s−1 (average value of
resting and light activity) while in the experimental data it
was 500 mL s−1. Furthermore, in experimental studies, test
subjects were used, who may have a different airway mor-
phometry in comparison with the airway morphometry used
in ExDoM2. The airway morphometry in ExDoM2 is based
on the ICRP model (ICRP 1994). In particular, for the TB
region, average values from Weibel (1963), Yeh and Schum
(1980), and Phalen et al. (1985) models were used while for
the AI region the values from Hansen and Ampaya (1975)

were used. Therefore, the differences between the ExDoM2
and experimental studies are mainly due to the intersubject
variation. This conclusion is in agreement with Winkler-Heil
et al. (2014). Winkler-Heil et al. (2014) pointed out that
intersubject variability is a fundamental problem when com-
paringmodel results with experimental results. Finally, Tu and
Knutson (1984) found that residual particles remain in the
respirator during breath and there is particle wall loss in the
particle transport tubings and in the respirator. However, Tu
and Knutson (1984) used equations to correct the residual
particles in the respirator and particle wall loss.

Winkler-Heil et al. (2014) estimated the total deposition of
orally inhaled NaCl particles with a tidal volume of 1000 mL
and flow rate of 500 mL s−1 using the hygroscopic particle
growth model suggested by Ferron et al. (1988a, b) in con-
junction with the stochastic asymmetric lung deposition mod-
el IDEAL developed by Hofmann and Koblinger (1990) and
Koblinger and Hofmann (1990). Winkler-Heil et al. (2014)
found that deposition of NaCl particles (taking into account
the hygroscopicity) was equal to 33, 49, 60, 66, 81, 87, 91, 93,
95, and 97% for 0.05, 0.6, 0.8, 1, 2, 3, 4, 5, 6, and 7 μm initial
aerodynamic diameter, respectively. The corresponding
values in the current study (methodology 1; mouth breather)
were equal to 36, 44, 57, 67, 85, 89, 91, 93, 94, and 95%
respectively. Likewise, the corresponding values in the current
study with methodology 2 were equal to 24, 45, 59, 68, 85, 89,
91, 93, 94, and 95%, respectively. Therefore, the results of the
modified ExDoM2 are in agreement with the results of
Winkler-Heil et al. (2014).
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Fig. 1 Comparison of the deposition percentage (%) of NaCl particles in the respiratory tract of an adult male using the extended ExDoM2 (methodology
1 and 2) in conjunction with literature data. The calculations were performed for both mouth-and nose-breather subjects
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The effect of hygroscopicity on the regional deposition of
particles was also studied, using the modified ExDoM2. In
Fig. 2, the particle deposition of NaCl particles (methodology
1) in the extrathoracic (ET), tracheobronchial (TB), and
alveolar-interstitial (AI) regions of the respiratory tract for an
adult male (nose breather) is shown. The deposition of NaCl
particles in the ET region is approximately similar in both
cases (taking or not into consideration hygroscopicity), but
the results are different in the lower respiratory tract (TB and

AI regions). In the AI region, hygroscopicity decreases the
deposition by 58% (average value) for particles with diame-
ters between 0.03 μm ≤ dae ≤ 0.2 μm while for diameters in
the range 0.3 μm ≤ dae ≤ 3 μm, hygroscopicity increases the
deposition by 185% (average value). Likewise, the hygro-
scopicity decreases the deposition in the TB region by 57%
(average value) for particles with diameters between
0.02 μm ≤ dae ≤ 0.3 μm while for diameters in the range
0.4 μm ≤ dae ≤ 10μm, hygroscopicity increases the deposition
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Fig. 2 Deposition (%) of NaCl particles (methodology 1) in the extrathoracic (ET), tracheobronchial (TB), and alveolar-interstitial (AI) regions of the
respiratory tract of an adult male (nose breather) for both hygroscopic and non-hygroscopic particles
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in the TB by 179%. In addition, the maximum deposition in
the AI region when hygroscopicity is taken into account is
observed for dae equal to 0.02 μm (45%) and 1 μm (42%).
Likewise, Varghese and Gangamma (2006) found that the
maximum deposition in the AI region occurs for dae equal to
0.02 μm (36% deposition) and dae equal to 2.5 μm (36%

deposition). The discrepancy between the results of the two
models is mainly due to the different airway morphometries.
In particular, Varghese and Gangamma (2006) used the
Weibel (1963) model scaled to specific functional residual
and tidal volumes according to Schum and Yeh (1980). In
particular, Varghese and Gangamma (2006) used a one-
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dimensional Lagrangian (Schum and Yeh 1980) formulation
for calculating simultaneous growth and deposition of aero-
sols in the lung airways. ExDoM2 is based on the ICRP for-
mulation which uses average morphometric values from
Weibel (1963), Yeh and Schum (1980), and Phalen et al.
(1985) models for the TB region and values from Hansen
and Ampaya (1975) for the AI region adjusted to a normal
functional residual capacity of 3.3 × 10−3 m3 according to Yu
and Diu (1982) and James (1988). In addition, Varghese and

Gangamma (2006) used 820 mL tidal volume while in the
current study 1000 mL tidal volume was used.

The deposition (%) of hygroscopic aerosol particles in the
respiratory tract is influenced also by the ambient RH prior to
inhalation. The ambient RH prior to inhalation was taken into
consideration only in methodology 1. In Fig. 3, the particle
deposition of NaCl particles as a function of ambient RH prior
to inhalation is shown. The deposition was calculated for four
scenarios (0, 25, 50, and 75%) of RH prior to inhalation.
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Fig. 5 Deposition (%) of a (NH4)2SO4 and bNH4NO3 particles in the respiratory tract of an adult male (nose breather) with and without the hygroscopic
effect
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Variations in RH prior to inhalation affect the deposition of
hygroscopic aerosol particles as it is observed in Fig. 3. The
decrease of RH prior to inhalation leads to a significant de-
crease in aerosol deposition for aerodynamic diameters be-
tween 0.01 and 0.2 μm. In particular, lowering the RH prior
to inhalation from 50 to 25% decreases the deposition by 11%
(average value) for particles in the range 0.02 μm ≤ dae ≤
0.15 μm (the initial diameter before inhalation is considered
the same in both cases). The reason for this decrease is that
particle diameter increases more in the human respiratory tract
when the RH prior to inhalation is 25% in comparison with
50% and particles become too large to be removed from in-
haled air and deposited via the diffusion mechanism while re-
maining too small to be deposited via the sedimentation mech-
anism (Haddrell et al. 2015). Based on the abovementioned, in
two different geographical regions with different ambient RH
but with particles of the same initial diameter, different deposi-
tions in the human respiratory tract will be observed. Therefore,
the ambient RH prior to inhalation proved to have a significant
effect on the deposition pattern.

In Fig. 4, the aerodynamic diameter and the growth factor
of NaCl particles as a function of time (s) are shown. The
aerodynamic diameter and the growth factor were calculated
using methodology 1 for different initial sizes of dry (RH ≈
0% before inhalation) particles. The size of the airborne par-
ticles in the respiratory tract is the most important parameter
for determining the regions of the respiratory tract where par-
ticles are deposited (Sánchez-Soberón et al. 2015). Therefore,
the estimation of the growth factor of hygroscopic aerosols is
necessary in the dosimetry models. In the current study, the
growth factor of NaCl particles is ranging from 2 to 4.
According to Löndahl et al. (2009), aerosol particles’ diameter
may grow by a factor of 1 (no growth) to 5 depending on their
dry size and chemical composition while Winkler-Heil et al.
(2014) found that the growth factor of NaCl particles is rang-
ing from 3 to 5. In addition, Haddrell et al. (2015) found that
the growth factor of NaCl particles is ranging from 1 to 3
when RH is 50% before inhalation, while when the RH before
inhalation is 95%, the growth factor is ranging from 1 to 1.5.
Therefore, lowering the RH prior to inhalation leads to an
increase of the growth factor.

In addition, themodified ExDoM2was used to estimate the
deposition (%) of (NH4)2SO4 and NH4NO3 particles in the
respiratory tract of an adult male (nose breather) since they
are common hygroscopic aerosol components in the atmo-
sphere. Figure 5 shows that the deposition of particles with
dae ≥ 0.30 μm, when the hygroscopicity was taken into ac-
count, is greater than the deposition of particles without taking
into account the hygroscopicity. In particular, the hygroscop-
icity of particles (dae ≥ 0.30 μm) increases the deposition of
(NH4)2SO4 and NH4NO3 particles by 36 and 43%, respective-
ly. The maximum effect of hygroscopicity in the respiratory
tract is observed for particle diameters in the range 0.02 μm ≤

dae ≤ 0.25 μm and 0.3 μm ≤ dae ≤ 3.5 μm. Particularly, it is
observed that the deposition of (NH4)2SO4 and NH4NO3 par-
ticles in the particle range 0.02 μm ≤ dae ≤ 0.25 μm decreases,
due to the hygroscopicity, by 36 and 38%, respectively.
Furthermore, the deposition of (NH4)2SO4 and NH4NO3 par-
ticles in the range of 0.3 μm ≤ dae ≤ 3.5 μm increases, due to
the hygroscopicity, by 59 and 70%, respectively. Therefore,
the hygroscopicity leads to a significant decrease in deposition
for 0.02 μm ≤ dae ≤ 0.25 μm due to a less efficient diffusion
mechanism while leads to a significant increase in deposition
for 0.3 μm ≤ dae ≤ 3.5 μm due to the more efficient impaction
and sedimentation mechanisms.

Conclusions

ExDoM2 was modified to take into account the hygroscopic-
ity of aerosol particles. In particular, ExDoM2 was extended
with a module which determines the change of particle size
due to hygroscopicity in the human respiratory tract. The ma-
jor advantage of the modified ExDoM2 is its capability to take
into account the RH prior to inhalation and the residence time
in each respiratory tract region. The modified ExDoM2 takes
into account the differences in the residence time in each re-
spiratory tract region according to gender, age, and physical
exertion level of the exposed individual. The influence of
hygroscopicity on the particle’s density was also considered.

The deposition of NaCl particles, taking into account the
hygroscopicity, is greater than the deposition of particles with-
out taking into account the hygroscopicity for dae ≥ 0.30 μm
(dry diameters). In particular, the hygroscopicity increases the
deposition of particles in the human respiratory tract of an
adult male (nose breather) by 46% (average value) for dae ≥
0.3 μm. The maximum effect of hygroscopicity is observed
for the size range 0.3 μm ≤ dae ≤ 2.5 μm with 84% deposition
increase. Therefore, the hygroscopicity increases the deposi-
tion due to impaction and sedimentation mechanisms. In ad-
dition, the hygroscopicity leads to a significant decrease in
deposition for the size range 0.02 μm ≤ dae ≤ 0.25 μm.
Specifically, the hygroscopicity decreases the deposition of
particles by 41% (average value) due to the smaller influence
of the deposition mechanism of diffusion.

Furthermore, the relative humidity prior to inhalation af-
fects the deposition of hygroscopic aerosol particles. In par-
ticular, the maximum effect of lowering the RH prior to inha-
lation (e.g., from 50 to 25% RH) is observed for the size range
0.02 μm ≤ dae ≤ 0.15 μm (the deposition decreased by 11%)
and 0.25 μm ≤ dae ≤ 1 μm (the deposition increased by 12%).
Therefore, the ambient RH prior to inhalation proved to have a
significant effect on the deposition pattern.

In addition, themodified ExDoM2was used to estimate the
deposition (%) of (NH4)2SO4 and NH4NO3 particles in the
respiratory tract of an adult male (nose breather). It was

480 Air Qual Atmos Health (2018) 11:471–482



calculated that the hygroscopicity decreased the deposition of
(NH4)2SO4 and NH4NO3 particles (0.02 μm ≤ dae ≤ 0.25 μm)
by 36 and 38%, respectively. In addition, the hygroscopicity
increased the deposition of (NH4)2SO4 and NH4NO3 particles
(0.3 μm ≤ dae ≤ 10 μm) by 36 and 43%, respectively. The
maximum effect of hygroscopicity was observed for the size
range 0.3 μm ≤ dae ≤ 3.5 μm. In particular, the hygroscopicity
increased the deposition of (NH4)2SO4 and NH4NO3 particles
by 59 and 70%, respectively, for particles with an aerodynam-
ic diameter in the range 0.3 μm ≤ dae ≤ 3.5 μm.
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Abstract: Air pollution has been estimated to be one of the leading environmental health risks in
Finland. National health impact estimates existing to date have focused on particles (PM) and ozone
(O3). In this work, we quantify the impacts of particles, ozone, and nitrogen dioxide (NO2) in 2015,
and analyze the related uncertainties. The exposures were estimated with a high spatial resolution
chemical transport model, and adjusted to observed concentrations. We calculated the health impacts
according to Word Health Organization (WHO) working group recommendations. According to
our results, ambient air pollution caused a burden of 34,800 disability-adjusted life years (DALY).
Fine particles were the main contributor (74%) to the disease burden, which is in line with the
earlier studies. The attributable burden was dominated by mortality (32,900 years of life lost (YLL);
95%). Impacts differed between population age groups. The burden was clearly higher in the adult
population over 30 years (98%), due to the dominant role of mortality impacts. Uncertainties due to
the concentration–response functions were larger than those related to exposures.

Keywords: disease burden; mortality; morbidity; particulate matter; fine particles; ozone;
nitrogen dioxide

1. Introduction

Air pollution was recognized as a health risk factor by World Health Organization (WHO)
already in 1958 [1], but lack of data and related methodologies prevented development of specific
recommendations at that time. The first air quality guidelines for Europe were published in 1987 [2]
and updated in 2000 [3], when fine particles (PM2.5) was given an exposure–response relationship
without a threshold. So far, the latest air quality guideline “The global update 2005”, focused on
four pollutants PM, O3, NO2, and sulfur dioxide (SO2), and for the first time, set a guideline level for
PM2.5 [4].

Due to adverse health effects of PM2.5, WHO set a guideline to annual mean of 10 µg/m3.
This guideline is based on evidence of total cardiopulmonary and lung cancer mortality increases, with
more than 95% confidence, due to long-term exposure to PM2.5 concentrations higher than 10 µg/m3.
Since then there has been a growing evidence of adverse health impacts also at lower concentrations
than 10 µg/m3 (e.g., [5,6]). Consequently, the WHO working group, which reviewed the latest scientific
evidence for health effects of air pollution [7], recommended updating the WHO guidelines for air
quality [8].
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Quantification of the health impacts helps to compare different risks and to prioritize policy
actions. Health impact assessments can also be used to find out the most effective emission mitigation
measures to gain the biggest health improvement [9]. In the health impact assessment exposure is
combined with population and health data using concentration–response (CR) functions. Ambient air
concentrations are often used as proxies for exposure [10].

The health risks of air pollution in Europe (HRAPIE) working group [11] gave recommendations
for quantifying the adverse health effects of PM2.5, respirable particles (PM10), O3, and NO2. In the
pollutant–outcomes pairs, there are few newcomers. Chronic mortality was used instead of acute
mortality for O3. Chronic mortality impacts of NO2 were recommended to be calculated for
concentrations above 20 µg/m3. However, the working group also acknowledged that this level
might be too high [12].

European Environmental Agency (EEA) has been developing and estimating the exposures
and health impacts of ambient air pollution in European counties for over a decade. They use
population exposure assessment at 10 km resolution. The assessment combines the European air quality
monitoring network data (via AirBase) with spatial interpolation methods, PM10/PM2.5 modelling to
extend the smaller number of PM2.5 monitoring sites, and the European Monitoring and Evaluation
Programme (EMEP) air quality model at 50 km resolution [13–15].

EEA’s first health impact estimates were for PM2.5 and PM10 for 2005 [16]. In the following
air quality reports, they started using recommendations of the HRAPIE working group for health
impact estimates, and included O3 and NO2 as well (Table 1). The exposure estimation for NO2 was
improved for 2014. In the earlier exposure estimates, only background monitoring stations were
included, but now also traffic locations were added [17]. This change did not have a large impact on
the population-weighted averages, but it affected the exposure distributions. Adding of the traffic
stations led to increase in the population at the highest exposure group. Since NO2 health impacts
were calculated for exposure levels above 20 µg/m3, this change had a big impact on the results.

Table 1. European Environmental Agency (EEA) estimates for premature deaths related to ambient air
pollution exposure in Finland.

Pollutant
Annual Estimated Premature Deaths

2005 2012 2013 2014

PM2.5 2500 1900 1700 2200
O3 n/a 60 80 60

NO2 n/a 0 <5 40
References [16] [18] [19] [20]

n/a not assessed.

Early application of air quality models for characterization of health effects was applied
for mortality and separating long-range transported particles from the national sources [21–24].
Long-range transport was estimated by early implementation of the chemical transport model, applied
in Finland at 5 km resolution [23]. Unit emission source receptor matrices were developed for simplified
estimation of exposures from national sources at 1 km resolution [24]. Mortality related to PM2.5

exposure was estimated using relative risks from expert elicitation (1.006–1.01 per 1 µg/m3) [25,26],
and morbidity outcomes or years of life lost were not estimated.

Fine particles have been estimated to be the leading environmental risk factor in Finland (e.g., [27,28]).
National health impact estimates, accounting also for morbidity, were developed based on methods
used in the Clean Air for Europe (CAFE) program [29] in 2010–2011 in [30,31]. The health impacts
were discounted and age weighted, giving less weight on health impacts happening far in the future
and on very young or old populations. A constant discount rate of 3% was used in the background
health data. This means that the health impacts happening in future were valued 3% less each year.
In European Perspectives on Environmental Burden of Disease (EBoDE) study, the health impacts
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were calculated with and without discounting. Removing discounting more than doubled the disease
burden attributable to PM2.5 (11,000 to 24,000 DALY/a) in Finland [31].

In this work, we estimate the health impacts of ambient air pollution in Finland in 2015. According
to the WHO recommendations, we add NO2 to the estimated pollutants, and for the first time apply
spatially resolved exposure data at 1 km resolution together with burden of disease methodology.
Specifically, we (i) estimate the exposures to PM2.5, PM10, NO2, and O3; (ii) quantify and compare
health impacts by indicator pollutant and by health endpoint; (iii) assess the respective age and gender
distributions; (iv) conduct parametric uncertainty and sensitivity analysis for exposure estimation and
relative risks; and (v) discuss the sensitivity of NO2 estimates to the choice of a cut-off level.

2. Material and Methods

In this work, exposure is defined as the annual average population-weighted ambient air
concentration. We calculated the concentrations based on high resolution System for Integrated
modelLing of Atmospheric coMposition (SILAM) chemical transport model, as described below.
The health impact assessment was done for Finland, for 2015, using disease burden methods and
population attributable fractions.

2.1. Emission Estimates and Air Quality Modelling

The exposure estimation for PM2.5, PM10, NO2, O3, and SOMO35 was done using SILAM v5.5
dispersion model [32]. SILAM has previously been extensively evaluated against monitoring data,
and demonstrated fairly good agreement with slight underestimation of PM concentrations [33].
This system was developed in Finnish Meteorological Institutes (FMI), and is currently exploited and
evaluated on a daily basis as part of the European-scale Copernicus AQ service [34] and in the national
operational service, providing the air quality forecasts on global/European/Finnish spatial scales [35].

To compute the concentrations over Finland with horizontal resolution of 1 km, the set of nested
SILAM simulations was performed for the whole year 2015. SILAM has four computational domains
which are presented in Figure 1. The largest domain was global with 1.44 degrees resolution covering
troposphere and the stratosphere (domain 0, model time step 30 min). The calculations over Europe
with 50 km grid cell covered only the troposphere (domain 1 with time step 15 min) and were nested
into the global run. The Northern European domain, with the resolution of 10 km and time step of
6 min, finally laid down the basis for the main simulations of the study: it generated physically realistic
boundary conditions for the model run on the innermost domain over Finland (domain 3).

The high-resolution computations have the internal model time step of 1.5 min and hourly-mean
fields with 0.02◦ latitudinal and 0.01◦ longitudinal grid steps. In the vertical direction, the setup
included eleven layers of thickness, growing from 20 m near the ground up to 2000 m in the
upper troposphere.

The chemical transformations of atmospheric constituents included extended carbon-bond
mechanism CBM4 [36] for gas phase reactions, formation of secondary inorganic aerosols following
the updated mechanisms of [37], whereas organic aerosols were handled via the volatility-basis set of
multi-phase reactions. Wet and dry depositions from the atmosphere to the underlying surface were
calculated on every time step following [38].

The meteorological fields, the main drivers of dispersion and chemical transformation, were
obtained from the European Centrum of Medium range Weather Forecast (ECMWF [39]) integrated
forecast system (IFS) for all regional runs and from ECMWF re-analysis ERA-Interim for the global
run. These data had the spatial resolution of about 15/80 km and 3 h update frequency, respectively.

The high resolution modelling relied on the national emissions provided by Finnish Environment
Institute (SYKE) from the Finnish Regional Emission Scenario (FRES) model with 250 m spatial
resolution for areal sources and an comprehensive list of point emissions (n = 581) in Finland [40].
The Ship Traffic Emission Assessment Model (STEAM) [41] supplied the time-resolved ship emission
fields (1 km, 1 h) based on tracking of every vessel in Baltic Sea and main harbors and rivers using



Int. J. Environ. Res. Public Health 2018, 15, 736 4 of 16

the anti-collision Automatic Identification System (AIS) reports. To describe the emissions outside
of Finland, the updated TNO CAMS (the Netherlands Organisation for Applied Scientific Research,
Copernicus Atmospheric Services) inventory [42] was used. The gaseous biomass burning emissions
originated from the European vegetation fires were included with the use of Global Fire Assimilation
System (GFAS) [43] (data contained modified Copernicus Atmosphere Monitoring Service Information
for 2015). The fire-induced particulate matter emission was taken from the FMI IS4FIRES (Integrated
Monitoring and Modelling System for wildland fires) database, as described in [44].

Figure 1. System for Integrated modelLing of Atmospheric coMposition (SILAM) computational
domains: 0—global domain, 1—European (resolution 50 km), 2—Northern Europe (Fennoscandia,
resolution 10 km), 3—Finland (resolution 1 km).

The PM load from the desert dust was directly computed by SILAM on the global and European
domains, and taken into account in the nested regions via transport through the boundaries. Model
parameterization of dust emission is based on the modified approaches of [45,46].

Hourly ozone concentrations delivered by SILAM were used to compute the yearly SOMO35
exposure metric as the sum of exceedances over 35 ppb (70 µg/m3) of daily maximum 8 h running
averages. All the health effects calculated here for ozone are based on SOMO35 levels.

Population counts at 1 km resolution presented in ETRS-TM35FIN coordinate reference system
were obtained from Statistics Finland for 31 December 2015 (total population 5.4 million) [47].
The number of total population is available for all inhabited cells (100,338). The cells, which contain at
least 10 persons (34,399 cells covering 5.17 million people), include also numbers of men and women,
and numbers of people under 15 years old, 15–64 years old, and over 65 years old.

Air quality monitoring data maintained by municipalities, Helsinki Region Environmental
Services Authority (HSY), industry, and FMI were available for 37 PM2.5 stations (including 13
background, 15 traffic, and 7 industrial stations), 62 PM10 (15/34/13), 64 NO2 (21/28/13), and 21 O3

(18/2/1) stations located in 50 municipalities [48]. The observed data from the monitoring stations are
used for adjustment of the predicted concentrations.

2.2. Exposure Assessment by Adjustment of Predicted Concentrations

SILAM model results (Cpred) for all modelled pollutants (PM2.5, PM10, NO2, O3, and SOMO35)
were compared with the observations from the air quality monitoring network (Cobs). This was
done using nearest modelling point. Fractional biases (FB) were calculated to characterize the bias
between the observed and predicted concentrations [49]. Spatial processing was conducted with QGIS
(2.14.13 Essen, 2017) software [50].

Population-weighted average concentrations (PWCpred) for the whole country were calculated by
using the gridded population as weights for the modelled concentrations. PWCpred were adjusted for
the difference between the observed and predicted concentrations using Equation (1):

PWCadj = PWCpred +
(

Cobs − Cpred

)
(1)
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where PWCadj is the population-weighted average exposure used in the health impact calculation.
Standard deviations (SD) of the predicted population-weighted concentrations (PWSDpred) were
adjusted for the obs/pred ratio using Equation (2):

PWSDadj = PWSDpred ×
SDobs
SDpred

(2)

NO2 maximum daily 1 h exposures (NO2max1ha) were estimated from the annual average using
the daily 1 h max/daily mean ratio observed at the 21 background stations (the ratio was similar also
at traffic and industrial monitoring stations).

2.3. Quantification of the Health Impacts

The health impacts of air pollution were calculated using a disease burden model called ISTE.
It utilizes disease burden methods [9] which are suitable for assessing the health impacts of multiple risk
factors at population level. The model contains a background burden of disease modules with currently
26 diseases and groups chosen from the Global Health Estimates (GHE) data and an additional 15
reorganized categories. The model also includes a library of identified relevant concentration–response
relationships (currently ca. 200). The library includes the concentration–response functions from the
HRAPIE recommendations [12] as well.

WHO Global Health Estimates (GHE) 2000–2015 data [51] were used for the background mortality
and morbidity without discounting. Calculations are based on the standard life table, which assumes
life expectancy of 92 years at birth, according to projected frontier life expectancy for 2050. Data for
Finland were extracted from the database containing estimates for 183 countries.

The attributable disease burden (AB) was calculated combining population attributable fraction
(PAF) with background disease burden (BoD) (Equation (3)).

AB = PAF× BoD (3)

where PAF is calculated as

PAF =
f× (RRE − 1)

f× (RRE − 1) + 1
(4)

in which f is the percentage of the exposed population in the whole target population. RRE is the
relative risk of the population at the prevailing exposure level, calculated as

RRE = RRE
1 (5)

in which RR1 is the relative risk estimate per unit of exposure and E is the exposure in the population
level. PWCadj values were used as exposures.

Relative risks were selected based on the WHO HRAPIE recommendations [12]. In the
recommendations, concentration–response functions were classified to A and B classes regarding how
reliable the function is, A being more reliable than B. The functions which are possible to sum up
together were marked with an asterisk (*). The functions we chose for the health impact calculations
are presented in Table 2. We calculated natural mortality as all-cause mortality, excluding injuries and
violent causes of death. NO2 health effects were assumed to be 33%, overlapping with PM2.5 health
effects [12], and therefore, they only accounted for 67%. The functions were assumed to be log-linear.
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Table 2. Relative risk (RR) estimates with confidence intervals used in this work [12].

Pollutant Health Endpoint Ages RR per 10 µg/m3 (95% CI) a

PM2.5 Natural mortality >30 year 1.062 (1.040–1.083) A*

CVDs (hospital admissions) all 1.0091 (1.0017–1.0166) A*
Respiratory (hospital admissions) all 1.0190 (0.9982–1.0402) A*

PM10 Infant mortality 1–12 month 1.04 (1.02–1.07) B*

Chronic bronchitis (children) 6–12 year 1.08 (0.98–1.19) B*
Chronic bronchitis (adults) >18 year 1.117 (1.040–1.189) B*

Asthma symptoms (children) 5–19 year 1.028 (1.006–1.051) B*

NO2 Natural mortality b all 1.0027 (1.0016–1.0038) A*

Natural mortality (>20 µg/m3) c >30 year 1.055 (1.031–1.080) B*
Bronchitis symptoms all 1.021 (0.990–1.060) B*

Respiratory (hospital admission) all 1.0180 (1.0115–1.0245) A*

O3 Natural mortality all 1.0029 (1.0014–1.0043) A*

CVDs (hospital admissions) >65 year 1.0089 (1.0050–1.0127) A*
Respiratory (hospital admissions) >65 year 1.0044 (1.0007–1.0083) A*

a Additivity category, see text and [12] for definition. b Calculated for NO2 max 1 h annual averages. c Used for
sensitivity analysis for NO2 mortality impacts.

Hospital admissions were quantified using the GHE data like for other endpoints as well.
Morbidity (YLD) of cardiovascular diseases (GHE code 110) and respiratory diseases (118) were
used for baseline health data instead of hospital admission data.

The results are mainly expressed as disability-adjusted life years (DALY) and number of deaths.
Also, the ratio between years of life lost (YLL) due to premature mortality and years lived with
disability (YLD) are presented. Use of common units enables comparisons between risk factors and
different health outcomes.

2.4. Uncertainties and Sensitivity Analysis

The uncertainties related to exposure were determined by first calculating the standard errors
(SE) at the available monitoring sites and coefficients of uncertainty (CU) for each pollutant:

SE =
SDobs√

n
(6)

CU =
SE

Cobs
(7)

where SDobs is standard deviation of the monitoring data and n is the number of monitoring stations.
Cobs is the annual mean observed concentration. CU is then applied to the adjusted concentrations to
calculate confidence intervals (CI) for the population exposures:

CI(±95%) = (1± 1.96CU)× PWCadj (8)

Parametric uncertainty was expressed using 95% confidence intervals for the health impact
estimates, calculated by combining the uncertainties in both relative risk (Table 2) and exposure
parameters (PWC 95% CI, presented in the Section 3.1).

For a sensitivity analysis, the probability density distribution of exposures were also generated
by adjusting the standard deviation of exposures for corresponding observed/predicted ratios at the
available monitoring sites for each pollutant. Specifically, for quantifying the sensitivity of NO2 effects
on the selected cut-off values, the whole estimated population exposure distribution was first stretched
according to the underprediction of standard deviation at the monitoring sites. The spread adjustment
factor, k, was calculated from the NO2 monitoring locations as

k =
SDobs
SDpred

(9)
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and applied to concentrations Ci at the occupied grid cells according to

Ci,adj. = Cadj +
(

Ci − Cadj

)
× k (10)

where Cadj is the mean population weighted and adjusted NO2 concentration.
Sensitivity of the natural mortality impacts related to NO2 exposure was estimated using selected

cut-off levels (10, 15, and 20 µg/m3). The mortality impacts were calculated using the exposure data in
the inhabited (100,338) grid cells from SILAM model adjusted for fractional bias. The years of life lost
and number of premature deaths were estimated for each cell, as described earlier, and summed up to
get the total impacts in the whole country.

3. Results

Population-weighted concentrations using SILAM model with adjustment to the observed
concentrations were used to estimate health effects with disease burden methods. Results are presented
by indicator pollutant, health outcomes, and population age groups.

3.1. Exposure Estimates of Ambient Air Pollution in 2015

The modelled annual concentrations were, on average, slightly lower than the observed ones
when compared at the locations of the measurement stations (Table 3). PM2.5 concentrations had
the lowest fractional bias, while bias was higher for PM10, NO2, and O3, and considerably higher
for SOMO35.

Table 3. Mean observed (obs) and predicted (pred) concentrations at monitoring stations and fractional
bias (FB) of unadjusted predictions.

Pollutant Stations n Obs (±SD) µg/m3 Pred (±SD) µg/m3 FB %

PM2.5 37 5.8 (±1.4) 5.6 (±1.3) −5
PM10 62 13 (±4.3) 6.7 (±1.9) −60

O3 21 53 (±7.5) 41 (±4.5) −25
SOMO35 21 1200 (±590) 220 (±150) −140

NO2 64 13 (±8.3) 8.8 (±4.3) −39
NO2max1ha 64 28 (±15) – –

SD = standard deviation, FB = fractional bias.

The adjusted population-weighted concentration for PM2.5 was only slightly higher when
compared to unadjusted while for the other components the adjustment plays a substantial role
and seems essential (Table 4).

Table 4. Adjusted population-weighted concentrations (PWCadj) in Finland in 2015.

Pollutant PWCpred µg/m3 PWCadj (95% CI) µg/m3 SE µg/m3 SD µg/m3

PM2.5 5.1 5.3 (4.9–5.8) 0.22 1.4
PM10 6.2 12 (11–13) 0.52 4.2

SOMO35 99 1040 (810–1300) 120 170
NO2 7.8 12 (10–14) 0.96 8.9

NO2_1hmax – 26 (22–31) 2.3 21

PWC = Population-weighted concentration; CI = confidence interval; SE = standard error, SD = standard deviation.

3.2. Attributable Disease Burden

The disease burden attributable to the four pollutants was 35,000 DALY in 2015 (Table 5). That is
2% of the total disease burden in Finland (1,530,000 DALY). Air pollution was associated with 2000
premature deaths (1400–2600 95% CI). The largest part (74%) of the disease burden was associated
with PM2.5 exposure. Mortality was dominant over morbidity effects for all pollutants (Figure 2a).
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Table 5. Estimates of attributable disease burden for four main air pollutants in Finland in 2015.

Pollutant DALY (95% CI) YLL/YLD Deaths YLL/Death

PM2.5 26,000 (17,000–36,000) 61 1600 16
PM10 3800 (1900–5700) 3 160 18
NO2 4400 (2400–7100) 10 240 17
O3

a 750 (330–1300) 11 40 17
Total 35,000 (25,000–46,000) 17 2000 17

DALY disability-adjusted life years, YLL years of life lost, YLD years lived with disability, CI confidence interval.
a Ozone impacts are based on SOMO35.

The disease burden of the considered air pollutants is dominated by mortality rather than
morbidity (95%). This is due to the fact that the largest part of the disease burden is caused by
natural mortality. The morbidity component is strongly driven by respiratory diseases, especially
chronic bronchitis (Figure 2b). Hospital admissions due to respiratory diseases also had a notable
share of the disease burden. Hospital admission due to cardiovascular diseases, asthma, and infant
mortality had the smallest share of the total attributable disease burden.

Figure 2. (a) Attributable disease burden for the four assessed air pollutants in Finland (35,000 DALY
in 2015). (b) Disease burden by health outcomes excluding natural mortality (4600 DALY).

Health impacts of air pollution increase strongly above 30 years of age (Figure 3a). After infancy,
at younger age groups (5–30 years) mortality is rare, while for other age groups (<5 years and >30) it is
the dominant endpoint (Figure 3b).

Finnish gender distribution is nearly even (51% female), but the disease burden is higher in males
(53% of total; 66% of lung cancer; 58% cardiovascular disease; and 55% respiratory diseases). Hence,
the disease burden attributable to air pollution is also weighted more on men (57%).
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Figure 3. (a) Disease burden of three air pollutants in seven age groups in Finland in 2015. (b) Health
outcomes caused by ambient air pollution in age groups.

3.3. Uncertainties and Sensitivity Analyses

The uncertainties originating from the relative risk estimates were larger than the ones related
to exposure assessment. This is also in line with an earlier study [52]. Confidence intervals
(95%) due to exposure were 32,600 to 37,000 DALY/a, and due to exposure–response relationship,
25,400 to 43,400 DALY/a for the attributable disease burden of air pollution. When both of these
uncertainties were accounted for, the combined 95% confidence intervals were 25,400 to 45,500 DALY/a.
The combined uncertainty intervals per pollutant are presented in Figure 4. The relative combined
uncertainties for PM2.5, PM10, NO2, and O3 were −34–39%, −49–51%, −44–62%, and −59–79%,
respectively. The relative uncertainties were smallest for PM2.5 and largest for O3.

Figure 4. Combined uncertainties from exposure and relative risks for disease burden of ambient air
pollution as disability-adjusted life years (DALY) in 2015 in Finland.

We also compared the disease burden attributable to air pollution estimated using a point value
for exposure with estimation where exposure distribution is taken into account. Accounting for the
probability distribution of exposures led to 3.8% higher results.

4. Discussion

In the recent Global Burden of Disease study, air pollution was evaluated as one of the most
important environmental health risk factors [53]. In our work, we focused on the health impacts of
four ambient air pollutants. We estimated the exposure to air pollution in Finland in 2015 using a
state of art chemical transport model with high spatial resolution. The predicted concentrations were
further adjusted for the difference of the observed and predicted concentrations at nationally available
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monitoring stations. The impacts of adjustment were small (ca. +5%) for PM2.5 concentrations, but for
the other components (NO2, PM10, SOMO35) much more substantial (Table 3), and therefore, here,
deemed essential.

We estimated 1,500 deaths were related to PM2.5 exposure in 2015. This is of the same magnitude
with the number of deaths attributable to PM2.5 estimated by EEA (Table 1). The number of deaths
estimated by EEA, available for the period 2005–2014, range from 1700 to 2500, highlighting the
variability of exposures between consecutive years. The current and ISTE estimates for years of life lost
are based on the WHO Global Frontier 2050 projections for life expectancy, which is roughly 10 years
higher than the current national one. This leads to substantial difference in comparison with YLL
figures of EEA.

In comparison to earlier national estimates for PM2.5, the differences reflect (i) temporal trends
in exposures from 2000 to 2015; (ii) differences and developments in exposure estimation methods
(including chemical transport modelling, source receptor matrices, and use of monitoring network
data); and (iii) differences in the concentration–response modelling (Table 6).

Table 6. National studies which have evaluated the health impacts of PM2.5 in Finland.

Project KOPRA a PILTTI a,b EBoDE SETURI c ISTE BATMAN

Year d 2000 2000 2005 2005 2013 2015
Exposure resolution SILAM 5 km FRES 1 km EEA 10 km EEA 10 km Monitoring SILAM 5.5 1 km
Exposure (µg/m3) 0.8 a 2.5 a,b 9.1 9.1 6.8 5.3

Deaths (n) 350 1000 1700 e 1800 980 f 1500
Burden (DALY) n/a n/a 24,000 14,000 c 18,000 26,000

References [23] [24] [27,31] [28] [54,55] Present paper

n/a not assessed in the study; a only primary particles; b only national sources; c discounted values; d target year of
the assessment; e not reported in the source, figure obtained by communication with the authors; f includes only
cardiopulmonary deaths and lung cancer.

EEA has recognized the problematic nature of cut-off values and has calculated NO2 estimates
with cut-off values of 10 and 20 µg/m3, showing that the lowering of the cut-off value had an
11-fold increase of the number of estimated deaths in Finland [20]. Problems arise e.g., when
averaging exposures between areas that are partly below and partly over the cut-off level, leading to a
“no effects” estimate.

We evaluated NO2 mortality using concentration–response function without a threshold (RR = 1.0027
(Table 2)). WHO recommendations [12], though, included also a significantly higher relative risk (1.055)
for NO2 related mortality, based on a cut-off level of 20 µg/m3. This level was given due to larger
uncertainties in the relation below 20 µg/m3. However, in the later recommendations, they state that
this might be too conservative an approach, since there are studies which show a relationship between
mortality and NO2 exposure at lower levels as well [12].

We tested the sensitivity of the NO2 mortality (RR = 1.055) using three cut-off levels (Table 7).
We found that the differences between shown estimates are huge (e.g., 23 vs. 1200 deaths; 370 vs.
20,000 YLL), concretely showing that this scientifically quite uncertain response model parameter has
an utmost importance for the numerical results.

Table 7. Mortality impacts of nitrogen dioxide at different cut-off levels and RR = 1.055.

Cut-off µg/m3 Years of Life Lost YLL Deaths n

10 20,000 1200
15 11,000 650

20 a 370 23
a Working group recommendation [12].
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The fractional bias of SOMO35 was expectedly large. This is a result of the low stability of all
threshold-based indexes, which was pointed out by [54]. It explains the disproportional reaction of
the index to the SILAM underestimation of ozone, of which traces remain, even after the simple bias
correction. Secondly, our SOMO35 index is lower than that computed by EEA because the latter is
based on monitoring data, all but three are located in background locations, and thus, show higher
levels than those prevailing in the urban populated areas. It is actually likely that the monitoring
station-based EEA exposure estimates may be too high. Here, the chemical transport model, in
principle, accounts for the degradation of ozone in urban areas, and may, thus, contain information
missing from the EEA model.

In our calculations, we used observed concentrations from all monitoring stations (n = 21) as
in previous estimates (i.e., [55]). The majority of the stations are background stations which have
higher ozone levels than urban ones, leading to a risk of overestimation. We did sensitivity analysis
for the SOMO35 concentrations in different station types. The population lives mainly in urban and
suburban areas, so we calculated the PWC using stations located in those areas (n = 7). We also
calculated the concentration on rural background stations (n = 11) to find out how much it differs from
the urban/suburban stations. The adjusted population-weighted concentrations for urban/suburban
areas and for rural background stations were 740 µg/m3 and 1400 µg/m3, respectively, while the PWC
for all stations was 1040 µg/m3. Concentrations from the all stations might overestimate the exposure
up to 41%.

The SILAM model is known to underestimate O3 concentrations during warm seasons, and
therefore, the seasonal peculiarities need to be further examined. Here, the adjustment to observed
concentrations should, though, correct this underestimation.

Recent updates in the disease burden methodology, especially dropping off discounting and age
weighting by the global assessment community, as well as projected changes in life expectancy, have
increased the disease burden estimates. This increases the estimates in comparison to those evaluated
earlier using WHO GBD 2004 disease burden data. Current work uses WHO Global Frontier 2050 life
expectancies (92 years at birth), which is substantially larger than national life expectancy in Finland
(84 years for females and 79 years for males in 2015) [56].

In the current approach, relative risks are assumed to be same for male and female [12]. We also
assumed same exposure over different age groups and genders. This is a clear weakness of our analysis.
However, we did some primary analysis related to differences in PM2.5 exposure between age groups
and genders, and found differences less than 2% of the mean PM2.5 exposure on the population level.
Although, it is possible that regionally larger differences exist. We will investigate these in more detail
in a geospatial follow-up study, while in the current work, the same exposures were used for both
genders and ages.

We found that the minor differences in the attributable burden between the genders are caused by
the background disease burden. Much larger differences were found between population age groups,
caused by age-dependence of the background disease burden, and included pollutant–outcome pairs.
Overall, currently estimated impacts of air pollution increase heavily on population over 30 years,
representing 98% of the total attributable burden. This is mainly due to mortality impacts. Use of
natural mortality as an endpoint does not include the corresponding morbidity. The evaluation is
lacking other effects, such as learning/academic performance of children and students, or productivity
at work. These effects should be elaborated in more detail, to form a more comprehensive picture of
the overall effects of air pollution.

The use of point value for exposure leads to numerical differences in the results when using
non-linear exposure–response relationships, such as the traditional log-linear function (e.g., [27]) or the
integrated exposure response (IER) function (e.g., [57]). The non-linear IER functions have been used in
the recent global disease burden assessments of air pollution [57,58]. As part of the sensitivity analyses,
we quantified these using an assumed normal distribution with variance estimated from the adjusted
SILAM data, showing that in the current work, the use of point value leads to an underestimation by
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3.8% when log-linear functions are used. Difference can be higher, though, in cases where a cut-off is
used, and the exposure is close to the cut-off level. The IER functions include a cut-off level. Use of IER
functions without taking into account the exposure distribution in areas where the concentrations are
low can lead to substantially lower health impact estimates than when log-linear functions are used.

Another commonly used approach to handle exposure variability is related to spatial modelling
(e.g., [57,59]), where population is allocated to grid cells and respective exposure levels. Such an
approach may underestimate exposure variance due to deterministic point value modelling approaches,
or due to coarse spatial resolution. Comparison of the benefits from spatial variation versus model error
and embedded underestimation of variance needs to be further elaborated, but tentative interpretation
of the current results suggest that the probability distribution approach works well.

Ambient air contains a mixture of contaminants, and therefore, we are exposed to different air
pollutants at the same time. PM, NO2, and O3 correlate with each other to some extent, and their health
impacts can overlap. WHO recommended different health endpoints for PM2.5 and PM10, which helps
to avoid double-counting. Some of the NO2 long term effects were thought to overlap with particles
up to 33%, which was taken into account in our analysis.

Air pollution has been estimated as the leading environmental risk factor in Finland, and particles
as the most important air pollutant [27,60]. The latter is well confirmed in the current results. Especially
the use of PM2.5 and PM10 exposures in the assessment highlights their indicator role—it cannot be
interpreted that PM10 effects would be the sum of fine and coarse particles. PM10 is merely used as an
alternative—often less reliable, but more widely available—exposure indicator.

5. Conclusions

In this work, concentrations of PM2.5, PM10, O3, and NO2 were estimated for Finland for 2015
using chemical transport model (SILAM) with adjustment to monitoring data. The concentrations
were population weighted at 1 km resolution and used as exposure estimates. Resulting exposure
levels were slightly smaller than averages of the air quality monitoring stations (e.g., −0.5 µg/m3

for PM2.5).
The disease burden attributable to the four ambient air pollutants was 34,800 DALY (25,400–45,500

95% CI). It represents ca. 2% of the total national burden of disease, and includes 2000 (1400–2600
95% CI) premature deaths. A major share (74%) of the disease burden was attributed to fine particles
(PM2.5). The results are consistent with the previous comparative risk assessments, which have
suggested fine particles as the leading environmental risk factor in Finland.

Disease burden was significantly higher at adult age groups, especially after 30 years old (98%).
This is strongly related to the dominant role of mortality, which increases as a function of age.
Before 30 years old, morbidity was 60% of the disease burden, while for age groups above 30 years, it
was only 4.5%. However, morbidity impacts might be underestimated. It may be useful to improve
the estimation and investigate also impacts on learning, academic performance, and productivity.

The uncertainties related to concentration–response functions were larger than ones related
to the exposure. Overall, in the ranking of particles, NO2 and O3 seems robust, regardless of the
uncertainties. In order to improve the estimation of health impacts, the shape of concentration–response
functions, especially at current low exposure levels, should be studied in more detail, e.g., using health
register-based epidemiological methods.
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Abstract: This study evaluated the emissions of specific indoor sources usually present in Portuguese
dwellings in order to understand their impact on the indoor air quality. With this aim, three typical
activities were studied including home heating using two types of fireplaces (open and closed) and
biofuels (pinewood and briquettes), cooking styles (frying and boiling) in different types of kitchen
appliances, and several levels of bread toasting. The levels of specific pollutants were found to
be above the established Portuguese limit values including VOCs, formaldehyde, and particulate
matter (PM2.5 and PM10). Although these emissions are transient and short in duration, the resulting
concentrations are high and can severely impact the occupants’ daily exposure. Besides promoting
good ventilation, the choice of residential appliances with low emissions should be taken into account.
In addition, it is important that occupants perform specific activities following the best practices so
that their exposure to pollutants is minimized.

Keywords: indoor sources; dwellings; indoor air quality; wood combustion; cooking emissions;
particulate matter

1. Introduction

The impact of indoor air quality (IAQ) on occupants’ health and welfare is a subject that gathered
the attention of the scientific community over the last two decades [1]. There has been extensive
research on micro-environments where people spend their time with the aim of understanding
exposure patterns. Initially, the studied micro-environments were mainly buildings in which people
spend a significant fraction of the daytime such as offices [2,3], public buildings like schools [4–6],
dwellings [7], and other indoor places where leisure activities [8–10] are developed. In recent years, the
need to understand the exposure levels in an integrated perspective has started to gain consensus since
individuals spend around 90% of their time in different indoor environments. Therefore, considering
only one micro-environment is not representative of the daily overall exposure. Understanding
the individuals’ exposure during the different periods of the day in specific micro-environments is
fundamental for providing a real and an integrated assessment [11–13].

Residential indoor spaces were found to be micro-environments with the highest contribution
to the daily exposure to particulate matter. A study in Korea, where the contribution of several
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micro-environments for the personal exposure was assessed, showed that residential indoor locations
contributed to the daily individual PM2.5 exposure with a total of 55.4% in the summer and a total of
49.5% in the winter while PM10 exposure contributed a total of 50.0% in the summer and 43.0% in the
winter [14].

Several studies have focused on different indoor sources at residential micro-environments that
can increase the individuals’ exposure. These indoor sources may be associated with specific frequent
activities carried out by dwellers, such as cooking [15,16], cleaning [17], candle burning [18], home
heating [19–22], vacuuming [15], and other activities, which increase pollutants above acceptable
indoor levels. A wide range of pollutants can originate via these activities including particulate matter
(PM2.5, PM10) [23], ultrafine particles (UFP) [15,24], volatile organic compounds (VOCs) [25,26], carbon
dioxide [19], carbon monoxide [19,22], formaldehyde [19], polycyclic aromatic hydrocarbons [16,27],
among others. For instance, cooking was found to increase PM levels by four times the background
levels in a study at 14 naturally ventilated homes of Hong Kong [28]. A review on which factors
impact emissions/concentrations of cooking generated particulate matter from controlled studies
found that the cooking method, type and quality of energy (heating) source, burner size, cooking
pan, cooking oil, food, additives, source surface area, cooking temperature, ventilation, and position
of the cooking pan on the stove are influential factors affecting PM emission rates and resulting
concentrations [23]. Typical household appliances such as flat irons and hair dryers have shown
to promote significant emissions of particles in test chambers with mean diameters below 100 nm
where maximum emissions of UFP could be found only after a few minutes of the appliances being
switched on [24]. Other pollutant emissions found in these appliances were VOCs. Among these,
cyclic siloxanes dominate the emissions from flat irons.

To perform integrated exposure assessments, it is important to gather information regarding the
contribution of specific human activities to IAQ. This research aims to give insight into this issue
by providing a case study of different household activities and their impact on IAQ and occupants’
exposure levels during the worst ventilation conditions, i.e., the worst-case scenario. The selected
activities were different cooking styles and house heating with biofuels.

2. Experiments

2.1. Selection of the Studied Conditions

In order to understand the main types of dwellings and which type of activities were performed
by their occupants, an online questionnaire was conducted over three months with a total of 296
individual answers from 17 of the 20 Portuguese districts. The two districts that gathered more
answers were Setúbal (43%) and Lisbon (38%).

Two types of dwellings were found to be predominant among all participants, which include
apartments (61%) and detached houses (39%). This fact is confirmed by the national housing inquiry
done by the Portuguese Institute of Statistics, which pointed out these two types of dwellings as
prevalent in Portugal [29].

The questionnaire carried out in the framework of this study also tried to understand some
behaviors/habits of the participants. Some results from the study are below.

(1) 57% of the participants sleep with the bedroom door closed;
(2) 8% of the participants stated that someone smokes indoors;
(3) 92% use the toaster daily and 60% use scented products at home;
(4) 63% stated that they spend between 8 h and 13 h at home (with only 16% stating that spend less

than 8 h at home);
(5) 76% usually open the windows between six to seven times per week;
(6) 71% of owners clean the house once a week while the remaining do it more often;
(7) Grilled (38%), fried (35%), boiled (13%), stewed (8%), and roasted (5%) meals represent the most

frequent cooking styles;
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(8) The most commonly used energy sources to cook are natural gas (37%), bottled propane gas
(23%), electricity (19%), and others (22%).

(9) The four main heating systems in detached houses are open fireplace (37%), which is followed by
air conditioning (29%), fireplace insert (28%), and oil heater (26%) while, in apartments, the main
heating systems are oil heaters (28%), air conditioning (17%), fireplace insert (12%), and open
fireplaces (10%).

Based on these results, it was decided to focus our study on detached houses and apartments
and to study activities such as house heating (using open fireplace and fireplace insert) and frequent
cooking methods (fried and boiled cooking and toasting). Grilling was not chosen since, usually,
it is done outdoors. These heating systems and cooking set-ups represent the ones used by the
Portuguese population. Given the similarities of both climate conditions and life styles in Southern
European countries, it may be considered that these activities/sites are also representative of the entire
Mediterranean region.

2.2. Study Site

The studied dwellings were located in an urban and semi-urban area (parish of Pinhal Novo) of
Setúbal district, Portugal. Setúbal is the third most populated district of the country with a total of
849,842 inhabitants, which represents around 8.1% of the Portuguese population [30]. Table 1 presents
the characteristics of the three studied dwellings. Figure 1 depicts the floor plans and highlights the
rooms (kitchen and living room) where measurements took place. In the inhabited dwellings, none of
the occupants were smokers.

Table 1. Characteristics of the studied dwellings.

Characteristic Dwelling 1 Dwelling 2 Dwelling 3

Type Apartment—two bedrooms Detached house with
four bedrooms Terraced house with four bedrooms

Floor Third Ground Ground and first

Area (m2) 110 166 (within a private land of
5500 m2) 180 with a small backyard

Height (m) 2.80 2.80 2.80

Construction year 1999 1983 1990

Walls Brick with thermal isolation (air box) Brick without any isolation Brick without any isolation

Windows Single-hung aluminum windows Single-hung wood windows Single-hung aluminum windows

Floor Tiles (living room, hallway and kitchen)
and parquet wood (bedrooms) Tiles Tiles

Gas Piped natural gas Bottled butane Piped natural gas

Ventilation Natural Natural Natural

Surroundings
Urban area, located near a moderate
traffic street and with a restaurant on

the ground floor

Semi-urban area, located near
a low traffic street

Semi-urban area, located near a low
traffic street

Use Inhabited by 2 persons Inhabited by 2 persons Uninhabited and without furniture
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Characterization of the Monitored Rooms

In the houses described above, the kitchens and living rooms were monitored. Table 2 presents
their characteristics.

Table 2. Characteristics of the studied rooms.

Room Dwelling Characteristics

Kitchen

Dwelling 1
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It is worth mentioning that, despite that a total of three dwellings were considered in this study,
each activity was investigated in only two houses. The cooking styles and toasting were evaluated in
two kitchens from two different types of dwellings including an apartment (dwelling 1) and a detached
house (dwelling 2). However, for the study of biomass burning emissions, it was not possible to find
an apartment with fireplace (open fireplace or fireplace insert). From our preliminary inquiry of 296
participants, only 10% to 12% of the apartments had fireplace inserts or open fireplaces, respectively.
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Therefore, the same type of dwelling (detached houses, dwellings 2, and dwellings 3) was chosen
to perform the experiments for which the main focus was to study different types of biofuels and
combustion devices.

2.3. Domestic Activities

2.3.1. Biomass Burning Emissions

The monitoring of biomass burning emissions was conducted using two types of appliances—an
open fireplace and a fireplace insert—in living rooms of dwellings 2 and 3, respectively (see Figure 2).
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Figure 2. Appliances used for biomass burning include (left) an open fireplace located in the living
room of dwelling 2 and (right) a closed fireplace (insert) located in the living room of dwelling 3.

In each device, two biofuel types were combusted using pinewood and briquettes, which were
both bought at the local market. According to the producer’s specifications, briquettes were 100%
composed of pressed wood with a calorific value of 4800 kcal/kg, 5–7% humidity, and 3% ashes.
Each test was conducted on a daily basis with the opening of windows and doors for two hours
prior to the experiment in order to promote renovation of the living room indoor air. During the
experiments, all doors and windows were closed. A total of 5 kg of each biofuel was burned in one go
per experiment. Ashes were removed before the following combustion cycle. For each biofuel and
appliance, the experiments were repeated on three different days in June 2015. Each combustion cycle
lasted between 1 h and 1 h and a half. A total of 12 experiments were conducted. Experiment 2 of the
combustion conditions CP (pinewood in a closed fireplace) was discarded due to ignition problems.

Experiment OP (pinewood in an open fireplace) was conducted from 8 July 2015 to 10 July 2015.
Experiment OB (briquettes in an open fireplace) was conducted from 11 to 13 July 2015 while
experiment CP (pinewood in a closed fireplace) was conducted from 18 to 20 July 2015. Experiment
CB (briquettes in a closed fireplace) was conducted from 21 to 23 July 2015. All experiments were
conducted between 19:00 and 23:00, local time.

2.3.2. Cooking Emissions

Two different ways of cooking, which are frying and boiling, were carried out in three different
appliances including the electric cooking plate, the gas cooking plate (using bottled butane), and the
gas stove (with piped natural gas). Figure 3 presents the type of meals prepared and the cooking
utensils and appliances used. Each meal was prepared three times on different days for more than
30 min. The kitchen exhausts were not connected during the experiments. A total of 24 experiments
were conducted in July 2015.
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2.3.3. Emissions from Toasting

To evaluate three different degrees of toasting (slight, medium, and heavy, which is shown in
Figure 4), a Philips toaster was used. The experiments were conducted in dwellings 1 and 2 in June
and July 2015. For each level of toasting, a total of five experiments were performed for periods of
30 min over three days in each dwelling.
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2.4. Indoor Air Quality Monitoring

IAQ monitoring was performed using real time instruments.

• Graywolf (IQ-610 probe, WolfSense Solutions, Shelton, CT, USA) to measure CO2 (measuring
range: 0 to 5000 ppm, accuracy: ±3% of reading +50 ppm), total volatile organic
compounds—VOCs (measuring range: 5 to 20,000 ppb, resolution of 1 ppb), CO (measuring range:
0 to 500 ppm, accuracy: ±2 ppm < 50 ppm, ±3% reading > 50 ppm), temperature (measuring
range: −25 ◦C to 70 ◦C, accuracy: ±0.3 ◦C) and relative humidity—RH (range: 0 to 100%, accuracy:
±2% < 80 %, ±3% > 80%);

• Formaldemeter (htV-M, PPM Technology, Wales, UK) to measure formaldehyde—CH2O
(measuring range: 0–10 ppm, accuracy: 10% at 2 ppm);

• DustTrak monitor (8530 model, TSI, Shoreview, MN, USA) to measure PM10, PM2.5, and PM1

(measuring range: 0.001 mg·m−3 to 400 mg·m−3, resolution of ±0.1% for readings of
0.001 mg·m−3).

The sampling frequency for all monitoring devices was set at 60 s and each experiment was
conducted in triplicate.

All instruments were calibrated by certified entities, which validated and demonstrated that every
equipment was suitable for its intended purpose. For the Formaldemeter device, an in situ calibration
was done before each monitoring period using a formaldehyde calibration standard supplied by the
manufacturer, which takes into account the indoor temperature.

For the study of the burning emissions, the monitoring devices were placed at a distance of
around 1.20 m from the source and at 80 cm from the floor. For the study of the cooking emissions,
the monitoring devices were placed at a distance of one meter from the source. For the study of
the toaster emissions, the monitoring devices were placed at a distance of 50 cm from the studied
source. The selected location for positioning the equipment represented the point where the occupant
spends more time and, consequently, where he/she is more exposed to pollutants. During all the
experiments, only one person was present in the room where the activity under investigation was
carried out. Monitoring devices were positioned at a minimum distance from the walls of 1 m and at a
height corresponding to that of our nose, approximately, to avoid perturbations of the typical air flows,
to minimize interfering emissions from other materials, and to represent the air of the breathing zone.

Before the start of each experiment, the studied room was well ventilated by opening windows
and doors for 30 min and closing afterwards.

2.5. Statistical Analysis

A variance analysis of the results was performed using non-parametric statistics at a significance
level of 0.050. All analyses were conducted using Excel software with the add-on XLSTAT 2014.1.09 [31].

3. Results and Discussion

Table 3 presents the IAQ guidelines established by the Portuguese legislation, which were
considered to be limit values for the several pollutants addressed in this study.

Despite that the limit values refer to a daily average of eight hours, these thresholds will be
used throughout the discussion of results to compare with the mean concentrations obtained for the
different conditions under study, which lasted for a maximum of one hour and a half. It should be
borne in mind that most domestic activities such as cooking or toasting are short-lived and do not
allow the calculation of 8-h averages established in legislation. We must keep in mind that most
domestic activities have a duration shorter than 8 h. Therefore, a small exceedance of the eight-hour
limit value for a short-term activity may not necessarily be dangerous.
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Table 3. Limit values of indoor air pollutants established by the Portuguese Ordinance no. 353-A/2013
[32] regarding a daily mean of eight hours.

Parameter Limit Value

CO2 2250 mg·m−3

CO 10 mg·m−3

VOCs 0.6 mg·m−3

CH2O 0.1 mg·m−3

PM10 50 µg·m−3

PM2.5 25 µg·m−3

3.1. Fireplaces and Biofuel Type

Figure 5 depicts the results obtained for the four studied conditions. Table A1 of the Appendix A
section presents the levels of all parameters for the period before combustion.

Overall, only VOCs and particulate matter were found to be above the limit values established by
the Portuguese legislation [32] for some specific activities. Regarding comfort parameters, compared
to background conditions (i.e., mean room temperatures ranging from 22.4 ◦C to 28.0 ◦C before
combustion), all combustion scenarios provided increases in indoor temperatures from 18% to 24%. The
combustion of briquettes in the fireplace insert promoted the highest increase of 24% on temperature,
which corresponds to a mean rise of 6.5 ◦C. The use of pinewood in the same appliance led to the
lowest mean increase (only 18%) among all the combustion scenarios, which corresponds to a mean
rise of 5.0 ◦C.

The combustion of both biofuels in the open fireplace contributed to a similar room temperature
increases of 5.6 ◦C and 5.5 ◦C for pinewood and briquettes, respectively. With regard to RH, a mean
decrease ranging from 26% to 33% was registered depending on the combustion conditions. However,
the recorded values were within the comfort range of 30% to 60% established by the international
guideline ISO 7730 [33]. Due to the hot weather outside, the temperature values were above the
established range for the occupant’s comfort (23 ◦C to 26 ◦C for the summer period). Nevertheless,
the magnitude of the increase of temperature or decrease of relative humidity was within the values
reported by Salthammer et al. [19] who evaluated the impact of operating wood-burning fireplace
ovens on IAQ.
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Figure 5. Indoor air pollutants and comfort parameters during the four combustion scenarios
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CB—Closed fireplace (insert) + Briquettes). The box plot represents mean (square) and the quartiles
(5%, 25%, median, 75% and 95%).

3.1.1. Carbon Dioxide

For all combustion conditions, in general, CO2 presented concentrations below the legislated
limit value (2250 mg·m−3), which is shown in Figure 6. The CO2 levels in the living rooms remained
relatively constant over the combustion cycles. However, it must be borne in mind that traditional
combustion appliances such as open fireplaces or fireplace inserts are very inefficient. Most of the fuel
carbon in wood is converted to CO2 during the combustion process, but, because of the inefficient
combustion, low combustion temperatures, and large amounts of excess air, a much higher ratio
of carbon monoxide to CO2 is produced in a fireplace burning wood than in modern wood-fired
boilers. Incomplete combustion also leads to considerable emissions of particulate matter, VOCs,
and other pollutants. Therefore, the relatively low CO2 levels may be, at least in part, associated with
inefficient combustion.

The highest CO2 concentrations were found for the combustion of pinewood and briquettes
in the open fireplace with mean levels of 974 ± 170 mg·m−3 and 1040 ± 140 mg·m−3, respectively.
Besides lower mean CO2 levels, the combustion process in the fireplace insert contributed to smaller
standard deviations (see Figure 6): 861 ± 57 mg·m−3 (pinewood) and 772 ± 38 mg·m−3 (briquettes).
The uncontrolled and irregular intake of combustion air is the main cause that leads to higher standard
deviations for the measurements carried out in the room equipped with an open fireplace.
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Figure 6. Temporal variability of CO2 (line—mean; light colored area—standard deviation) during the
combustion period for the four studied conditions: (top, left) OP—open fireplace and pinewood, (top,
right) OB—open fireplace and briquettes, (bottom, left) CP—closed fireplace (insert) and pinewood,
and (bottom, right) CB—closed fireplace (insert) and briquettes. Red line represents the CO2 limit
value of 2250 mg·m−3 defined by the Portuguese legislation [32].

3.1.2. Carbon Monoxide

The mean carbon monoxide levels were always below the limit value of 10 mg·m−3 set by the
Portuguese legislation [32] (see Figure 7). However, the use of an open fireplace led to mean indoor
CO values of 6.02 ± 3.33 mg·m−3 for pinewood and 5.55 ± 4.72 mg·m−3 for briquettes. In 32%
(24 min) and 24% (22 min) of the combustion period for pinewood and briquettes, respectively, the
limit value exceeded in at least one of the experiments. The CO mean values of this study are in
agreement with the results reported by Salthammer et al. [19] who observed a half-hour mean indoor
concentration of 5.11 mg·m−3 when operating an open fireplace. However, the results documented
by the same researchers for closed fireplaces were always below 3.24 mg·m−3 while higher CO mean
levels (4.71 ± 1.89 mg·m−3 and 4.43 ± 2.17 mg·m−3 for briquettes and pinewood, respectively) were
registered in the present study. In Figure 7, it is possible to observe a sudden drop of the mean CO
level without standard deviation for all combustion conditions. This mean CO level without standard
deviation refers to one replicate of the experiment whose combustion period took longer than the other
two and, therefore, no standard deviation was provided.

Carbon monoxide is a colorless and odorless gas. It is directly originated from incomplete
combustion processes, which is often the case from fireplaces. Due to its affinity for hemoglobin, which
is 200 times higher than that of oxygen [34], CO poisoning occurs after its inhalation. This reduces the
blood’s ability to carry oxygen and, therefore, blocks the oxygen to the body’s organs and cells [35].
CO is the main cause of accidental intoxication, which leads to unintentional poisoning deaths in
Western countries with an incidence of 23.2 poisonings per one million inhabitants per year in the
United States [36]. From 1980 to 2008, in Europe, a total of 140,490 deaths by CO poisoning in 28
countries were registered with a mean annual rate of 2.24 deaths per 100,000 inhabitants [35]. From 2000
to 2007, a total of 621 hospital admissions by CO poisoning were registered in Portugal [37] with an
incidence of 5.86 hospitalizations per 100,000 inhabitants per year. Colder months between November
and March present peaks of incidence due to the use of house heating appliances that rely on inefficient
combustion processes.

Taking into account that CO levels of 123 mg·m−3 are enough to trigger clinical symptoms [36],
the levels found in this study for a maximum of 1.3 h of fireplace’s use are below the alert value.
However, a continuous use of these appliances for a longer period without proper ventilation may
promote dangerous levels. Emissions greatly depend on both the combustion technology and operating
conditions. With regard to human health, emission requirements for the eco-labelling of small-scale
combustion appliances for wood logs and pellets should be mandatory in all countries. Strategies to
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decrease biomass burning emissions also include educational programs that advise people what to
burn, how to burn, what are the less polluting appliances, etc. [38].
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Figure 7. Temporal variability of CO (line—mean; light coloured area—standard deviation) during the
combustion period for the four studied conditions: (top, left) OP—open fireplace and pinewood, (top,
right) OB—open fireplace and briquettes, (bottom, left) CP—closed fireplace (insert) and pinewood,
and (bottom, right) CB—closed fireplace (insert) and briquettes. The red line represents the CO limit
value of 10 mg·m−3 defined by the Portuguese legislation [32].

3.1.3. Volatile Organic Compounds

Only the combustion of pinewood in the open fireplace led to a VOC mean level
(0.836 ± 0.265 mg·m−3) above the limit value of 0.6 mg·m−3 set by the Portuguese legislation [32].
The remaining combustion conditions contributed to mean values between 0.448 ± 0.054 mg·m−3

(combustion of pinewood in the closed fireplace) and 0.542 ± 0.173 mg·m−3 (combustion of briquettes
in the open fireplace). However, some spikes above the limit value have been registered during the
combustion process (see Figure 8).

The values of the present study are in agreement with those reported by Salthammer et al. [19].
These authors recorded VOC mean values from 0.18 mg·m−3 to 1.09 mg·m−3 regarding the burning
emissions of different types of wood.
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Figure 8. Temporal variability of VOCs (line—mean; light coloured area—standard deviation)
during the combustion period for the four studied conditions: (top, left) OP—open fireplace and
pinewood, (top, right) OB—open fireplace and briquettes, (bottom, left) CP—closed fireplace (insert)
and pinewood, and (bottom, right) CB—closed fireplace (insert) and briquettes. The red line represents
the VOC limit value of 0.6 mg·m−3 defined by the Portuguese legislation [32].
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3.1.4. Formaldehyde

The mean CH2O concentrations during all combustion cycles were below the national limit
value of 0.1 mg·m−3 [32] (see Figure 5). The highest mean CH2O concentration was found when
the open fireplace was burning pinewood (0.085 ± 0.028 mg·m−3) while the lowest mean levels
(0.052 ± 0.024 mg·m−3) were observed during the combustion of briquettes in the fireplace insert.
However, some spikes throughout the combustion cycle in the open fireplace for both biofuels
surpassed the limit value. Exceedances occurred for 17 min and 22 min when pinewood and briquettes
were burned, respectively (see Figure 9).

It is noteworthy to refer that higher values of VOCs and CH2O were found for the experiment
involving an open fireplace and the combustion of pinewood (dwelling 2) for which the highest mean
temperature, among all conditions, was reached (33.2 ◦C). The higher temperature in the room during
the combustion period may have contributed to enhanced concentrations of VOCs and CH2O because
of higher desorption rates of these pollutants from furniture [39].
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Figure 9. Temporal variability of CH2O (line—mean; light colored area—standard deviation) during the
combustion period for the four studied conditions: (top, left) OP—open fireplace and pinewood, (top,
right) OB—open fireplace and briquettes, (bottom, left) CP—closed (insert) fireplace and pinewood,
and (bottom, right) CB—closed fireplace (insert) and briquettes. The red line represents the CH2O
limit value of 0.1 mg·m−3 defined by the Portuguese legislation [32].

3.1.5. Particulate Matter

Figure 5 and Table 4 provide the results of particulate matter for the four studied conditions.
The mean indoor levels of particulate matter throughout the combustion cycles were very high.
Values below the protection limit of 50 µg·m−3 established by the Portuguese legislation [32] for
PM10 were only achieved for the combustion of briquettes in the fireplace insert (39.3 ± 21.9 µg·m−3).
The use of pinewood in the same appliance promoted levels about two times higher than the limit
value (96.9 ± 52.3 µg·m−3). During the combustion of both biofuels in the open fireplace, PM10 levels
were around nine times higher than the threshold.

The levels of PM2.5 were always above the limit value of 25 µg·m−3 [32]. PM2.5 accounted for
86% or more of PM10 with the combustion of briquettes in the open fireplace promoting the highest
fine mass fraction (95% of PM10). The combustion of briquettes in the fireplace insert also led to
the lowest mean PM2.5 concentrations (32.9 ± 17.2 µg·m−3), which is slightly above the limit value.
The use of pinewood in the fireplace insert promoted a higher mean value of PM2.5 concentrations
(86.0 ± 46.3 µg·m−3), which were around three times higher than the limit value. However, for the
open fireplace, mean PM2.5 levels were 16 and 19 times higher than the protection limit of 25 µg·m−3

for pinewood and briquettes, respectively.
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Table 4. PM2.5/PM10 ratios for the studied combustion settings.

Combustion Conditions

Open Fireplace Fireplace Insert

Pinewood Briquettes Pinewood Briquettes

Ratio PM2.5/PM10 0.85 ± 0.14 0.95 ± 0.07 0.89 ± 0.07 0.86 ± 0.10

The time evolution of PM2.5 concentrations resulting from the operation of both combustion
appliances shows some differences, which is depicted in Figure 10. A decreasing trend in PM2.5 levels
is observed for the fireplace insert. This behavior reflects the combustion cycle with a first moment of
high concentrations associated with the startup phase (ignition and devolatilisation) in which the door
is open. This stage, is followed by a decay over time resulting from the closing of the door during the
flaming phase, which leads to less infiltration of smoke into the room, and also from forced venting
through the chimney.
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Figure 10. Temporal variability of PM2.5 (line—mean; light coloured area—standard deviation) during
the combustion period for the four studied conditions: (top, left) OP—open fireplace and pinewood,
(top, right) OB—open fireplace and briquettes, (bottom, left) CP—closed fireplace and pinewood,
and (bottom, right) CB—closed fireplace and briquettes. The red line represents the PM25 limit value
of 25 µg·m−3 defined by the Portuguese legislation [2].

When comparing the PM levels before combustion (Table A1, Appendix A section), the biofuels
used in the fireplace insert promoted the mean PM2.5 and PM10 concentrations one (briquettes)
and two (pinewood) times higher than the levels found before the combustion period. When the
open fireplace was under operation, the PM levels were between nine and 20 times higher for PM10

(regarding pinewood and briquettes, respectively) and between 13 and 26 times higher for PM2.5

(regarding pinewood and briquettes, respectively) than the PM levels registered during the period
without combustion.

The particulate matter levels observed during the combustion of briquettes in the fireplace insert
are in line with the mean values obtained by Salthammer et al. [19] in seven German private homes with
different fireplaces (closed and open). A range from 6 µg·m−3 to 55 µg·m−3 was documented by these
authors. A study in 50 homes (Montana, USA) [40] with wood stoves reported PM2.5 concentrations
of 32.3 ± 32.6 µg·m−3 (ranging from to 6.0 µg·m−3 to 163 µg·m−3) for a sampling period of 48 h.
Results in the same range were obtained in a study in 96 homes (USA) [41] where, for two sampling
periods, the mean daily concentrations of 28.8 ± 28.5 µg·m−3 and 29.1 ± 30.1 µg·m−3 were observed.
When comparing particulate matter levels in living rooms of houses with central heating or wood
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heating [42], PM10 levels were found to be six times higher in houses equipped with wood heating
systems (203 ± 201 µg·m−3) than in dwellings with central heating. Likewise, the PM2.5 levels were
found to be around 17 times higher in houses with wood heating (191 ± 193 µg·m−3) than in those
with central heating.

It is known that emissions from residential biomass burning greatly vary with the type of biofuel,
combustion equipment, and operating conditions [38]. In the present study, the use of open fireplaces
promoted high concentrations of particulate matter in indoor air locations despite the type of biofuel
used. Combustion of briquettes in a fireplace insert promoted the lowest PM concentrations while
pinewood burning contributed to values similar to those monitored during the operation of an
open fireplace. High levels of PMX may have a negative impact on the occupant’s health due to
the submicrometric sizes and the presence of hazardous substances such as polycyclic aromatic
hydrocarbons (PAHs) and oxygenated and nitrogenated derivatives, which have mutagenic and
cytotoxic effects [43]. It has been observed that the combustion of conifer wood (e.g., pine) generates
very intense flames, which are promoted by its high resin content. This leads to oxygen starvation and,
consequently, to higher emissions of both particles and polyaromatics [27].

3.2. Cooking Emissions

Figure 11 provides an overview of the indoor pollutants for the two cooking processes (frying
and boiling) using two different cooking appliances regarding the energy source (gas or electricity) in
two dwellings.
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Figure 11. Selected indoor air pollutants for the studied cooking scenarios: 1GF—House 1 | Gas |
Frying, 1EF—House 1 | Electric | Frying, 1GB—House 1 | Gas | Boiling, 1EB—House 1 | Electric
| Boiling, 2GF—House 2 | Gas | Frying, 2EF—House 2 | Electric | Frying, 2GB—House 2 | Gas |
Boiling, 2EB—House 2| Electric | Boiling, combustion scenarios. The red line represents the limit
values of the Portuguese legislation [32]. The box plot represents mean (black square), the quartiles (5%,
25%, median, 75% and 95%), and lower circle the minimum value while the upper circle represents the
maximum value.
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Particulate matter levels (both PM2.5 and PM10) during the frying process were significantly higher
than the ones found during the boiling process in both dwellings. Moreover, the mean concentrations
during the frying process were above the protection limit established by the Portuguese legislation [32]
for all experimental conditions (gas or electricity, both dwellings) for both fractions (PM2.5 and PM10).
PM2.5 and PM10 values above the limit value of 25 µg·m−3 and 50 µg·m−3, respectively, were registered
when the cooking method was boiling using a device powered by bottled gas in dwelling 2. However,
the levels were lower than the ones registered for the frying process. The difference in emissions
between the two types of cooking methods (frying and boiling) agrees with the data presented by
Abdullahi et al. [44] in their review paper, which shows that frying is among the cooking processes that
promote higher exposure to particulate matter [45]. Cooking involving frying and grilling in kitchens
was also shown by Nasir et al. [42] to lead to high fine PM concentrations, which reach mean maximum
values above 1 mg·m−3. These values are higher than the ones observed in the present study.

Formaldehyde levels were found to be above the limit value of 0.1 mg·m−3 for the frying method
at dwelling 2 (for both types of energy sources). At dwelling 1, the indoor levels when frying in
an electric-powered device almost reached mean CH2O values of 0.1 mg·m−3. VOC levels were
only above the limit value of 0.6 mg·m−3 during the frying process with gas (dwelling 1) peaking
at 1.6 mg·m−3 while, for the remaining cooking experiments, the values were below the threshold.
Overall, VOC levels when cooking with the use of electricity were lower than the values when
preparing meals with gas. Regardless of the cooking method or device, carbon monoxide was always
below the limit value of 10 mg·m−3 established by the Portuguese legislation.

3.3. Emissions from Toasting

For the slightly toasted level, no value exceed the threshold, except for dwelling 2, in which the
mean VOC levels was a little above 0.6 mg·m−3 (see Figure 12). Moreover, the results for particulate
matter for slightly toasted agree with the ones described by He et al. [45] who reported a median
PM2.5 level of 35 µg·m−3 for the peak values, which are lower than the PM2.5 levels of 62.6 ± 27.7
µg·m−3 and PM10 levels of 125.6 ± 87.1 µg·m−3 found for the toasting bread experiment in controlled
conditions [18]. Both levels of medium and heavily toasted bread contributed to concentrations above
the limit values for CH2O, VOCs, PM2.5, and PM10. Concentrations increased with increasing toasting
degrees with heavily toasting showing very high particulate matter emissions.
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Figure 12. Indoor air pollutants for the studied toasting scenarios at two dwellings (1 and 2): S—slightly
toasted, M—medium toasted; H—heavily toasted. The red line represents the limit values of the
Portuguese legislation [32]. The box plot represents mean (black square), the quartiles (5%, 25%,
median, 75% and 95%) and lower circle the minimum value while the upper circle represents the
maximum value.
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3.4. Discussion

The main limitation of the present study is the small number of measurements for each studied
setting as well as the small number of dwellings studied. Although the selected dwellings represent
the most common housing in Portugal, it is desirable in the future to increase the number of houses to
confirm these preliminary results. Therefore, this study may be considered as the first approach toward
understanding the effects of daily activities such as biomass home heating and cooking on the indoor
air quality, which contributes towards assessing the exposure of occupants. Moreover, the evaluation of
the dwellings’ specific characteristics such as ventilation rates, airtightness, building’s age and quality,
and other factors have not been taken into consideration when selecting the studied buildings. To have
a more robust understanding on how these factors may influence indoor air quality, it is desirable for
future studies to gather a wider range of different dwellings along with a full characterization.

Despite that the location of the monitoring devices has been selected in order to simulate the
occupants’ exposure, only one measurement point per studied setting was defined. However, it is
important to highlight that future studies should take into account the spatial variability within the
same room in order to evaluate the likely concentration gradients of the pollutants.

In what regards standard deviations, it is normal to find a wide range of values over the whole
period of activity given that the various phases show very variable emissions. It has been demonstrated,
for example, that emissions of the ignition phase from a fireplace or stove may be one order of
magnitude higher than those observed during the flaming phase. Concentrations spikes are also
registered during the ash removal stage at the end of the combustion cycle [46]. The unequal behavior
between gases (e.g., CO and formaldehyde) and particles may be determined by stove conditions that
differentially influence the emission and dispersal of the various pollutants [47].

It is also important to stress the impact and contribution that carpeting and furniture may have
on the indoor air quality due to different processes such as emission, adsorption, and desorption
of pollutants from these materials [39,48]. This study focused on the worst ventilation conditions
(e.g., windows and doors closed and hood switched off). It should be taken into account that the use
of heating systems such as open fireplaces and inserts is commonly done in the wintertime. To prevent
heat loss, owners often keep doors and windows closed. On the other hand, when cooking, the hood
is often turned off especially because of the noise. In many homes, the exhaust system is only switched
on when cooking is time consuming and emits intense odorous vapors such as the smells from fried
foods. When a toaster is used, usually the hood is not turned on.

The promotion of ventilation and the use of exhaust systems are crucial for avoiding the
accumulation of pollutants and improving the indoor air quality. This has been clearly demonstrated in
a recent study in which the impact of different ventilation conditions on the indoor air quality during
sleep was evaluated [13]. The condition with the window and door closed contributed most to the
exceedances of limit values imposed for several pollutants (e.g., VOC, PM2.5, and CO2). Carbon dioxide
levels were above the threshold below which the occupants showed significantly improved sleep
quality in a study by Strøm-Tejsen et al. [49].

Despite this, users are not aware of the potential exposures of low ventilation practices and,
in some activities, usually do not promote air exchange.

4. Conclusions

The present study allowed us to understand the impact of specific human activities in dwelling
environments and their contribution to IAQ that occupants breathe. It was observed that activities
such as the use of wood-fueled heating systems and cooking different types of meals (frying, boiling,
and toasting) in different powered appliances may generate high levels of specific pollutants including
VOCs, formaldehyde, and particulate matter, which can exceed the threshold values legally established.
This is especially important given that frying fish sticks and chips as well toasting bread are widespread
in many parts of the world including North America and Europe.
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A fireplace insert compared to an open fireplace and briquettes compared to pinewood were
found to contribute to lower indoor concentrations but still above limit values. The preparation of
frying meals and heavy toasting in the kitchen promoted the highest levels of pollutants. Therefore,
in order to minimize the occupant’s exposure during these activities, it is crucial to promote natural
ventilation and the use of efficient exhaust systems. Moreover, a careful selection of cooking equipment
and fuels is also recommended to avoid risks. It is important to highlight that sometimes natural
ventilation may lead to low air exchange especially in specific weather conditions. Therefore, the
promotion of ventilation using natural or mechanical exhaust systems should always be considered
as crucial for achieving a good indoor air quality in our dwellings especially when indoor emissions
from human activities are taking place.

The main aim of the present study was to provide information with regard to users’ exposure
in the worst ventilation scenario. In the future, the same activities should be studied in different
ventilation conditions in order to assess the variability in concentrations to which occupants are
potentially exposed.
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Appendix A

Table A1. PMX, CO, VOCs, CH2O, and CO2 concentrations before the combustion period:
mean ± standard deviation; median (minimum–maximum).

Setting

Open Fireplace Fireplace Insert

Parameter Pinewood Briquettes Pinewood Briquettes

Temperature (◦C) 27.6 ± 2.2;
28.8 (23.0–29.7)

22.4 ± 1.8;
21.8 (20.0–25.9)

28.0 ± 0.7;
27.5 (27.2–28.9)

26.5 ± 0.3;
26.5 (25.9–27.1)

Relative Humidity (%) 51.6 ± 6.3;
50.7 (44.2–66.2)

58.5 ± 7.4;
60.5 (45.8–71.3)

39.8 ± 0.7;
39.5 (38.7–41.1)

47.9 ± 4.1;
47.4 (42.0–54.6)

CO2 (mg·m−3)
990 ± 186;

884 (794–1308)
949 ± 51;

973 (850–1155)
956 ± 45;

946 (913–1288)
812 ± 43;

820 (734–922)

CO (mg·m−3)
1.62 ± 0.56;

1.81 (0.00–2.42)
1.05 ± 0.54;

0.96 (0.00–2.35)
1.94 ± 0.13;

1.95 (1.43–2.29)
1.52 ± 0.41;

1.48 (0.71–2.40)

VOCs (mg·m−3)
0.838 ± 0.186;

0.898 (0.576–1.411)
0.486 ± 0.098;

0.471 (0.359–0.630)
0.399 ± 0.077;

0.345 (0.315–0.491)
0.538 ± 0.184;

0.519 (0.315–0.806)

CH2O (mg·m−3)
0.056 ± 0.020;

0.053 (0.026–0.097)
0.029 ± 0.014;

0.021 (0.016–0.055)
0.040 ± 0.010;

0.044 (0.015–0.049)
0.031 ± 0.013;

0.025 (0.016–0.050)

PM1 (µg·m−3)
34.7 ± 8.7;

32.0 (23.0–168.0)
19.5 ± 9.3;

14.0 (10.0–75.0)
34.3 ± 8.6;

37.0 (18.0–114.0)
34.5 ± 9.7;

37.0 (14.0–86.0)

PM2.5 (µg·m−3)
38.5 ± 9.4;

36.0 (27.0–175.0)
21.1 ± 9.6;

16.0 (11.0–77.0)
35.8 ± 8.5;

38.0 (19.0–116.0)
37.4 ± 10.1;

40.0 (16.0–89.0)

PM10 (µg·m−3)
57.0 ± 23.6;

47.0 (30.0–267.0)
28.1 ±14.3;

22.0 (11.0–102.0)
56.4 ± 13.0;

55.0 (28.0–159.0)
64.8 ± 22.0;

57.0 (26.0–167.0)

Ratio PM2.5/PM10 0.72 ± 0.15 0.78 ± 0.11 0.65 ± 0.14 0.61 ± 0.17
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Abstract: The present study focused on the estimation of the personal dose of airborne particles
using an exposure dose model (ExDoM2). Input data from three European cities (Athens, Kuopio,
Lisbon) were selected to implement the model that calculates the deposited dose and retention of
particles in the respiratory tract, the mass transferred to the oesophagus and the absorption to blood
as well as the dose for five particle-bound metals. Model results showed that after one day exposure
higher deposited dose in the respiratory tract was obtained for Lisbon as a direct consequence of
the higher PM concentration measured in this city. Moreover, the activity profile and the physical
characteristics of the exposed subject had strong impact on the estimated deposited dose. Thus, light
activity corresponded to higher deposited dose compared to no activity as well as an adult male
exhibited higher dose, both findings associated with increased inhalation rate. Regarding the internal
dose for particle-bound metals higher dose for four out of the five metals was obtained in lungs
followed by the muscles for As, the gastrointestinal tract for Cr, the other tissues for Mn, the intestines
for Cd and finally for Pb higher dose was found in bones and blood.

Keywords: internal dose; human exposure; PM concentration; particle-bound metals

1. Introduction

Air pollution associated with airborne particles (especially fine particles) and particle-bound
heavy metals has gained great interest in the scientific community [1–5]. Particulate matter (PM)
is recognized by the specialist in aerosol sciences as a major pollutant that has harmful effects on
human health [6]. Studies [4,7–13] that focused on PM exposure and the consequent effects on
human health associated high concentrations of airborne PM with increased mortality and morbidity.
Pope and Dockery [13] claimed that an increase of 10 µg/m3 in PM2.5 concentration is associated with
1% increase in mortality. In addition, there is evidence that exposure to PM causes adverse health
outcomes on human health [14,15] associated predominantly with cardiovascular and respiratory
diseases [4,10,16,17]. Moreover, several studies [10,16,18–20] concluded that exposure to PM2.5 is
associated with increased hospital admission due to respiratory and cardiovascular diseases. As a
result of these findings, the European Union (EU) has established air quality standards for PM
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concentrations (Directives 1999/30/EC and 2008/50/EC). Accordingly, the EU air quality standard
sets an annual limit for PM2.5 equal to 25 µg/m3 while for PM10 the annual limit is 40 µg/m3 and the
24-h limit is 50 µg/m3. Additionally, the International Agency for Research on cancer (IARC) [21,22]
has classified PM originating from outdoors as carcinogenic to humans (Group 1) with elevated PM
exposure leading to an increasing risk for lung cancer.

Other studies [1,23–25] claim that PM enriched in heavy metals is associated with human
health effects. In particular, the metal content of PM contributes to the toxicity of PM [26,27] and
increases the possibility of lung or cardiopulmonary injuries [24,28]. Inhalation of particles enriched
in lead (Pb) could lead to renal damage, neurological dysfunction and anaemia [29,30] while arsenic
(As) and cadmium (Cd) particles are susceptible for inducing carcinogenic effects in humans and
animals [26,31–33]. Moreover, inhalation of manganese (Mn) particles can induce severe neurotoxical
impairments [27,34]. Due to the toxicity of particles enriched with heavy metals, EU has established air
quality standards for As, Cd and Pb in the PM10 fraction with the annual limit values for the protection
of human health being at 6 ng/m3, 5 ng/m3 and 500 ng/m3 for As, Cd and Pb respectively (Directives
2004/107/EC and 2008/50/EC).

Particle size is a key factor regarding the deposition in the respiratory tract such that coarse
particles due to their large size deposit mainly in the extrathoracic region (ET) while fine particles
penetrate easier in the Alveolar (AI) region [35–38]. Particles deposited in the ET region are swallowed
and transferred to the gastrointestinal tract (GI-tract), while, particles deposited in the AI region remain
in the lungs. Therefore, the most important properties of particles in order to determine their potential
impacts on human health are their size and chemical composition [39–44].

Particle size distribution and hence regional deposition in the human respiratory tract is essential
to assess the possible consequences and the magnitude of hazard associated with the inhalation of
PM [45]. For these reasons, respiratory tract deposition of PM has attracted considerable interest in the
scientific community. Many dosimetry models [46–52] have been developed aiming to estimate
the regional deposited dose of PM in the human respiratory tract. The most widely available
dosimetry models are the Human Respiratory Tract Model (HRTM) of the International Commission
on Radiological Protection (ICRP) model [48,49] and the multiple path particle dosimetry model
(MPPD) of the Chemical Industry Institute of Toxicology (CIIT) and the Dutch National Institute of
Public Health and Environment (RIVM).

Herein, the personal deposited dose of particles in the human respiratory tract was determined
using an exposure dose model (ExDoM2 [47]). The data from three European cities were implemented
in order to estimate the deposited and retained dose of PM as well as the internal dose of specific metals
(As, Cd, Cr, Mn and Pb) using Physiologically-Based PharmacoKinetic (PBPK) modules. The aim of
this study was to evaluate the deposited and internal dose of PM and metals at different regions of the
human respiratory tract.

2. Materials and Methods

2.1. Overview

In this work the internal dose of airborne particles and particle-bound metals were estimated
using data sampled in three European cities (Athens, Kuopio and Lisbon). For Kuopio and Lisbon
published data were implemented whereas for Athens the data incorporated are unpublished.

Intrinsically the present model incorporated data from different periods for each study location
thus PM exposure in terms of comparison between the cities is meaningless however our study
aims to provide estimates for the deposited dose in the human respiratory tract using as input PM
concentrations measured at several residential areas within the European region. Subsequently,
detailed description of the study locations and model specifications follows.
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2.2. Sampling Sites and Experimental Data

Athens is the capital of Greece a densely populated city with the metropolitan area covering
approximately 3.7 million inhabitants. The measurement campaign was conducted at the suburban
Global Atmosphere Watch (GAW) and Aerosols Clouds and Trace Gases Research Infrastructure
(ACTRIS) measurement station “Demokritos” (DEM), which is located at the grounds of the National
Centre for Scientific Research “Demokritos” in Athens, Greece (37.995◦ N, 23.816◦ E, at 270 m a.s.l.).
The station is situated at the foot of Hymettus mountain (~7.0 km North from the centre of Athens) and
can be considered as representative of the atmospheric aerosol in the suburbs. The measurement
campaign was conducted during the period from November 2014 to May 2015. The mass size
distributions were measured using low pressure Berner cascade impactor. Aerosol particles were
collected on Tedlar foils, at 24 h sampling intervals. The collection substrates were greased with
apiezon-L dissolved in toluene in order for the particle bounce off to be avoided and the metal content of
airborne particles was determined by means of X-ray fluorescence system, Epsilon 5 by PANalytical [53].

The city of Kuopio is located in the south mainland of Finland having approximately 95,000
inhabitants. Field measurements were conducted by Sippula et al. [54] in a suburban area of Kuopio
with PM measurements performed in the backyard area of a house. Major sources of the sampling
location included biomass burning for heating purposes and limited traffic [54]. Sippula et al. [54] used
a Harvard high-volume cascade impactor (HVCI) for collection of particles into different size categories.
In addition, the metal content of airborne particles was determined by inductively coupled plasma–mass
spectrometer (ICP-MS). The measurements were performed during 2010 with 2–3 weeks sampling in
each season and average values of PM and metal concentrations were implemented in the present model.

Lisbon is the capital of Portugal with the metropolitan area of the city having approximately 3 million
residents. The particle size distribution was measured in a suburban area by Almeida et al. [55,56] using a
Berner Impactor (Hauke LPI 30/0.06/2) while the chemical analysis (metal content) of PM was performed
by Instrumental Neutron Activation Analysis (INAA). PM collection conducted during 2001 for 3 days in
each season therefore average values were used.

2.3. Exposure Dose Model 2 (ExDoM2)

The ExDoM2 is a model that calculates the dose and retention of particulate matter mass in the
human respiratory tract as well as the mass transferred to the oesophagus and the absorption to blood.
The ExDoM2 [47] is a revised version of ExDoM [46] whereby new material/data from ICRP [49] and
a Physiologically-Based PharmacoKinetic (PBPK) modules for specific metals were incorporated.

ExDoM2 estimates the deposited dose in five regions of the respiratory tract. The regional deposited
dose is classified in the present work into the extrathoracic (ET) and lung regions. The extrathoracic region
includes the anterior nose (ET1) and the posterior nasal passages (ET2) whilst lung region includes the
bronchial (BB), bronchiolar (bb) and alveolar-interstitial (AI) regions. Dose in the human body (e.g., liver,
brain) was estimated for the following five particle-bound metals: As, Cd, Cr, Mn and Pb.

The deposition efficiency in region j of the human respiratory tract was obtained using the
equation [48]:

nj = (n2
ae + n2

th)
1/2 (1)

where nae is the aerodynamic deposition efficiency and nth is the thermodynamic deposition efficiency.
The deposition efficiencies (nae and nth) are expressed as [48]:

nae or nth = 1 − exp(−aRp) (2)

where a and p are dimensionless constants whilst R has a characteristic functional form that is different
in each region and depends on particle size (aerodynamic diameter for nae whilst thermodynamic
diameter for nth) and the relevant respiration parameters.
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Overall, the respiratory tract clearance model of ICRP [49] consists of 13 compartments: ET1
region, ET2 region (two compartments), BB region (two compartments), bb region (two compartments),
AI region (alveolar and interstitial), Lymph nodes (extrathoracic region), Lymph nodes (thoracic
region), oesophagus and blood. ICRP [49] considers two compartments for the regions ET2, BB and bb
due to the calculation of the retained mass in the airway walls (ETseq, BBseq, and bbseq). Accordingly, the
retained dose of particles in each compartment j and the mass transferred to the oesophagus, Lymph
nodes and blood was estimated by Equation (3) for rapidly dissolving particles whereas Equation (4)
was used for particles dissolving slowly [46,47]:

dIj(t)
dt

=
13

∑
k=1

[mk,j × Ik(t)− (mj,k + sr)× Ij(t)] + fr × Hj(t) (3)

dTj(t)
dt

=
13

∑
k=1

[mk,j × Tk(t)− (mj,k + ss)× Tj(t)] + (1 − fr)× Hj(t) (4)

where mk,j is the mechanical movement rate of particles from compartment k to j, mj,k is the mechanical
movement rate of particles from compartment j to k, fr is the fraction of particles dissolved rapidly, sr is
the rapid dissolution rate, ss is the slow dissolution rate, Hj is the deposited dose in the compartment
j, Ij and Ik are the retained doses of particles dissolving relatively rapidly in the compartment j and k
respectively and Tj and Tk are the retained doses of particles dissolving slowly in the compartment j
and k respectively.

Absorption of particle-bound metals in blood has different rates. Particularly, absorption for
particle-bound Cd and Cr (for oxide and hydroxide compounds) is slow, for As (all compounds)
and Mn (oxide, hydroxide, halide and nitrate compounds) is moderate and for Pb (all compounds)
is fast [57]. For moderate and slow absorption, the model adopted the default values of ICRP [49].
Thus, fr, sr and ss for moderate absorption were set equal to 0.2 d−1, 3 d−1 and 0.005 d−1 respectively,
whereas, for slow absorption the values were set equal to 0.01 d−1, 3 d−1 and 0.0001 d−1 respectively.
On the contrary, for fast absorption ICRP [49] suggests that sr is element specific with ICRP [58]
proposed a value of 100 d−1 for Pb as well as additional parameters for the bound state (the material in
the bound state is not cleared by particle transport but only by uptake into body fluids [48]). Therefore,
sr for Pb was set equal to 100 d−1 whilst ExDoM2 did not take into account the bound state of materials.
Furthermore, the oxidation state of arsenic and chromium was assumed as that of As(III) and Cr(III).

The dose of As, Pb and Mn in each organ or tissue group i of the human body was estimated
by [46,59,60]:

dAi,m

dt
= Qi × (Ca,m − Cv,m)− Metabolismi,m − Eliminationi,m (5)

where Ai,m is the dose of chemical m in tissue group i (µg), Qi is the blood flow rate to tissue group i
(L/h), Ca,m is the arterial concentration (µg/L) of chemical m and Cv,m is the venous concentration of
chemical m (µg/L).

The metabolism parameter (Metabolismi,m) is zero for Pb and Mn while inorganic As is
metabolized to monomethylarsonic (MMA) and dimethylarsinic (DMA). In particular, the methylation
of inorganic arsenite (As(III)) in MMA and DMA appears mainly in the liver and kidney according to
Michaelis–Menten kinetics [59]. In addition, oxidation/reduction reactions that take place in the human
body (e.g., kidney, liver) interconvert the arsenate (AS(V)) and arsenite (As(III)) and are modelled as a
first-order oxidation/reduction reaction [59–62].

The blood flow in L/h is given by:

Qi(L/h) = blood f lowi(%)× CO (L/h) (6)



Atmosphere 2018, 9, 248 5 of 20

where CO represents the cardiac output and is the amount of blood pumped per unit of time [63] with
blood f lowi in each tissue group i estimated as the % percentage of CO. The values for both variables
during sleep/rest and light activity are listed in Table 1. Accordingly, sleep/rest values were based on
ICRP [64] whereas during light activity the values of ICRP were modified. More specifically, CO was
modified according to Plowman and Smith [63] where the authors suggested an increase of 62% (348
to 564 L/h) during light activity. Herein, the same % increase was adopted therefore CO during light
activity was set equal to 632 L/h. For blood f lowi the values of skin, kidney, liver, muscles and heart
were modified according to Lenz [65]. For example, blood f lowi for muscles was set equal to 40% due to
an increase of 135% proposed in [65] (20% to 47%). Regarding the Gastrointestinal (GI) tract the same
decrease with liver was used due to the connection of organs with the portal vein whilst blood f lowi for
fat was increased by the same percentage with skin. For bones blood f lowi was decreased by the same
percentage with other tissues proposed in Lenz [65]. Lastly, for the bronchial tissues the blood f lowi of
ICRP [64] was used. On the other hand, Plowman and Smith [63] pointed out that the blood f lowi to
the brain decreases while the absolute amount of brain blood flow remains constant. Therefore, Qi for
the brain was set equal to 46.8 L/h [64] which corresponds to a 7.4% for blood f lowi.

Lastly, the dose of Cr in each organ or tissue group i was calculated by [66]:

dAi
dt

= KIN × Cplasma − KOUT × Ci − Reductioni − Eliminationi (7)

where Ai is the dose of Cr in tissue group i (µg), KIN is the clearance of Cr from plasma into tissue
(L/h), KOUT is the clearance of Cr from tissue into plasma (L/h), Cplasma is the concentration of Cr in
plasma (µg) and Ci is the concentration of Cr in tissue group i (µg/L). The reduction of hexavalent
chromium (Cr(VI)) to trivalent chromium (Cr(III)) is modelled as a first-order process [66].

Table 1. Cardiac output (CO) and blood f lowi distribution during rest and light exercise [63–65].

Sleep/Rest Light Activity

Cardiac output (L/h) 390 632

blood flowi (%CO)
Skin 5 12.5

Kidney 19 8.6
GI tract 19 8.4

Liver 6.5 (hepatic artery) + 19 (portal vein) 2.9 (hepatic artery) + 8.4 (portal vein)
Muscle 17 40
Heart 4 4
Brain 12 7.4
Fat 5 12.5

Bronchial tissues 2.5 2.5
Bone 1.5 0.9

Other tissues 100 − ∑ blood f low 100 − ∑ blood f low

2.4. Input Data

ExDoM2 requires the following input data: (1) particle concentration; (2) particle size distribution;
(3) exposure duration; (4) particle density and shape factor; (5) wind speed; (6) age and gender of
exposed subject; (7) breathing type and activity level of exposed subject.

Particles were considered spherical thus the shape factor was set equal to 1. However, particle
density may vary considerably with diurnal variations or even seasonal variations that alter the
measured density [67]. Reported values of particle density range from <1 gr/cm3 and up to 3 gr/cm3

with particle size, origin, chemical composition and ambient environment playing significant role
on the measured densities [68–70]. Herein, we assumed particle density equal to 1.5 g/cm3 which
is a reasonable value based on these studies. On the other hand, the density for the particle-bound
metals was derived from the Centers of Disease Control and Prevention (CDC; https://www.cdc.gov/)

https://www.cdc.gov/
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and the values of 3.95, 6.95, 5.22, 4.8 and 9.5 gr/cm3 were used for As(III), Cd, Cr(III), Mn and Pb,
respectively. The metal oxide densities (e.g., chromium (III) oxide) were used in the calculations.

Wind speed is a necessary input data for ExDoM2 due to its influence to the inhalability of
particles. The nasal inhalability was calculated from the Equation (8) when wind speed ranged from 1
to 9 m/s whereas Equation (9) was used for wind speed less than 1 m/s [46,48]:

Inhalability = 1 − 0.5[1 − (7.6 × 10−4 × d2.8
ae + 1)−1] + 10−5 × u2.75 × exp(0.055dae) (8)

Inhalability = 1 − [1 + exp(13.56 + 0.4343 × (−4.88)× logdae)]
−1 (9)

where u is the wind speed (m/s) and dae is the aerodynamic diameter (µm). The yearly average
wind speed used for all under study locations (2015 for Athens, 2010 for Kuopio, 2009 for Lisbon).
(http://meteosearch.meteo.gr/; https://www.worldweatheronline.com).

The exposed subject was considered adult male and nose breather under three different activity
levels (sleeping, sitting awake (rest) and light exercise) spending time both indoors (no sources) and
outdoors. Table 2 presents the daily activity profile that was considered in the present model. Due to
the unavailability of indoor PM data for the same sampling period with outdoor PM concentrations,
the indoor PM particle concentration was approximated from the outdoor concentration using an
indoor/outdoor (I/O) ratio that represents the no indoor-sources environment of the present model.
Morawska and Salthammer [71] found that I/O ratio ranged between 0.5 to 0.98 with a median value of
0.7 for naturally ventilated buildings without indoor sources. Likewise, Aleksandropoulou [72] found
that the median I/O ratio was equal to 0.7 for an apartment located in Chania whilst Lazaridis et al. [73]
found that the I/O ratio in Oslo ranged from 0.41 to 1.59 with a median value of 0.7. Consequently, a 0.7
I/O ratio was adopted in the present model.

Table 2. Daily activity profile used in ExDoM2.

Activity Time Environment

Sleep 12 p.m.–7 a.m. Indoors
Light exercise 7 a.m.–8 a.m. Indoors

Work (light exercise) 8 a.m.–4 p.m. Outdoors
Sitting awake (rest) 4 p.m.–6 p.m. Indoors

Light exercise 6 p.m.–9 p.m. Indoors
Sitting awake (rest) 9 p.m.–12 p.m. Indoors

3. Results and Discussion

3.1. Particulate Matter Concentration and Size Distribution Data

Table 3 lists the PMx and particle-bound concentrations measured in each city. Due to the different
campaigns incorporated in the present model the particle mass size distribution differs in each city,
therefore, Athens corresponds to PM6.8, Kuopio to PM10 and Lisbon to PM8. Accordingly, discussion
for the obtained concentrations is done in terms of higher or lower measured concentrations. As such,
higher PMx concentration was measured in Lisbon (37 µg/m3) while lower concentration was found
in Kuopio (10 µg/m3). Similar level of ambient PM concentration with Lisbon is reported for Frankfurt
(36 µg/m3) and Zabrze (39 µg/m3) [74,75], whilst Katowice-street canyon (20 µg/m3 for PM10 and
19 µg/m3 for PM6.8) showed same level of ambient PM concentration with Athens [76].

http://meteosearch.meteo.gr/
https://www.worldweatheronline.com
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Table 3. Ambient PMx concentration (µg/m3) and concentration of particle-bound metals (ng/m3)
measured in each city [54–56].

City PMx As Cd Cr Mn Pb

Athens (PM6.8) 20 2.9 - 2.4 15.0 6.0
Kuopio (PM10) 10 0.2 0.1 0.3 4.2 1.6
Lisbon (PM8) 37 0.5 - 23.8 - -

Regarding particle-bound metals As, Mn and Pb concentrations were higher in Athens (2.9, 6.0 and
15.0 ng/m3 respectively) while for Cr the concentration was higher in Lisbon (23.8 ng/m3). Cd was
measured only in Kuopio and corresponds to the lower concentration of particle-bound metals in Table 3.
Rogula-Kozłowska et al. [75] found that the concentration of Cd and Mn particles in Zabrze was 1.2 and
97.9 ng/m3, respectively. In addition, Canepari et al. [77] found that the concentration of As, Cd and
Mn particles in Rome was equal to 0.4, 0.3 and 11.9 ng/m3 respectively. These findings suggest that
particle-bound metal concentrations within European urban environments present higher concentrations
for Cr, Mn and Pb whereas significantly lower concentrations were obtained for As and Cd.

Subsequently, the mass percentage of the particle size distributions and distributions of particle-
bounds metals for each city are shown in Figure 1. Figure 1a indicates that the mass percentage for
fine particles (PM2.5 for Kuopio; PM2.0 for Lisbon and PM1.77 for Athens) was slightly higher than
coarse particles (PM2.5–10 for Kuopio; PM2.0–8.0 for Lisbon and PM1.77–6.8 for Athens) for all three
cities. More specifically, fine particles in Athens corresponded to 56% of the total measured mass,
58% in Lisbon and 60% in Kuopio. These values are in close agreement with the contribution of
fine particles in Rome (57%) [77]. Almeida et al. [55] suggested that vehicle exhaust and secondary
aerosol are the main sources of fine particles in Lisbon. Likewise, the high percentage of fine particles
in Rome was attributed to traffic emissions [77]. Regarding Kuopio [54] the contribution of fine
particles to PM10 was affected by biomass burning (winter) and wildfire smoke plumes (summer)
whilst Eleftheriadis et al. [78] suggests that common anthropogenic sources apply for the background
site in Athens with traffic emissions constitute a major contributor to PM concentrations.

Moreover, Figure 1b,e imply that As (96% for Kuopio, 81% for Lisbon and 70% for Athens) and Cd
(100% for Kuopio) were predominantly associated with fine particles. These results are in agreement
with Alvarez et al. [1] where it was found that As and Cd were accumulated in fine particles in
Seville (Spain). In addition, Cr (Figure 1c) was predominantly present in the coarse mode in Kuopio
(64%) while lower contribution was found in Lisbon (36%) and Athens (19%). Several studies [79,80]
have shown that Cr particles are related with emissions from brake wear. Accordingly, the fillers in
the brake linings are consisted of chromium oxides with the majority of break wear particles being
predominantly in the coarse mode [79]. However, other studies [81,82] claim that break wear particles
correspond mainly to fine particles. Figure 1d shows the vast majority of the mass distribution of Pb
is located in the fine fraction (86% and 100% for Kuopio and Athens, respectively). This finding is
linked with biomass burning in Kuopio. In addition, Figure 1f demonstrates that 54% of the mass
size distribution of Mn corresponds to coarse particles in Kuopio which is associated with a source
enriched with crustal materials. Davis [83] found that Mn originated from natural sources such as soil
dust and was almost equally distributed in the two modes (coarse and fine mode).
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Figure 1. Size distribution of mass percentage for (a) particulate matter, (b) arsenic, (c) chromium,
(d) lead, (e) cadmium and (f) manganese for the three European cities [54–56]. The size distribution
data of Athens are unpublished.

3.2. Calculation of Personal Deposited Dose and Internal Dose of Airborne Particles

Figure 2 presents the deposited dose in the human body at different regions of the respiratory
tract. All three plots indicate a sharp increase of the deposited dose at 07:00 and afterwards for all
modeled cases. This finding is associated with the change of the activity level (from sleep to light
exercise) of the exposed subject as well as the change of the particle concentration due to the different
microenvironment (especially after 08:00: indoors to outdoors). During working hours (outdoors,
light exercise) the exposed subject received approximately 61% of the total deposited mass while
during sleep (indoors) only 9% of the deposited mass was received. Moreover, all plots suggest that
higher daily dose was received by a recipient in Lisbon (378 µg, 266 µg, 112 µg for total, ET and lung
regions respectively) followed by a recipient in Athens (191 µg, 130 µg, 61 µg for total, ET and lung
regions respectively) whilst lower daily dose was received by a recipient in Kuopio (96 µg, 68 µg,
28 µg for total, ET and lung regions respectively). This characteristic is directly linked with the PM
concentrations measured in each location. More specifically, higher dose was obtained for Lisbon due
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to the higher PM concentration that was measured in this city (37 µg/m3) and lower dose found for
Kuopio due to the lower ambient PM concentration at 10 µg/m3 (Table 3).

Furthermore, all plots in Figure 2 indicate that the deposited dose decreases while moving deeper
into the human respiratory tract, thus, lower dose was obtained for lung region compared to ET
region. This finding is associated with particle size. Brown [84] found that particles in the range
0.1–1.0 µm show minimal deposition in the respiratory tract (total) with a large amount of these
particles exhaled. Furthermore, coarse particles deposit predominantly in the ET region [38,48,84–86].
For example, 75% of deposited mass in the ET region in the case of Lisbon corresponds to coarse
particles. Zwozdziak et al. [38] pointed out that coarse particles are responsible for the majority of the
inflammatory response, a fact that could be detrimental to susceptible populations. Ferguson et al. [87]
and Becker et al. [88] found that coarse particles are mainly responsible for inflammatory response.
Furthermore, Voutilainen et al. [86] showed that exposure in same PM10 levels but with different
particle size distributions gave different regional deposition of particles in the human respiratory tract.
Thus, the deposited dose is dependent not only to the ambient concentration but also to particle size.
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Figure 2. Cumulative deposited dose (µg) of particulate matter in the (a) respiratory tract, (b) ET (ET1+ET2)
region and (c) lung (BB+bb+AI) region for an adult male in the three under study cities. (I) represents
indoors and (O) outdoors.

The retained dose in the respiratory tract and the mass transferred to the oesophagus and blood are
shown in Figure 3. For the calculation of the retained dose (Figure 3), the ExDoM2 takes into account that
the deposited particles in the respiratory tract (results of Figure 2) are cleared due to particle transport
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(e.g., nose blowing, mucociliary action) and absorption to blood. Higher dose in the respiratory tract
and blood was received by a resident in Lisbon (161 µg and 16 µg respectively) in agreement with
Figure 2 due to the higher particle concentrations measured in this location. Likewise, higher total dose
was transferred to the oesophagus of a resident in Lisbon (172 µg) due to higher deposited dose in
the ET region (Figure 2b) in comparison with the other cities. According to ICRP [48,79] particles that
are deposited to the ET region are transferred to the oesophagus while particles deposited to the other
regions of the respiratory tract require more time to reach the ET2 region (where they are swallowed to
the gastrointestinal tract) via mucociliary clearance. Hence, it is more likely to remain in the respiratory
tract and absorbed to blood. In addition, Hayes [89] pointed out that the clearance of particles in the
upper respiratory tract is faster in comparison to the lower respiratory tract and Kelly et al. [90] indicated
that particles deposited in the AI region have easier access to the blood stream than particles deposited
in the ET region. In particular, the absorption to blood takes place in all regions of the human respiratory
tract with exception the ET1 region for which it is considered that no absorption occurs [48,49].
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Figure 3. Cumulative dose (µg) of inhaled particulate matter in the (a) respiratory tract (retained dose),
(b) Oesophagus and (c) blood for an adult male in the three cities. (I) represents indoors and (O) outdoors.

Figure 4 presents the correlation between the exposure concentration and the dose rate. The results
indicate a linear increase of the dose rate with the exposure concentration distinguished into two groups:
a group with lower estimated dose and a group with higher estimated dose. Accordingly, the first group
corresponds to no activity (sitting, sleeping) profile during the exposure scenario whereas the second
group corresponds to light activity profile. Similar observation is found in [91]. The results also suggest a
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steeper increase (0.78 vs. 0.21) of the dose rate during light activity, a characteristic that is associated with
increased inhalation rate during light exercise. The majority of health effect assessment studies assumed a
linear relationship with Neuberger et al. [92] point out that the relationship between particulate matter and
respiratory admissions are empirically linear. Likewise, Qiu et al. [93] found that the concentration-response
between coarse particles and emergency hospital respiratory admissions was almost linear. Finally, the
World Health Organization (WHO) [94] claimed that the results from short-term epidemiological studies [95]
suggest that linear models are appropriate for estimating the influence of PM10 on mortality and morbidity.
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Furthermore, the impact of the age and gender of the exposed subject to the total and regional
deposited dose was investigated using as case study the concentrations measured in Lisbon. The residents
of Lisbon were selected due to the higher PM concentration in comparison with the other cities. The same
daily activity pattern was considered for all exposed subjects and the results are shown in Figure 5.
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Figure 5. Total and regional cumulative deposited particle dose (µg) in the human respiratory tract for
different characteristics of the exposed subject. The results were obtained using Lisbon data.
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Figure 5 shows that the regional and total deposited dose was higher in adult males than in adult
females by 23, 21 and 26% for total, ET and lung region respectively. Bennett et al. [96] found that the
deposition rate was 30% greater in males due to the higher ventilation rate although the deposition
fraction was greater in females than in males. In addition, the regional and total deposited dose for an
adult male was higher than under aged children, whilst, the regional and total deposited dose for a
15-year-old male was higher than that of an adult female by 12, 13 and 8% for total, ET and lung region
respectively. This finding is attributed to the higher inhalation rate and tidal volume of a 15-year-old
male in comparison with an adult female. Considering that the respiratory tract of a growing child
is more vulnerable special attention must be given to children exposure [97]. Therefore, the present
results demonstrate that the deposited dose in the human respiratory tract strongly depends on the
inhalation rate with the age and gender of the exposed subject playing an important role.

3.3. Calculation of Personal Deposited Dose and Internal Dose of Particle-Bound Metals

Table 4 lists the cumulative deposited dose estimated for the particle-bound metals in the three
sites. Overall, the deposited dose ranged between 0.17 × 10−2–25 × 10−2 µg with the variability of the
obtained results associated with the measured concentration of the metals in each location (Table 3).
Therefore, higher dose for As, Pb and Mn (3.5 × 10−2, 4.1 × 10−2 and 18 × 10−2 µg respectively) was
obtained for a recipient in Athens, whereas, higher dose for Cr was obtained for a recipient in Lisbon
(25 × 10−2 µg).

The results of Table 4 were used as input data for the respiratory tract clearance module of
ExDoM2 to estimate the retained dose in the lungs and the mass transferred to oesophagus, blood and
lymph nodes which were subsequently used as input data for the PBPK module of As, Pb, Cr and
Mn. The PBPK module for Cd incorporates a respiratory tract model only for cadmium particles [98].
The results from the PBPK module are presented in Figure 6 for As, Pb, Cr and Mn and in Figure 7
for Cd.

Table 4. Cumulative deposited dose (10−2 µg) of particle-bound metals in the respiratory tract for an
adult male at the end of one day exposure.

City As Pb Cr Mn

Athens 3.5 4.1 2.5 18
Kuopio 0.17 1.5 0.5 5.7
Lisbon 0.42 - 25 -
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Figure 6. Internal dose (µg) of metals (a) As, (b) Cr (c) Mn and (d) Pb at different tissues in the human
body estimated for an adult male at the end of one day.
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Figure 7. Internal dose (µg) of Cd at different tissues in the human body for an adult male in Kuopio after
one day exposure. Also shown the internal dose for one day exposure but after 35 days from initial intake.

According to Figure 6a at the end of the exposure period higher dose of As is present in
lungs (7.5 × 10−4 µg for Kuopio; 2.0 × 10−3 µg for Lisbon; 1.6 × 10−2 µg for Athens) and in the
muscles (2.4 × 10−4 µg for Kuopio; 5.7 × 10−4 µg for Lisbon; 4.8 × 10−3 µg for Athens) followed
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by the other tissues and liver compared to the rest tissues under investigation. The European
Commission [31] proposes that As accumulates in the muscles, bones, kidneys, liver and lungs (autopsy
data). Higher dose of As is received in the lung region due to the moderate absorption of As particles
to blood based on ICRP and lung’s larger tissue/blood partition coefficient compared to other tissues
(except liver). The elevated dose in muscles is due to high blood flow during light activity while
the high dose in liver is due to the larger tissue/blood partition coefficient in comparison with other
organs [59–62,99]. In particular, greater tissue/blood partition coefficient means greater retention of
metals in organs [47,99]. However, tissues with a high blood flow (e.g., muscle during light activity) can
receive high dose of metals even though the tissue/blood partition coefficient is lower in comparison
with other organs [47]. Chou et al. [59] found that the liver and lung tissues received the highest dose
after chronic exposure to arsenic particles whilst Saha et al. [100] proposed that As accumulated in liver
is responsible for liver disease in humans. Likewise, Falk et al. [101] and ATSDR [102] claimed that
chronic inhalation of As can cause lung and liver cancer.

Figure 6b demonstrates that Cr particles accumulate mainly in the GI-tract (ranged from
1.9 × 10−3 µg (Kuopio) to 7.1 × 10−2 µg (Lisbon)) and in the lung region (ranged from 5.7 × 10−4 µg
(Kuopio) to 8.9 × 10−2 µg (Lisbon)). The significantly higher accumulation in the GI-tract and lung
region occurs due to the mucociliary clearance and the slow absorption to blood. O’Flaherty et al. [66]
claimed that chromium particles are transferred to the GI-tract via mucociliary clearance. It should be
noted that the particle mass deposited in the ET region is transferred relatively fast to the GI-tract while
particle mass deposited in the lung region needs more time to reach the ET2 region via mucociliary
clearance and hence more time to get transferred to the GI-tract.

Figure 6c implies that the highest dose of Mn at the end of the day was found in the other tissues
(3.1 × 10−2 µg for Kuopio; 6.0 × 10−2 µg for Athens) and the lung region (7.2 × 10−3 µg for Kuopio;
9.2 × 10−2 µg for Athens). The WHO [103] proposes that inhalation exposure to manganese particles
affects the lung region and nervous system whilst ATSDR [34] suggests that inhalation of manganese
particles cause inflammatory response in the lung region. Regarding Pb, Figure 6d suggests that
higher accumulation occurs in the bones (1.8 × 10−2 µg for Athens; 5.8 × 10−3 µg for Kuopio) and
blood (5.7 × 10−3 µg for Athens; 1.9 × 10−3 µg for Kuopio). Several studies propose that [104–108] Pb
accumulates in the bones while Pb in blood reflects recent exposure to lead particles. This occurs due
to the fast absorption (based on ICRP) of Pb particles to blood. In addition, the WHO [108] suggests
that Pb remains in teeth and bones for years.

Lastly, the internal dose for Cd was calculated for 1-day exposure as well as 1-day exposure but
35 days after initial intake. Figure 7 indicates that after 1-day exposure Cd was primarily accumulated
in lungs (2.3 × 10−4 µg) and in intestines (4.2 × 10−5 µg) whereas after 35 days from initial intake
accumulation was higher in other tissues (7.2 × 10−5 µg), in kidney (5.3 × 10−5 µg) and in liver
(4.4 × 10−5 µg). Several studies [98,109,110] found that Cd accumulates in kidney and liver. In addition,
the WHO [110] suggests that the half-life of Cd in kidney is about 10–20 years with kidney damage
being a primary health concern [109] because it is considered a critical target organ [32].

4. Conclusions

The ExDoM2 was applied for an adult male considering one day exposure activity profile with
input data from three selected European cities (Athens, Kuopio, Lisbon). Higher PM concentration
among the three cities was measured in Lisbon, thus, higher deposited dose (total and regional)
was obtained for this city. Besides the measured concentration, the deposited dose in the human
respiratory tract was significantly dependent on particle size and the activity level of the exposed
subject. Therefore, during working hours (outdoors, light exercise) the exposed subject received
approximately 61% of the total deposited mass while during sleep (indoors) only 9% of the deposited
mass was received. In addition, the results indicated a linear relationship between the exposure
concentration and the dose rate with a clear distinguish between light activity and no activity values.
Model results also demonstrated that the age and gender of the exposed subject play significant
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role in the calculation of the deposited dose in the human respiratory tract with higher estimates
corresponding to adult males.

The major difference of the ExDoM2 model compared to other dosimetry models (e.g., MPPD) is
that it incorporates PBPK modules for specific particle-bound metals (As, Cd, Cr, Mn and Pb) thus
estimates the internal dose of metals in the human body (e.g., kidney, liver). The PBPK module of the
ExDoM2, that takes into account the blood flow distribution to various organs, varies according to the
physical exertion level of the exposed individual. The accumulation of particle-bound metals in the
human tissues depends strongly on the tissue/blood partition coefficient and blood flow. Therefore,
it was found that As is primarily accumulated in the lungs and muscles while Pb in bones and blood.
Likewise, Cr was accumulated in the lung and GI-tract while Mn was accumulated in the other tissues
and lung region. Finally, Cd was accumulated in lungs and intestines but after 35 days from initial
uptake the accumulation was located mainly in other tissues, kidney and liver. The results presented
here can provide an important scientific basis for the study of human health effects arising from
exposure to particles and particle-bound metals.
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Abstract: The objective of the current study was to estimate health risk indexes caused by the
inhalation of particulate matter (PM) by adult males and children using data sampled in three
European cities (Athens, Kuopio, Lisbon). Accordingly, the cancer risk (CR) and the hazard quotient
(HQ) were estimated from particle-bound metal concentrations whilst the epidemiology-based excess
risk (ER), the attributable fraction (AF), and the mortality cases were obtained due to exposure
to PM10 and PM2.5. CR and HQ were estimated using two methodologies: the first methodology
incorporated the particle-bound metal concentrations (As, Cd, Co, Cr, Mn, Ni, Pb) whereas the
second methodology used the deposited dose rate of particle-bound metals in the respiratory tract.
The indoor concentration accounts for 70% infiltration from outdoor air for the time activity periods
allocated to indoor environments. HQ was lower than 1 and the cumulative CR was lower than the
acceptable level (10−4), although individual CR for some metals exceeded the acceptable limit (10−6).
In a lifetime the estimated number of attributable cancer cases was 74, 0.107, and 217 in Athens,
Kuopio, and Lisbon, respectively. Excess risk-based mortality estimates (due to outdoor pollution) for
fine particles were 3930, 44.1, and 2820 attributable deaths in Athens, Kuopio, and Lisbon, respectively.

Keywords: particulate matter; health risks; dose; respiratory tract; metals; cancer risk; mortality

1. Introduction

Air pollution can cause respiratory and cardiovascular diseases [1–6] such as bronchitis, cardiac
arrhythmia, lung inflammation, lung fibrosis, deep vein thrombosis, and lung cancer [7–10]. Particulate
matter (PM) and other pollutants such as O3 and NO2 are responsible for these adverse health effects.
The WHO project “Health Risk of Air Pollution in Europe” (HRAPIE) focuses on quantifying air
pollution caused health impacts [4]. Epidemiological methods have been proposed for air pollution
health risk assessment [4]. Recent application of these methods has shown substantial health effects
also in areas with low pollution levels [11]. In addition, Pope et al. [12] pointed out that the relation
of PM2.5 level and life expectancy is stronger during a low pollution period. Health impacts and
the associated risk of the exposed subjects are necessary to investigate as they involve everyday life
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exposure to ambient contaminants. Hoek et al. [5] suggest that additional research is required in order
to examine the health effects of air pollution on susceptible subjects (e.g., obese).

According to the World Health Organization [6] PM was responsible for 3 million premature
deaths globally in 2016. However, Héroux et al. [4] pointed out that mortality due to PM exposure
was reduced by 20% between 2000 and 2010. Pope et al. [12] asserted that a decrease of PM2.5 level by
10 µg/m3 increased life expectancy by 0.61 year. Furthermore, Hoek et al. [5] found little evidence
between long-term exposure to coarse particles and mortality, whereas, Romanazzi et al. [13] indicated
that exposure to coarse particles is associated with pro-inflammatory and cytoxic effects. Several
studies [13–18] estimated the effect of PM on human health as well as the associated impact from
the chemical composition [13–16,18,19]. Accordingly, metal components such as As, Cd, Co, Cr (VI),
and Ni were investigated due to their carcinogenic health risk. Rogula-Kozłowska et al. [20] pointed
out that the most hazardous components of PM are polycyclic aromatic hydrocarbons (PAH) and
metals. Bello et al. [21] suggested that the majority of metals are toxic and may cause significant health
effects such as several types of cancer. In addition, Carpenter and Bushkin-Bedient [22] proposed that
exposure to a carcinogen during childhood can lead to an elevated cancer risk in later life. Therefore,
investigation of metal concentrations, their impact on human health, and age of the exposed subject is
of major importance due to their carcinogenic and toxic effects.

It is well established that natural sources emit mainly coarse particles (>2.5 µm) while
anthropogenic sources emit particles mainly in the fine/ultrafine region (<2.5 µm) [23]. Common
anthropogenic sources that release heavy metals in the ambient air are emissions from vehicles,
industry, domestic emissions, and weathering of buildings [24]. In addition, the chemical composition
of PM varies from city to city and depends on many factors such as geography, season, climate,
and combustion sources [10]. It is therefore crucial to conduct a risk assessment analysis to estimate the
effect of PM on human health and in different environments to map the potential risk from exposure
to airborne particles.

The aim of the present study is to apply several available scientific approaches to characterize
health risks caused by population exposures to airborne particulate matter. Specifically, we (i)
calculate particle bound metal cancer risks and non-cancer toxicity hazard quotients; (ii) estimate the
resulting numbers of cancer cases by city; (iii) calculate epidemiology-based estimates of all-cause
cardiopulmonary and lung cancer mortalities; (iv) compare and discuss the estimates obtained from
the alternative approaches; and (v) estimate and discuss the differences in body-weight adjusted metal
dose rates between adults and children.The current work is a follow-up study of the work presented
by Chalvatzaki et al. [25].

2. Material and Methods

2.1. Study Areas and Field Measurements

A methodology for assessment of the health risk due to air pollution was applied in three selected
European cities: Athens metropolitan area (Greece), Kuopio (Finland), and Lisbon metropolitan
area (Portugal) with populations of 3,754,000, 117,000, and 2,811,000, respectively. Simulations were
performed for both adult males and children who were considered residents in the under study
sites where experimental data for PM concentrations and particle-bound metal concentrations were
adopted from the literature [25–28]. Health risk indexes were estimated using the data implemented
in Chalvatzaki et al. [25] to obtain the deposited dose to the human respiratory tract and the results
(deposited dose rate) from the application of the exposure dose model 2 (ExDoM2; [29]) are used as
input. The methodology was applied to two age groups: adult males and children. Model simulations
(using ExDoM2) for children were performed separately for a 5- and a 10-year old child and the
average deposited dose rate was used in subsequent calculations. The equations of International
Commission on Radiological Protection (ICRP) [30,31] were used by ExDoM2 for the calculation of
deposition fractions.
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Sippula et al. [28] performed field measurements in Kuopio during 2010 for 2–3 weeks sampling
in each season. Average values of PM were used by Chalvatzaki et al. [25] and hence in the current
study. In particular, Sippula et al. [28] used a Harvard high-volume cascade impactor (HVCI) for
collection of particles into different size categories (<0.2 µm, 0.2–1 µm, 1–2.5 µm, and 2.5–10 µm).
Almeida et al. [26,27] performed field measurements in Lisbon using a Berner Impactor (Hauke LPI
30/0.06/2) during 2001 for 3 days in each season (again average values were used). The Berner
Impactor (Hauke LPI 30/0.06/2) collected particles in different size categories (0.0625–0.125 µm,
0.125–0.25 µm, 0.25–0.5 µm, 0.5–1 µm, 1.0–2.0 µm, 2.0–4.0 µm, 4.0–8.0 µm, 8.0–16.0 µm). The values
of the range (8.0–16.0 µm) were not used by Chalvatzaki et al. [25] and hence in the current study.
Finally, field measurements in Athens were performed from November 2014 to May 2015 using a low
pressure Berner cascade impactor which collects particles in different size categories (0.0255–0.062 µm,
0.062–0.11 µm, 0.11–0.173 µm, 0.173–0.262 µm, 0.262–0.46 µm, 0.46–0.89 µm, 0.89–1.77 µm, 1.77–3.4 µm,
3.4–6.8 µm, 6.8–13.35 µm, and >13.35 µm). Herein, the values from stages 6.8–13.35 µm and >13.35 µm
were not used (as well as in Chalvatzaki et al. [25]). Detailed description of the field measurements
in the study areas can be found in Chalvatzaki et al. [25] for Athens, in Sippula et al. [28] for Kuopio,
and in Almeida et al. [26,27] for Lisbon.

The present study used data from different periods for each city and hence no comparison between
the three cities was performed but our study aims to apply several available scientific approaches to
estimate health risks caused by exposure to particulate matter in several residential areas.

2.2. Health Risk Assessment Methodology for Particle-Bound Metals

The present study implements a methodology which is based on the risk assessment guidance
provided by the US EPA [32,33]. Accordingly, non-carcinogenic health risks are evaluated by the
hazard quotient (HQ) whereas the carcinogenic health risks are evaluated by the cancer risk (CR).

The hazard quotient is given as [32,33]:

HQ = CDI/RFD (1)

where CDI is the chronic daily intake (mg/kg/day) and RFD is the reference dose (mg/kg/day).
An HQ < 1 indicates no significant (acceptable) risk, and HQ > 1 suggests that the non-carcinogenic
effect is likely to appear [32,33] whilst a high chronic risk is denoted for HQ > 10 [34,35]. It should
be noted that the value of 10 is very high for ambient areas and is used for electronic-waste recycling
sites [34,35]. Two methodologies were used to estimate the daily intake. The US EPA [32,33] based
Methodology 1 incorporatesthe concentration of particle-bound metals and the inhalation rate to
obtain chronic daily intake (CDI, mg/kg) as shown in Equation (2). The second methodology uses the
deposited dose rate of particle-bound metals in the human respiratory tract that was first estimated
from the application [25] of a dosimetry model (ExDoM2; [29]) and then Equation (3) used as given by
Lyu et al. [15].

CDI =
Ca × IR × ET × EF × ED

BW × AT
(2)

CDI =
(

DF × 10−6
)
× ET × EF × ED

BW × AT
= (Ca × IR × DE)× ET × EF × ED

BW × AT
(3)

where Ca is the contaminant concentration (mg/m3), IR is the inhalation rate (m3/h), ET is the
exposure time (h/day), EF is the exposure frequency (days/year), ED is the exposure duration (years),
BW is the body weight (kg) of the exposed subject, AT is the averaging time (days), and DF is the
deposition flux or the deposited dose rate (ng/h) of the particle-bound metal in the human respiratory
tract. Equation (3) demonstrates that DF is obtained as the product of the contaminant concentration,
the inhalation rate, and the deposition fraction (DE) of the particle-bound metal in the respiratory
tract. Therefore, the two equations differ only in the use or not of DE. This implies that for cases
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where DE ≈ 1the two methodologies give similar results whereas for cases where DE < 1 the second
methodology provides results lower than that of the first methodology.

The advantage of using the deposited dose rate in the second methodology is that it takes
into account the deposition of particles in the human respiratory tract. As Rissler et al. [36]
found, the probability of particle deposition in the human respiratory tract is essential for its
toxic effects. Furthermore, the authors highlighted the variability of deposition between different
subjects (adults/children) therefore it is important to examine the impact of particle deposition in the
calculations. As our results suggest, the second methodology results in lower estimates because it
takes into account the mechanisms of particle deposition. The main mechanisms of particle deposition
are: impaction, sedimentation, and diffusion. Brown [37] proposed that particle deposition in the
respiratory tract is minimal in the range 0.1–1.0 µm because particles in this size range are small for
sedimentation/impaction and large for diffusion.

Reference values for the inhalation rate for adult males and children (average values of 5 and 10
year olds) were adopted according to ICRP [30]. For example, IR for adult males for light exercise,
sitting (rest) and sleep was set equal to 1.5, 0.54, and 0.45 m3/h, respectively [30]. Average IR was
implemented in Equation (2) according to the daily activity pattern which was used in Chalvatzaki
et al. [25]. Likewise, an average value was adopted for Ca. The indoor concentration was considered
to be 70% of the outdoor air (due to infiltration) for the time activity periods allocated to indoor
environments. The exposure time (ET) and exposure frequency (EF) were set equal to 24 h/day and
350 days/year respectively whilst the exposure duration (ED) was considered equal to 24 years for
adults and 6 years for children based on the US EPA [38]. Body weight (BW) was considered to be
73 kg for adults and 25.5 kg (average values of 5 and 10 year old children) for children [39]. Moreover,
according to the US EPA [38] the averaging time (AT) can be considered equal to 8760 days for adults
and 2190 days for children (ED × 365 days/year) for non-carcinogens while for carcinogens it can be
considered equal to 25,550 days (70 years × 365 days/year) for both adults and children.

The reference dose (RFD) is given as [38]:

RFD = RFC × (IRd/BW) (4)

where IRd (m3/d) is the daily inhalation rate estimated based on ICRP [30] and the daily activity
pattern which was used in Chalvatzaki et al. [25] while RFC (mg/m3) corresponds to a reference
concentration and is provided by US EPA [40]. Specifically, RFC is equal to 1.5 × 10−5, 1.0 × 10−5,
6.0 × 10−6, 1.0 × 10−4, 5.0 × 10−5, 2.0 × 10−5, 2.0 × 10−4 mg/m3 for As, Cd, Co, Cr (VI), Mn, Ni,
and Pb respectively [40].

The cancer risk (CR) represents the probability for an individual developing cancer and was
estimated by [32,33]:

CR = CDI × CSF (5)

where CSF is the cancer slope factor (mg/kg day)−1. The US EPA [38] considers values of CR < 10−6

acceptable; however, the cumulative CR for all potential carcinogenic contaminants must preserve
values <10−4 [13,41,42].

Finally, the cancer slope factor (CSF ) is estimated as [38]:

CSF = IUR ×
(

BW
IRd

)
× 103 (6)

where IUR (µg/m3)−1 is the inhalation unit risk and is provided by US EPA [43]. Particularly, IUR is
equal to 4.3 × 10−3, 1.8 × 10−3, 9 × 10−3, 1.2 × 10−2, 2.6 × 10−4 (µg/m3)−1 for As, Cd, Co, Cr (VI),
and Ni, respectively [43].

We estimated the cancer incidences (number of new cancer cases) (I) per lifetime (70 years) in the
three cities based on the CR as followed:
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I = N × CR (7)

where I is the cancer incidence (cases), N is the number of people in the target city, and CR is the cancer
risk probability estimated in this work.

2.3. Health Risk Assessment Methodology for PM10 and PM2.5

The relative risk (RR) for all-cause mortality associated with short-term exposure to PM10 was
calculated using the equation provided by Ostro [44]. The relative risk is the probability of health
effects (e.g., all-cause mortality, lung cancer mortality) occurring in a population exposed to a level
of air pollution higher than that considered as background without any anthropogenic pollution
(10 µg/m3 for PM10; [44]).

The relative risk (RR) for all ages due to all-cause mortality was estimated by [44]:

RR = exp[β(X − X0)] (8)

where X is the annual mean concentration of PM10 (µg/m3), X0 is the baseline concentration of
PM10 (10 µg/m3), and β is the coefficient of the risk function (0.0008; 95% confidence interval (CI):
0.0006–0.0010).

In addition, the relative risk for cardiopulmonary and lung cancer mortality (age >30 years old)
associated with long-term exposure to PM2.5 was calculated by [44]:

RR = [(X + 1)/(X0 + 1)]β (9)

where X is the annual mean concentration of PM2.5 (µg/m3), X0 is the baseline concentration of PM2.5

(3 µg/m3), and β is the coefficient of the risk function. The coefficient β is equal to 0.15515 (95% CI:
0.0562–0.2541) for cardiopulmonary mortality while for lung cancer mortality β is equal to 0.23218
(95% CI: 0.08563–0.37873).

The functions of Ostro [44] were adopted because: (1) they are particularly handy for numerical
applications, (2) the more recent developments especially in the Intergrated Exposure Response (IER)
function [45,46] and subsequent GEMM [47] reflect also substantial uncertainties, (3) only the Burnett et
al. [45] version (of the IER functions) has been published at a level that can readily be reapplied; comparison
of Ostro [44] with it shows that Ostro’s function for cardiopulmonary mortality (the most significant
mortality component) is roughly double, and (4) in the next iteration of IER the threshold (TMERD) was
brought down from 5–6 µg m−3 to 2–3 µg m−3, which is very close to the value applied by Ostro.

Once the relative risk (RR) is determined, the attributable fraction (AF) is estimated as [44]:

AF = (RR − 1)/RR (10)

The AF estimates the proportion of deaths from a disease (e.g., lung cancer) which could be
avoided if PM levels were reduced to 10 µg/m3 and 3 µg/m3 for PM10 and PM2.5, respectively [44].
Equations (8)–(10) estimate the RR and AF due to outdoor air pollution. The RR estimates are presented
as excess risk (ER = RR − 1) later on.

The attributable deaths (AI) were calculated using AF and background mortality (I) in the target
cities [48]:

AI = AF × I (11)

where AI is the number of deaths attributable to exposure and I is the total number of deaths in the
target population. Age-adjusted estimates calculated from annual national mortality data for 2015
were obtained from the WHO [49]. The country level estimates for the selected cities were calculated
by multiplying country levels deaths with the fractions of the country’s population living in the under
study city.
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3. Results and Discussion

3.1. Ambient Concentration and Deposited Dose Rate of Particle-Bound Metals

Tables 1 and 2 list the PM concentrations and particle-bound metal concentrations respectively for
each city. In addition, Tables 3 and 4 give the deposited dose rate of the particle-bound metals for adult
males and children respectively. The values of Tables 1 and 2 represent the measured concentrations
by experimental techniques in the under study sites [25–28] whereas the values in Tables 3 and 4
correspond to the modeled results obtained from the use of the dosimetry model ExDoM2 for adult
males [25] and children respectively. The values suggest that the deposited dose rates were 1.7–1.9
times higher per body weight in children.

Table 1. Mass concentration (µg/m3) of outdoor particulate matter (PM) in each city [25–28].

Athens Kuopio Lisbon

PM1.77 PM6.8 PM2.5 PM10 PM2 PM8
11.1 19.6 6.2 10.3 21.3 36.6

Table 2. Outdoor concentration (ng/m3) of particle-bound metals in each city [25–28].

Athens (PM6.8) Kuopio (PM10) Lisbon (PM8)

As 2.87 0.21 0.46
Cd - 0.07 -
Co 3.53 * 0.09 0.67
Cr 2.39 0.34 23.75
Mn 14.96 4.19 -
Ni 7.47 * 7.12 -
Pb 6.01 1.56 -

* unpublished data from the same sampling period.

Table 3. Deposited dose rate (ng/h) of particle-bound metals in the human respiratory tract for adult
males [25].

Athens Kuopio Lisbon

Average min–max Average min–max Average min–max

As 1.45 0.50–2.60 0.07 0.02–0.13 0.18 0.06–0.32
Cd - - 0.02 0.01–0.04 - -
Co 1.64 0.55–2.97 0.06 0.02–0.11 0.40 0.12–0.75
Cr 1.03 0.31–1.89 0.21 0.07–0.37 10.60 3.29–19.46
Mn 7.46 2.60–13.38 2.36 0.81–4.22 - -
Ni 3.31 1.12–5.97 1.96 0.55–3.68 - -
Pb 1.70 0.61–3.02 0.64 0.20–1.16 - -

Table 4. Deposited dose rate (ng/h) of particle-bound metals in the human respiratory tract for children
(average values of 5- and 10-year old children).

Athens Kuopio Lisbon

Average min–max Average min–max Average min–max

As 0.85 0.31–1.49 0.04 0.01–0.08 0.11 0.04–0.19
Cd - - 0.02 0.01–0.03 - -
Co 0.98 0.35–1.73 0.04 0.01–0.06 0.25 0.08–0.44
Cr 0.64 0.21–1.15 0.12 0.05–0.21 6.53 2.19–11.72
Mn 4.35 1.62–7.64 1.42 0.51–2.49 - -
Ni 1.97 0.71–3.48 1.33 0.38–2.46 - -
Pb 1.04 0.39–1.82 0.40 0.13–0.71 - -
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PM concentrations were the highest in Lisbon (36.6 µg/m3 and 21.3 µg/m3) followed by Athens
(19.6 µg/m3 and 11.1 µg/m3), and Kuopio (10.3 µg/m3 and 6.2 µg/m3) (Table 1). The mass percentage
for fine particles (PM2.5 for Kuopio; PM2.0 for Lisbon, and PM1.77 for Athens) is higher than for coarse
particles (PM2.5–10 for Kuopio; PM2.0–8.0 for Lisbon, and PM1.77–6.8 for Athens) for all cities. In particular,
the mass percentage for fine particles is equal to 56%, 58%, and 60% in Athens, Lisbon, and Kuopio,
respectively. Bigger cities are expected to preserve higher ambient PM concentrations compared to
smaller cities due to increased anthropogenic activities. Additionally, Querol et al [50] emphasized
that variations in PM concentrations may be observed between countries (e.g., Mediterranean and
Scandinavian countries) with different climatologic and geographical patterns. Likewise, International
Agency of Research on Cancer (IARC) [51] emphasized that PM10 concentrations in southern Europe
are higher than that of north-western Europe. Regarding the concentrations of particle-bound metals
higher concentrations in Athens were obtained for Mn (14.96 ng/m3) followed by Ni (7.47 ng/m3)
among the measured metals. Similarly, Ni (7.12 ng/m3) and Mn (4.19 ng/m3) preserved elevated
concentrations in Kuopio whilst a substantially higher concentration of Cr (23.75 ng/m3) was measured
in Lisbon compared to the rest of the particle-bound metals that were measured in this site. Herein,
the average deposited dose rates given (Tables 3 and 4) were used for the calculation of the Hazard
Quotient and Cancer Risk. Originally, the deposited dose rates were estimated based on an hourly
variation due to the different microenvironment (outdoor, indoor) and physical activity of the exposed
subject (sleep, sitting awake, light activity) according to the daily activity pattern which was used
by Chalvatzaki et al [25] in the ExDoM2. The same daily activity pattern was used for adult males
and children to examine the effect of age on the deposited dose rate. Accordingly, it was observed
that the deposited dose rate for adult males is higher compared to the deposited dose obtained for
children, a characteristic that is associated with the higher inhalation rate of adults. In addition,
the maximum rate corresponds to the period when the subject (both adults and children) was exposed
to the outdoor environment doing light exercise whereas the minimum rate was obtained when the
subject was sleeping indoors. These results were associated with the lower concentration in the indoor
environment (absence of indoor sources) and the lower inhalation rate during sleep.

3.2. Hazard Quotients and Cancer Risks

3.2.1. Hazard Quotients

The hazard quotient (for non-carcinogenic health risks) obtained for the measured seven metals
in the three cities were estimated for adults and children respectively (Tables 5 and 6). Accordingly,
the cumulative HQ (or hazard index) was lower than the limit of 1 in all examined cases except for
Athens when the first methodology was used. Thus, the present results indicate no significant risk
from inhalation exposure to these metal compounds although a higher risk exists for Athens if the first
methodology is taken into account.

Table 5. Hazard quotient for adult males estimated from both methodologies for each metal and city.

City Metal Methodology 1
(US EPA)

Methodology 2
(Lyu et al. [15])

Athens As 1.47 × 10−1 9.32 × 10−2

Cd - -
Co 4.51 × 10−1 2.64 × 10−1

Cr 1.83 × 10−2 9.92 × 10−3

Mn 2.30 × 10−1 1.44 × 10−1

Ni 2.87 × 10−1 1.60 × 10−1

Pb 2.31 × 10−2 8.20 × 10−3

Cumulative 1.16 6.79 × 10−1
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Table 5. Cont.

City Metal Methodology 1
(US EPA)

Methodology 2
(Lyu et al. [15])

Kuopio As 1.06 × 10−2 4.52 × 10−3

Cd 5.06 × 10−3 2.11 × 10−3

Co 1.18 × 10−2 9.87 × 10−3

Cr 2.59 × 10−3 1.99 × 10−3

Mn 6.43 × 10−2 4.55 × 10−2

Ni 2.73 × 10−1 9.47 × 10−2

Pb 5.99 × 10−3 3.07 × 10−3

Cumulative 3.73 × 10−1 1.62 × 10−1

Lisbon As 2.34 × 10−2 1.13 × 10−2

Cd - -
Co 8.55 × 10−2 6.50 × 10−2

Cr 1.82 × 10−1 1.02 × 10−1

Mn - -
Ni - -
Pb - -

Cumulative 2.91 × 10−1 1.79 × 10−1

Table 6. Hazard quotient for children estimated from both methodologies for each metal and city.

City Metal Methodology 1
(US EPA)

Methodology 2
(Lyu et al. [15])

Athens As 1.47 × 10−1 9.42 × 10−2

Cd - -
Co 4.51 × 10−1 2.72 × 10−1

Cr 1.83 × 10−2 1.07 × 10−2

Mn 2.30 × 10−1 1.45 × 10−1

Ni 2.87 × 10−1 1.64 × 10−1

Pb 2.31 × 10−2 8.64 × 10−3

Cumulative 1.16 6.95 × 10−1

Kuopio As 1.06 × 10−2 4.96 × 10−3

Cd 5.06 × 10−3 2.66 × 10−3

Co 1.18 × 10−2 1.00 × 10−2

Cr 2.59 × 10−3 2.05 × 10−3

Mn 6.43 × 10−2 4.72 × 10−2

Ni 2.73 × 10−1 1.10 × 10−1

Pb 5.99 × 10−3 3.30 × 10−3

Cumulative 3.73 × 10−1 1.81 × 10−1

Lisbon As 2.34 × 10−2 1.17 × 10−2

Cd - -
Co 8.55 × 10−2 6.83 × 10−2

Cr 1.82 × 10−1 1.09 × 10−1

Mn - -
Ni - -
Pb - -

Cumulative 2.91 × 10−1 1.89 × 10−1

Likewise, HQ for each metal was lower than the acceptable level (HQ < 1) for all cases involved
and again no significant toxic effect is expected. Megido et al. [52] reports values of HQ equal to 0.063
and 0.027 for As and Co respectively which is close to the ones presented in this study for As (0.023
methodology 1; 0.011 methodology 2) and Co (0.086 methodology 1; 0.065 methodology 2).
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Methodology 1 provides slightly higher estimates (1.2–2.9-fold, mean 1.8 fold) compared to
the second methodology. This observation induces a significant implication on the use of each
methodology. Intrinsically, the second methodology includes the use of the deposited dose rate
through the deposition fraction, which preserves values lower than 1, in the calculation of CDI.
On the other hand, the first methodology considers only the ambient concentration of particles for the
estimation of CDI. Therefore, the second methodology always results in lower estimates compared to
the first methodology.

Additionally, using the first methodology to estimate the hazard quotient produced equal
estimates for adults and children. The same observation is reported in Wang et al. [53] regarding
inhalation exposure of heavy metals in fine particles. On the contrary, using the second methodology
to obtain HQ, higher estimates corresponded to children compared to adults. Again, this characteristic
is attributed to the deposition fraction that was considered in the second methodology. Several
studies [36,54,55] asserted that the deposition fraction in children is higher than that in adult males,
which in turn results in higher HQ (although the deposited dose rate is higher in adult males due to
the higher inhalation rate). Lastly, cumulative HQ is expected to preserve higher estimates if exposure
to metals via ingestion and dermal contact is considered.

3.2.2. Cancer Risks

The cancer risk (via inhalation) estimated for each metal in the three under study cities using
both methodologies for adult males and children respectively is shown Figure 1a,b. Again, the results
indicate that the first methodology provides higher estimates. Based on the US EPA [38] the exposure
duration and averaging time was set equal to 24 and 70 years for adults, whilst, the corresponding
values for children were 6 and 70 years [38]. Therefore, CR for children was lower due to the lower
exposure duration. A similar finding is reported in Bello et al. [21] as well as in Wang et al. [53]
regarding CR of inhaled PM2.5-bound trace metals. However, both studies found that CR for children
was higher than that for adults through ingestion exposure.
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Figure 1. Cancer risk for (a) adult males and (b) children estimated from both methodologies for each
metal and city.

Overall, lower estimates of cancer risk (for both methodologies) were obtained for Kuopio due to
the lower metal concentrations (Table 2). However, differences apply within each city and the cancer
risk for individual metal compounds ranges from values higher than the acceptable limit to values
lower than 10−6.

Cancer risk levels for Cd and Ni obtained for all cities were lower than 10−6, suggesting low or
acceptable risks. On the other hand, a CR > 10−6 was obtained for As in Athens, whilst, the cancer risk
for Co and Cr was higher than the acceptable level in Athens and Lisbon. Note that the cancer risk for
Cr in Kuopio using the first methodology is slightly higher than the acceptable limit (1.1 × 10−6) and
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that there are no available data (inhalation unit risk) for total or trivalent Cr. Therefore, the inhalation
unit risk of hexavalent Cr was used although the total Cr was measured in these cities. The cancer risk
of Cr in Lisbon (7.50 × 10−5 methodology 1; 4.21 × 10−5 methodology 2) was at a similar level with the
cancer risk (3.7 × 10−5) obtained in an urban area in the center of Porto (Portugal) by Pinto et al. [16],
where, the authors also used the inhalation unit risk of hexavalent Cr while the total concentration
of Cr was measured in their study. Additionally, Megido et al. [52] reports a cancer risk for Co via
inhalation at 1.1 × 10−6 in an industrial suburban station in Asturias (Spain).

Using population data from the target cities we calculated the estimates of cancer cases, showing
a total of approximately 74 cancers in a lifetime in Athens, 0.11 cancers in Kuopio, and 217 cancers in
Lisbon (Table 7). Cancer case estimates were dominated by Cr and Co.

Table 7. Cancer risk based estimates of cases per lifetime in the three cities.

Cancer Cases per Lifetime (70 Years)

Methodology 1 (US EPA) Methodology 2 (Lyu et al. [15])

Athens Kuopio Lisbon Athens Kuopio Lisbon

As 12.2 0.020 1.5 7.7 0.008 0.7
Cd - 0.003 - - 0.001 -
Co 31.3 0.018 4.4 18.4 0.015 3.4
Cr 28.3 0.090 210.8 15.3 0.069 118.3
Ni 1.9 0.041 - 1.1 0.014 -

Cumulative 73.7 0.172 216.7 42.5 0.107 122.4

At the end, the cumulative cancer risk (both adults and children) in all three cities and for
both methodologies was lower than the acceptable limit 10−4 [38,41] as shown in Figure 1. Herein,
the cancer risk was estimated considering only inhalation, whilst, the exposure to metals occurs also
via ingestion and dermal contact. Therefore, the cumulative cancer risk is expected to be higher if
ingestion and dermal contact are considered [13]. This observation is reported in Megido et al. [52]
where the cumulative cancer risk via ingestion was higher than 10−4 at an industrial suburban station
in Asturias (Spain).

3.3. Excess Risk and Attributable Mortality

Excess risks and the attributable fractions for all-cause mortality were estimated for each city using
PM10 data for Kuopio, PM8 for Lisbon, and PM6.8 for Athens (Table 8). Accordingly, the excess risks
were estimated at 0.77%, 0.02%, and 2.2% for Athens, Kuopio, and Lisbon respectively. These results
demonstrate that a higher excess risk was obtained for Lisbon and suggests that an individual in
a group exposed to the corresponding PM concentration in Lisbon is more likely to present a health
effect (all-cause mortality) than an individual in a group that is exposed to a background concentration
of 10 µg/m3 (PM10) by 2.2%. Similarly, the lower excess risk that corresponds to Kuopio (0.02%)
indicates a safer ambient PM10 concentration for a recipient under the conditions measured in this site.
Regarding the results for the attributable fraction, Table 8 indicates that 0.77%, 0.02%, and 2.11% of
all-cause mortality could be avoided in Athens, Kuopio, and Lisbon respectively if PM10 concentration
was reduced to 10 µg/m3. Again, higher AF was obtained for Lisbon which represents a higher risk
for this case study. A similar finding was published in the city of Valladolid in Spain by Cardaba
Arranz et al. [56], where, the authors found that 2% of all-cause mortality was attributed to particulate
matter pollution.

Furthermore, ER and AF for cardiopulmonary and lung cancer mortality due to long-term
exposure to PM2.5 (PM2.0 for Lisbon and PM1.77 for Athens) are listed in Table 8. The excess risk for
cardiopulmonary mortality was found equal to 19%, 9.5%, and 31% for Athens, Kuopio, and Lisbon
respectively whilst the attributable fraction suggests that cardiopulmonary mortality can be prevented
by 15.8%, 8.7%, and 23.4% in Athens, Kuopio, and Lisbon respectively if fine particle mass concentration
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preserves levels close to the background concentration of 3 µg/m3. Pokorski [57] who conducted
a study during the period 2006–2011 found that percentages of 15% and 22% for cardiopulmonary
mortality could be prevented in Lublin and Katowice respectively. Likewise, for lung cancer mortality
ER in Athens, Kuopio, and Lisbon was found equal to 29%, 15%, and 49% respectively with % AF
being equal to 22.7, 12.8, and 32.9 for Athens, Kuopio, and Lisbon, respectively (Table 8). Similar results
are published in Pokorski [57] where the authors found that lung cancer mortality can be prevented by
23% and 32% in Lublin and Katowice respectively, whilst, Cardaba Arranz et al. [56] found that 26% of
cardiopulmonary mortality and 36% of lung cancer mortality can be prevented in Valladolid if the
ambient concentration was equal to 3 µg/m3. In addition, Evans et al. [58] proposed that the global
fraction of mortality attributed to PM2.5 was 12.1% for cardiopulmonary disease and 16.8% for lung
cancer. The authors also pointed out that the eastern Mediterranean and western Pacific regions had
a greater AF of mortality associated with PM2.5 in comparison with African sub regions.

Furthermore, Table 8 indicates that the sum of deaths due to cardiopulmonary mortality and lung
cancer are 3930, 44, and 2820 for Athens, Kuopio, and Lisbon respectively. The annual total mortality
rate was approximately 1% in all the cities, ranging from the minimum value of 0.92% for Kuopio
to maximum of 1.2% in Lisbon. Herein, the estimated deaths due to air pollution in Athens, Kuopio,
and Lisbon represent ca. 0.1% of the total mortality in Athens and Lisbon and 0.04% in Kuopio.

Table 8. Percentages (%) of the excess risks (ER) and attributable fractions (AF) along with the
number of attributable deaths for (a) all-cause mortality associated with short-term exposure to PM10,
(b) cardiopulmonary mortality and (c) lung cancer mortality associated with long term exposure to
PM2.5 in each city. The corresponding confidence intervals (CI) are given in brackets.

Athens Kuopio Lisbon

(a) All-cause mortality (PM10)

ER (95% CI) 0.77 (0.58–0.96) 0.02 (0.02–0.03) 2.2 (1.6–2.7)
AF (95% CI) 0.77 (0.57–0.96) 0.02 (0.02–0.03) 2.1 (1.58–2.62)

Deaths (95% CI) 320 (236–398) 0.2 (0.2–0.3) 730 (546–905)

(b) Cardiopulmonary mortality (PM2.5)
ER (95% CI) 19 (6.4–33) 9.5 (3.4–16) 31 (10–55)
AF (95% CI) 15.8 (6.0–24.5) 8.7 (3.2–13.9) 23.4 (9.2–35.4)

Deaths (95% CI) 3450 (1311–5353) 38 (14–61) 2450 (962–3702)

(c) Lung cancer mortality (PM2.5)
ER (95% CI) 29 (9.9–52) 15 (5.2–25) 49 (16–92)
AF (95% CI) 22.7 (9.0–34.2) 12.8 (4.9–20.0) 32.9 (13.7–47.8)

Deaths (95% CI) 480 (190–721) 6.1 (2.3–9.5) 370 (155–540)

Sum of deaths (b+c) 3930 44.1 2820

In this study we applied different methods for risk characterization: cancer risk (CR), hazard
quotient (HQ), hazard index, attributable all-cause mortality, and cause specific mortality. Xiong et
al. [59] discussed the strengths and weaknesses of these methods, pointing out that the hazard
index and hazard quotients are merely indicators and are suitable for identifying a potential risk;
they cannot be used for true quantification of the risks. Cancer slope-based risk estimates represent
the probability of an individual developing cancer in a 70-year lifetime at a given chronic average
daily intake level. While the risk estimate is quantitative and risks from multiple exposures can be
summed up (additivity), the definition built on lifetime risk makes it somewhat difficult to interpret
the risk magnitude in a normal decision making context. It is easier to interpret epidemiological risk
assessment-based annual number of cases. Xiong et al. [59] pointed out that the numbers of cases are
useful for risk comparisons, estimation of economic impacts, and setting priorities.

In our work the cancer slope factor-based estimates of cancer cases attributable to heavy metals
were small. Excess risk-based estimates of deaths are substantially larger for all three mortality models.
It is clear that the component specific cancer risk model lacks polycyclic aromatic hydrocarbons known
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to be carcinogenic, as well as potentially carcinogenic components such as black carbon and secondary
organics. It is important to develop the dose-based health risk modeling towards better comparability
with epidemiological RR-based risk estimates. This would allow for taking advantage of the refined
respiratory tract dose model features.

Comparing PM10-based all-cause mortality estimates with the PM2.5-based cause-specific
mortalities the former produces smaller number of deaths for all cities. The PM2.5-based cause-specific
mortality models for cardiopulmonary and lung cancer mortalities therefore totally dominate the
overall effects. Only in Lisbon the all-cause mortality exceeded the lung cancer mortality estimate.
It should be noted that the relative risk-based mortality estimates included baseline levels (10 µg/m3

for PM10 and 3 µg/m3 for PM2.5). Any possible health or mortality effects under these were not
accounted for.

The PM2.5-based mortality estimates, cardiopulmonary and lung cancer mortality are
mutually exclusive and can therefore be summed together. The PM10-based all-cause mortality
in principle contains the former ones and should not be added to the PM2.5 estimates in order to
avoid double-counting.

Cancer slope-based cancer risks potentially partly overlap with the mortality risks. However,
the magnitude of the former ones is substantially smaller and thus any practical implications of
potential double counting can be ignored. The cancer slope and hazard quotient-based risk estimates
account for the respiratory tract deposition of particles. This methodology is very interesting and
promising for future development. However at least in the current work it seems that merely
focusing on PM2.5-attributed cause-specific mortality captures the magnitude of health risks in the
adult populations.

In the case of the children, mortality is a substantially less relevant endpoint. It would be
interesting to develop methods to study effects on e.g., respiratory infections, school absenteeism,
and academic performance.

4. Conclusions

Human health risks associated with exposure to particle-bound metals (cancer risk and hazard
quotient) and particle mass concentrations (PM10 and PM2.5) (excess risks and attributable deaths) were
estimated in the current study. Ambient air quality data was obtained, human time-activity weighted
exposures calculated, and respiratory tract doses were estimated in three selected European cities
(Athens, Kuopio, and Lisbon). Due to the different sampling periods and locations no comparison
between the three cities was performed but the data were used in order to retrieve the corresponding
estimates for the health indexes and discuss their implications.

In particular, we applied several risk models and compared their results to evaluate
non-carcinogenic, cancer, and mortality risks. It was found that the non-carcinogenic health risks
(Methodology 2) are greater in children because the deposition fraction of children is higher than the
deposition fraction of adults. On the other hand, the carcinogenic health risks (for both methodologies)
were found to be higher for adults due to the higher ratio of exposure duration to averaging time.

The hazard quotient that represents the non-carcinogenic effects due to the inhalation of
particle-bound metals was lower than the acceptable level (<1). Hence no significant risk is expected
for all the cases investigated. In addition, the cumulative cancer risk was lower than the acceptable
level (10−4). However, the cancer risk for some metals was higher than the acceptable level (10−4) thus
a health risk is expected from exposure to these metals. Both the excess risk and attributable fraction
(for PM10 and PM2.5) were higher in Lisbon compared to Athens and Kuopio due to higher ambient
concentrations measured in this city. In addition, the results have shown that the first methodology
provides higher CRand HQ compared to the second methodology for all cases investigated.

The epidemiology-based lung cancer and cardiopulmonary mortality estimates were higher
than the annual total cancers estimated from the toxicological life time cancer risks. In Athens and
Lisbon the excess mortality rate caused by air pollution was approximately 0.1%, and in Kuopio 0.04%.
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The background mortality level was 0.92% in Kuopio, 1.1% in Athens, and 1.2% in Lisbon. There are
specific benefits in respiratory tract dose modeling, but at the moment it seems that the overall health
impact is best captured—or at least dominated—by using PM2.5 excess risk-based mortality models.

Although, PM concentrations for the cities under study do not exceed air quality standards the
present study highlights that the health impacts from exposure to air pollution are still an important
issue. Finally, implementation of several available scientific approaches to estimate health risks caused
by exposure to airborne particulate matter is an important step for air pollution control and for
mitigation of urban air pollution.
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A B S T R A C T

Fine air particulate matter (PM2.5) is currently one of the major environmental issues influencing people's
health. The first step for assessing the health effects of inhaled PM2.5 is based on the evaluation of the human
exposure levels. The main objective of this study is to quantify children's daily exposure to sized-fractioned
PM2.5 and Black Carbon (BC) in an urban environment. Children from Lisbon metropolitan area carried portable
monitoring equipment during three days and recorded the time spent in their activities and respective micro-
environments (MEs). The average exposure to PM2.5 (19 μg/m3) was higher than that registered by the nearest
fixed urban background station (11 μg/m3), evidencing the importance of assessing the personal daily exposure.
The average exposure to PM1, PM0.5 and PM0.25 was 14 μg/m3, 11 μg/m3, and 7.7 μg/m3, respectively. Time-
activity pattern records showed that children spent more than 80% of their time indoors, especially at home
(55%) and in the classroom (22%), where they received 44% of the daily BC dose. Although commuting only
accounted for 5.0% of the daily time, children inhaled 23% of their daily BC dose when travelling in rush hours
to school. Time series analysis of the BC concentrations showed an average of 1.3 μg/m3, with high peak levels in
underground parking lots (63 μg/m3), during charcoal grills (53 μg/m3), and when candles were burning
(6.6 μg/m3). This work highlights the importance of urban planning to reduce children's exposure to traffic
emissions, combined with awareness-raising actions for citizens concerning the impact of indoor sources.

1. Introduction

Adverse health effects of Particulate Matter (PM) with an aero-
dynamic diameter (AD) smaller than 2.5 μm (PM2.5) have been re-
ported in tens of scientific studies [1–4]. PM2.5 can enter the re-
spiratory tract, reach deeper parts of the lung and be deposited in the
alveoli [5]. The main source of PM2.5 emissions in urban areas is the
vehicles exhaust, which is composed by heterogeneous mixtures of
compounds known to be allergenic, toxic, and carcinogenic. Black
Carbon (BC) represents about 23% of the mass of PM2.5 [6] and is
emitted from the incomplete combustion of fossil fuels [7], biomass
burning [8,9] and cooking activities [10,11]. According to the United
Nations [12], BC can be considered a better indicator of harmful par-
ticulate substances emmited by combustion sources than PM2.5 and
PM10.

Human exposure was defined by Ott [13] as ‘the event when a
person comes into contact with a pollutant of a certain concentration
during a certain period of time, however, the exposure to air pollutants
has traditionally been assessed based on data from fixed-site monitoring

networks. These monitoring networks usually provide a large amount of
data for a wide range of pollutants; nevertheless, the spatial resolution
is very limited [14] and may not be representative of the real personal
exposure, especially in complex environments such as urban areas.

Individual daily exposure to air pollutants occurs in diverse micro-
environments (MEs), where pollutants may originate from a wide
variety of sources. In the indoor environments, where people spend
around 90% of their time [15], both indoor and outdoor sources con-
tribute to the pollutants level ([16] and references therein). Indoor PM
is affected by outdoor ambient concentrations, air exchange rates, pe-
netration factors, deposition and resuspension mechanisms, as well as
indoor sources [17–19]. Activities such as cooking, cleaning, walking,
and particularly smoking generate important amounts of PM in the
indoor environments (e.g. Refs. [20,21]). Thus, daily exposure assess-
ment should consider the different places where people spend their time
[14,22,23] and the direct personal exposure measurements are the most
representative method to evaluate it.

Adults have been the main target of personal exposure assessment,
nevertheless, children have distinct time-activity patterns and are more
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vulnerable to the harmful effects of air pollutants. Children have higher
breathing rates, since they are generally more physically active, they
inhale a higher volume of air per body weight and their defense me-
chanisms are still evolving [24–26]. Moreover, BC personal measure-
ments are scarce in the literature and to the authors’ knowledge, per-
sonal exposure to sized-fractioned PM2.5 among children has not yet
been assessed.

This study was designed to quantify children's daily exposure to sized-
fractioned PM2.5 and BC, and to assess the contribution of each activity and
microenvironment (ME) to the daily BC exposure and dose. It provides
valuable information to support the development of measures and policies
focusing on the reduction of PM and BC concentrations. Efficient actions to
abate the personal exposure to these pollutants will improve children's
health and wellbeing. This work is part of the European project LIFE Index-
Air (www.lifeindexair.net), which aims to develop an innovative and ver-
satile decision support tool for policy makers that will help them identify
measures to improve air quality.

2. Materials and methods

2.1. Study design

Nine children (7–10 years old) living and studying in different lo-
cations of Lisbon metropolitan area were selected to carry personal
monitors during all their daily activities.

Fig. 1 shows the location of the MEs where the children spent most
of their time (homes and schools), which were classified as rural, urban
or urban background. None of the homes or schools had active heating,

cooling or mechanical ventilation systems, thus, only natural ventila-
tion was used in all these MEs.

The personal measurements were conducted for 72 h, representing a
total of 27 sampling days. Measurements were carried out on weekdays
from May 2 to June 22, 2018.

2.2. Measurements and sampling equipment

Each child carried a trolley with three portable monitoring devices
with the air inlet tube placed in the breathing zone (Fig. 2). Children

Fig. 1. Location and classification of homes and schools of the 9 selected children.

Fig. 2. Trolley with the three portable monitoring devices.
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were given detailed instructions to carry the trolley with them as much
as possible throughout the day while performing their regular activities.
However, children were allowed to place the trolley aside but close to
them while playing sports, swimming, bathing or sleeping to avoid
discomfort and to protect instruments from moisture and vibration.

2.2.1. PM2.5 size distribution
Measurement of particle mass size distribution was conducted using

a SKC five-stage Sioutas Cascade Impactor (SKC Inc., U.S. Patent No.
6,786,105) that worked continuously during 72 h for each child. The
impactor was connected to a Leland Legacy® sampler pump that oper-
ated at a constant flow rate of 9 L/min. The flow rate was calibrated
with a DryCal primary flowmeter (Bios Defender 510, MesaLabs, USA)
and the difference was under 10% in the post-sampling period. The
Cascade Impactor separated and collected airborne particles in five
50% size-cut point ranges:> 2.5 μm, 1.0–2.5 μm, 0.50–1.0 μm,
0.25–0.50 μm, and<0.25 μm. In order to facilitate interpretation of the
data, the lowest diameter of 0.03 μm was assumed for the last filter
stage of particles< 0.25 μm.

The collection substrates were polytetrafluoroethylene filters (PTFE;
SKC; 37mm in diameter, 2.0 μm pore size for PM0.25 and 25mm in
diameter, 0.5 μm pore size for the other stages) that were weighed
before and after sampling by means of a microbalance using the pro-
cedure described in EN12341. PM mass concentrations were de-
termined by dividing filter loads by the volume of air filtered.

2.2.2. Black carbon measurements
An aethalometer model MicroAeth AE51 (AethLabs, USA) was used

to assess BC concentrations by measuring changes in absorption of
transmitted light at 880 nm with continuous collection of light-ab-
sorbing BC particles deposited on a small Teflon-coated borosilicate
glass fiber filter. The filter strips were replaced to prevent the filter
saturation and to maintain measurement integrity. The pump flow rate
was set to 100mL/min and data recorded every 60 s. The data obtained
was corrected using the “Optimized Noise-Reduction” (ONA) software
to reduce signal noise [27].

2.2.3. Time-activity diary
A portable Global Positioning Service (GPS) device Garmin model

eTrex 20 was used to register the coordinates of the routes. The children
filled a time-activity diary, under the supervision of their parents, to
record their location and the main indoor and outdoor activities (such
as sleeping, eating, studying, commuting, etc.). The accuracy of the
recorded locations was checked by consulting the GPS logs and in case
of inconsistency the participants were asked to clarify the situation.
After each sampling day, follow-up interviews were made with the
children and parents to gain more accurate information on activities
and MEs. In addition, a questionnaire was developed and applied in
order to register the characteristics of the home and the classroom of
each child.

2.3. Data analysis

The daily exposure for each child was assessed by integrating the
results from the time-activity pattern with the BC concentrations
measured in the different MEs. The dose was obtained by the product of
the exposure and a dosimetry factor as presented in Equation (1):

= × ×
=

BC C t IRinhaled dose
j 1

m

ij ij ij
(1)

where

Cij – Arithmetic mean BC concentration in ME (j) exposed by in-
dividual (i) (μg/m3)
tij – Time spent by individual (i) in ME (j) (hours)

m – Total number of MEs, == t 24 hj 1
m

ij
IR is the inhalation rate (m3/h)

Table 1 displays the IR used for the different activities [28]. For
home, dose determinations were calculated considering an IR equal to
0.31m3/h for the sleeping period, and equal to 0.42m3/h for the
resting period.

The contribution of different MEs to the daily exposure and daily
inhaled dose was calculated by Equations (2) and (3).

= × ×
=

Daily BC exposure contribution (C t )/( C t )ij ij
j 1

m

ij ij
(2)

= × ×

× ×
=

Daily BC inhaled dose contribution (C t IR )

/( C t IR )

ij ij ij

j 1

m

ij ij ij
(3)

In order to further understand the contribution of each ME to the
total daily exposure or dose, the intensity of exposure and dose to BC
was also calculated by Equation (4):

=BC exposure (inhaled dose) intensity Daily exposure (inhaled dose) contribution
/Daily time contribution (4)

The intensity allows to compare the exposure (dose) in different
MEs by linking the daily exposure fraction to the daily time fraction.

2.4. Statistical analysis

An analysis of variance of the results was performed using non-
parametric statistics, hence they do not consider any assumptions re-
lated to the distribution, such as normality. The Mann–Whitney U test
was used to compare outcomes from two independent populations and
to test whether their means are equal or not. The statistical analysis was
conducted at a significance level of 0.05 and using the STATISTICA
software.

3. Results and discussion

3.1. Daily time – activity patterns

Daily time-activity patterns were obtained from the time-activity
diary filled by every child. Fig. 3 shows that children spent more than
80% of their time indoors, indicating that risk assessment should focus
on indoor MEs. The greatest amount of time was spent at home (55%)
(40% sleeping and 15% in general activities), followed by school (22%
in classroom, and 8.3% in playground) and transports (5.0%).

These results were quite similar to those found in previous studies.
In the framework of the LIFE Index-Air project a questionnaire about
time-activity patterns was developed and applied to 1189 children
(5–10 years old) living in Lisbon [29]. This study revealed that during
the week children spent 89% of their time indoors – 55% at home, 27%
in classrooms, 3.5% in vehicles and 2.7% practicing indoor physical
activities. Jeong and Park [11] assessed the time activity pattern of

Table 1
Inhalation rate (m3/h) as a function of age group and activity performed [28].

Activity IR (m3/h) for 6–10 age group

Sleeping and rest 0.31
Sedentary activities 0.42
Studying 0.42
Transportation Vehicle 0.58

Walking 0.91
Playing outside 1.27
Non-sedentary activities (e.g.: leisure) 0.91
Indoor sport 1.27
Outdoor sport 1.44
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10–12 years old Korean children and showed that they also spent the
greatest amount of time at home (59%).

3.2. Mass size distribution pattern of PM2.5

Fig. 4 shows the PM2.5 concentration to which children were

exposed and the respective size distribution patterns.
The children's exposure to PM2.5 varied between 12 and 28 μg/m3,

complying with the World Health Organization (WHO) daily reference
value of 25 μg/m3, except in the case of the child C2 (Fig. 4a). The
average PM2.5 exposure (19 μg/m3) was higher than that obtained in
the nearest fixed urban background station (11 μg/m3), evidencing the
importance of assessing the personal daily exposure. The average ex-
posure to PM1, PM0.5 and PM0.25 was 14 (7.2–19) μg/m3, 11 (5.8–16)
μg/m3, and 7.7 (3.7–10) μg/m3, respectively.

No clear trend was found in the particles mass distribution by the
different sizes among the 9 children (Fig. 4b), probably due to the lo-
cation of the home and school, which is influenced by different emis-
sion sources and traffic intensities and to the different time-activity
patterns. The size fractions with the greatest contribution to the PM2.5
concentrations were 1 < AD<2.5 μm and AD<0.25 μm. For chil-
dren C2, C4, C5, C6, C8, and C9 the particles with an AD<0.25 μm
represented the greatest contribution to the PM2.5 concentration. This
stage includes the ultrafine particles (PM0.1), capable of depositing in
the pulmonary alveoli, get into the bloodstream and reach different
organs [2]. Thus, these children may be more likely to experience

Fig. 3. Percentage of time spent on each ME/activity.

Fig. 4. a) PM2.5 concentration to which each child was exposed and the respective size distribution; b) Size distribution pattern of PM2.5 collected by a personal
sampler carried by 9 children (C1-C9) during 72 h.
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health problems related to air pollution.
The child C7 was exposed to the lowest PM2.5 concentration and

about 42% of the mass of PM2.5 was in the fraction 1.0–2.5 μm. This
child lives in a rural area, which is less influenced by traffic that con-
tributes mostly to the finest PM fractions.

3.3. BC concentrations

Table 2 shows the BC concentrations measured in the different MEs
where children reported to be. The lowest BC concentrations were
measured at home (0.89 μg/m3) and the highest were registered while
commuting. These results were consistent with those of two previous
studies carried out with children in Seoul [11] and Barcelona [30],
which also measured the highest BC concentration in transport and the
lowest during the periods that the children were at home. BC is the best
indicator of traffic-related PM pollution, since its emission is closely
related to combustion of carbonaceous fuels [10,11,31]. As BC is
emitted directly from combustion sources and is chemically inert, it
represents a unique indicator for the combustion efficiency of emission
sources. BC concentration thus provides more reliable information on
the activity of traffic than measurements of overall particle mass con-
centration, such as PM2.5, which is dominated by secondary aerosols

[32]. While commuting children were closer to traffic, and at night
when traffic emissions were lower the children were at home. Children
commuted by car or walking. The highest BC concentration was regis-
tered while commuting by car (5.1 μg/m3), followed by the commuting
on foot (2.5 μg/m3). Dons et al. [33] and Jeong and Park [11] also
showed that the average BC concentration in motorized transports was
higher than in active commuting modes.

Results showed that at home, BC concentrations were influenced by
indoor sources (e.g. cooking and candles) and by infiltration from
outdoor sources. The highest BC concentration was measured in the
home of child C9 (2.2 μg/m3). This home, located in the urban area of
Lisbon, has an open kitchen, so the BC emitted from cooking dispersed
to the living room. Furthermore, this child lives with a large family
composed by nine members. Jeong and Park [34] concluded that
children with large families faced higher BC exposures than those with
small families, due to the fact that a greater number of family members
generally require longer times spent on cooking. The lowest BC con-
centration (0.36 μg/m3) was observed at the home of child C7. As de-
scribed before, this child had also the lowest exposure to PM2.5 due to
the lowest volume of nearby traffic related to the rural location.

BC levels measured in classrooms (1.2 μg/m3) and in the playground
(1.1 μg/m3) were very similar and correlated (R2=0.72), as presented

Table 2
Black carbon (BC) concentrations (average, standard deviation, minimum and maximum) discriminated by children and ME/activity (values in μg/m3).

Microenvironment Children Total

C1 C2 C3 C4 C5 C6 C7 C8 C9

Home Average 0.93 0.47 0.59 0.91 1.1 0.77 0.36 0.73 2.2 0.89
SD 0.71 0.51 0.29 0.54 0.94 0.61 0.30 0.59 1.0 0.82
Minimum 0.008 0.013 0.14 0.24 0.017 0.0050 0.0062 0.0040 0.22 0.0040
Maximum 6.3 4.6 4.5 5.1 8.7 4.7 4.3 3.0 8.8 8.8

Commuting Car Average 3.4 3.1 8.3 8.6 6.0 1.8 7.1 4.8 3.1 5.1
SD 4.7 4.0 8.5 6.6 5.0 3.6 9.1 9.4 3.2 7.3
Minimum 0.049 0.087 0.40 0.24 0.18 0.045 0.011 0.11 0.0044 0.0044
Maximum 31 26 38 51 27 29 63 63 13 63

On foot Average NA 1.8 NA NA NA 4.6 NA 1.0 NA 2.5
SD NA 2.1 NA NA NA 5.2 NA 1.4 NA 4.0
Minimum NA 0.020 NA NA NA 0.37 NA 0.12 NA 0.020
Maximum NA 7.9 NA NA NA 28 NA 7.6 NA 28

Classroom Average 0.86 1.1 1.2 1.6 0.87 1.3 0.8 1.2 1.7 1.2
SD 0.43 0.76 0.54 0.68 0.82 0.46 0.60 0.64 0.79 0.73
Minimum 0.0020 0.041 0.014 0.25 0.0033 0.063 0.014 0.079 0.0044 0.0020
Maximum 4.7 5.1 3.1 5.4 4.7 3.7 6.4 4.9 6.9 6.9

Playground at school Average 0.93 0.91 0.68 2.1 0.73 1.1 0.93 1.3 1.5 1.1
SD 0.56 0.87 0.48 1.84 0.84 0.78 1.1 1.28 1.7 1.0
Minimum 0.010 0.020 0.014 0.25 0.0033 0.0041 0.016 0.054 0.12 0.0033
Maximum 5.4 4.6 3.9 8.4 6.7 7.0 12 8.9 8.2 12

Sport Indoor Average 0.71 NA 0.80 1.9 NA 1.0 1.0 NA NA 1.1
SD 0.36 NA 0.42 1.1 NA 0.95 0.40 NA NA 0.86
Minimum 0.2 NA 0.26 0.42 NA 0.036 0.31 NA NA 0.036
Maximum 2.8 NA 3.1 6.1 NA 3.2 2.4 NA NA 6.1

Sport Outdoor Average NA 1.1 1.5 2.5 NA NA 0.83 NA NA 1.5
SD NA 1.0 0.43 1.9 NA NA 0.28 NA NA 0.48
Minimum NA 0.24 0.014 0.49 NA NA 0.17 NA NA 0.014
Maximum NA 5.7 3.0 6.9 NA NA 1.9 NA NA 6.9

Leisure Average 2.6 NA NA NA NA 1.0 3.1 1.4 3.0 2.2
SD 0.53 NA NA NA NA 0.39 2.6 4.9 5.5 4.3
Minimum 2.3 NA NA NA NA 0.38 0.62 0.032 0.5 0.032
Maximum 4.2 NA NA NA NA 2.1 10 53 25 53

Extracurricular activities Average 1.8 2.6 1.7 NA NA NA NA NA NA 2.0
SD 0.53 0.48 1.2 NA NA NA NA NA NA 0.99
Minimum 0.36 1.2 0.16 NA NA NA NA NA NA 0.16
Maximum 2.5 3.7 5.4 NA NA NA NA NA NA 5.4

Abbreviations: SD, Standard deviation; NA, Not Applicable.
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in Fig. 5. Rivas et al. [30] analyzed the relation among personal mon-
itoring, fixed stations (school indoor and outdoor) and urban stations
and concluded that generally indoor and outdoor pollutant levels follow
the urban trends. This confirms the importance of the BC infiltration
and influence of the traffic emissions in classrooms.

The BC concentrations measured during the practice of sports were
very similar for outdoor (1.5 μg/m3) and indoor (1.1 μg/m3) environ-
ments.

The analysis of time series of the BC concentration allowed the
identification of events and their relation with activities identified in
the time-activity diary filled by every child. Fig. 6 shows the 24h BC
time series of the three children who were exposed to the highest BC
peaks. From 00h00–7h30 the BC concentrations were constant and low,
associated with the home ME, especially to the sleeping period and,
consequently, to the lowest traffic emissions. Very high BC concentra-
tions were measured during rush hours that coincide with the children
commuting time (peaks identified as A and A1 in Fig. 6). The mean BC
concentration during commuting by car was 6.3 times higher than
average concentrations measured at home. Rivas et al. [30] also ob-
served very high BC peaks during the rush hours when children com-
mute to school.

Children C1 and C7 were exposed to a high BC concentration
(31 μg/m3 and 63 μg/m3, respectively) in the underground parking lot
(peaks identified as B in Fig. 6). The underground parking lots are
completely or partially enclosed, so the pollutants emitted by the ve-
hicles can have difficulty to disperse, depending on the efficiency of the
exhaust system of the building. The peak identified by C, in Fig. 6,
([BC]= 6.6 μg/m3) resulted from burning candles in a birthday party.
In accordance with Stabile et al. [35] the combustion of candles

produces carbonaceous particles with a ratio BC/PM10 greater than
0.80. This result suggests the negative impact that candles can have on
the indoor air quality. The child C8 was exposed to a BC peak con-
centration ([BC]=53 μg/m3, peak identified as D in Fig. 6) at night
during an outdoor party with charcoal grills, which is a substantial
source of BC as stated by Buonanno et al. [36] and Jeong and Park [11].

3.4. BC exposure and respective inhaled doses

The relative contributions from each activity/ME to children's daily
BC exposure and inhaled dose is presented in Fig. 7. The daily average
BC exposure was equal to 1.3 μg/m3, which is similar to the BC back-
ground concentrations ranging from 1.7 to 1.8 μg/m3 in European cities
[37] and with elemental carbon concentrations measured in an urban
background station in Lisbon (1.5 μg/m3) [38]. The daily average BC
inhaled dose was equal to 15 μg. These values were found to be lower
when compared to the data reported by Buonanno et al. [10] from
Casino (5.1 μg/m3 for daily exposure and 39 μg for the daily inhaled
dose) and by Jeong and Park [11] from Seoul (1.9 μg/m3 for daily ex-
posure and 24 μg for the daily inhaled dose). A possible reason for the
highest values of Buonanno et al. [10] is the fact that the study was
carried out in the winter and 83% of the houses had a fireplace which
can release BC from the incomplete biomass combustion [31,39,40]. In
Seoul the cooking activities have different characteristics that can lead
to higher BC concentrations.

Home, commuting and school were the MEs that more contributed
to the daily exposure to BC and respective inhaled dose.

Besides the lowest BC concentrations measured at homes, this ME
contributed 38% for the daily exposure, due to the large amount of time
spent there by the children (55%). The contribution for BC exposure
was higher while children were sleeping (24%) than awake (14%),
because the time spent sleeping (40%) was higher than when they were
awake (15%). Similarly, in Seoul [11] and Casino [10], home was the
place where children had the greatest daily exposure (52% in both).
Considering that the activities carried out at home were sedentary, the
home contribution to the inhaled dose decreased to 27%. For the dose,
the contribution during sleeping (15%) and awake (12%) was similar
since the IR was higher while the children were awake. The intensity of
BC average exposure and dose was higher while the children were
awake (0.88 and 0.73, respectively) than while sleeping (0.60 and 0.38,
respectively), since children slept most of the time spent at home
(Fig. 8).

Schools contributed for 28% of the daily integrated exposure. The
contribution was higher in the classroom (21%) than in the playground
(7.4%), due to the longest time spent in the classroom (22%). School
contributed 35% for the daily inhaled dose. The classroom and the
playground showed similar contributions (17% and 18%, respectively)
due to the highest inhalation rate of the children while they were in
playground that compensated for the longest time spent in the class-
room. Buonanno et al. [10] and Jeong and Park [11] obtained a similar
contribution of the schools to the daily exposure (20% in both studies).

The largest exposure and dose intensity was observed while com-
muting (4.0 and 4.6, respectively, while the other MEs presented in-
tensities closer to 1) (Fig. 8), resulting in the highest ratio exposure and
dose with the respect to the time spent in the ME. This indicates that BC
is a consistent tracer of the impact of road traffic on exposure. The
contribution of commuting to the BC exposure and dose was 21% and
23%, respectively. However, only 5.0% of the time was allocated to this
ME. This result is in agreement with Jeong and Park [11] and Buonanno
et al. [10] studies, which verified that the contribution to BC exposure
in transportation was 15% (for a daily time of 7.6%) and 11% (for a
daily time of 4.0%), respectively. Regarding the two modes of com-
muting (car and walking), the active mode (walking) resulted in a
lowest contribution to the BC exposure and dose (1.7% and 2.8%)
comparing to car (19% and 20%).

The children C4 and C9 had significantly higher exposure to BC. For

Fig. 5. Relation between BC concentrations measured in the playground and in
the classroom.

Fig. 6. BC time series corresponding to three children. A – Commuting – car
mode; A1 – Commuting – on foot; B – Underground parking lot; C – Birthday
party; D – Charcoal grills.
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child C4, the ME that highly contributed to the BC exposure and inhaled
dose was the car. This child was exposed to the highest BC concentra-
tion in this ME (8.6 μg/m3) and spent more time during commuting
(10% of the daily time). For children C9, home was the main con-
tributor for the daily exposure and dose. The home of this child pre-
sented the highest BC concentrations (2.2 μg/m3) and the time allo-
cated to this ME was also the highest (about 66% of the daily time).

4. Conclusions

The personal exposure of children (aged 7–10 years) living and
studying in Lisbon metropolitan area was evaluated in terms of sized-
fractioned PM2.5 and BC concentrations, by means of a Sioutas per-
sonal cascade impactor and a micro-aethalometer, respectively. A GPS
tracking device and a time-activity diary allowed to identify the ac-
tivities/MEs that make the greatest contribution to the children daily
exposure and dose.

The daily exposure depended on the ME frequented and activities
performed. The results showed that children spend most of their time

indoors (more than 80%), indicating that risk assessment should focus
mainly on indoor MEs in order to protect children from adverse health
effects that may be caused by PM and more specifically by BC exposure.
Home and school were the MEs where the children spent more time,
and therefore, received more than half of the BC dose there (62%): 27%
in homes and 35% in schools. Nevertheless, the highest BC dose in-
tensity was observed while commuting by car. This work highlighted
that measures to reduce the exposure to BC should focus on urban
planning to reduce the traffic around schools and residential areas. In
addition, routes with less traffic should be selected for the daily com-
muting in order to help minimizing children's exposure to air pollu-
tants. At home, soft measures should be taken such as avoiding to open
the windows at rush hours, and promoting an efficient exhaust in the
kitchen in order to remove the BC emitted from cooking activities.
Results showed that the children face a variety of risks to their health as
they go about their day-to-day lives: in their homes, schools or while
commuting. Therefore, raising citizens' awareness regarding indoor PM
sources and their impact is essential to help them to decide whether to
take actions that may reduce their exposure to pollutants.

Fig. 7. Contribution of the MEs to the BC exposure and dose and respective total daily exposure and dose of each child.

Fig. 8. Exposure and dose average intensities per ME/activity.
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a b s t r a c t

People spend one third of their life sleeping, but the bedroom, as a specific micro-environment, is often
neglected when assessing human exposure to air pollutants. However, exposure during sleep may be
significant in the long-term to the integrated individual exposure. This study aimed to assess the
exposure during sleep, focusing on a multi-pollutant approach (comfort parameters, carbon dioxide e

CO2, carbon monoxide e CO, formaldehyde (CH2O), total volatile organic compounds (VOCs), particulate
matter e PM2.5 and PM10 e and ultrafine particles, particle number concentrations e PNC - and lung
deposited surface area - LDSA). For that, the air quality during sleep (in real conditions) was monitored
using real-time devices in 12 bedrooms of urban (Lisbon and Vila Franca de Xira) and rural (Ponte de Sor)
areas of Portugal for one night. Volunteers were smokers and non-smokers. Considering the Portuguese
legislation for indoor air quality (IAQ), 67% of the bedrooms registered CO2 levels above the limit value,
while CH2O, VOC, PM10 and PM2.5 thresholds were exceeded in 30, 100, 36, and 45% of cases, respectively.
Regarding ultrafine parameters, LDSA and PNC ranged from 7.3 to 95.2 mm2/cm3 and from 0.6 to
4.8� 103/cm3, respectively. Even with no smoking indoors, smokers' bedrooms were found to have
significant higher levels of CO, CH2O, PM2.5, PM10 and LDSA than non-smokers’ bedrooms, showing the
effect of thirdhand smoke, exhalation of pollutants after smoking and infiltration on the degradation of
the air quality in the bedroom. A recent new model of real-time monitor was also used for a wide set of
IAQ parameters. Its performance to measure PM2.5 and CO2 was assessed, showing its applicability in real
conditions. Although often neglected, these micro-environments should be considered in the integrated
individual exposure to air pollutants and further studied.
Main findings of the work: Several pollutants (CO2, PM, VOCs and CH2O) exceeded the guidelines during
sleep; smokers are exposed to higher levels of CO, CH2O, PM, and LDSA than non-smokers while sleeping.

© 2019 Elsevier Ltd. All rights reserved.

1. Introduction

Sleep plays a key-role in human welfare since it promotes body
recovery from daily physical and psychological fatigue (Krueger
et al., 2016), enables productivity of people (Catarino et al., 2014;
Reis et al., 2016) and their athletic performance (Thun et al., 2015).
Multiple factors can affect sleep, such as health and emotional

states, bedding conditions or environmental factors (Thun et al.,
2015), especially temperature (Okamoto-Mizuno and Mizuno,
2012) and noise levels (Halperin, 2014).

Despite sleep has a vital role in daily welfare of people, the
impact of the quality of the rest environment has been scarcely
studied (Lan and Lian, 2016). Both research issues (sleep and indoor
air quality - IAQ) have been addressed in the worldwide scientific
literature separately but never fully exploited together. Thus, the
impact of indoor air on sleep and all its implications is a task yet to
be achieved.

The rest environment should be considered a micro-
environment of particular interest due to the following reasons:
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1) importance of essential body functions during a sleep period of
quality to the human being's welfare, health and daily
productivity;

2) exposure to pollutants during sleep may have a great contri-
bution to the daily personal exposure and, moreover, have a
greater contribution to long-term exposure, since humans
spend about one third of their lives sleeping;

3) low ventilation conditions usually found (Bek€o et al., 2010;
Canha et al., 2017) may potentiate the accumulation of pollut-
ants, increasing exposure levels.

The environmental characterisation during sleep will enable
understanding the factors thatmay contribute to the degradation of
sleep quality and will allow to devise mitigation measures to
improve conditions during sleep. Few studies regarding this topic
are found in the literature and the few available are focused only on
some specific pollutant/parameter. For instance, lower levels of
carbon dioxide (CO2) during sleep were found to significantly
improve sleep quality and perceived freshness of the bedroom air
by the occupants, together with the performance on the next day
(Strøm-Tejsen et al., 2016). Reduction of 74% on PM2.5 concentra-
tions in households with indoor fuel pollution were found to
improve significantly children's sleep and respiratory related
symptoms, such as difficulty falling asleep, sore throat andmorning
headache (Accinelli et al., 2014).

One of the challenges of assessing IAQ in a multi-pollutant
approach during sleep is the use of standard methodologies since
their volume and noise (pumps for air sampling)may interferewith
the occupant's sleep (Canha et al., 2014). This issue is especially
important for particulate matter (PM).

In 2017, a preliminary multi-pollutant monitoring study in one
bedroom evaluated the impact of different ventilation conditions
on IAQ while sleeping (Canha et al., 2017). This study revealed that
the concentrations of some indoor pollutants, such as formalde-
hyde (CH2O), total volatile organic compounds (VOCs) and PM2.5,
could exceed the established guidelines. The improvement of nat-
ural ventilation in sleep environments can be implemented by
opening windows or doors to promote the increase of air change
rates, which in turn can increase the infiltration of pollutants to the
bedroom, such as from outdoors or from other spaces of the house
(e.g., kitchen) (Canha et al., 2018).

Smoking is known as an important source of multiple pollut-
ants, both in the gaseous and particulate phases, in indoor envi-
ronments, which promotes the degradation of air quality (Holcomb,
1993; Kaunelien _e et al., 2018; Mueller et al., 2011). However, the
impact of indirect smoking (smoking outside the home) on the IAQ
during sleep has not been assessed previously. On the other hand,
the human exhaled breath, especially of smokers, has been
described as a long-neglected pollutant source of several VOCs,
nitrogen oxide, carbon monoxide, among others, which may also
affect IAQ (Filipiak et al., 2012; Sun and Yang, 2013; Zhang et al.,
2013). Therefore, the aim of the present study was to understand
the exposure of individuals while sleeping, using a multi-pollutant
approach, and to evaluate the difference in exposure between
smokers and non-smokers. For that, a strategywas developed using
a set of portable monitoring instruments, including a new model,
whose performance was assessed. Among the several pollutants
studied, a special focus was given to particulate matter and ultra-
fine particles.

2. Materials/methods

2.1. Study site and individuals’ characterisation

The IAQ during the sleeping period of the occupants was

monitored in twelve bedrooms in rural and urban areas of Portugal.
The urban areas were in the municipalities of Lisbon and Vila
Franca de Xira, while the rural area was located in the municipality
of Ponte de Sor.

The occupants of the studied bedrooms were aged between 24
and 53, with six males and six females, 7 non-smokers and 5
smokers. None of the smokers smoked inside the household, but
rather outside the building (e.g., balcony). The households ranged
from apartment-type (9 cases) in different floors (varying from
ground to fifth floor) to detached house-type (3 cases).

All bedrooms had natural ventilation, no indoor plants and only
one door (to a corridor) and one window. More details about the
volunteers and their bedrooms are shown in Table S1 (in Supple-
mentary Information Section). No cleaning procedures were per-
formed during the day prior the night of the monitoring in any
studied bedroom. Each bedroom only had one volunteer sleeping
during the IAQ monitoring programme. No specific criterion was
followed to choose bedrooms, except the availability of volunteers,
since the aimwas to provide an overview of IAQ during sleep. It was
only requested to the volunteers to sleep in similar conditions as
they usually sleep, in particular regarding ventilation conditions.

2.2. Indoor air quality monitoring

IAQ assessment was conducted using four different real-time
monitoring devices for the selected parameters: i) Graywolf (IQ-
610 probe, WolfSense Solutions, USA) for temperature (T), relative
humidity (RH), CO2, carbon monoxide (CO) and total VOCs; ii)
Formaldemeter (htV-M, PPM Technology, UK) for formaldehyde
(CH2O); iii) DustTrak DRX monitor (8533 model, TSI, USA) for par-
ticulate matter of aerodynamic diameter of 2.5 mm and 10 mm -
PM2.5 and PM10, respectively; and iv) Pegasor AQTM Indoor Air
Quality (Coorstek Amazing Solutions) for T, RH, PM2.5, particle
number concentration (PNC) and lung deposit surface area (LDSA).
Monitoring devices i) to iii) are commonly used in IAQ studies
(Canha et al., 2017) and more details about their specifications can
be found in the supplementary section (7.1 Indoor air quality
monitoring e additional information). Device iv) is a recently
launched model in the market that relies on the diffusion charging
operating principle for assessing PM2.5 (measuring range:
0.001e200mgm�3, resolution of ±0.1% of reading of
0.001mgm�3), with a built-in suction pump operating at a flow
rate of 3 L/min. Furthermore, this device also allows PNC and LDSA
monitoring, along with CO2, T and RH. The particle size range
measured is from 10 nm to 2.5 mm.

All devices were calibrated according to the manufacturers’
specifications and the sampling frequency was set to 60 s. The
monitoring devices were placed at the centre of the bedroom, at
approximately 1m from the bed and at about 80 cm from the floor,
since this height corresponds reasonably to the breathing level of a
person lying in bed. The monitoring period in each bedroom
occurred during only one night, usually between 23:00 and 08:00.
Depending on the individuals, the sleep period ranged from a
minimum of 4h30m to a maximum of 8h45m. The monitoring
programme took place from 29 October to 10 November of 2016.
For the environmental characterisation of the sleep period, all pa-
rameters were reported in relation to their mean values.

Air changes per hour (ACHs, h�1) were calculated for the
monitored period using a computerised tool that relies on the
build-up phase of the CO2 curve. This method has already been fully
described elsewhere (H€anninen, 2013), along with several exam-
ples of its application (Canha et al., 2017, 2016; H€anninen et al.,
2017). Table S2 (in Supplementary Information Section) provides
the ACHs for each studied bedroom, which ranged from 0.39± 0.03
h�1 (bedroom 2) to 3.24± 0.70 h�1 (bedroom 5). These values agree
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with the ones previously described for different ventilation settings
in bedrooms (Canha et al., 2017).

2.3. Statistical analysis

Analysis of data was performed by applying statistics with a
significance level of 0.050. To assess the normality of data, the
Shapiro-Wilk test was used since all datasets had a number of cases
below 30. The results of normality tests for all datasets are available
in the supplementary information section (see Table S3 in Sup-
plementary Information). When data was parametric, statistical
difference between two independent samples (e.g. smoker vs non-
smoker) was evaluated using the t-test, while if data was non-
parametric the Mann-Whitney test was applied (see Table S4 in
Supplementary Information). All statistical analyses were per-
formed by the XLSTAT 2014.1.09 software program.

3. Results and discussion

3.1. Comparison between devices: Pegasor vs. Graywolf & DustTrak

The performance and comparability of the new model Pegasor
was assessed for two parameters, CO2 and PM2.5, against two de-
vices commonly used in IAQ studies, namely Graywolf and Dust-
Trak, respectively. Fig. 1 shows the relationships between CO2 and
PM2.5 concentrations obtained with Pegasor and the two moni-
toring devices (Graywolf and DustTrak). For CO2, all 12 studied
cases were used and a very good correlation (R2¼ 0.99) was found
between both instruments. Regarding PM2.5, it was not possible to
assess concentrations for two (bedrooms 5 and 7) due to opera-
tional problems. Additionally, for comparison purposes between
monitoring devices, one bedroom (bedroom 11) was excluded from
the analysis, since the Pegasor monitor supplied a concentration 11
times higher than the one monitored by the DustTrak, which was
taken as an outlier. A good correlation was found for PM2.5 levels,
with a R2 value of 0.89, despite the fact that Pegasor provided PM2.5
concentrations slightly higher than DustTrak in 67% of the cases.

3.2. Comfort parameters

Themean relative humidity in the 12 bedrooms during the sleep
period varied from 43.7± 1.2% to 61.6± 1.1%, with amedian value of
57.8%. Mean temperatures ranged from 18.4± 0.1 �C to
25.5± 0.18 �C, with a median value of 22.8 �C among the 12 bed-
rooms. Considering the international guideline ISO 7730:2005 (ISO
7730:2005, 2005) that establishes, for the colder period, ranges of
temperature (20 �C e 24 �C) and relative humidity (30%e70%) in

indoor environments for the occupants’ comfort, all bedrooms
showed RH mean values within the comfort range. However, only
58% of the bedrooms (7 out of 12) presented temperatures within
the comfort range (with one bedroom below the minimum of 20 �C
and four bedrooms with temperatures above the maximum of
24 �C).

3.3. Carbon dioxide

Only 33% of the bedrooms (4 out of 12) showed mean CO2
concentrations below the limit value of 1250 ppm stipulated by the
Portuguese legislation for indoor environments (Fig. 2). Overall,
CO2 mean concentrations ranged from 553± 24 ppm (bedroom 7)
to 2671± 633 ppm (bedroom 8).

Fig. S1 (Supplementary Information e section 7.4) depicts the
temporal variability of CO2 concentrations during the sleep period
in bedrooms 7 and 8. A rather constant CO2 concentration in
bedroom 7 can be observed, while levels in bedroom 8 increased
successively during the sleep period, reaching a maximum of
3589 ppm (ca. 2.5 times higher than the initial concentration of
1417 ppm). This pattern is due to the different ways of promoting
natural ventilation by both occupants. As described in the “Mate-
rials/Methods” section, the volunteers were requested to sleep
under the usual conditions. Individual of bedroom 7 slept with the
door of the bedroom opened and window closed, promoting nat-
ural ventilation, while individual of bedroom 8 slept with both door
and window closed, contributing to the accumulation of pollutants.
Given that the occupants' breathing is the only significant source of
CO2, these levels reflect different ventilation rates. The impact of
opening a door and/or window, during the sleep period, on the
pollutant concentrations has already been described in the litera-
ture (Canha et al., 2017). Moreover, mean CO2 levels were signifi-
cantly different between smokers and non-smokers:
2029± 429 ppm and 1123± 479 ppm, respectively (Graywolf data).
The mean CO2 levels for smokers were above the limit value
(1250 ppm) established by the Portuguese legislation, while values
for non-smokers’ bedrooms were below the threshold.

Considering the reported threshold of 835 ppm as the value
below which the sleep quality is significantly improved, along with
perceived air quality, next-day reported sleepiness and ability to
concentrate (Strøm-Tejsen et al., 2016), in the present study, only
three bedrooms registered levels below this limit (bedrooms 6, 7
and 10).

3.4. Carbon monoxide

The measurement of exhaled CO level may provide an

Fig. 1. Comparison between devices: (left) CO2 concentrations by Pegasor and Graywolf; and (right) PM2.5 concentrations by Pegasor and DustTrak.
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immediate, non-invasive method of assessing smoking status. In a
study carried out by Deveci et al. (2004), the exhaled CO levels were
measured in 322 subjects (243 healthy smokers, 55 healthy non-
smokers, 24 passive smokers). The mean level was
17.13± 8.50 ppm for healthy smokers and 3.61± 2.15 ppm for
healthy non-smokers, and 5.20± 3.38 ppm for passive smokers.
There was a significant positive correlation between CO levels and
daily cigarette consumption, and CO levels and duration of smoking
in healthy smokers (r¼ 0.550, p-value< 0.001, r¼ 0.265, p-
value< 0.001, respectively). Other studies also confirmed that the
level of CO in exhaled air is higher in healthy smokers than in non-
smokers (Cunnington and Hormbrey, 2002; Middleton and Morice,
2000; Zhang et al., 2013).

In the present study, CO levels were always below the limit
value of 9 ppm (Ordinance no. 353-A/2013, 2013) in all bedrooms
(Table 1). This was expected since CO is a toxic by-product of
incomplete combustion and indoor sources in the bedroom are not
supposed to exist. Nevertheless, CO can be generated indoors by
combustion processes (e.g., cooking appliances, water heating
systems or fireplaces (Canha et al., 2018; Mullen et al., 2016)), by
other human activities, such as smoking (Konstantopoulou et al.,
2014), but can also originate from outdoor air due to exhaust
emissions from traffic (Ramos et al., 2016). Moreover, as described
above, low levels of CO are released due to normal human meta-
bolism and due to previous exposure to CO sources, such as
smoking (Wu, L., Wang, 2005; Zhang et al., 2013). Therefore, the
detection of CO in the bedroom is likely due to infiltration from
other rooms with active sources (e.g. kitchen), penetration of
polluted outdoor air and exhaled breath.

Carbon monoxide mean values ranged from undetected to
4.21 ppm, averaging 0.79± 0.43 ppm (median of 0.49 ppm). Of the
12 studied bedrooms, only two presented CO levels above 1 ppm.
Both bedrooms belonged to smokers. CO infiltration from outdoors
will depend on the outdoor levels where the household is located.
However, in the present study, no statistical difference between
rural and urban dwellings was found (see Table S4, in Supple-
mentary Information).

In a preliminary study on the influence of ventilation in a
bedroom during the sleep period on air pollutant levels (Canha
et al., 2017) at Setúbal (Portugal), the lowest mean value of CO
(1.40± 0.26 ppm) was found for the ventilation condition ODCW
(open door and closed window), while the highest mean value
(3.32± 0.87 ppm) was measured with CDCW (closed door and
closed window). The mean values of the present study are below
those documented in the previous work (Canha et al., 2017) and
also below the ones found in a naturally ventilated and unoccupied
dormitory room evaluated during weekdays and weekends in
Shanghai (Zhong et al., 2013), with mean CO levels of
2.97± 0.43 ppm and 2.00± 0.19 ppm, respectively.

Fig. S2 (Supplementary Information e section 7.5) shows the CO
levels in bedrooms of smokers (n¼ 5) and non-smokers (n¼ 7). CO
levels in smokers' bedrooms were found to be significantly higher
than the ones in non-smokers’ bedrooms (p-value of 0.006). A
mean CO value of 1.60± 1.52 ppm (ranging from 0.59 to 4.21 ppm)
was registered in bedrooms of smokers during the sleep period,
while CO levels approximately 8 times lower (mean value of
0.21± 0.22 ppm, ranging from undetectable to 0.50 ppm) were
obtained for non-smokers.

Despite none of the volunteers smoked inside the household,
some of them had smoked a cigarette 1 h prior to their sleep period
outside the household (on the balcony or outside the front door).
Thus, smoke infiltration from outdoors or the presence of CO in
exhaled air may be the reasons justifying the higher levels in the
smokers' rooms. As alreadymentioned, previous studies focused on
exhaled carbon monoxide from smokers and non-smokers, using
specific devices, showed that smokers exhaled higher levels of
carbon monoxide than non-smokers. A study in Poland docu-
mented that smokers in a small city (less than 100,000 inhabitants)
had mean CO concentrations in their exhaled breath around five
times higher than non-smokers (10.77± 8.02 ppm and
2.22± 1.43 ppm for smokers and non-smokers, respectively), while
in a big city (more than 100,000 inhabitants) CO mean concentra-
tions for smokers were about two times higher than for non-
smokers (13.54± 8.36 ppm and 6.57± 8.36 ppm for smokers and
non-smokers, respectively) (Maga et al., 2017). Similar results can
also be found in studies conducted in China (11.5 ppm and 3.7 ppm
for male smokers and non-smokers, respectively) (Zhang et al.,
2013) and in Turkey (17.13± 8.50 ppm and 3.61± 2.15 ppm for

Fig. 2. Carbon dioxide concentrations monitored during the sleep period in 12 different bedrooms, using two different monitoring devices: Pegasor and Graywolf. Red line rep-
resents the CO2 limit value of 1250 ppm defined by the Portuguese legislation (Ordinance no. 353-A/2013, 2013). (For interpretation of the references to colour in this figure legend,
the reader is referred to the Web version of this article.)

Table 1
Levels of carbon monoxide monitored during the sleep period in 12 different bed-
rooms, using Graywolf monitoring devices. LV stands for the CO limit value of 9 ppm
defined by the Portuguese legislation (Ordinance no. 353-A/2013, 2013).

Individuals CO concentration (ppm)

Mean± SD Min Max

1 4.21± 0.41 3.4 5.3
2 0.12± 0.11 0.0 0.3
3 0.34± 0.10 0.2 0.6
4 0.59± 0.16 0.3 0.8
5 0.47± 0.39 0.1 1.0
6 0.00± 0.00 0.0 0.0
7 0.00± 0.01 0.0 0.1
8 0.80± 0.09 0.6 0.9
9 0.50± 0.16 0.2 0.8
10 0.04± 0.05 0.0 0.2
11 1.71± 0.21 1.2 2.0
12 0.71± 0.07 0.3 0.9
LV 9
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smokers and non-smokers, respectively) (Deveci et al., 2004).
Therefore, a plausible source of CO during the sleep period may be
the air exhaled by smokers.

3.5. VOCs and formaldehyde

Levels of VOCs and formaldehyde monitored in the studied
bedrooms are presented in Fig. S3 (Supplementary Information e

section 7.6). Due to operational problems of themonitoring devices,
it was only possible to assess VOC levels in 11 bedrooms (except
bedroom 1) and to assess CH2O levels in 10 bedrooms (except
bedrooms 10 and 12).

All monitored bedrooms presented VOC levels above the limit
value of 262 ppbv established by the Portuguese legislation, with a
mean VOC concentration of 1040 ± 130 ppbv (ranging from 830 to
1230 ppbv), which is around four times higher than the threshold.
No statistical differences between VOC levels in bedrooms of
smokers and non-smokers were found (smokers: 1070± 140 ppbv;
non-smokers: 1010± 120 ppbv). These levels were all above the
maximum VOC concentration of 641 ppbv registered in a pre-
liminary study in a bedroomwith only one occupant and restricted
ventilation conditions, namely, closed window and door (Canha
et al., 2017).

Regarding CH2O, the limit value of 0.081 ppm established by the
national guidelines was only exceeded in three bedrooms (out of
10) with a mean value of 0.060± 0.027 ppm (ranging from 0.037 to
0.116 ppm). CH2O levels in bedrooms of smokers and non-smokers
was statistically different, with bedrooms of smokers presenting
CH2O levels two times higher than bedrooms of non-smokers
(smoker: 0.087± 0.022 ppm; non-smoker: 0.042± 0.010 ppm; p-
value of 0.014). The mean CH2O concentration of the present study
was below the concentration of 0.073 ppm, which was the mini-
mum recorded in a preliminary study in a bedroom with closed
window and door (Canha et al., 2017).

3.6. Particles

3.6.1. Particulate matter (PM)
Fig. 3 and Table S5 (Supplementary Information e section 7.7)

show the concentrations of PM2.5 and PM10 monitored during the
sleep period in 10 different bedrooms (except bedrooms 5 and 7),
using the DustTrak device.

The overall mean PM2.5 concentration was 35.1± 32.4 mgm�3,
which is above the threshold value stipulated by the Portuguese
legislation (Ordinance no. 353-A/2013, 2013) of 25 mgm�3 in indoor
environments. However, it should be noted that the only bedrooms
surpassing this limit value belongs to smokers (Fig. 3), with a mean
value of 61.2± 24.4 mgm�3, while for non-smokers the value is

around 7 times lower, i.e. 8.9± 7.0 mgm�3 (Table S4).
For PM10, the overall mean value was 39.2± 33.8 mgm�3, not

exceeding the national threshold of 50 mgm�3 (Ordinance no. 353-
A/2013, 2013). Once more, the concentrations found in smokers'
bedrooms (67.5± 22.8 mgm�3) were approximately 6 times higher
than those of non-smokers (11.0± 6.9 mgm�3). A higher fine mass
fraction was observed in smokers’ bedrooms compared to non-
smokers, with PM2.5 accounting for 89± 6% of PM10 versus
79± 19%, respectively (Table S5).

A preliminary single-room study with a non-smoking occupant
in an urban area was designed to evaluate different natural venti-
lation patterns (focusing on opening of windows and door) and
their impact on IAQ. With this purpose PM2.5 and PM10 were
continuously monitored (Canha et al., 2017). The ventilation con-
dition that led to higher PM concentrations was the one with open
door and open window (PM10¼ 27.9± 4.6 mgm�3 and
PM2.5¼ 26.3± 4.3 mgm�3), while open door and closed window
gave rise to the lowest mean PM concentrations
(PM10¼18.5± 4.7 mgm�3 and PM2.5 ¼ 17.9± 4.5 mgm�3). There-
fore, outdoor infiltration may contribute to enhanced PM levels
inside bedrooms, which may depend on the type of area where the
house is located (urban versus rural, for instance). Although
ventilation was not under consideration in the present work, the
mean concentrations found in this preliminary study are higher
than those reported here for non-smokers, but lower than for
smokers. In addition, for non-smokers, the values were similar to
the ones reported in a study performed in 4 bedrooms, with 2
occupants each, in Portuguese elderly care centres (Almeida-Silva
et al., 2014b), with mean PM10 concentrations of 11 mgm�3.

The PM2.5 concentrations provided by the present study are in
the range of values reported for UK households of smokers and
non-smokers (Semple et al., 2015). The smokers’ homes presented a
median concentration of 31 mgm�3 (ranging from 10 to 111 mgm�3,
n¼ 93), whereas this value decreased to 3 mgm�3 in smoke-free
homes (ranging from 2 to 6.5 mgm�3, n¼ 17). These values were
monitored in the living room of the households for 24 h, instead of
in a bedroom during the sleep period, as it was done in the present
study. However, the magnitude of values is similar in both studies,
attesting the contribution of smoking to the degradation of IAQ.

3.6.2. Lung deposited surface area (LDSA)
Ultrafine particles are characterised by having a high surface

area per mass (Reche et al., 2015). It has been reported that particle
surface plays a significant role in determining the toxicological
activity of these particles (Reche et al., 2015; Weichenthal, 2012).
Lung Deposited Surface Area (LDSA) has been considered as a more
relevant potential biological metric in terms of exposure and risk
assessment (Levin et al., 2016) since it provides insights into the
association between aerosol particle properties and health out-
comes (Hama et al., 2017).

Fig. 4 presents LDSA concentrations during the sleep period in
11 different bedrooms. Bedroom 11 was not assessed due to oper-
ational problems of the monitoring device. The mean LDSA con-
centration monitored in all studied bedrooms was 30.5 ± 28.3 mm2.
cm�3 (ranging from 7.3 to 95.2 mm2. cm�3). In smokers’ bedrooms, a
mean LDSA concentration of 49.6± 31.7 mm2. cm�3 (ranging from
21.4 to 95.2 mm2. cm�3) was found, while for non-smokers lower
values were obtained, in the range from 7.3 to 33.7 mm2. cm�3,
averaging 19.5± 11.2 mm2. cm�3. Mean concentrations of LDSA in
the bedrooms of smokers and non-smokers were found to be
significantly different (p-value of 0.047).

Table S6 (Supplementary Information e section 7.7) provides an
overview of LDSA concentrations in different types of outdoor and
indoor environments documented in the literature. Mean outdoor
LDSA concentrations ranged from 12 mm2. cm�3 (Helsinki, Finland

Fig. 3. PM2.5 and PM10 concentrations monitored during the sleep period in 10
different bedrooms.
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(Kuuluvainen et al., 2016)) to 153 mm2. cm�3 (Los Angeles, USA
(Ntziachristos et al., 2007)), while mean indoor LDSA levels varied
from 10 mm2. cm�3 (in a bedroomwith two occupants at an elderly
care centre in Lisbon, Portugal (Almeida-Silva et al., 2014a)) to
150 mm2. cm�3 (at schools in Cassino, Italy (Buonanno et al., 2012)).
The LDSA concentrations of the present study are fairly within this
interval, ranging from a minimum value of 7.3± 1.0 mm2. cm�3

(bedroom 9) to a maximum of 95.2± 30.4 mm2. cm�3 (bedroom 12).
However, the results of the present study are lower than those
(42e140 mm2. cm�3) reported for the children's sleep period in
Cassino, Italy (Buonanno et al., 2012). The main distinguishable
factor between these studies is the fact that the research in Italy
was focused on personal exposure, which means that the moni-
toring device was closer to the children's breathing area while
sleeping, whereas this study aimed to assess the LDSA concentra-
tions in the bedroom ambient air, positioning the monitoring de-
vice 1m away from the bed. It has been reported that LDSA
concentrations in the personal cloud of the individual are higher
than in the surrounding environment (Cattaneo et al., 2010; Licina
et al., 2017).

Cooking is a major source of ultrafine particles indoors, as re-
ported by several studies (Geiss et al., 2016). Cooking different
types of meals showed LDSA values ranging from 73± 7.4 mm2. m�3

(baseline) to 890± 38.3 mm2. m�3 (boiling fish) at an unventilated
kitchen (Lisbon, Portugal) (Bordado et al., 2012). In a study con-
ducted in a private house in Ispra (Italy), LDSA concentrations
ranging from 19 to 134 mm2. m�3, averaging 61 mm2. m�3, were
obtained in the living room when the woodstove was working
(Geiss et al., 2016). Specific activities may also produce high con-
centrations of LDSA with peaks several orders of magnitude above
the usual levels in indoor or outdoor environments, such as incense
burning (peak of 872 mm2. m�3), candle burning (226 mm2. m�3),
3D-printer (72 mm2. m�3) and tobacco cigarette (1040 mm2. m�3)
(Geiss et al., 2016). As shown before, the infiltration of pollutants
from other rooms of the house, such as the kitchen, or from the
outdoor, to the bedroom, can take place and may promote accu-
mulation of contaminants in this specific micro-environment
(Canha et al., 2017). This can explain the significantly high LDSA
concentrations found in the present study in the smoker's bed-
rooms when compared to the non-smoker’ bedrooms.

3.6.3. Particle number concentration
Fig. 5 presents the particle number concentrations (PNC) during

the sleep period in 11 different bedrooms. As described in section
3.6.2., bedroom 11 was not assessed. Mean PNC were found to be
(1.7± 1.2) x 103. cm�3 in all studied bedrooms, ranging from 0.6 to

4.8� 103. cm�3. Mean PNC were higher in smokers' bedrooms
(mean value of (2.4± 1.7) x 103. cm�3, ranging from 1.0 to 4.8� 103.
cm�3) than in non-smokers’ bedrooms (mean value of (1.2± 0.7) x
103. cm�3, ranging from 0.6 to 2.0� 103. cm�3). However, mean
PNC in smokers and non-smokers’ bedrooms were not significantly
different (p-value of 0.156).

In a study in 56 residences of non-smokers in Copenhagen
(Denmark), a geometric mean of 5.1� 103. cm�3 was found when
the occupants were asleep (Bek€o et al., 2013). However, those PNC
values were monitored in the living rooms, instead of the bed-
rooms. Several studies have shown that PNC in households are
mainly originated from candle burning and cooking activities (Bek€o
et al., 2013; Isaxon et al., 2015). No PNC valuesmonitored during the
sleep period can be found in the literature, to the best of our
knowledge.

3.6.4. Association between PM2.5 and LDSA/PNC
Fig. 6 shows the correlations of PM2.5 with LDSA and PNC. The

LDSA concentrations presented an excellent correlation with PM2.5
(R2¼ 0.95). This linear regression can be used to roughly estimate
the LDSA concentration in sleep environments based on the PM2.5
measurements. In a study carried out in outdoor environments in
Helsinki (Finland), the slopes of the PM2.5 vs. LDSA regression
ranged from 1.8 (residential area e suburban) to 7.2 (traffic site e

Fig. 4. Lung deposited surface area (LDSA) of particles monitored during the sleep
period in 11 different bedrooms. Red line is the mean value of the 11 bedrooms
(30.5 mm2. cm�3). (For interpretation of the references to colour in this figure legend,
the reader is referred to the Web version of this article.)

Fig. 5. Particle number concentration during the sleep period in 11 different bed-
rooms. Red line is the mean value of the 11 bedrooms (1.7� 103. cm�3). (For inter-
pretation of the references to colour in this figure legend, the reader is referred to the
Web version of this article.)

Fig. 6. Correlation of PM2.5 with and lung deposited surface area (blue) and particle
number concentration (orange) during the sleep period. (For interpretation of the
references to colour in this figure legend, the reader is referred to the Web version of
this article.)
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city centre), increasing with the influence of traffic (Kuuluvainen
et al., 2016). PNC presented a good correlation with PM2.5
(R2¼ 0.87) during the sleep period, which can be also used to
roughly estimate PNC values in sleep environments from the PM2.5
measurements.

3.7. Considerations

An increase number of scientific evidences in the last decades
confirmed the negative health impacts of smoking and exposure to
secondhand smoke (SHS) (€Oberg et al., 2011; United States
Department of Health and Human Services, 2014). In order to
protect non-smoking population of SHS, several countries world-
wide have implemented restrictions on smoking in public areas,
establishing minimum distances from doorways where smokers
could smoke, non-smoking buildings and smoking bans in specific
sites, such in some university campi (DeCarlo et al., 2018). In recent
years, a different human exposure route to smoking's products has
been studied, namely thirdhand smoke (THS), which is the
persistent residue generated from aged SHS that adheres to
clothing, indoor dust and surfaces and reemits into the air
(Northrup et al., 2016). In a simpler way, THS is the fraction of
cigarette smoke that persists in indoor environments after smoking
(Hang et al., 2017). It was already showed that early exposure toTHS
may have a negative health impact on mice, namely regarding their
body mass and the development of immunity. More recently, it was
also found that skin exposure to an important component of THS
can exacerbate pathological features of asthma in mouse (Yu et al.,
2018).

The present study showed that the fact of a person is a smoker
will somehow constrain the air quality during the sleep period,
with some influence of THS, probably due to reemission of SHS
previously adsorved to surfaces, such as clothes, hair and skin, as
described in previous researches (Bahl et al., 2014).

It is noteworthy to highlight the need to critically evaluate LDSA
concentrations since the different available techniques may not be
fully comparable (Levin et al., 2016). Furthermore, the impossibility
of measuring particle size distributions renders difficult the eval-
uation of air quality and its effects (Todea et al., 2015). LDSA con-
centrations of the present study agree with those described in the
literature, which indicates that the instrument is not completely off
the scale. However, to obtain firm conclusions on its applicability/
reliability it would be necessary to take some “gold standard”
reference instrument and run it in parallel.

A limitation of this study is the monitoring of only one night per
individual and the small study group of only 12 individuals. Since
this research can be classified as a preliminary evaluation, further
studies should consider monitoring over several nights to assess
the possible variation of pollutant concentrations, as well as a
higher number of individuals to increase the population repre-
sentativeness. Moreover, in future studies, specific VOCs, such as
acetone, may have a particular interest to be monitored during
sleep since it is a by-product of the human metabolism and is
exhaled by breath (from 300 ppbv in healthy individuals to more
than 1800 ppbv in diabetics (Righettoni et al., 2012).

Since the use of a portable device, based on a PID sensor, can
withdraw selectivity to the measured VOCs as compared to the
reference method (active sampling on Tenax TA® sorbent, thermal
desorption and analysis by gas chromatography using Mass Spec-
trometer/Flame Ionisation Detector) (Ordinance no. 353-A/2013,
2013), the high values obtained in this study should be taken as
indicative and as awarning for a more exhaustive monitoring in the
future.

4. Conclusions

This study provided some insights into the IAQ that people are
exposed to while sleeping, considering a multi-pollutant approach.
IAQ monitoring during sleep is a challenge due to eventual in-
terferences of instruments under operation with the sleep of in-
dividuals. However, the strategy adopted showed to be successful,
allowing to characterise IAQ during sleep. The Pegasor AQ™ Indoor
provided reliable results regarding particulate matter and carbon
dioxide, with the advantage of gathering in one easy to use device
several parameters for a wider characterisation of IAQ. Overall, this
instrument allowed to assess temperature, relative humidity, CO2,
PM2.5 and ultrafine particles (focusing on LDSA and PNC).

Taking into account the limit values for some IAQ parameters
established by the national legislation, it was found that some non-
smoking subjects are exposed to higher VOCs levels, while smokers
are exposed to higher values of CO2, CO, VOCs, CH2O, PM2.5 and
PM10 during sleep. Taking into account the good correlations be-
tween PM2.5 concentrations and measurements of either LDSA or
PNC, it seems that there is a possibility of constructing predictive
models to estimate the latter parameters. However, given the poor
sample representativeness, to confirm this hypothesis, additional
measurements involving a thorough analysis of time-series com-
parisons with more sophisticated instruments would be required.

Despite no smoking was done indoors, the results suggest that
smokers exhibit a significant higher exposure to CO, PM2.5, CH2O,
PM10 and LDSA during sleep than non-smokers.

Further studies regarding exposure to air pollutants during
sleep should be conducted involving a wider target group. The
preliminary conclusions that people are usually exposed to higher
levels of pollutants during sleep, which can greatly contribute to
their daily exposure, should be corroborated by additional in-
vestigations. Moreover, considering these results, future studies
should also focus on the impact of IAQ on the sleep quality of the
occupants in order to assess which environmental factor may
interfere with a good night of sleep.
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a b s t r a c t

While commuting, individuals are exposed to high concentrations of urban air pollutants that can lead to
adverse health effects. This study aims to assess commuters’ exposure to particulate matter (PM) when
travelling by car, bicycle, metro and bus in Lisbon. Mass concentrations of PM2.5 and PM10 were higher in
the metro. On the other hand, the highest BC and PN0.01-1 average concentrations were found in car and
bus mode, respectively. In cars, the outdoor concentrations and the type of ventilation appeared to affect
the indoor concentrations. In fact, the use of ventilation led to a decrease of PM2.5 and PM10 concen-
trations and to an increase of BC concentrations. The highest inhaled doses were mostly observed in
bicycle journeys, due to the longest travel periods combined with enhanced physical activity and,
consequently, highest inhalation rates.

© 2019 Elsevier Ltd. All rights reserved.

1. Introduction

Particulate air pollution is a major concern around the world
since exposure to particulate matter (PM) leads to an increase in
mortality and morbidity owing to respiratory and cardiovascular
diseases and increased risk of cancer (Almeida et al., 2014; Kampa
and Castanas, 2008; Pinault et al., 2017; WHO, 2013).

The basis of the human daily exposure estimation involves the
microenvironment concept, since each microenvironment con-
tributes differently to exposure, and considers the pollutants con-
centrations and the time that individuals spend in each
environment.While commuting, individuals are inevitably exposed
to high concentrations of traffic related air pollutants, in concen-
trations that usually exceed the limits set by the air quality guide-
lines (EEA, 2017). Among the traffic related air pollutants it stands
out PM and also black carbon (BC) as they are some of the major
contributors to the bad air quality in the transport microenviron-
ment (Dall’Osto et al., 2012; Dons et al., 2012; HEI, 2010; Karagulian
et al., 2015; Resquin et al., 2018). In spite of the small amount of
time that people spend on their daily commutes in urban areas, the
high concentrations of pollutants in this microenvironment lead to
an important contribution of commuting to the human daily

exposure to air pollutants. Therefore, it is essential to assess the
exposure while commuting by the modes of transport most
frequently used by the urban population. Over the last few years,
the number of studies addressing this subject has increased, and all
of them concluded that the transport microenvironment is asso-
ciated with high concentrations of air pollutants (Adams et al.,
2001; Alameddine et al., 2016; Asmi et al., 2009; Berghmans
et al., 2009; de Nazelle et al., 2012; Goel et al., 2015; Huang et al.,
2012; Kaur and Nieuwenhuijsen, 2009; Ramos et al., 2016, 2015).

The assessment of exposure during commuting is not trivial
since there are several factors that may influence it, such as, mode
of transport (Adams et al., 2001; de Nazelle et al., 2012; Goel et al.,
2015; Ham et al., 2017), route (Adams et al., 2001; Tan et al., 2017),
time of the day (Asmi et al., 2009; Berghmans et al., 2009;
Betancourt et al., 2017), traffic conditions (Adams et al., 2001;
Hatzopoulou et al., 2013; Kaur and Nieuwenhuijsen, 2009; Li et al.,
2017), meteorological conditions (Adams et al., 2001; Alameddine
et al., 2016; de Nazelle et al., 2012; Kaur and Nieuwenhuijsen,
2009), street configuration (Betancourt et al., 2017; Hatzopoulou
et al., 2013; Kaur et al., 2005), and type of ventilation
(Alameddine et al., 2016; Ham et al., 2017; Wu et al., 2013), among
others. For this reason, the individual exposure during commuting,
displays a wide spatial and temporal variability (Steinle et al., 2013)
and, therefore, the field assessment of human exposure is
challenging.* Corresponding author.
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This study aims to assess commuters’ exposure to PM with
aerodynamic diameter (AD) smaller than 2.5 mm (PM2.5) and 10 mm
(PM10), BC and also PMwith AD between 0.01 and 1 mm (PN0.01-1) in
the modes of transport most frequently used in Lisbon (car, bicycle,
metro and bus). To the author’s knowledge, information on Indoor-
to-Outdoor (I/O) ratios for transport vehicles is very scarce and the
existing one is mostly based on the outdoor concentrations
measured in the fixed monitoring stations. Therefore, the innova-
tive work of this study was to carry out measurements simulta-
neously in the indoor and outdoor when commuting by car and
bus, and to determine the real I/O ratios. In addition, average
inhaled doses were calculated for each pollutant and mode of
transport. The obtained results generate valuable base information
that may be further used in air pollution assessment studies
following the microenvironment approach. I/O ratios for key mi-
croenvironments (including the transport microenvironment) may
be combined with modelled outdoor air concentrations, time ac-
tivity patterns and inhalation rates, for the estimation of individual
and population exposure to air pollutants and respective dose to
the human organism.

2. Method

2.1. Study design

This study was performed in the Lisbon Municipality that, in
2017, had 505 526 inhabitants (Pordata, 2017). The field measure-
ments were conducted in the four modes of transport most
frequently used in the city (car, bicycle, metro and bus); in a
selected route, that covers a distance of 6.7 km. This route was
chosen because it is representative of the daily commutes of the
citizens, as it starts in Telheiras, a residential area, and ends in Praça
dos Restauradores located in the city centre. Furthermore, this
route is of special interest since along it there are different traffic
conditions, street planning, among others, that will affect air
quality. In fact, the route, that will be later segregated in several
zones (Fig. 8(1)), starts in a residential area characterized by the
lowest traffic density, being followed by areas with higher traffic
densities, such as a busy cross-road with an interface of transports
that connects the residential area of Telheiras and the Campo
Grande Avenue where, although the traffic density is also high, it
has the peculiarity of existence of a central garden with a bike path
and lateral traffic roads. After that, the route is composed by
República, Fontes Pereira de Melo and Liberdade Avenues. The last
two avenues are different from the others because, besides the high
traffic density, they have tall buildings (Fontes Pereira de Melo) and
high trees (Liberdade) creating low dispersion conditions. The
dedicated bus path is contiguous to the road where cars run. The
bicycle paths are located near the road, except in Campo Grande
Avenue as already described. Furthermore, along this route there
are two urban traffic monitoring stations (Entrecampos, which is
near Campo Grande, and Liberdade Avenue) and one urban-
background monitoring station (Olivais), where the concentra-
tions of PM2.5 and PM10 are measured and considered for com-
parison reasons.

Measurements were performed 5 times a day (at 8h, 10h30, 13h,
18h and 20h) during 21 weekdays from June to October 2018 in a
105 set of periods of measurement. For themetro and bicyclemode,
measurements were performed during 3 days each, whereas for car
mode measurements were performed during 10 days and during 5
days for bus mode. The average duration of trips was 41min,
84min, 67min and 77min for car, bicycle, metro and bus mode,
respectively.

There was no control over the ventilation system in buses, and
so the types of ventilation used were unknown during all the days

of measurements. In order to increase the representativeness of
this work and to cover a wide range of exposure conditions during
commuting with private vehicles as it happens in the city of Lisbon,
measurements were performed in cars from different brands and
models powered by different types of fuels: 3 Diesel cars, 2 gasoline
cars and 1 electric car. This selection of cars was done based on
availability and it aims to represent the different types of cars used
on Lisbon’s commutes. Moreover, in these 6 cars, 3 types of venti-
lation were tested: moderated ventilation (that refers to the use of
ventilation at moderated intensity without air conditioning and
with entrance of fresh air), no ventilation (ventilation was turned
off and all the entrances of air were closed) and with air condi-
tioning (air conditioning set at moderated intensity with entrance
of fresh air).

The levels of exposure to PM2.5, PM10, BC and PN0.01-1 were
measured for each mode of transport. Furthermore, in cars and
buses, concentrations of PM2.5, PM10 and BC were measured in the
indoor and outdoor air simultaneously, to determine the I/O ratios.

The inhaled dose for each pollutant under study was deter-
mined according to Equation (1):

Pinhaled dose ¼ ½P� � IR� T (1)

where [P] is the pollutant concentration (PM2.5, PM10 and BC in mg
m�3 and PN0.01-1 in # cm�3), IR is the inhalation rate (m3 h�1) and T
is the time spent travelling (h). Due to the lack of equipment to do
so, it was not possible to determine the inhalation rates while
commuting in Lisbon, and thus the inhalation rates were set to
0.6m3 h�1 for passive modes of transport (car, metro and bus) and
1.7m3 h�1 for active modes of transport (bicycle) (Buonanno et al.,
2011).

2.2. Measurements and sampling equipment

Personal Environmental Monitors where used to measure PM2.5
(PEM for PM2.5 no. 761-203B, SKC Inc., USA) and PM10 concentra-
tions (PEM for PM10 no. 761-200B, SKC Inc., USA). This equipment
consists of compact personal sampling device with a single stage
impactor. The collection substrates were polytetrafluoroethylene
filters (PTFE) with 37mm in diameter. The PEM was connected to
an air suction pump (Leland Legacy, SKC Inc., USA), whose flow rate
(10 Lmin�1), was checked at the beginning of each sampling period
with a DryCal primary flowmeter (Bios Defender 510, MesaLabs,
USA). The flow was always set to within ±0.05 Lmin�1 of the
desired flow rate. Before and after sampling, filters were weighed
by means of a microbalance using the procedure described in
EN12341. After a series of tests, it was verified that, in order to
collect a sufficient mass of particles, it would be necessary to collect
particles for at least 4 h in the transports microenvironment.
Therefore, it was stablished that each filter would collect particles
during a day of measurements, that is, during the five periods of
measurements that were performed in each day for each mode of
transport under study. Considering that, the PM2.5 and PM10 mass
concentrations from the filters correspond to the average PM
concentrations for each mode of transport in a day of
measurements.

Twomicroaethalometers (microAeth AE51, AethLabs, USA) were
used to assess BC mass concentrations in real-time through the
measurement of the changes in absorption of transmitted light at
880 nmwith continuous collection of BC particles in a small Teflon-
coated borosilicate glass fiber filter (T60) which is housed in an easy
to replace filter strip. To maintain measurement integrity and
prevent filter saturation, the filter was replaced whenever the
equipment indicated as necessary, that is when the optical density
reaches a certain level, and thus did not require any kind of
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correction to deal with loading effects. For both micro-
aethalometers, the pump flowrate was set to 100mLmin�1 and the
data recorded every 10 s, which is the recommended by the
manufacturer for traffic and transportation impacts. The data
collected from this equipment was corrected in the software
Optimized Noise-Reduction Algorithm (ONA, EPA, USA), which re-
duces signal noise in the real-time black carbon data through an
adequate attenuation (Hagler et al., 2011).

A Condensation Particle Counter (CPC 3007, TSI Inc., USA) was
used to assess the number concentrations of PN0.01-1. This equip-
ment uses isopropyl alcohol (IPA) 99.5% pure or better as its
working fluid. To ensure that the CPC’s Alcohol Cartridge had the
required amount of IPA, before eachmeasurement it was soaked for
a sufficient amount of time in the alcohol fill capsule. Furthermore,
in order to obtain a higher resolution of data the equipment was set
to the smallest log interval it allows, that is equal to 1 s. According
to the manufacturer recommendations, no correction for coinci-
dence effect was applied because particle concentration never
exceeded 1� 105 cm�3.

Finally, a GPS (GPS eTrex 20, Garmin, USA) was used to record
position as a function of time. This data was used to correlate the
pollutants concentrations and the position along the route.

The equipment measuring personal exposure was placed at
breathing height in each one of themodes of transport under study.
Furthermore, to determine de I/O ratios, PM2.5, PM10 and BC out-
door concentrations were measured when commuting in cars and
buses. In cars, the equipment measuring the outdoor concentra-
tions was fixed to a sponge, immobilized by the window of the
vehicle, which prevented air intake to the interior of the vehicles. In
buses, the indoor and outdoor measuring points were placed as far
as possible from each other, to minimize interferences caused by
the incomplete isolation of the window holding the outdoor air
inlets.

2.3. Statistical analysis

Statistical tests were carried out in STATISTICA software. Results
were analysed using non-parametric statistics, hence they do not
consider any assumptions related to the distribution, such as
normality. Mann-Whitney U test was used to compare two samples
that are non-parametric and independent (as, for example, the
concentrations of a pollutant in two different modes of transport).
This test compares medians to suggest if two samples are from the
same population. The tests were considered significant for p< 0.05.

3. Results and discussion

3.1. PM2.5 and PM10

3.1.1. Average PM mass concentration
Arithmetic mean PM2.5 mass concentrations for each day of

measurements ranged from 20.7 to 61.6 mgm�3 during commuting
by the differentmodes of transport. Themean PM2.5 concentrations
(±standard deviation) were 33.7± 8.6 mgm�3 (being the geometric
mean, GM, equal to 32.9 mgm�3), 30.5± 9.0 mgm�3

(GM¼ 29.6 mgm�3), 37.8± 20.8 mgm�3 (GM¼ 34.5 mgm�3) and
28.4± 5.3 mgm�3 (GM¼ 28.0 mgm�3) for car, bicycle, metro, and
bus, respectively. Considering all modes of transport, the PM2.5

exposure levels were from 1.8 to 2.4 times higher compared to the
traffic station of Entrecampos and 2.4 to 3.2 times higher
comparing with the background station of Olivais. Boogaard et al.
(2009) reported that in 11 Dutch cities the overall mean PM2.5
concentrations were 49.4 mgm�3 for the car and 44.5 mgm�3 for the
bicycle microenvironment. Moreno et al. (2015b) found that the
average PM2.5 concentrations inside the metro and when travelling

by bus in Barcelona were equal to 43.0 mgm�3 and 45.0 mgm�3,
respectively. In general, these concentrations were higher than the
ones found in Lisbon commutes, being that for metro journeys, the
concentration values were not considerably different. Finally, Lara
(2014) reported that, in London, PM2.5 concentrations were
7.3 mgm�3, 34.5 mgm�3 and 13.9 mgm�3 for car, metro and bus,
respectively. In this case, concentrations were lower than the ones
measured in Lisbon.

PM10 concentrations varied from 39.4 to 120.6 mgm�3 consid-
ering all the modes of transport under study. The mean PM10
concentrations were 41.5± 10.1 mgm�3 (GM¼ 40.5 mgm�3),
42.2± 10.3 mgm�3 (GM¼ 41.4 mgm�3), 84.1± 34.0 mgm�3

(GM¼ 79.5 mgm�3) and 39.6± 0.3 mgm�3 (GM¼ 42.1 mgm�3) for
car, bicycle, metro, and bus, respectively. Similarly, to PM2.5, the
exposure levels of PM10 were enhanced while commuting. In fact,
the exposure levels increased from 1.6 to 3.4 and from 1.1 to 2.3
times when comparing with the traffic stations of Entrecampos and
Liberdade Avenues, respectively. Besides that, concentrations were
enhanced from 1.7 to 3.6 times when comparing with the back-
ground station of Olivais. Hwang et al. (2017) reported that, inside
the Seoul metro, the average PM10 concentrations were
41.5± 10.1 mgm�3, a value much lower than the one found in
Lisbon.

As it is shown in Fig. 1, the highest PM2.5 concentrations were
measured inside the metro and cars, while slightly lower concen-
trations were found for the bicycles. This may be due to the fact
that, in parts of the route, the bicycle pathway is far from the road
and, therefore far from the traffic emissions (EEA, 2014; Karagulian
et al., 2015). The lowest average PM2.5 concentrationwas registered
in bus mode. Buses run on dedicated lines, being less prone to
traffic delays, which could lead to a reduction in exposure levels.
Moreover, the buses air filters may have been more efficient in the
removal of particles from the ambient air entering in the cabin.

PM10 average mass concentration was higher in the metro due
to the elevated levels registered in the coarse fraction, which is
similar to what was found in Barcelona by Moreno et al. (2015a).

In fact, the sources of PM in the metro contribute significantly to
the coarser particle fraction. According to Martins et al. (2015),
emission sources like abrasion of rails, wheels and brakes and also
the resuspension of particles due to turbulence lead to higher PM
concentrations in the metro system.

Considering the road modes of transport, the coarse particle

Fig. 1. Average PM2.5 and PM2.5-10 concentrations (mg m�3) for car, bicycle, metro and
bus modes.
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fraction was higher in the bicycle mode compared to cars and
buses, as expected, since the filters of the ventilation system in
vehicles are efficient in removing larger particles from the
incoming outside air (Kumar and Goel, 2016). Besides that, the bi-
cycle pathway crosses a green area and a construction zone. Ac-
cording to Berghmans et al. (2009), peaks of PM10 can be attributed
to construction activity. Moreover, it should be noted that the
coarse fraction is significantly higher in busmode than in car mode.
This may be due to the frequent opening of bus doors and the
movement of passengers that can promote the entrance and
resuspension of coarse particles.

The largest variability in PM2.5 and PM10 concentrations was
found in the metro, demonstrating how the different environ-
mental conditions, such as variations in ventilation and the influxof
people, affect indoor PM levels in this microenvironment.

3.1.2. Indoor-to-Outdoor PM concentration
Fig. 2 shows the I/O ratios for PM2.5 and PM10 in the different car

samples.
The use of mechanical ventilation (moderated intensity or with

air conditioning) led to lower concentrations of PM2.5 and PM10
inside the vehicles because the cars’ air filters prevented partially
the penetration of particles to the interior, as it was also reported by
Alameddine et al. (2016). In the without-ventilation scenario,
higher I/O ratios were observed, which may be attributed to the
accumulation of particles in the absence of ventilation. Similarly
Kumar and Goel (2016) also observed that the highest mean PM10
concentrations in-cabin occurred when the windows were closed
and the fan and heating off, suggesting that there will be a decrease
in dilution (and hence an increase in PM10) with the decrease in air
exchange rate. In fact, in the absence of ventilation the entrance of
fresh may occur through infiltration. Moreover, the resuspension of
coarser particles is considered a source of PM2.5 and PM10 in the
cabin (Leavey et al., 2017). Therefore, while the use of ventilation
led to I/O ratios lower than 1, the reverse occurred when no
ventilation was used. The use of air conditioning resulted in a
reducing effect of PM concentrations inside the vehicles, as it was
also reported by Wu et al. (2013).

Regarding the buses, a wide range of vehicles was studied,
introducing a large variability of bus types and most likely venti-
lation types. Results indicate that the concentrations indoors were
lower than the ones outdoors, resulting in an average I/O ratio
equal to 0.72 for PM2.5. Unlike the results obtained in Lisbon, in

Bogot�a (Colombia), Betancourt et al. (2017) reported that concen-
trations were higher inside buses, maybe due to inadequate/
insufficient ventilation.

3.2. Black carbon

3.2.1. Average BC mass concentration
Fig. 3 shows that the average BC concentrations were higher in

the car mode (5.5± 5.9 mgm�3, GM¼ 5.7 mgm�3), followed by
metro (4.6± 3.6 mgm�3, GM¼ 4.4 mgm�3), bicycle (3.8±
5.7 mgm�3, GM¼ 3.7 mgm�3) and bus (1.6± 5.2 mgm�3,
GM¼ 2.4 mgm�3). This is in linewith previous studies, such as Dons
et al. (2012) who reported, in Flanders (Belgium), BC concentrations
equal to 5.6 mgm�3 in car, 5.1 mgm�3 in metro and 3.2 mgm�3 in
bicycle mode. Rivas et al. (2017) reported that, in London (United
Kingdom), BC concentrations were 4.4 mgm�3 when travelling by
car and 5.4 mgm�3 for bus mode. These values are lower for car
mode, and higher for bus mode than the average concentrations
found in Lisbon. Williams and Knibbs (2016) made measurements
in differentmodes of transport in Queensland (Australia) and found
BC concentrations equal to 2.4± 2.8 mgm�3 for bus, 1.7± 4.0 mgm�3

for car, and 1.0± 1.2 mgm�3 for bicycle mode, being these concen-
trations lower than the ones measured in Lisbon, except for buses.

Considering the road modes of transport, concentrations were
higher in car followed by bicycle and bus modes. Concentrations in
cars and busesmay depend on the type of ventilation used, as it will
be discussed in the next section. Besides that, buses run in a
dedicated road, being less impacted by stop-and-go traffic and
therefore less in contact with the main BC source (traffic exhaust
emissions). Furthermore, the bus filters may have been efficient in
the removal of the small particles of BC from the outside air.
Regarding the BC concentrations measured while commuting by
bicycle, they were smaller than the ones measured in car mode,
which can be explained by the fact that, in parts of the route, the
bicycle paths are separated from the roadway and thus, separated
from the main sources of BC in the microenvironment.

In the metro, the absence of combustion sources such as
vehicular emissions is expected to lead to lower concentrations of
BC. Despite this fact, BC from the ambient air may be transported
into the metro through the ventilation system; since the air inlet is
often located at low height and near the road. Particles associated
to BC have small diameters (Gong et al., 2016) and, therefore, may
not be efficiently removed by the filters in the metro ventilation
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Fig. 2. I/O ratios for PM2.5 and PM10 in cars, considering different types of ventilation
used. Fig. 3. Average BC concentrations (mg m�3) for car, bicycle, metro and bus modes.
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system. Furthermore, the main sources of PM in the metro, that are
the mechanical abrasion between rails, wheels and brakes, result in
high concentrations of particulate iron (Moreno et al., 2015a; Rivas
et al., 2017). This could result in a BC overestimation by the
microAeth AE51, since iron absorbs light at wavelengths similar to
BC (Chow et al., 2004; Karanasiou et al., 2015).

3.2.2. Indoor-to-Outdoor BC concentration
In order to attest if different ventilation settings would bring

differences in BC concentrations inside cars, a dedicated test was
conducted, as shown in Fig. 4. When ventilation was switched off,
BC concentrations were significantly lower (p< 0.0001) than when
ventilation was on. This attests the huge influence of ventilation on
the levels of BC inside cars. In the case of no ventilation, the reduced
entrance of air in the cabin led to low BC concentrations.

In order to better understand the influence of ventilation on BC
levels inside cars, the recorded indoor and outdoor concentrations
were segregated according to the I/O ratios associated to each day
of measurements (Fig. 5). When ventilation was switched off, I/O
ratios were lower than when ventilation was on. This attests the
huge influence of ventilation on levels of BC inside cars. In the case
of no ventilation, the reduced entrance of air in the cabin led to low
BC concentrations, which is because there is a smaller volume of air
and therefore a lower amount of pollutants entering in the cabin

than when ventilation was used, and there are no interior sources
of BC. Other studies have also indicated that the penetration of
exhaust particles in-vehicle decreases with a decrease in air ex-
change rate, resulting in decreasing concentrations of finer parti-
cles (Hudda et al., 2011; Kumar and Goel, 2016). On the other hand,
when the ventilation was switched on, it resulted in higher con-
centrations indoor than outdoor and thus to I/O ratios higher than
1. This could be explained by the fact that common air filters are not
efficient in the removal of the smaller particles to which BC is
frequently associated (Gong et al., 2016). Therefore, common filters
had a low efficiency in BC removal from the air that enters in the car
cabins, which may have led to the accumulation of BC inside the
cars. Similarly, Hudda et al. (2011) also observed that the highest
concentrations of finer particles occurred under windows closed
and fan at maximum-power, evidencing that the infiltration of
outside air with exhaust particles increase with the increase in air
exchange rate. Unlike what happened for PM2.5 and PM10, BC
concentrations indoors increased with the use of ventilation,
except for one vehicle (No 4 in Fig. 5). Vehicle 4 is a Diesel vehicle
equipped with a high efficiency actived carbon filter, which ac-
cording to results obtained, was more efficient in the removal of BC
from the air that entered in the cabin.

BC is known to be associated with fine particles (Ning et al.,
2013) that may not be efficiently removed by common air filters,
resulting in higher indoor concentrations when ventilation is on.
On the contrary, when no ventilation was used, the impact of the
ambient air on indoor concentrations was minimum, since the
entrance of outdoor air was also minimized. Ham et al. (2017) also
verified that the prevention of intake of fresh air resulted in lower
in-vehicle BC concentrations.

Regarding the buses, results indicate that the BC concentrations
indoors were lower than the ones outdoors, resulting in an average
I/O ratio equal to 0.61.

3.3. PN0.01-1

3.3.1. Average PN0.01-1 number concentrations
The highest PN0.01-1 number concentrations were measured for

the bus mode (28363± 20939 cm�3, GM¼ 27450 cm�3), followed
by bicycle (23213± 18715 cm�3, GM¼ 21513 cm�3), car
(18512± 14740 cm�3, GM¼ 19813 cm�3) and metro mode
(15775± 10209 cm3, GM¼ 15514 cm�3) being that the concentra-
tions inside the bus were significantly higher (p< 0.001) than the
ones in the other modes of transport, and besides that, PN0.01-1
concentrations inside the cars or in the metro were significantly
smaller (p< 0.0001) than the ones in bicycle or bus mode (Fig. 6).

de Nazelle et al. (2012) reported that, in Barcelona (Spain),
PN0.01-1 concentrations were equal to 117600 cm�3 for car,
75300 cm�3 for bicycle and, 52300 cm�3 for bus mode. These re-
sults were higher than the ones obtained in Lisbon which could be
related to different traffic conditions at the two cities. Boogaard
et al. (2009) reported that in 11 Dutch cities PN0.01-1 concentra-
tions were equal to 25545 cm�3 and 24329 cm�3 for car and bicycle
mode, respectively. These are concentrations higher than the ones
found in Lisbon, specially for car mode.

While BC is a primary pollutant, proxy for traffic pollution,
PN0.01-1 may be either of primary origin (mainly emitted during
combustion processes) or of secondary origin, resulting from gas-
to-particle conversion (Berghmans et al., 2009; Dall’Osto et al.,
2012; Seinfeld and Pandis, 2006). This may add a difficulty in un-
derstanding the behavior of PN0.01-1 concentrations in the traffic
environment.

In the metro microenvironment, Mendes et al. (2018) reported
that concentrations of smaller particles, such as PN0.01-1, are mainly
the result of intrusion of ambient air, rather than indoor sources,

Fig. 4. Influence of ventilation on BC concentrations (mg m�3) inside a car.

Fig. 5. BC I/O ratios for cars, considering different the types of ventilation used.
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such as friction-derived heating from the movement of the trains.
The low particle number concentrations measured inside the
metro, in comparison to all other transport modes, are in agree-
ment with the absence of significant sources (such as combustion
processes) in this microenvironment; nevertheless, the impact of
the ambient atmosphere in this microenvironment is also apparent,
since the recorded concentration levels are not negligible.

3.3.2. Influence of the type of ventilation in PN0.01-1 concentrations
The influence of the type of ventilation on PN0.01-1 concentra-

tions inside the cars was tested and is shown in Fig. 7.
In the beginning of the trip, ventilation was off and all the en-

trances of fresh air were closed. Later, the ventilation was switched
on at moderated intensity with entrance of fresh air. As it can be
seen in the figure, PN0.01-1 concentrations appeared to be strongly
influenced by the type of ventilation used. When the ventilation
was turned off, concentrations (2993± 571 cm�3, GM¼ 2940 cm�3)
were significantly lower (p< 0.0001) than those obtained when
moderated ventilation was used (28665± 12642 cm�3,
GM¼ 24777 cm�3). This mean that the car’s air filter was not effi-
cient removing the particles with aerodynamic diameter between
0.01 and 1 mm. Moreover, when no ventilation was used the
entrance of this fine particles was reduced, as observed for BC.
Moreover, the value of the standard deviation of concentrations

was higher when ventilation was used, evidencing the greater in-
fluence of the outdoor environment on indoor concentrations in
comparison to the no-ventilation scenario.

3.4. Spatial variation of BC and PN0.01-1 concentrations

According to de Nazelle et al. (2012), street morphology is a
potential explanation for variations in concentrations and small
physical separations can cause significantly lower exposures.
Although different cities may have different road designs, the route
under study can be divided into different zones with characteristics
that might be common to other cities enabling a comparison. With
this in mind, the route under study was divided in several zones,
according to the expected traffic densities and streets configura-
tions (Fig. 8 (1)). BC and PN0.01-1 average concentrations were
calculated separately for each zone, as presented in Fig. 8 (2) and
Fig. 8 (3), respectively.

The lowest BC concentrations were registered in the residential
area of Telheiras (A) were traffic density is the lowest in comparison
to all other route sections. The highest BC levels were measured in
Avenida da Liberdade (F) and in Avenida Fontes Pereira de Melo (E),
being both route sections characterized by high traffic density and
low dispersion conditions, caused by the high trees and buildings
that surround the avenues. In zone C, Campo Grande, the two di-
rections of the street are separated by a garden where the cycle
path is located. As the cycle path has a physical separation from the
road, BC concentrations in bicycle mode displayed low values in
this zone. Avenida da República (C) has an open street configuration
that could have allowed a better ventilation, thus leading to lower
BC concentrations (Betancourt et al., 2017) in comparison to Ave-
nida Fontes Pereira de Melo (E), in which the buildings are higher
and closer to the road, forming a street canyon.

Regarding PN0.01-1 concentrations, primary emissions from
motor vehicles are predominantly smaller than 0.02 mm
(Westerdahl et al., 2005; Zhu et al., 2006); on the other hand, the
different primary and secondary processes leading to the formation
of ultrafine particles may results in a high variability in PN0.01-1
concentration levels measured next to emission sources and at
some distance from them. The lowest PN0.01-1 concentrations were
measured in the residential area, which could be associated with
the lower traffic density that occurs in that zone. On the other side,
concentrations were, on average, higher in the big avenues where
the traffic intensity is also higher. The frequent presence of traffic
lights in some road sections (such as in B and E) may be responsible
for much higher PN0.01-1 concentrations observed in those zones.
However, the same did not happen for bus, which could be
explained by the fact that the bus line allowed a rapid passage of
the buses through this avenue. In other avenues, even though buses
run in the bus lines, there are several traffic lights and so the bus
has more moments of stop and go.

3.5. Inhaled doses

The inhaled doses for all the studied pollutants (PM2.5, PM10, BC
and PN0.01-1) do not follow the corresponding concentrations trend,
unlike what was reported by Tan et al. (2017). The average inhaled
doses for each pollutant and mode of transport are presented in
Fig. 9.

Regardless of the concentrations measured in each one of the
modes of transport under study, the inhaled doses were almost
always higher in bicycle journeys. This in accordance to what was
reported by (Zuurbier et al., 2010), who concluded that active travel
(such as bicycle mode) is frequently associated to higher inhaled
doses of particles. This result may be explained by the higher travel
times, as well as the higher physical effort, which is expressed as

Fig. 7. Influence of ventilation on PN0.01-1 exposure concentrations (# cm�3) inside a
car.

Fig. 6. Average PN0.01-1 concentrations (cm�3) for car, bicycle, metro and bus modes.
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higher inhalation rates, associated with cycling.
The high inhaled doses associated to commuting by bicycle

represent an extra risk for human health because of the nature of
these particles. In fact, unlike the particles found inside the metro

Fig. 8. (1) Zones of the route from A to F: A - Residential area; B - Busy cross-road and interface of different modes of transport; C - Avenue with a central garden comprising the
bicycle lane with lateral road street directions; D - Long avenue with good dispersion conditions; E � Avenue with high traffic density and low dispersion conditions and F e The
widest avenue with high traffic density and low dispersion conditions. (2) Average BC concentrations (mg m�3) and (3) average PN0.01-1 concentrations (# cm�3) in each route.

Fig. 9. Inhaled doses of PM2.5 and PM2.5-10 (A), BC (B), PN0.01-1 (C).
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(Seaton et al., 2005), on-road particles are mainly generated from
combustion processes (i.e. vehicular exhaust emissions) and thus
display higher toxicity with respect to human health (Kelly and
Fussell, 2012).

4. Conclusions

Exposure levels of PM2.5, PM10, BC and PN0.01-1 were evaluated
in a representative route of the daily commuting in Lisbon in 4 of
themost frequently usedmodes of transport in the city: car, bicycle,
metro and bus. Measurements were made during 21 weekdays in 5
trips per day (8 h, 10h30, 13 h, 18 h, 20 h).

High concentrations of PM2.5, PM10, BC and PN0.01-1 were
observed for all modes of transport. In fact, for all the modes of
transport, concentrations were enhanced while commuting when
comparing to the closest urban traffic monitoring stations and to a
background monitoring station.

Concentrations of PM2.5 and PM10 were higher in the metro
modewhich can be attributed to the presence of indoor PM sources
in this microenvironment, such as the abrasion of rails, wheels and
brakes and also the resuspension of particles due to turbulence. The
slightly higher concentrations inside cars in comparison to the bi-
cycles may be explained by the close proximity of passengers in
cars to vehicular emissions. The I/O ratios in cars greatly depended
on the ventilation system. The common air filters were found to be
efficient in the removal of PM2.5 and PM10, as demonstrated by I/O
ratios lower than 1.0. Moreover, in the absence of ventilation in the
cars, indoor PM concentrations exceeded the corresponding out-
door levels. For buses, the I/O ratio was 0.72 for PM2.5.

The highest BC concentrations were measured in cars and the
lowest in buses; the low BC concentrations in buses may be asso-
ciated with the fact that buses run in separated dedicated lines,
thus being less impacted by traffic. On the other hand, the common
air filters used in cars were not efficient in removing BC from the
ambient air entering the cabin, probably due to the very fine nature
of BC particles (found mainly in diameters below 1 mm). This was
demonstrated by the calculated I/O ratios for BC concentrations in
cars, which were higher than 1.0 when the mechanical ventilation
of the car was used, and lower than 1.0 in case of no ventilation.
Only one type of filter, with activated carbon, was efficient in the
removal of BC from the air entering in the cabin. In the case of
buses, BC removal from the ambient air entering indoors was found
to be efficient, as demonstrated by the calculated I/O ratios (on
average equal to 0.61).

For PN0.01-1 the highest concentrations were measured in the
bus mode. These high concentrations were related mainly to two
sections of the under study route, where there is a high traffic
density.

For all the pollutants, the highest concentrations weremeasured
in the streets where traffic density was higher and where the street
morphology did not allow the dispersion of pollutants.

The highest inhaled doses were in general measured in bicycle
journeys due to the greater inhalation rates and travel times
associated to this transport mode.
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A B S T R A C T   

Exposure to Particulate Matter (PM) has been associated with adverse health effects. The main objective of this 
study is to quantify children’s exposure to PM and the respective inhaled dose in Lisbon. For that, a time activity 
pattern survey was performed with the participation of 1189 children. In addition, PM was sampled inside 5 
schools, 40 homes, 4 modes of transportation and in the respective outdoor environments. Time-activity pattern 
records showed that children spent 86% of their time indoors, especially at home and in the classroom. The 
PM2.5 and PM10 concentrations in classrooms (35.3 μg/m3 and 65.4 μg/m3, respectively) were more than 
double than in homes (14.5 μg/m3 and 18.2 μg/m3, respectively) and highly exceeded the limit values estab-
lished by the Portuguese legislation for indoor air quality. The high indoor-to-outdoor concentration ratios (I/O) 
calculated in schools for PM2.5 (1.8) and PM10 (2.1) suggest that a substantial fraction of particles was 
generated by indoor sources. PM daily patterns for classrooms showed the importance of occupancy, resus-
pension of dust and cleaning activities for the elevated levels of particles. The average daily children exposure 
was 20.6 μg/m3 for PM2.5 and 31.5 μg/m3 for PM10. During weekdays, the classrooms contributed with 42% 
and 50% to the PM2.5 and PM10 daily exposure, and with 36% and 41% to the PM2.5 and PM10 inhaled dose, 
respectively. This work quantitatively demonstrated that indoor microenvironments (MEs) are the main con-
tributors to personal exposure to PM and respective inhaled dose.   

1. Introduction 

Exposure to Particulate Matter (PM) is associated with increased 
morbidity and mortality [1,2]. PM is usually classified as coarse parti-
cles, with aerodynamic diameter between 2.5 and 10 μm (PM2.5-10), 
and fine particles with aerodynamic diameter smaller than 2.5 μm 
(PM2.5) [3]. The coarse particles can reach the upper respiratory tract 
(trachea) and come from the processes of abrasion of surfaces, resus-
pension of industrial dust, roads works and natural sources such as 
ocean spray and desert dust transport events. The fine particles reach the 
lower respiratory tract (lungs) and may be originated from combustion 
processes of products such as gasoline, oil, coal and diesel fuel, as well as 
from secondary aerosols and high-temperature processes such as 
smelters and steelworks [3,4]. The effects of PM were observed even at 
low levels of exposure and there is no evidence of a threshold below 
which no adverse health effects occur [3,5–7]. 

People’s exposure is usually assessed from the ambient 

concentrations measured by national air quality networks, assuming 
that the corresponding monitoring stations are representative of the 
population exposure across a given city. Nevertheless, this approach 
fails to account for all components of exposure [5]. Firstly, there is a 
significant variability in the PM concentrations within a city, including 
hot spots that are often not covered by the air quality networks. Sec-
ondly, there is a heterogeneity in the time activity patterns of the 
different population subgroups. And thirdly, people spend approxi-
mately 90% of the time indoors, rendering indoor air quality more 
relevant for population exposure than ambient concentration levels. 
This brings us to the considerable importance of assessing the personal 
integrated exposure to air suspended particles, as it is the key determi-
nant of the dose received by an individual and thus directly influences 
the health impacts. 

Acknowledging the importance of the indoor air quality for the 
human health, in the last decades, several researchers focused their 
work on indoor microenvironments (MEs), such as schools [8–10], 
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homes [11,12], elderly care centers [13], offices [14,15], gymnasiums 
[16] and transports [17–19]. These studies showed that indoor air 
quality is affected by outdoor air pollutants that has penetrated indoors 
but it is also largely influenced by indoor sources. However, few studies 
evaluated the integrated human exposure to PM, considering all the ME 
visited daily by the population. 

Children are more susceptible to the potential health effects induced 
by air pollution because their immune, respiratory, central nervous, 

digestive and reproductive systems are still in development [20,21]. 
Moreover, due to their physiology, size and activity level, children 
inhalation rates are higher than adults. Education is a fundamental part 
of children’s social development, which means that they spend a sig-
nificant part of their time in schools [22]. Several studies have reported 
high particle concentrations in classrooms [23–25] and have shown that 
poor air quality has negative impacts on students’ health, performance 
and attention, highlighting the need to study the air quality in the MEs 

Fig. 1. Location of the studied schools and homes in Lisbon, Portugal. The red line represents the route selected for the transport measurements. (For interpretation 
of the references to colour in this figure legend, the reader is referred to the Web version of this article.) 
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frequented by the children [26–31]. 
This work was developed in the framework of the LIFE Index-Air 

project (www.lifeindexair.net) and aims 1) to assess the daily time- 
activity pattern of children in Lisbon, 2) to evaluate the PM2.5 and 
PM10 mass concentration in the MEs mostly frequented by them, 3) to 
study the diurnal variability of PM to assess the impact of the occupancy 
and emission sources, and 4) to quantify children’s daily integrated 
exposure and dose to PM, reducing the uncertainty in assessing exposure 
and allowing stronger associations with health outcomes [32]. 

2. Methodology 

2.1. Studied area 

Lisbon is the capital of Portugal and the most populous city in the 
country (Fig. 1). Lisbon is located on the right side of the Tagus River. 
The center of the city consists of seven hills and the western part is 
occupied by the Forest Park of Monsanto. The climate in Lisbon is mild, 
Mediterranean, heavily influenced by the Gulf Stream. The summer is 
generally hot and dry with temperatures ranging from 16 �C to 35 �C and 
the winter is typically rainy and cool with average temperatures be-
tween 8 �C and 18 �C. Lisbon has a population of 547,733 inhabitants, 
from which 70,494 are children between 0 and 14 years [33]. The 
dominant source of air pollutants in the city is the road traffic [34]. 
Moreover, Lisbon is highly influenced by the marine aerosols due to its 
geographic position and the dominant western wind regime [35,36]. 
Furthermore, the city is frequently affected by North African air mass 
transport, which contributes significantly to the atmospheric mineral 
dust load [37]. Under adverse meteorological conditions, low dispersion 
conditions and thermic inversions, particularly in the winter, high 
concentrations of air pollutants can be registered in Lisbon [38]. 

2.2. Time activity pattern survey 

A self-report questionnaire on time-activity patterns was developed 
to identify the different MEs frequented by the children during the 
weekday and weekend and to quantify the time spent in each one of 
them. The questionnaire included 17 indoor and outdoor MEs and the 
time was divided into intervals of 30 min. The questionnaire was applied 
in 26 schools, to 6096 children (5–10 years old) of both gender, who live 
in Lisbon. 1251 of the questionnaires were returned, but only 1189 were 
completed, representing a response rate of 20%. The survey was con-
ducted between October 2016 and June 2017. 

2.3. Air quality monitoring 

PM was sampled in 5 schools and 40 homes located in the city of 
Lisbon (Fig. 1), during the period September 2017 – October 2018. In 
the schools, samples were collected concurrently in the indoor (class-
room) and in the outdoor (playground) MEs. All schools were monitored 
for 5 days – from Monday to Friday and during the teaching hours (for 
about 8 h per day, depending on the school). In the homes, the indoor 
sampling was performed in the living room while simultaneous mea-
surements were performed in the outdoor (balcony). All homes were 
monitored for 5 days – 4 days during the week and one day during the 
weekend, always during the occupied period, i.e. 15 h during the week 
(from 18:00 to 9:00) and 24 h during the weekend (from 9:00 on Sat-
urday to 9:00 on Sunday). 

PM samples were conducted using two medium volume samplers 
(MVS6, Leckel, Sven Leckel, Germany) that worked in parallel in indoor 
and outdoor of homes and schools. The Leckel samplers were equipped 
with a new sampling head designed and developed by the Institute of 
Nuclear and Radiological Sciences and Technology, Energy and Safety, 
N.C.S.R. Demokritos, for the simultaneous collection of PM2.5 and 
PM2.5-10 at a constant flow rate of 2.3 m3/h. The quality assurance and 
control of the new heads was performed before the sampling campaign. 

The PM2.5-10 samples were collected onto Nuclepore filters (Whatman) 
25 mm in diameter and with 0.4 μm pore size and the PM2.5 were 
collected in Polytetrafluoroethylene (PTFE) membrane filters (What-
man) 47 mm in diameter and with 2 μm pore size. The gravimetric 
analysis of the filters was performed pre and post sample collection on a 
microbalance (Sartorius R160P, Greifensee, Switzerland). Prior to 
weighing, all filters were preconditioned at a constant temperature and 
relative humidity (20 �C and 50%) for at least 24 h. PM mass concen-
trations were determined by dividing filter loads by the volume of air 
filtered. 

Continuous measurements of PM in homes and classrooms (24 h/ 
day, with a 1-min time resolution) were performed using a light- 
scattering laser photometer (DustTrak, Model 8533, TSI Inc., USA). 
This photometer is an optical instrument that simultaneously measures 
the mass concentration of ambient particles across the PM1, PM2.5, 
PM10 and total suspended particle fractions. PM2.5 and PM10 con-
centrations provided by DustTrak monitor were corrected against the in- 
situ and simultaneous gravimetric samples. For the assessment of the PM 
daily pattern 7 houses (H1, H2, H3, H4, H9, H11 and H12) and 3 schools 
(SA, SB and SC) were selected and the periods of non-attendance were 
also considered in the analysis. 

The occupants of the studied MEs performed their regular activities, 
in order to ensure that the measurements reflected real-life conditions. 
Furthermore, homes’ occupants were requested to complete a diary in 
order to record the activities they carried out throughout the day, 
indicating also the start and end times for each activity. Teachers were 
asked to record the number of pupils in the room, the main activities 
carried out, as well as the ventilation conditions prevailing during class 
hours and breaks. 

The location of the aerosol instrumentation was chosen as a 
compromise between meeting conditions for undisturbed measurement 
and minimizing the annoyance to participants. The aerosol inlets were 
placed at roughly 1 m above the floor, corresponding to the breathing 
level of the children. 

In addition, PM2.5 and PM10 sampling was carried out in 3 means of 
transportation, inside cars (3 diesel, 2 gasoline, 1 electric), subway and 
buses. The measurements were conducted in a route that is represen-
tative of the commutes performed by Lisbon citizens. The selected route 
includes 6.7 km, starting in Telheiras, a residential area, and ending in 
Praça dos Restauradores located in the city center (Fig. 1). PM was 
collected in PTFE filters using a Personal Environmental Monitor (PEM) 
connected to an air suction pump (SKC Leland Legacy) with a flow rate 
of 10 L/min. Before and after sampling, filters were weighed with a 
microbalance using the methodology described above. Details about the 
methodology used in the different transport modes can be found in 
Ref. [39]. 

2.4. Children’s exposure and dose assessment 

Exposure is often confused with concentration, the latter being the 
most frequently quantified [40]. Exposure incorporates the duration of 
the contact to a certain concentration by integrating over time. There-
fore, children’s average daily exposure was assessed by integrating the 
time-activity data with the PM concentrations measured in the different 
MEs, according to Equation (1): 

E¼
Pm

j¼1Cj:tj
Pm

j¼1tj
(1)  

Where Cj is the PM concentration measured in the ME (j) and tj is the 
time spent in the ME (j). 

The potential inhaled dose was estimated by multiplying the expo-
sure in each ME by the inhalation rate (IR, m3/h), as described in 
Equation (2): 
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D¼
Xm

j¼1
ðCj:tj:IRjÞ (2) 

The IRs used for the different activities was based on the study per-
formed by Buonanno et al. [41] and are displayed on Table S1, Sup-
plementary material. 

The contribution of the different MEs to the daily exposure and daily 
inhaled dose was calculated by Equations (3) and (4), respectively [42]. 

Daily exposure contribution

 

%

!

¼
Cj � tj

Pm
j¼1Cj � tj

(3)  

Daily inhaled dose contribution

 

%

!

¼
Cj � tj � IRj

Pm
j¼1Cj � tj � IRj

(4)  

2.5. Statistical analysis 

Statistical calculations were performed using the STATISTICA soft-
ware. Wilcoxon Matched pairs and Mann–Whitney U tests were used. 
These tests are non-parametric – hence they do not consider any as-
sumptions related to the distribution – and basically are the same in that 
they compare between two medians to suggest whether both samples 
come from the same population or not. When the two samples were not 
entirely independent of each other and had some factor in common, the 
Wilcoxon Matched pairs test was applied. When the samples were in-
dependent Mann–Whitney U test was used. Statistical significance refers 
to p < 0.05. 

2.6. Quality assurance and control 

Leckels head-sampling test: The new sampling heads were tested at 
the beginning of the experimental campaign, in order to allow for data 
quality assurance, by comparison with the commercial (reference) 
heads. The tests were performed in both outdoor and indoor environ-
ments. The inter-comparison results showed that the use of the new 
sampling heads yield equivalent results to those obtained by the use of 
commercial heads (mentioned as reference Leckel in Fig. S1, Supple-
mentary material), since deviations were within the expected uncer-
tainty. A good correlation was obtained in the inter-comparison study 
(R2 ¼ 0.86–0.97, see Fig. S1, Supplementary material). Occasional 
outliers were flagged and removed from the statistical analysis (red 
points). The deployment of the new sampling heads resulted in sampling 
campaigns more efficient and less intrusive in the home and school 
environments, since the use of a single instrument for both PM2.5 and 
PM2.5-10 sampling allowed significant reduction in the noise emission 
and space usage. 

DustTrak data correction: Optical instruments, such as DustTrak, 
provide good time resolution, fast response signal, excellent signal-to- 
noise ratio, and simplicity [43]. However, the calibration process is 
critical since the response of the DustTrak monitors may vary for 
different types of measured aerosol [43]. As the DustTrak does not 
provide actual gravimetric mass, the PM2.5 and PM10 readings pro-
vided by DustTrak monitor were corrected against the in-situ and 
simultaneous gravimetric PM2.5 and PM10 measurements, respectively. 
The Leckel sampler that was used to collect the filters for the gravimetric 
analysis is certified by the European Committee for Standardization as a 
reference sampler for PM10 and PM2.5 measurements according to CEN 
EN 12341 and CEN EN 14907. Fig. S2, Supplementary material displays 
the comparison of PM2.5 and PM10 concentrations measured with the 
DustTrak and those determined gravimetrically in the homes and 
schools. A good correlation was obtained in the inter-comparison be-
tween the DustTrak and Leckel data (R2 ¼ 0.80–0.92). The DustTrak 
PM10 and PM2.5 concentrations were corrected based on the linear 
regression equations shown in Fig. S2, Supplementary material. 

3. Results and discussion 

3.1. Daily time-activity patterns 

From the 1189 questionnaires received, 52% were answered by fe-
males and 45% by males (Table S2, Supplementary material). 

The typical children’s time-activity pattern was characterized by a 
substantial amount of time spent indoor, evidencing that risk assessment 
should focus on indoor MEs (Table 1). 

During the weekday, children spent 86.3% of their time indoors – 
55.6% in home and 26.9% in classrooms. Only 10.3% of their time was 
spent outdoors. 4.6% of the time was spent commuting, either using 
transports or traveling by foot. The use of private car was the prevalent 
mode of transportation to and from school (69.1%), whereas public 
transportation, i.e. bus and subway, were used only by 3.4 and 2.9% of 
the children, respectively. Most of the children were at home between 
19:00 and 8:00 and at school between 8:30 and 16:30 (Fig. 2). During 
the weekend, children spent 86.9% of their time indoors, increasing the 
time spent in home and leisure places, in comparison to the weekdays. 
The time spent outdoors decreased to 9.4% with respect to weekdays. 

The results are similar to those found in Matz et al. [44] in urban 
Canada, where children aged between 5 and 11 years were reported to 
spend about 89% of their time indoors, about 7–8% outdoors and 3–4% 
in transports. 

Children’s exposure to ambient air pollutants occurs in the different 
MEs; the levels of exposure depend on the fraction of time that children 
spend in the various indoor and outdoor MEs, as well as the concen-
trations of air pollutants in those MEs. To calculate children’s exposure 
and dose, the time-activity patterns were used together with the average 
pollutant concentrations obtained in this study for each ME. 

3.2. PM mass concentration 

Table 2 presents the gravimetric PM2.5 and PM10 concentrations 
measured in the indoor and outdoor of 40 homes and 5 schools, as well 
as, the levels registered inside 3 means of transportation. The spatial 
distribution of PM2.5 and PM10 concentration levels measured inside 
and outside the homes and schools is presented in Fig. 3. 

Table 1 
Time spent by children on each microenvironment.   

Weekday Weekend  

Minutes % Minutes % 

Indoor 1242 86.3 1251 86.9 
Home 800 55.6 1102 76.5 
Classroom 387 26.9 10 0.7 

School 370 25.7 0 0 
Extra-curriculum activities 17 1.2 10 0.7 

Physical activity 39 2.7 20 1.4 
Gymnasium 25 1.7 11 0.8 
Swimming-pool 14 1.0 9 0.6 

Leisure 16 1.1 119 8.3 
Shop/supermarket 3 0.2 24 1.7 
Cinema/theatre 1 0.1 22 1.5 
Restaurant/coffee 5 0.4 34 2.4 
Other 6 0.4 39 2.7 

Outdoor 147 10.3 136 9.4 

School 109 7.6 2 0.1 
Physical activity 17 1.2 23 1.6 
Leisure 4 0.3 66 4.6 

Garden/park/esplanade 4 0.3 62 4.3 
Beach 0 0 4 0.3 

Street (on foot) 17 1.2 45 3.1 

Transports 50 3.4 53 3.7 

Bus 2 0.1 0 0 
Car 46 3.2 52 3.6 
Subway 2 0.1 1 0.1  

T. Faria et al.                                                                                                                                                                                                                                    



Building and Environment 171 (2020) 106666

5

3.2.1. Schools 
PM2.5 and PM10 average concentrations in the classrooms (35.3 and 

65.4 μg/m3) exceeded the 8-hr limit value established by the Portuguese 
legislation (Portaria 353-A/2013) for the indoor PM2.5 (25 μg/m3) and 
PM10 (50 μg/m3). The indoor PM2.5 concentrations in the schools SA 
(28.7 μg/m3), SC (52.0 μg/m3) and SD (52.9 μg/m3) (representing 60% 
of the schools) exceeded the PM2.5 limit value (Fig. S3, Supplementary 
material). The PM2.5 levels measured outside the schools SA (25.9 μg/ 
m3) and SC (31.3 μg/m3) exceeded the WHO 24-hr guideline (25 μg/ 
m3), which can affect the classroom air quality by indoor penetration of 
this pollutant. 

The indoor PM10 concentrations in the schools SB (51.6 μg/m3), SC 
(95.6 μg/m3) and SD (109 μg/m3) exceeded the Portuguese indoor 
PM10 limit value. The highest concentrations were measured in school 
SD which uses blackboard in chalk and the lowest levels were measured 
in SA and SE that use whiteboard. Previous studies have already showed 
the importance of the chalk for the indoor air quality in classrooms 

[45–47]. 
The results obtained in this study were compared with concentra-

tions measured in schools from other cities (Table 3). The levels of 
PM2.5 found at schools in Lisbon were similar than the ones measured in 
Barcelona [48], Milan [49] and London [50] but higher than the con-
centrations measured in Cassino [51], Munich [23], Stockholm [52] and 
Prague [53]. The PM10 levels measured in Oslo [54], Uppsala [54] and 
Prague [53] were lower than the ones obtained in Lisbon. In Porto [55], 
Athens [56] and Silesia [57] and in some Asian cities from India 
[58–60], Iran [45], United Arab Emirates [61] and China [62] higher 
PM2.5 and PM10 concentrations were registered (ratios Lisbon/other 
cities between 0.1 and 0.8). 

Statistical analysis showed significant similarities between PM2.5 
and PM2.5–10 concentrations measured inside (p ¼ 0.43), representing 
an average PM2.5/PM10 ratio around 0.57, while the outdoor PM2.5/ 
PM10 ratio was 0.65. The lower PM2.5/PM10 ratio found inside schools, 
indicating increased contribution from the coarse fraction, may be 

Fig. 2. Time activity pattern of children aged between 5 and 10 years old in Lisbon during weekdays (a) and weekend (b).  
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related to the resuspension and generation of coarse particles due to the 
movement and different activities of the children in the classroom. 

The PM2.5 and PM10 concentrations were significantly lower (p <
0.05) outdoors than indoors. The PM2.5 indoor-to-outdoor (I/O) ratio 
varied from 1.08 to 2.69, with a mean ratio equal to 1.79 and the PM10 
I/O ratio ranged between 1.03 and 3.86 with an average of 2.14. A 112 
primary school study performed in 22 European countries within the 
Sinphonie EU project reported PM2.5 I/O ratios ranging from 0.20 to 
9.29 with an average of 1.44 [63]. PM I/O ratios above unity are com-
mon for schools due to resuspension of dust within classrooms associ-
ated with the students’ movement and activities (frequently involving 
crafting). 

3.2.2. Homes 
The concentrations measured inside homes were significantly lower 

than schools (p < 0.05) for both size fractions and did not exceed the 
Portuguese limit values for indoor air quality, except for PM2.5 in homes 
H6 (31.3 μg/m3), H12 (38.6 μg/m3), H22 (68.0 μg/m3) and H24 (29.3 
μg/m3) (representing 10% of the homes) and for PM10 measured inside 
home H22 (72.9 μg/m3) (representing 2.5% of the homes). 

The lowest PM2.5 average concentration was measured in home H2 
(4.6 μg/m3), which is located in the residential area of Parque das 
Naç~oes. The highest PM2.5 concentrations (68.0 μg/m3) was registered 
in home H22, which is occupied by a smoker (Fig. S4, Supplementary 
material). In addition, measurements at this home were made during a 
week with rain that did not allow the opening of the windows, further 
promoting the accumulation of indoor-generated aerosols. 

The lowest PM10 indoor average concentrations were measured in 
home H2 (9.9 μg/m3) and H29 (9.1 μg/m3), both located in residential 
areas of Lisbon with low traffic intensity. The highest PM10 indoor 
average concentration (72.9 μg/m3) was registered again in home 
occupied by the smoker (H22). Langer et al. [67] measured increased 
concentrations of PM2.5 and PM10 by a factor of 3 in homes with one or 
two smokers and by a factor of 7 in homes with three or more smokers. 

Nasir et al. [68] measured, in the winter, PM2.5 and PM10 mean con-
centrations of 6 μg/m3 and 13 μg/m3 in non-smoking homes and of 37 
μg/m3 and 42 μg/m3 in smoking homes, respectively [68]. Breysse et al. 
[69] and Stranger et al. [70] reported an increase of 58–130% in indoor 
PM2.5 mass concentration due to smoking. 

The results obtained in this study were compared with concentra-
tions measured in homes from other cities (Table 4). The PM2.5 and 
PM10 concentrations measured in homes from Lisbon were in general 
lower than the levels found in other cities except in Stockholm [52,71], 
Helsinki [72], Athens [72], Colorado [73] and Essex [68]. 

The PM2.5/PM10 ratios were always higher indoors (0.77) than 
outdoors (0.59), evidencing that the PM inside the homes is mainly 
found in the fine fraction. The calculated ratios in homes are within the 
typical range of values for developed countries (0.5–0.8) reported by 
WHO [74]. 

The outdoor PM2.5 concentrations were lower than those measured 
in the respective indoor spaces for both weekdays and weekends, 
although the difference was only significant in the weekend. The PM2.5 
I/O ratios ranged between 0.52 and 8.43 with an average of 1.23. The 
PM2.5 I/O mean ratio for Lisbon was higher than the ratio calculated in 
studies developed in homes from Hong Kong (0.92–1.09) [75], Bir-
mingham (1.00) [76] and Southern California (1.03) [77]. The PM10 
I/O ratios varied between 0.40 and 3.84 with an average of 0.87. Lower 
PM10 I/O ratios were also registered by Chao and Wong [75] in 
Hong-Kong, Cattaneo et al. [78] in Lodi, Italy, Nasir et al. [68] in Essex, 
UK and Khillare et al. [79] in Delhi, India. The higher PM2.5 I/O ratios 
can be attributed to three factors: 1) the indoor particulate generation 
induced by smoking, cooking and the various human activities; 2) the 
highest penetration ratios of outdoor-generated fine particles indoors; 3) 
the low air change rate assisted in keeping the indoor PM accumulating 
in the indoor environment [56,75]. The lower I/O ratio registered for 
PM10 evidenced the protection of the building envelopes against the 
coarser particles coming from outdoors. The maximum PM2.5 and PM10 
I/O ratio was registered in the smoker’s home (H22), indicating the 
dominance of the indoor source, which was most pronounced in the fine 
fraction. The same behaviour was found by Stranger et al. [70] in 15 
homes from Antwerp. 

The construction characteristics of the homes, the distance from 
traffic emissions, the existence of green spaces, among others, vary from 
parish to parish (Fig. 1), affecting the indoor and outdoor PM concen-
trations across the city. Results showed that in the parishes of Parque das 
Naç~oes and Olivais and in the parish of Lumiar the outdoor and indoor 
PM levels were below the WHO guidelines and the Portuguese limit 
values for Indoor Air Quality. Home H11 (located in the northernmost 
point in Fig. 3) was the only one in Parque das Naç~oes parish that 
registered PM2.5 outdoor concentrations between 10 and 25 μg/m3, 
which may be related to increased traffic emissions due to the proximity 
of this site to the Vasco da Gama Bridge. The parishes previously 
described are the ones most recently populated in Lisbon, displaying 
thus modern buildings, and ample and green spaces. These areas also 
display lower traffic density in comparison to the city center. In the city 
center, PM concentrations, especially PM2.5, increased considerably 
and results showed that homes located near busy or narrow streets, 
where increased vehicular traffic emissions and low dispersion condi-
tions are observed, displayed the highest levels of PM. A study from 
Massey et al. [84] in North-Central India also registered higher PM 
concentrations in homes located near heavy traffic roads. Massey et al. 
[89] study reported PM10 and PM2.5 indoor concentrations of 247 � 71 
μg/m3 and 161 � 62 μg/m3, respectively in roadside homes, and 181 �
84 and 109 � 48 in urban homes. 

3.2.3. Transport 
Regarding to transport modes, the PM concentrations were higher 

inside the subway (PM2.5: 37.8 μg/m3; PM10: 84.1 μg/m3), followed by 
car (PM2.5: 33.7 μg/m3; PM10: 41.5 μg/m3) and bus (PM2.5: 28.4 μg/ 
m3; PM10: 39.6 μg/m3). For all the transport modes, concentrations 

Table 2 
Gravimetric PM2.5 and PM10 concentrations (μg/m3) measured in homes, 
schools and transports during weekdays and weekends (SD – standard deviation; 
n – number of samples).     

Weekdays Weekend 

PM2.5 PM10 PM2.5 PM10 

Homes Indoor (n ¼ 192) Mean 14.5 18.2 14.3 18.6 
SD 12.3 13.3 11.8 12.9 
Min 2.1 2.5 4.2 5.1 
Max 91.9 97.6 66.6 75.5 

Outdoor (n ¼
194) 

Mean 13.8 22.4 11.8 19.7 
SD 13.1 14.9 6.3 7.6 
Min 0.8 5.4 3.8 9.7 
Max 138.0 148.8 31.5 43.7 

Schools Indoor (n ¼ 25) Mean 35.3 65.4 – – 
SD 24.9 38.9 – – 
Min 10.0 22.2 – – 
Max 112.2 164.5 – – 

Outdoor (n ¼ 25) Mean 20.9 31.7 – – 
SD 15.3 15.2 – – 
Min 1.9 9.9 – – 
Max 78.3 80.8 – – 

Transports Bus (n ¼ 13) Mean 28.4 39.6 – – 
SD 5.3 0.3 – – 
Min 21.0 39.4 – – 
Max 35.0 39.9 – – 

Car (n ¼ 32) Mean 33.7 41.5 – – 
SD 8.6 10.1 – – 
Min 23.9 30.1 – – 
Max 52.4 62.4 – – 

Subway (n ¼ 6) Mean 37.8 84.1 – – 
SD 20.8 34.0 – – 
Min 23.1 52.6 – – 
Max 61.6 120.2 – –  
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tended to exceed the PM2.5 guideline established by the WHO. For 
PM10, the WHO guideline of 50 μg/m3 was exceeded in the subway. 
More details about the measurements performed in transports and the 
respective results are presented in Ref. [39]. 

3.3. Indoor daily patterns 

The real-time measurements of PM2.5 and PM10, measured with the 
DustTrak, provided information on the diurnal variability, as well as 
impact of the occupancy and emission sources. 

The diurnal pattern varied from home to home and from school to 
school, although there was always a close relationship between the PM 
concentration and human indoor activities. Therefore, the cases of home 
H11 and SC are discussed, indicatively. Fig. 4 shows the mean daily 

pattern of hourly PM2.5 mass concentrations in home H11 during 
weekdays (average of 4 days) and weekend (1 day) (a1 and a2, respec-
tively) and in school SC during weekdays (average of 5 days) (a3). 

In homes, the daily trends of PM10 and PM2.5 concentrations were 
very similar. On the weekdays, two increments in the PM2.5 mass 
concentration occurred during the morning period (Fig. 4 a1). The first 
was associated with the movement and activities of the residents before 
going to work or school (�08:00 h), depending on the age group. The 
second was caused by the presence of the housekeeper, between 09:30 
and 13:30 h, performing the cleaning activities. In the afternoon, PM2.5 
concentrations raised as the residents arrived home (�18:30 h), towards 
the highest peak of the day at around 20:30 h. These findings are 
consistent with previous studies that have identified cleaning, cooking, 
and the movement of people as important contributors to indoor particle 

Fig. 3. PM2.5 and PM10 concentrations measured inside and outside homes and schools located across the city of Lisbon.  
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concentrations in homes [56,90–93]. People movement affects indoor 
air quality due to the resuspension of fine and coarse particles, as 
pointed out in prior indoor studies [94–97]. 

On the weekend, the variability of the PM2.5 mass concentrations 
was also linked to the presence of people in the home and to their 

activities (Fig. 4 a2). Thus, the highest concentrations occurred during 
the occupied periods with activities while the lowest concentrations 
were measured in the unoccupied and sleeping periods. 

In the classroom, there was an increase of PM2.5 concentrations 
before the beginning of the classes (9:00 h) due to the cleaning of the 
room, which takes place every day before the first class (Fig. 4 a3). 
Generally, the classroom floor is cleaned by sweeping, which promotes 
the resuspension of particles deposited, as also stated by Colbeck et al. 
[95]. PM concentrations tended to increase during the class-hours due to 
the presence of students and the teacher in the room, leading to the 
generation and resuspension of particles. During school-hours there was 
a decrease in PM concentrations between 11:30 and 13:30 h, which was 
attributed to the absence of students from the classroom. This absence 
relates to physical education classes taking place at the sports hall until 
12:30 h in some days of the week, followed by lunch time. The PM2.5 
concentrations decreased steeply after the end of the school day and 
remained at low levels during the non-school hours, clearly demon-
strating the impact of school activities on the observed indoor air 
quality. 

Fig. 4 b) compares the indoor concentrations of PM2.5 and PM10 
during the occupied and unoccupied periods at home H11 and school 
SC. The mean mass concentrations were higher when the MEs were 
occupied, while vacant periods were generally characterized by a 
decreasing trend of PM levels, down to a rather stable background 
concentration. This difference was more pronounced in the schools 
rather than the homes. The mean PM2.5 and PM10 concentrations in 
home H11 during the occupied period were approximately 1.2 and 1.1 
times higher, respectively, than during the unoccupied period. PM2.5 
and PM10 concentrations were slightly higher on the weekend than on 
the weekdays (Fig. 4 b1 and b2). The mean indoor PM2.5 concentrations 
at school SC during class hours were on average 3.6 times higher than in 
the off-school hours (Fig. 4 b3). Zhang and Zhu [98] also found elevated 
indoor particle mass concentration when the classrooms were occupied. 
Furthermore, the PM2.5 concentrations were much more variable in the 
school than in the home ME (see interpercentile range in Fig. 4 a1, a2 and 
a3), with a mean variation of 13.4–39.1 versus 7.4–14.6 μg/m3, 
respectively. 

The highest coarse fraction (PM2.5-10) concentrations was observed 
during indoor occupancy, as also observed by Colbeck et al. [95]. The 
contribution of the coarser fraction to the PM10 mass concentration was 
much higher in the school than in the home (Fig. 4 b1, b2 and b3), both in 
the unoccupied (9.4 at school and 2.5 at home) and occupied (34.2 at 
school and 2.8 at home) periods. Kingham et al. [99] also found that the 
students’ activities cause the resuspension of coarse particulate matter 
inside the school buildings. 

In sum, the variations of PM mass concentrations depended largely 
on the occupancy of the places and the people’s activities, and therefore, 
the personal exposure to PM concentrations is largely dependent on the 
ME and time of the day. 

Mean PM2.5 and PM10 mass concentrations during the occupied and 
unoccupied periods in home H11 during weekdays (b1) and weekend 
(b2) and in the school SC (b3). The error bars indicate the standard 
deviation. 

3.4. PM exposure and respective inhaled doses 

The measurements in all MEs were always performed during the 
occupancy period, since the inclusion of unoccupied time un-
derestimates the concentration relevant for personal exposure assess-
ment [40]. The annual number of school days was taken into account 
when calculating the average daily exposure that was 20.6 μg/m3 for 
PM2.5 and 31.5 μg/m3 for PM10. 

The highest exposure to PM during weekdays was registered in 
school (PM2.5–218 μg/m3.h, PM10 - 404 μg/m3.h), (Fig. 5 (a)). The 
classroom was the second ME with respect to time spent (26.9%) but it 
was the ME where the highest concentrations of PM were measured. The 

Table 3 
Indoor average concentrations of PM2.5 and PM10 (μg/m3) for various schools 
in world. * Ratio between the concentration of our study and the concentration 
found in the study to which it is compared.  

Location N. 
schools 

PM2.5 (Our/ 
Other)* μg/m3 

PM10 (Our/ 
Other)* μg/m3 

Source 

Stockholm, 
Sweden 

6 8.0 (4.4) – [52] 

Oslo, Norway 3 – 54 (1.2) [54] 
Uppsala, Sweden 4 – 33 (2) [54] 
Arhus, Denmark 2 – 169 (0.4) [54] 
Milan, Italy 7 33 (1.1) 134 (0.5) [49] 
Barcelona, Spain 36 37 (1) – [48] 
Cassino, Italy 3 25 (1.4) – [51] 
Athens, Greece 7 82 (0.4) 229 (0.3) [56] 
Porto, Portugal 73 94 (0.4) 139 (0.5) [55] 
London, United 

kingdom 
1 27 (1.3) 79 (0.8) [50] 

Antwerp, Belgium 27 59 (0.6) – [64] 
Munich, Germany 64 14 (2.5) 72 (0.9) [23] 
Prague, Czech 

Republic 
1 22 1.6) 42 (1.6) [53] 

Silesia, Poland 4 101 (0.3) 142 (0.5) [57] 
Pune, India 2 136 (0.3) 264 (0.2) [58] 
Agra, India 10 82 (0.4) 265 (0.2) [59] 
Chennai, India 2 68 (0.5) 262 (0.2) [60] 
Malaysia 3 26 (1.4) 34 (1.9) [65] 
Sari, Iran 6 47 (0.8) 397 (0.2) [45] 
United Arab 

Emirates 
16 100 (0.4) 448 (0.1) [61] 

Korea 34 19 (1.9) 36 (1.8) [66] 
Beijing, China 7 44 (0.8) 133 (0.5) [62]  

Table 4 
Indoor average concentrations of PM2.5 and PM10 (μg/m3) for various homes in 
world. * Ratio between the concentration of our study and the concentration 
found in the study to which it is compared. **Non smoking house.  

Location N. 
homes 

PM2.5 (Our/ 
Other)* μg/m3 

PM10 (Our/ 
Other)* μg/m3 

Source 

Stockholm, 
Sweden 

20 8.0 (1.8) – [71] 

Stockholm, 
Sweden 

18 8.0 (1.7) – [52] 

Helsinki, Finland 170 13 (1.1) – [72] 
Athens, Greece 13 11 (1.3) 21 (0.9) [80] 
Porto, Portugal 12 89 (0.2) 92 (0.2) [81] 
Athens, Greece 35 31 (0.5) – [72] 
Rome, Italy 18 29 (0.5) – [82] 
Lodi, Italy 60 29 (0.5) 46 (0.4) [78] 
Barcelona, Spain 54 24 (0.6) – [83] 
France 567 16 (0.9) 26 (0.7) [67] 
London, UK 10 23 (0.6) 50 (0.4) [50] 
Antwerp, Belgium 15 36 (0.4) 39 (0.5) [70] 
Essex, UK** 5 6.0 (2.4) 13 (1.4) [68] 
Essex, UK 5 37 (0.4) 42 (0.4) [68] 
Basel, Switzerland 40 26 (0.5) – [72] 
Prague, Czech 

Republic 
47 36 (0.4) – [72] 

Agra, India 5 109 (0.1) 181 (0.1) [84] 
Delhi, India 1 98 (0.1) 179 (0.1) [79] 
Harbin, China 21 92 (0.2) 112 (0.2) [85] 
Hong Kong 34 45 (0.3) 63 (0.3) [75] 
Bangladesh 174 – 155 (0.1) [86] 
Colorado, EUA 30 7.0 (2.0) – [73] 
Boston, EUA 4 14 (1.0) 20 (0.9) [87] 
Baltimore, EUA 100 26 (0.5) 38 (0.5) [69] 
South Africa 246 – 64 (0.3) [88]  
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home contributed 36.6% and 29.4% to the total daily exposure to PM2.5 
and PM10, respectively. The high exposure estimated during the 
sleeping period (PM2.5: 141.4 μg/m3.h; PM10: 177.4 μg/m3.h) was due 
to the increased time allocated to this activity. Similarly, the lowest 
exposure levels for both PM fractions were found during outdoor leisure 
activities, due to the short duration of these activities. Zhang et al. [100] 
reported an average daily exposure to PM2.5 of 155.7 μg/m3 for chil-
dren in Shanghai, China. On-campus exposure to PM2.5 (inside of the 
school and at the playground) was found equal to 1493.3 μg/m3.h and 
off-campus exposure (indoor and outdoor of the house and in 
commuting) equal to 1926.8 μg/m3.h. 

During the weekend, the highest exposure to PM was registered in 
home, during the sleeping time (PM2.5 – 192.3 μg/m3.h, PM10 – 245 
μg/m3.h), followed by indoor leisure activities (PM2.5 – 70.2 μg/m3.h, 

PM10 – 130.0 μg/m3.h). Home contributed 66.6% to the exposure to 
PM2.5 and 61.0% to PM10 (Fig. 5 (b)). 

Fig. 5 (a) and (b) also depicts the exposure in different transport 
modes. During the weekdays, the highest exposure to PM2.5 was 
registered in cars (34.6 μg/m3.h) while the highest exposure to PM10 
was associated to the subway (65.1 μg/m3.h). PM10 average mass 
concentration was higher for the subway (84.1 μg/m3), in comparison to 
all other transport modes, due to the elevated levels of coarse particles, 
which may be associated with the resuspension of particles due to tur-
bulence created by the train and commuter movement [19]. In cars the 
PM2.5 concentration was slightly lower than in the subway (33.7 μg/m3 

in cars, 37.8 μg/m3 in subway) but the travel time was higher leading to 
a higher exposure. During the weekend, children rarely used the bus or 
subway. The highest exposure to PM2.5 and PM10 was registered in cars 

Fig. 4. Temporal variation of PM2.5 mass concentrations in home H11 on the weekdays (a1) and weekend (a2) and in school SC (a3). The box-plots represent the 
median, and the 25th and 75th percentile of hourly PM2.5 concentrations. The whiskers show the 10th and 90th percentile of hourly PM2.5 concentrations. The thick 
black line represents the mean of hourly PM2.5 concentrations. The period when the ME was occupied is shadowed in grey. Note the different scales between the 
plots in the home and the school. 
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Fig. 5. Graphs at the top (a): PM2.5 and PM10 daily exposure in each ME during the weekdays and exposure within each transport mode. Graphs at the bottom (b): 
PM2.5 and PM10 daily exposure in each ME during the weekends and exposure within each transport mode. 
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Fig. 6. Graphs at the top (a): PM2.5 and PM10 inhaled daily dose in each ME during weekdays and inhaled dose within each transport mode. Graphs at the bottom 
(b): PM2.5 and PM10 inhaled daily dose in each ME during weekends and inhaled dose within each transport mode. 
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(29 μg/m3.h and 35.7 μg/m3.h, respectively), followed by the time spent 
walking on the street (8.9 μg/m3.h and 14.8 μg/m3.h, respectively). 

The inhaled daily dose depends not only on the ME frequented by the 
child and time allocation but also on the activities performed that have 
an impact on the IR. The average daily inhaled dose was 243.5 μg for 
PM2.5 and 382.2 μg for PM10. During the week, classroom was the ME 
that mostly contributed to the daily PM2.5 and PM10 dose (PM2.5 – 96 
μg, 36%, PM10 – 177 μg, 41%) despite the fact that children spend more 
time at home. This is because schools have important sources of particles 
such as the dust resuspension that contribute to higher PM concentra-
tions (Fig. 6 (a) and (b)). During the weekend, the ME that mostly 
contributed to the daily dose for both size fractions was the home 
(PM2.5 – 90 μg, 54%, PM10 – 114 μg, 49%). 

The contribution to PM daily dose was higher while children were 
sleeping (weekdays: PM2.5–16%, PM10 – 13%; weekend: PM2.5 – 36%, 
PM10 – 32%) than awake (weekdays: PM2.5 – 8%, PM10 – 7%; week-
end: PM2.5 – 18%, PM10 – 16%), because the time spent sleeping (73%) 
was higher than the time spent awake (27%). 

Regarding the transport ME, the inhalation rate was the same for all 
the considered transport means. The dose inhaled during travel by foot 
increased in relation to other transport modes, because the associated IR 
is higher. During weekdays, children spent 3.4% of their time 
commuting; however they received 7.9% of their PM2.5 daily dose, due 
to co-occurrence with traffic rush hours and the proximity to the source 
during commuting, leading to increased concentrations in these MEs. 

4. Conclusions 

Children spend more than 86% of their time indoors (55% at home, 
27% in classrooms, 5% in commuting and 2.7% engaging in physical 
activities indoors), indicating that the risk assessment should focus on 
indoor MEs. 

Measurements of PM10 and PM2.5 were performed indoors and 
outdoors, at 40 homes and 5 schools, as well as in 3 transport modes 
(cars, buses and subway). The highest PM2.5 and PM10 concentrations 
(35.3 and 65.4 μg/m3) were registered in classrooms as result of the 
children’s activity, PM resuspension and inadequate ventilation of the 
spaces. Generally in homes, the indoor concentrations followed the 
outdoor concentrations (I/O ratio of 1.23 for PM2.5 and 0.87 for PM10). 

The spatial distribution of the concentrations revealed the impor-
tance of traffic emissions for indoor air quality. Homes located in the 
parishes most recently populated displayed lower concentrations in 
comparison to the ones located in older parishes and especially in the 
center of the city, where the traffic is more intense and the buildings are 
older. However, additional indoor sources were identified such as 
cleaning, cooking and smoking. 

The classroom was the ME mostly contributing to children exposure 
to PM2.5 (42.4%) and PM10 (49.7%), followed by the home principally 
during the sleeping time (PM2.5–26.7%; PM10–21.5%). In transports, 
the highest exposure to PM2.5 and PM10 and respective doses were 
registered in cars (34.6 μg/m3.h) and subway (65.1 μg/m3.h), 
respectively. 

This work quantitatively demonstrates that indoor MEs are the main 
contributors to personal exposure to PM and respective inhaled dose. 
The results highlight the need for indoor air quality assessment studies, 
in order to reduce uncertainty in exposure and dose assessment, to allow 
stronger associations between PM exposure and health outcomes and to 
identify mitigation measures to improve the health and wellbeing of the 
children. 

Declaration of competing interest 

The authors declare that they have no known competing financial 
interests or personal relationships that could have appeared to influence 
the work reported in this paper. 

Acknowledgements 

This work was supported by LIFE Index-Air project (LIFE15 ENV/PT/ 
000674). This work reflects only the authors’ view and EASME is not 
responsible for any use that may be made of the information it contains. 
This work is financed by national funds through FCT - Foundation for 
Science and Technology, I.P., within the framework of the project 
ExpoLIS (LISBOA-01-0145-FEDER-032088). Authors also gratefully 
acknowledge the FCT support through the UID/Multi/04349/2013 
project and the PhD grant SFRH/BD/129149/2017. 

Appendix A. Supplementary data 

Supplementary data to this article can be found online at https://doi. 
org/10.1016/j.buildenv.2020.106666. 

References 

[1] S.M. Almeida, A.V. Silva, S. Sarmento, Effects of exposure to particles and ozone 
on hospital admissions for cardiorespiratory diseases in SetúBal, Portugal, 
J. Toxicol. Environ. Health Part A Curr. Issues. 77 (2014) 837–848, https://doi. 
org/10.1080/15287394.2014.887399. 

[2] N. Martinelli, O. Olivieri, D. Girelli, European Journal of Internal Medicine Air 
particulate matter and cardiovascular disease : a narrative review, Eur. J. Intern. 
Med. 24 (2013) 295–302, https://doi.org/10.1016/j.ejim.2013.04.001. 

[3] I. Jakovljevi, P. Gordana, V. Vladimira, �C. Mirjana, T. Vesna, D.J. Jagoda, 
Polycyclic aromatic hydrocarbons in PM 10 , PM 2 . 5 and PM 1 particle fractions 
in an urban area, Air Qual. Atmos. Health 11 (2018) 843–854. 

[4] W.E. Wilson, H.H. Suh, W.E. Wilson, H.H. Suh, Fine particles and coarse Particles 
: concentration relationships relevant to epidemiologic studies PAPER fine 
particles and coarse Particles : concentration relationships relevant to 
epidemiologic studies, J. Air Waste Manag. Assoc. 47 (1997) 1238–1249, https:// 
doi.org/10.1080/10473289.1997.10464074. ISSN. 

[5] S.M. Almeida, C.A. Ramos, M. Alemida-Silva, Exposure and inhaled dose of 
susceptible population to chemical elements in atmospheric particles, 
J. Radioanal. Nucl. Chem. 309 (2016) 309–315, https://doi.org/10.1007/ 
s10967-015-4673-5. 

[6] M. Lazaridis, V. Aleksandropoulou, J.E. Hanssen, K. Eleftheriadis, E. Katsivela, 
M. Lazaridis, V. Aleksandropoulou, J.E. Hanssen, M. Lazaridis, 
V. Aleksandropoulou, J.E. Hanssen, C. Dye, Inorganic and carbonaceous 
components in indoor/outdoor particulate matter in two residential houses in 
Oslo , Norway inorganic and carbonaceous components in indoor/outdoor 
particulate matter in two residential houses in Oslo , Norway, J. Air Waste 
Manag. Assoc. 58 (2012) 346–356, https://doi.org/10.3155/1047- 
3289.58.3.346. ISSN. 

[7] World Health Organization, in: Health Effects of Particulate Matter - Policy 
Implications for Countries in Eastern Europe, Caucasus and Central Asia, 2013, 
https://doi.org/10.5124/jkma.2018.61.12.749. 

[8] N. Canha, M.C. Freitas, S.M. Almeida, M. Almeida, M. Ribeiro, C. Galinha, H. 
T. Wolterbeek, Indoor school environment: easy and low cost to assess inorganic 
pollutants, J. Radioanal. Nucl. Chem. 286 (2010) 495–500, https://doi.org/ 
10.1007/s10967-010-0781-4. 

[9] C. Canha, C. Mandin, O. Ramalho, G. Wyart, J. Rib�eron, C. Dassonville, 
O. Hanninen, S.M. Almeida, M. Derbez, Assessment of ventilation and indoor air 
pollutants in nursery and elementary schools in France, Indoor Air 26 (2016) 
350–365, https://doi.org/10.1111/ina.12222. 

[10] S.M. Almeida, N. Canha, A. Silva, M. Do Carmo Freitas, P. Pegas, C. Alves, 
M. Evtyugina, C.A. Pio, Children exposure to atmospheric particles in indoor of 
Lisbon primary schools, Atmos. Environ. 45 (2011) 7594–7599, https://doi.org/ 
10.1016/j.atmosenv.2010.11.052. 

[11] M. Simoni, L. Carrozzi, S. Baldacci, A. Scognamigli, F. Di Pede, T. Sapigni, 
G. Viegi, The Po River Delta (North Italy) indoor epidemiological study: home 
characteristics, indoor pollutants, and subjects’ daily activity pattern, Indoor Air 
8 (1998) 70–79, https://doi.org/10.1111/j.1600-0668.1998.t01-2-00002.x. 

[12] N. Canha, J. Lage, C. Galinha, S. Coentro, C. Alves, S.M. Almeida, Impact of 
biomass home heating, cooking styles, and bread toasting on the indoor air 
quality at Portuguese dwellings: a case study, Atmosphere 9 (2018) 214, https:// 
doi.org/10.3390/atmos9060214. 

[13] M. Almeida-Silva, T. Faria, D. Saraga, T. Maggos, H.T. Wolterbeek, S.M. Almeida, 
Source apportionment of indoor PM10 in elderly care centre, Environ. Sci. Pollut. 
Res. 23 (2016) 7814–7827, https://doi.org/10.1007/s11356-015-5937-x. 

[14] T. Faria, M. Almeida-Silva, A. Dias, S.M. Almeida, Indoor air quality in urban 
office buildings, Int. J. Environ. Technol. Manag. 19 (2016) 236–256, https://doi. 
org/10.1504/IJETM.2016.082243. 

[15] C. Mandin, M. Trantallidi, A. Cattaneo, N. Canha, V.G. Mihucz, T. Szigeti, 
R. Mabilia, E. Perreca, A. Spinazz�e, S. Fossati, Y. De Kluizenaar, E. Cornelissen, 
I. Sakellaris, D. Saraga, O. H€anninen, E. De Oliveira Fernandes, G. Ventura, 
P. Wolkoff, P. Carrer, J. Bartzis, Assessment of indoor air quality in office 
buildings across Europe – the OFFICAIR study, Sci. Total Environ. 579 (2017) 
169–178, https://doi.org/10.1016/j.scitotenv.2016.10.238. 

T. Faria et al.                                                                                                                                                                                                                                    

https://doi.org/10.1016/j.buildenv.2020.106666
https://doi.org/10.1016/j.buildenv.2020.106666
https://doi.org/10.1080/15287394.2014.887399
https://doi.org/10.1080/15287394.2014.887399
https://doi.org/10.1016/j.ejim.2013.04.001
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref3
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref3
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref3
https://doi.org/10.1080/10473289.1997.10464074
https://doi.org/10.1080/10473289.1997.10464074
https://doi.org/10.1007/s10967-015-4673-5
https://doi.org/10.1007/s10967-015-4673-5
https://doi.org/10.3155/1047-3289.58.3.346
https://doi.org/10.3155/1047-3289.58.3.346
https://doi.org/10.5124/jkma.2018.61.12.749
https://doi.org/10.1007/s10967-010-0781-4
https://doi.org/10.1007/s10967-010-0781-4
https://doi.org/10.1111/ina.12222
https://doi.org/10.1016/j.atmosenv.2010.11.052
https://doi.org/10.1016/j.atmosenv.2010.11.052
https://doi.org/10.1111/j.1600-0668.1998.t01-2-00002.x
https://doi.org/10.3390/atmos9060214
https://doi.org/10.3390/atmos9060214
https://doi.org/10.1007/s11356-015-5937-x
https://doi.org/10.1504/IJETM.2016.082243
https://doi.org/10.1504/IJETM.2016.082243
https://doi.org/10.1016/j.scitotenv.2016.10.238


Building and Environment 171 (2020) 106666

13

[16] C.A. Ramos, J.F. Reis, T. Almeida, F. Alves, H.T. Wolterbeek, S.M. Almeida, 
Estimating the inhaled dose of pollutants during indoor physical activity, Sci. 
Total Environ. 527–528 (2015) 111–118, https://doi.org/10.1016/j. 
scitotenv.2015.04.120. 

[17] S.M. Almeida, C.A. Ramos, A.M. Marques, A.V. Silva, M.C. Freitas, M.M. Farinha, 
M. Reis, A.P. Marques, Use of INAA and PIXE for multipollutant air quality 
assessment and management, J. Radioanal. Nucl. Chem. 294 (2012) 343–347, 
https://doi.org/10.1007/s10967-011-1473-4. 

[18] C.A. Ramos, H.T. Wolterbeek, S.M. Almeida, Air pollutant exposure and inhaled 
dose during urban commuting: a comparison between cycling and motorized 
modes, Air Qual. Atmos. Health 9 (2016) 867–879, https://doi.org/10.1007/ 
s11869-015-0389-5. 

[19] V. Martins, T. Moreno, M.C. Minguill�on, F. Amato, E. de Miguel, M. Capdevila, 
X. Querol, Exposure to airborne particulate matter in the subway system, Sci. 
Total Environ. 511 (2015) 711–722, https://doi.org/10.1016/j. 
scitotenv.2014.12.013. 

[20] WHO, Effects of Air Pollution on Children’s Health and Development–A Review 
of the Evidence, WHO Regional Office for Europe, WHO Press., Denmark, 2005. 

[21] H. Burtscher, K. Schüepp, The occurrence of ultrafine particles in the specific 
environment of children, Paediatr. Respir. Rev. 13 (2012) 89–94, https://doi.org/ 
10.1016/j.prrv.2011.07.004. 

[22] M. Oliveira, K. Slezakova, C. Delerue-Matos, M.C. Pereira, S. Morais, Children 
environmental exposure to particulate matter and polycyclic aromatic 
hydrocarbons and biomonitoring in school environments: a review on indoor and 
outdoor exposure levels, major sources and health impacts, Environ. Int. 124 
(2019) 180–204, https://doi.org/10.1016/j.envint.2018.12.052. 

[23] H. Fromme, D. Twardella, S. Dietrich, D. Heitmann, R. Schierl, B. Liebl, H. Rüden, 
Particulate matter in the indoor air of classrooms-exploratory results from 
Munich and surrounding area, Atmos. Environ. 41 (2007) 854–866, https://doi. 
org/10.1016/j.atmosenv.2006.08.053. 

[24] N. Tippayawong, P. Khuntong, C. Nitatwichit, Y. Khunatorn, C. Tantakitti, 
Indoor/outdoor relationships of size-resolved particle concentrations in naturally 
ventilated school environments, Build. Environ. 44 (2009) 188–197, https://doi. 
org/10.1016/j.buildenv.2008.02.007. 

[25] R. Goyal, M. Khare, Indoor-outdoor concentrations of RSPM in classroom of a 
naturally ventilated school building near an urban traffic roadway, Atmos. 
Environ. 43 (2009) 6026–6038, https://doi.org/10.1016/j. 
atmosenv.2009.08.031. 

[26] J.M. Daisey, W.J. Angell, M.G. Apte, Indoor air quality , ventilation and health 
symptoms in schools : an analysis of existing information, Indoor Air 13 (2003) 
53–64. 

[27] M.J. Mendell, G.A. Heath, Do indoor pollutants and thermal conditions in schools 
influence student performance ? A critical review of the literature, Indoor Air 15 
(2005) 27–52, https://doi.org/10.1111/j.1600-0668.2004.00320.x. 

[28] J. Sunyer, M. Esnaola, M. Alvarez-pedrerol, J. Forns, I. Rivas, M. L�opez-Vicente, 
M�onica Suades-Gonz�alez, Elisabet Foraster, R. Garcia-Esteban, X. Basaga~na, 
M. Viana, M. Cirach, T. Moreno, A. Alastuey, N. Sebastian-Galles, 
M. Nieuwenhuijsen, X. Querol, Association between Traffic-Related Air Pollution 
in Schools and Cognitive Development in Primary School Children : A Prospective 
Cohort Study, 2015, pp. 1–24, https://doi.org/10.1371/journal.pmed.1001792. 

[29] N. Canha, S.M. Almeida, M.C. Freitas, M. T€aubel, O. H€anninen, Winter ventilation 
rates at primary schools: comparison between Portugal and Finland, J. Toxicol. 
Environ. Health Part A Curr. Issues. 76 (2013) 400–408, https://doi.org/ 
10.1080/15287394.2013.765372. 

[30] U. Haverinen-Shaughnessy, D.J. Moschandreas, R.J. Shaughnessy, Association 
between substandard classroom ventilation rates and students’ academic 
achievement, Indoor Air 21 (2011) 121–131, https://doi.org/10.1111/j.1600- 
0668.2010.00686.x. 

[31] B. Lin, J. Zhu, Changes in urban air quality during urbanization in China, 
J. Clean. Prod. 188 (2018) 312–321, https://doi.org/10.1016/j. 
jclepro.2018.03.293. 

[32] I. Rivas, D. Donaire-Gonzalez, L. Bouso, M. Esnaola, M. Pandolfi, M. de Castro, 
M. Viana, M. �Alvarez-Pedrerol, M. Nieuwenhuijsen, A. Alastuey, J. Sunyer, 
X. Querol, Spatiotemporally resolved black carbon concentration, 
schoolchildren’s exposure and dose in Barcelona, Indoor Air 26 (2016) 391–402, 
https://doi.org/10.1111/ina.12214. 

[33] INE, Censos 2011, XV Recenseamento Geral da Populactio e V Recenseamento 
Geral da, Habitac~ao - Portugal., Lisbon, Portugal, 2012. 

[34] S.M. Almeida, M.C. Freitas, C. Repolho, I. Dionísio, H.M. Dung, C.A. Pio, C. Alves, 
A. Caseiro, A.M.G. Pacheco, Evaluating children exposure to air pollutants for an 
epidemiological study, J. Radioanal. Nucl. Chem. 280 (2009) 405–409, https:// 
doi.org/10.1007/s10967-009-0535-3. 

[35] S.M. Almeida, A.I. Silva, M.C. Freitas, H.M. Dzung, A. Caseiro, C.A. Pio, Impact of 
maritime air mass trajectories on the western european coast urban aerosol, 
J. Toxicol. Environ. Health Part A Curr. Issues. 76 (2013) 252–262, https://doi. 
org/10.1080/15287394.2013.757201. 

[36] A.M.J. Cruz, S. Sarmento, S.M. Almeida, A.V. Silva, C. Alves, M.C. Freitas, 
H. Wolterbeek, Association between atmospheric pollutants and hospital 
admissions in Lisbon, Environ. Sci. Pollut. Res. 22 (2015) 5500–5510, https:// 
doi.org/10.1007/s11356-014-3838-z. 

[37] S.M. Almeida, M.C. Freitas, C.A. Pio, Neutron activation analysis for 
identification of African mineral dust transport, J. Radioanal. Nucl. Chem. 276 
(2008) 161–165, https://doi.org/10.1007/s10967-007-0426-4. 

[38] C. Alves, M.G. Scotto, M. do C. Freitas, Air pollution and emergency admissions 
for cardiorespiratory diseases in Lisbon (Portugal), Quim. Nova 33 (2010) 
337–344. 

[39] C. Correia, V. Martins, I. Cunha-Lopes, T. Faria, E. Diapouli, K. Eleftheriadis, S. 
M. Almeida, Particle exposure and inhaled dose while commuting in Lisbon, 
Environ. Pollut. 257 (2020), https://doi.org/10.1016/j.envpol.2019.113547. 

[40] L. Morawska, A. Afshari, G.N. Bae, G. Buonanno, C.Y.H. Chao, O. H€anninen, 
W. Hofmann, C. Isaxon, E.R. Jayaratne, P. Pasanen, T. Salthammer, M. Waring, 
A. Wierzbicka, Indoor aerosols: from personal exposure to risk assessment, Indoor 
Air 23 (2013) 462–487, https://doi.org/10.1111/ina.12044. 

[41] G. Buonanno, G. Giovinco, L. Morawska, L. Stabile, Tracheobronchial and 
alveolar dose of submicrometer particles for different population age groups in 
Italy, Atmos. Environ. 45 (2011) 6216–6224, https://doi.org/10.1016/j. 
atmosenv.2011.07.066. 

[42] I. Cunha-Lopes, V. Martins, T. Faria, C. Correia, S.M. Almeida, Children ’ s 
exposure to sized-fractioned particulate matter and black carbon in an urban 
environment, Build. Environ. 155 (2019) 187–194, https://doi.org/10.1016/j. 
buildenv.2019.03.045. 

[43] H. Moosmüller, W.P. Arnott, C.F. Rogers, J.L. Bowen, J.A. Gillies, W.R. Pierson, J. 
F. Collins, T.D. Durbin, J.M. Norbeck, Time resolved characterization of diesel 
particulate emissions. 1. Instruments for particle mass measurements, Environ. 
Sci. Technol. 35 (2001) 781–787, https://doi.org/10.1021/es0013935. 

[44] C.J. Matz, D.M. Stieb, O. Brion, Urban-rural differences in daily time-activity 
patterns, occupational activity and housing characteristics, Environ. Health 
Global Access Sci. Source 14 (2015) 1–11, https://doi.org/10.1186/s12940-015- 
0075-y. 

[45] M. Mohammadyan, A. Alizadeh-Larimi, S. Etemadinejad, M.T. Latif, B. Heibati, 
K. Yetilmezsoy, S.A. Abdul-Wahab, P. Dadvand, Particulate air pollution at 
schools: indoor-outdoor relationship and determinants of indoor concentrations, 
Aerosol Air Qual. Res. 17 (2017) 857–864, https://doi.org/10.4209/ 
aaqr.2016.03.0128. 

[46] N. Canha, S.M. Almeida, M.C. Freitas, H.T. Wolterbeek, Indoor and outdoor 
biomonitoring using lichens at urban and rural primary schools, J. Toxicol. 
Environ. Health Part A Curr. Issues. 77 (2014) 900–915, https://doi.org/ 
10.1080/15287394.2014.911130. 

[47] H. Fromme, J. Diemer, S. Dietrich, J. Cyrys, J. Heinrich, W. Lang, M. Kiranoglu, 
D. Twardella, Chemical and morphological properties of particulate matter 
(PM10, PM2.5) in school classrooms and outdoor air, Atmos. Environ. 42 (2008) 
6597–6605, https://doi.org/10.1016/j.atmosenv.2008.04.047. 

[48] I. Rivas, M. Viana, T. Moreno, M. Pandolfi, F. Amato, C. Reche, L. Bouso, 
M. �Alvarez-Pedrerol, A. Alastuey, J. Sunyer, X. Querol, Child exposure to indoor 
and outdoor air pollutants in schools in Barcelona, Spain, Environ. Int. 69 (2014) 
200–212, https://doi.org/10.1016/j.envint.2014.04.009. 

[49] S. Rovelli, A. Cattaneo, C.P. Nuzzi, A. Spinazz�e, S. Piazza, P. Carrer, D.M. Cavallo, 
Airborne particulate matter in school classrooms of northern Italy, Int. J. Environ. 
Res. Publ. Health 11 (2014) 1398–1421, https://doi.org/10.3390/ 
ijerph110201398. 

[50] A.J. Wheeler, I. Williams, R.A. Beaumont, R.S. Hamilton, Characterisation of 
particulate matter sampled during a study of children’s personal exposure to 
airborne particulate matter in a UK urban environment, Environ. Monit. Assess. 
65 (2000) 69–77, https://doi.org/10.1023/A:1006447807980. 

[51] F.C. Fuoco, L. Stabile, G. Buonanno, C.V. Trassiera, A. Massimo, A. Russi, 
M. Mazaheri, L. Morawska, A. Andrade, Indoor Air Quality in Naturally 
Ventilated Italian Classrooms, Atmosphere 6 (2015) 652–1675, https://doi.org/ 
10.3390/atmos60x000x. 

[52] J. Wichmann, T. Lind, M.A.M. Nilsson, T. Bellander, PM2.5, soot and NO2 indoor- 
outdoor relationships at homes, pre-schools and schools in Stockholm, Sweden, 
Atmos. Environ. 44 (2010) 4536–4544, https://doi.org/10.1016/j. 
atmosenv.2010.08.023. 

[53] M. Brani�s, P. �Rez�a�cov�a, M. Domasov�a, The effect of outdoor air and indoor human 
activity on mass concentrations of PM10, PM2.5, and PM1 in a classroom, 
Environ. Res. 99 (2005) 143–149, https://doi.org/10.1016/j. 
envres.2004.12.001. 

[54] M. Simoni, I. Annesi-Maesano, T. Sigsgaard, D. Norback, G. Wieslander, 
W. Nystad, M. Cancianie, P. Sestini, G. Viegi, School air quality related to dry 
cough, rhinitis and nasal patency in children, Eur. Respir. J. 35 (2010) 742–749, 
https://doi.org/10.1183/09031936.00016309. 

[55] J. Madureira, I. Paciência, C. Pereira, J.P. Teixeira, E. de O. Fernandes, Indoor air 
quality in Portuguese schools: levels and sources of pollutants, Indoor Air 26 
(2016) 526–537, https://doi.org/10.1111/ina.12237. 

[56] E. Diapouli, K. Eleftheriadis, A.A. Karanasiou, S. Vratolis, O. Hermansen, 
I. Colbeck, M. Lazaridis, Indoor and outdoor particle number and mass 
concentrations in Athens. Sources, sinks and variability of aerosol parameters, 
Aerosol Air Qual. Res. 11 (2011) 632–642, https://doi.org/10.4209/ 
aaqr.2010.09.0080. 

[57] A. Mainka, E. Zajusz-Zubek, Indoor air quality in urban and rural preschools in 
upper Silesia, Poland: particulate matter and carbon dioxide, Int. J. Environ. Res. 
Publ. Health 12 (2015) 7697–7711, https://doi.org/10.3390/ijerph120707697. 

[58] R. Jan, R. Roy, S. Yadav, P.G. Satsangi, Exposure assessment of children to 
particulate matter and gaseous species in school environments of Pune, India, 
Build. Environ. 111 (2017) 207–217, https://doi.org/10.1016/j. 
buildenv.2016.11.008. 

[59] M. Habil, D.D. Massey, A. Taneja, Exposure from particle and ionic contamination 
to children in schools of India, Atmos. Pollut. Res. 6 (2015) 719–725, https://doi. 
org/10.5094/APR.2015.080. 

[60] V.S. Chithra, S.M.S. Nagendra, Characterizing and predicting coarse and fine 
particulates in classrooms located close to an urban roadway, J. Air Waste Manag. 
Assoc. 64 (2014) 945–956, https://doi.org/10.1080/10962247.2014.894483. 

T. Faria et al.                                                                                                                                                                                                                                    

https://doi.org/10.1016/j.scitotenv.2015.04.120
https://doi.org/10.1016/j.scitotenv.2015.04.120
https://doi.org/10.1007/s10967-011-1473-4
https://doi.org/10.1007/s11869-015-0389-5
https://doi.org/10.1007/s11869-015-0389-5
https://doi.org/10.1016/j.scitotenv.2014.12.013
https://doi.org/10.1016/j.scitotenv.2014.12.013
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref20
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref20
https://doi.org/10.1016/j.prrv.2011.07.004
https://doi.org/10.1016/j.prrv.2011.07.004
https://doi.org/10.1016/j.envint.2018.12.052
https://doi.org/10.1016/j.atmosenv.2006.08.053
https://doi.org/10.1016/j.atmosenv.2006.08.053
https://doi.org/10.1016/j.buildenv.2008.02.007
https://doi.org/10.1016/j.buildenv.2008.02.007
https://doi.org/10.1016/j.atmosenv.2009.08.031
https://doi.org/10.1016/j.atmosenv.2009.08.031
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref26
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref26
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref26
https://doi.org/10.1111/j.1600-0668.2004.00320.x
https://doi.org/10.1371/journal.pmed.1001792
https://doi.org/10.1080/15287394.2013.765372
https://doi.org/10.1080/15287394.2013.765372
https://doi.org/10.1111/j.1600-0668.2010.00686.x
https://doi.org/10.1111/j.1600-0668.2010.00686.x
https://doi.org/10.1016/j.jclepro.2018.03.293
https://doi.org/10.1016/j.jclepro.2018.03.293
https://doi.org/10.1111/ina.12214
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref33
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref33
https://doi.org/10.1007/s10967-009-0535-3
https://doi.org/10.1007/s10967-009-0535-3
https://doi.org/10.1080/15287394.2013.757201
https://doi.org/10.1080/15287394.2013.757201
https://doi.org/10.1007/s11356-014-3838-z
https://doi.org/10.1007/s11356-014-3838-z
https://doi.org/10.1007/s10967-007-0426-4
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref38
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref38
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref38
https://doi.org/10.1016/j.envpol.2019.113547
https://doi.org/10.1111/ina.12044
https://doi.org/10.1016/j.atmosenv.2011.07.066
https://doi.org/10.1016/j.atmosenv.2011.07.066
https://doi.org/10.1016/j.buildenv.2019.03.045
https://doi.org/10.1016/j.buildenv.2019.03.045
https://doi.org/10.1021/es0013935
https://doi.org/10.1186/s12940-015-0075-y
https://doi.org/10.1186/s12940-015-0075-y
https://doi.org/10.4209/aaqr.2016.03.0128
https://doi.org/10.4209/aaqr.2016.03.0128
https://doi.org/10.1080/15287394.2014.911130
https://doi.org/10.1080/15287394.2014.911130
https://doi.org/10.1016/j.atmosenv.2008.04.047
https://doi.org/10.1016/j.envint.2014.04.009
https://doi.org/10.3390/ijerph110201398
https://doi.org/10.3390/ijerph110201398
https://doi.org/10.1023/A:1006447807980
https://doi.org/10.3390/atmos60x000x
https://doi.org/10.3390/atmos60x000x
https://doi.org/10.1016/j.atmosenv.2010.08.023
https://doi.org/10.1016/j.atmosenv.2010.08.023
https://doi.org/10.1016/j.envres.2004.12.001
https://doi.org/10.1016/j.envres.2004.12.001
https://doi.org/10.1183/09031936.00016309
https://doi.org/10.1111/ina.12237
https://doi.org/10.4209/aaqr.2010.09.0080
https://doi.org/10.4209/aaqr.2010.09.0080
https://doi.org/10.3390/ijerph120707697
https://doi.org/10.1016/j.buildenv.2016.11.008
https://doi.org/10.1016/j.buildenv.2016.11.008
https://doi.org/10.5094/APR.2015.080
https://doi.org/10.5094/APR.2015.080
https://doi.org/10.1080/10962247.2014.894483


Building and Environment 171 (2020) 106666

14

[61] M.O. Fadeyi, K. Alkhaja, M. Bin Sulayem, B. Abu-Hijleh, Evaluation of indoor 
environmental quality conditions in elementary schools’ classrooms in the United 
Arab Emirates, Front. Archit. Res. 3 (2014) 166–177, https://doi.org/10.1016/j. 
foar.2014.03.001. 

[62] Y. Liu, R. Chen, X. Shen, X. Mao, Wintertime indoor air levels of PM10, PM2.5 
and PM1, at public places and their contributions to TSP, Environ. Int. 30 (2004) 
189–197, https://doi.org/10.1016/S0160-4120(03)00173-9. 

[63] K.K. Kalimeri, J.G. Bartzis, I.A. Sakellaris, E. de Oliveira Fernandes, Investigation 
of the PM2.5, NO2 and O3 I/O ratios for office and school microenvironments, 
Environ. Res. 179 (2019) 1–8, https://doi.org/10.1016/j.envres.2019.108791. 

[64] M. Stranger, S.S. Potgieter-Vermaak, R. Van Grieken, Characterization of indoor 
air quality in primary schools in Antwerp, Belgium, Indoor Air 18 (2008) 
454–463, https://doi.org/10.1111/j.1600-0668.2008.00545.x. 

[65] N.Y. Yang Razali, M.T. Latif, D. Dominick, N. Mohamad, F.R. Sulaiman, 
T. Srithawirat, Concentration of particulate matter, CO and CO2 in selected 
schools in Malaysia, Build. Environ. 87 (2015) 108–116, https://doi.org/ 
10.1016/j.buildenv.2015.01.015. 

[66] J.H. Park, T.J. Lee, M.J. Park, H.N. Oh, Y.M. Jo, Effects of air cleaners and school 
characteristics on classroom concentrations of particulate matter in 34 
elementary schools in Korea, Build. Environ. 167 (2020) 106437, https://doi.org/ 
10.1016/j.buildenv.2019.106437. 

[67] S. Langer, O. Ramalho, M. Derbez, J. Rib�eron, S. Kirchner, C. Mandin, Indoor 
environmental quality in French dwellings and building characteristics, Atmos. 
Environ. 128 (2016) 82–91, https://doi.org/10.1016/j.atmosenv.2015.12.060. 

[68] Z.A. Nasir, I. Colbeck, Particulate pollution in different housing types in a UK 
suburban location, Sci. Total Environ. 445–446 (2013) 165–176, https://doi.org/ 
10.1016/j.scitotenv.2012.12.042. 

[69] P.N. Breysse, T.J. Buckley, D.A. Williams, C.M. Beck, S. Jo, B. Merriman, 
S. Kanchanaraksa, L.J. Swartz, A. Callahan, A.M. Butz, C.S. Rand, G.B. Diette, J. 
A. Krishnan, A.M. Moseley, J. Curtin-brosnan, N.B. Durkin, P.A. Eggleston, Indoor 
exposures to air pollutants and allergens in the homes of asthmatic children in 
inner-city Baltimore, Environ. Res. 98 (2005) 167–176, https://doi.org/10.1016/ 
j.envres.2004.07.018. 

[70] M. Stranger, S.S. Potgieter-vermaak, R. Van Grieken, Comparative overview of 
indoor air quality in Antwerp , Belgium, Environ. Int. 33 (2007) 789–797, 
https://doi.org/10.1016/j.envint.2007.02.014. 

[71] P. Moln�ar, T. Bellander, G. S€allsten, J. Boman, Indoor and outdoor concentrations 
of PM2.5 trace elements at homes, preschools and schools in Stockholm, Sweden, 
J. Environ. Monit. 9 (2007) 348–357, https://doi.org/10.1039/b616858b. 

[72] O.O. H€anninen, E. Lebret, V. Ilacqua, K. Katsouyanni, N. Künzli, R.J. Sr�am, 
M. Jantunen, Infiltration of ambient PM 2.5 and levels of indoor generated non- 
ETS PM 2.5 in residences of four European cities, Atmos. Environ. 38 (2004) 
6411–6423, https://doi.org/10.1016/j.atmosenv.2004.07.015. 

[73] L.E. Escobedo, W.M. Champion, N. Li, L.D. Montoya, Indoor air quality in latino 
homes in Boulder, Colorado, Atmos. Environ. 92 (2014) 69–75, https://doi.org/ 
10.1016/j.atmosenv.2014.03.043. 

[74] World Health Organization, HO Air Quality Guidelines for Particulate Matter, 
Ozone, Nitrogen Dioxide and Sulfur Dioxide : Global Update 2005 : Summary of 
Risk Assessment, 2006. 

[75] C.Y. Chao, K.K. Wong, Residential indoor PM10 and PM2.5 in Hong Kong and the 
elemental composition, Atmos. Environ. 36 (2002) 265–277, https://doi.org/ 
10.1016/S1352-2310(01)00411-3. 

[76] N.C. Jones, C.A. Thornton, D. Mark, R.M. Harrison, Indoor/outdoor relationships 
of particulate matter in domestic homes with roadside, urban and rural locations, 
Atmos. Environ. 34 (2000) 2603–2612, https://doi.org/10.1016/S1352-2310 
(99)00489-6. 

[77] M.D. Geller, M. Chang, C. Sioutas, B.D. Ostro, M.J. Lipsett, Indoor/outdoor 
relationship and chemical composition of fine and coarse particles in the southern 
California deserts, Atmos. Environ. 36 (2002) 1099–1110, https://doi.org/ 
10.1016/S1352-2310(01)00340-5. 

[78] A. Cattaneo, C. Peruzzo, G. Garramone, P. Urso, R. Ruggeri, P. Carrer, D. 
M. Cavallo, Airborne particulate matter and gaseous air pollutants in residential 
structures in lodi province, Italy, Indoor Air 21 (2011) 489–500, https://doi.org/ 
10.1111/j.1600-0668.2011.00731.x. 

[79] P.S. Khillare, R. Pandey, S. Balachandran, Characterisation of indoor PM10 in 
residential areas of Delhi, Indoor Built Environ. 13 (2004) 139–147, https://doi. 
org/10.1177/1420326X04041053. 

[80] A. Stamatelopoulou, D.N. Asimakopoulos, T. Maggos, Effects of PM, TVOCs and 
comfort parameters on indoor air quality of residences with young children, 
Build. Environ. 150 (2019) 233–244, https://doi.org/10.1016/j. 
buildenv.2018.12.065. 

[81] J. Madureira, I. Paciência, J. Cavaleiro-Rufo, E. de O. Fernandes, Indoor air risk 
factors for schoolchildren’s health in Portuguese homes: results from a case- 
control survey, J. Toxicol. Environ. Health Part A Curr. Issues. 79 (2016) 
938–953, https://doi.org/10.1080/15287394.2016.1210548. 

[82] P. Romagnoli, C. Balducci, M. Perilli, F. Vichi, A. Imperiali, A. Cecinato, Indoor 
air quality at life and work environments in Rome, Italy, Environ. Sci. Pollut. Res. 
23 (2016) 3503–3516, https://doi.org/10.1007/s11356-015-5558-4. 

[83] M.C. Minguill�on, A. Schembari, M. Triguero-Mas, A. de Nazelle, P. Dadvand, 
F. Figueras, J.A. Salvado, J.O. Grimalt, M. Nieuwenhuijsen, X. Querol, Source 
apportionment of indoor, outdoor and personal PM2.5 exposure of pregnant 
women in Barcelona, Spain, Atmos. Environ. 59 (2012) 426–436, https://doi. 
org/10.1016/j.atmosenv.2012.04.052. 

[84] D. Massey, A. Kulshrestha, J. Masih, A. Taneja, Seasonal trends of PM10, PM5.0, 
PM2.5 & PM1.0 in indoor and outdoor environments of residential homes located 
in North-Central India, Build. Environ. 47 (2012) 223–231, https://doi.org/ 
10.1016/j.buildenv.2011.07.018. 

[85] Z. Wang, Q. Xue, Y. Ji, Z. Yu, Indoor environment quality in a low-energy 
residential building in winter in Harbin, Build. Environ. 135 (2018) 194–201, 
https://doi.org/10.1016/j.buildenv.2018.03.012. 

[86] S. Dasgupta, M. Huq, M. Khaliquzzaman, K. Pandey, D. Wheeler, Indoor air 
quality for poor families: new evidence from Bangladesh, Indoor Air 16 (2006) 
426–444, https://doi.org/10.1111/j.1600-0668.2006.00436.x. 

[87] E. Abt, H.H. Suh, G. Allen, P. Koutrakis, Characterization of indoor particle 
sources: a study conducted in the metropolitan Boston area, Environ. Health 
Perspect. 108 (2000) 35–44, https://doi.org/10.2307/3454293. 

[88] N. Jafta, L. Barregard, P.M. Jeena, R.N. Naidoo, Indoor air quality of low and 
middle income urban households in Durban, South Africa, Environ. Res. 156 
(2017) 47–56, https://doi.org/10.1016/j.envres.2017.03.008. 

[89] D. Massey, J. Masih, A. Kulshrestha, M. Habil, A. Taneja, Indoor/outdoor 
relationship of fine particles less than 2.5 μm (PM2.5) in residential homes 
locations in central Indian region, Build. Environ. 44 (2009) 2037–2045, https:// 
doi.org/10.1016/j.buildenv.2009.02.010. 

[90] Z. Li, Q. Wen, R. Zhang, Sources, health effects and control strategies of indoor 
fine particulate matter (PM2.5): a review, Sci. Total Environ. 586 (2017) 
610–622, https://doi.org/10.1016/j.scitotenv.2017.02.029. 

[91] M.A. Bari, W.B. Kindzierski, L.A. Wallace, A.J. Wheeler, M. MacNeill, M.- 
�E. H�eroux, Indoor and outdoor levels and sources of submicron particles (PM1) at 
homes in edmonton, Canada, Environ. Sci. Technol. 49 (2015) 6419–6429, 
https://doi.org/10.1021/acs.est.5b01173. 

[92] B. Pekey, Z.B. Bozkurt, H. Pekey, G. Do�gan, A. Zararsız, N. Efe, G. Tuncel, Indoor/ 
outdoor concentrations and elemental composition of PM10/PM2.5 in urban/ 
industrial areas of Kocaeli City, Turkey, Indoor Air 20 (2010) 112–125, https:// 
doi.org/10.1111/j.1600-0668.2009.00628.x. 

[93] M.H. Secrest, J.J. Schauer, E.M. Carter, J. Baumgartner, Particulate matter 
chemical component concentrations and sources in settings of household solid 
fuel use, Indoor Air 27 (2017) 1052–1066, https://doi.org/10.1111/ina.12389. 

[94] J. Qian, A.R. Ferro, K.R. Fowler, Estimating the resuspension rate and residence 
time of indoor particles, J. Air Waste Manag. Assoc. 58 (2008) 502–516, https:// 
doi.org/10.3155/1047-3289.58.4.502. 

[95] I. Colbeck, Z.A. Nasir, Z. Ali, Characteristics of indoor/outdoor particulate 
pollution in urban and rural residential environment of Pakistan, Indoor Air 20 
(2010) 40–51, https://doi.org/10.1111/j.1600-0668.2009.00624.x. 

[96] L. Morawska, G.A. Ayoko, G.N. Bae, G. Buonanno, C.Y.H. Chao, S. Clifford, S. 
C. Fu, O. H€anninen, C. He, C. Isaxon, M. Mazaheri, T. Salthammer, M.S. Waring, 
A. Wierzbicka, Airborne particles in indoor environment of homes, schools, 
offices and aged care facilities: the main routes of exposure, Environ. Int. 108 
(2017) 75–83, https://doi.org/10.1016/j.envint.2017.07.025. 

[97] T. Wu, M. T€aubel, R. Holopainen, A.-K. Viitanen, S. Vainiotalo, T. Tuomi, 
J. Keskinen, A. Hyv€arinen, K. H€ameri, S.E. Saari, B.E. Boor, Infant and adult 
inhalation exposure to resuspended biological particulate matter, Environ. Sci. 
Technol. 52 (2018) 237–247, https://doi.org/10.1021/acs.est.7b04183. 

[98] Q. Zhang, Y. Zhu, Characterizing ultrafine particles and other air pollutants at 
five schools in South Texas, Indoor Air 22 (2012) 33–42, https://doi.org/ 
10.1111/j.1600-0668.2011.00738.x. 

[99] S. Kingham, M. Durand, J. Harrison, J. Cavanagh, M. Epton, Temporal variations 
in particulate exposure to wood smoke in a residential school environment, 
Atmos. Environ. 42 (2008) 4619–4631, https://doi.org/10.1016/j. 
atmosenv.2008.01.064. 

[100] L. Zhang, C. Guo, X. Jia, H. Xu, M. Pan, D. Xu, X. Shen, J. Zhang, J. Tan, H. Qian, 
C. Dong, Y. Shi, X. Zhou, C. Wu, Personal exposure measurements of school- 
children to fine particulate matter (PM 2.5) in winter of 2013, Shanghai, China, 
PloS One 13 (2018) 1–16, https://doi.org/10.1371/journal.pone.0193586. 

T. Faria et al.                                                                                                                                                                                                                                    

https://doi.org/10.1016/j.foar.2014.03.001
https://doi.org/10.1016/j.foar.2014.03.001
https://doi.org/10.1016/S0160-4120(03)00173-9
https://doi.org/10.1016/j.envres.2019.108791
https://doi.org/10.1111/j.1600-0668.2008.00545.x
https://doi.org/10.1016/j.buildenv.2015.01.015
https://doi.org/10.1016/j.buildenv.2015.01.015
https://doi.org/10.1016/j.buildenv.2019.106437
https://doi.org/10.1016/j.buildenv.2019.106437
https://doi.org/10.1016/j.atmosenv.2015.12.060
https://doi.org/10.1016/j.scitotenv.2012.12.042
https://doi.org/10.1016/j.scitotenv.2012.12.042
https://doi.org/10.1016/j.envres.2004.07.018
https://doi.org/10.1016/j.envres.2004.07.018
https://doi.org/10.1016/j.envint.2007.02.014
https://doi.org/10.1039/b616858b
https://doi.org/10.1016/j.atmosenv.2004.07.015
https://doi.org/10.1016/j.atmosenv.2014.03.043
https://doi.org/10.1016/j.atmosenv.2014.03.043
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref74
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref74
http://refhub.elsevier.com/S0360-1323(20)30024-X/sref74
https://doi.org/10.1016/S1352-2310(01)00411-3
https://doi.org/10.1016/S1352-2310(01)00411-3
https://doi.org/10.1016/S1352-2310(99)00489-6
https://doi.org/10.1016/S1352-2310(99)00489-6
https://doi.org/10.1016/S1352-2310(01)00340-5
https://doi.org/10.1016/S1352-2310(01)00340-5
https://doi.org/10.1111/j.1600-0668.2011.00731.x
https://doi.org/10.1111/j.1600-0668.2011.00731.x
https://doi.org/10.1177/1420326X04041053
https://doi.org/10.1177/1420326X04041053
https://doi.org/10.1016/j.buildenv.2018.12.065
https://doi.org/10.1016/j.buildenv.2018.12.065
https://doi.org/10.1080/15287394.2016.1210548
https://doi.org/10.1007/s11356-015-5558-4
https://doi.org/10.1016/j.atmosenv.2012.04.052
https://doi.org/10.1016/j.atmosenv.2012.04.052
https://doi.org/10.1016/j.buildenv.2011.07.018
https://doi.org/10.1016/j.buildenv.2011.07.018
https://doi.org/10.1016/j.buildenv.2018.03.012
https://doi.org/10.1111/j.1600-0668.2006.00436.x
https://doi.org/10.2307/3454293
https://doi.org/10.1016/j.envres.2017.03.008
https://doi.org/10.1016/j.buildenv.2009.02.010
https://doi.org/10.1016/j.buildenv.2009.02.010
https://doi.org/10.1016/j.scitotenv.2017.02.029
https://doi.org/10.1021/acs.est.5b01173
https://doi.org/10.1111/j.1600-0668.2009.00628.x
https://doi.org/10.1111/j.1600-0668.2009.00628.x
https://doi.org/10.1111/ina.12389
https://doi.org/10.3155/1047-3289.58.4.502
https://doi.org/10.3155/1047-3289.58.4.502
https://doi.org/10.1111/j.1600-0668.2009.00624.x
https://doi.org/10.1016/j.envint.2017.07.025
https://doi.org/10.1021/acs.est.7b04183
https://doi.org/10.1111/j.1600-0668.2011.00738.x
https://doi.org/10.1111/j.1600-0668.2011.00738.x
https://doi.org/10.1016/j.atmosenv.2008.01.064
https://doi.org/10.1016/j.atmosenv.2008.01.064
https://doi.org/10.1371/journal.pone.0193586


Contents lists available at ScienceDirect

Environmental Research

journal homepage: www.elsevier.com/locate/envres

Relationship between indoor and outdoor size-fractionated particulate
matter in urban microenvironments: Levels, chemical composition and
sources
Vânia Martinsa,∗, Tiago Fariaa, Evangelia Diapoulib, Manousos Ioannis Manousakasb,
Konstantinos Eleftheriadisb, Mar Vianac, Susana Marta Almeidaa
a Centro de Ciências e Tecnologias Nucleares, Instituto Superior Técnico, Lisbon, Portugal
b Institute of Nuclear and Radiological Sciences and Technology, Energy and Safety, N.C.S.R. ‘Demokritos', Athens, Greece
c Institute of Environmental Assessment and Water Research (IDAEA), CSIC, Barcelona, Spain

A R T I C L E I N F O

Keywords:
Homes
Schools
Indoor/outdoor air
Size-segregated particles
Chemical elements
Children exposure

A B S T R A C T

Exposure to particulate matter (PM) has been associated with adverse health outcomes, particularly in sus-
ceptible population groups such as children. This study aims to characterise children's exposure to PM and its
chemical constituents. Size-segregated aerosol samples (PM0.25, PM0.25–0.5, PM0.5–1.0, PM1.0–2.5 and
PM2.5–10) were collected in the indoor and outdoor of homes and schools located in Lisbon (Portugal). Organic
and elemental carbon (OC and EC) were determined by a thermo-optical method, whereas major and trace
elements were analysed by X-Ray Fluorescence. In school, the children were exposed to higher PM concentra-
tions than in home, which might be associated not only to the elevated human occupancy but also to outdoor
infiltration. The pattern of PM mass size distribution was dependent on the location (home vs. school and indoor
vs. outdoor). The presence of EC in PM0.25 and OC in PM0.25–0.5 was linked to traffic exhaust emissions. OC
and EC in PM2.5–10 may be explained by their adhesion to the surface of coarser particles. Generally, the
concentrations of mineral and marine elements increased with increasing PM size, while for anthropogenic
elements happened the opposite. In schools, the concentrations of mineral matter, anthropogenic elements and
marine aerosol were higher than in homes. High mineral matter concentrations found in schools were related to
the close proximity to busy roads and elevated human occupancy. Overall, the results suggest that exposure to
PM is relevant and highlights the need for strategies that provide healthier indoor environments, principally in
schools.

1. Introduction

There is strong evidence that adverse health effects of particulate
matter (PM) depend not only on the aerosol mass concentration, but
also on many other properties including particle number concentration,
size and its distribution, specific surface area and chemical composition
(e.g. Polichetti et al., 2009; Stafoggia et al., 2017; Valavanidis et al.,
2008). Airborne particles span a wide range of diameters, from a few
nanometers to hundreds of micrometers (Hinds, 1999). Particles of
different sizes have different deposition patterns in lung regions, which
might result in different health risks (Kim et al., 2015; Rajput et al.,

2019). Fine particles, PM2.5 (particles with an aerodynamic diameter
equal or smaller than 2.5 μm), can cause greater adverse health effects
(Lepeule et al., 2012; Pope and Dockery, 2006) than coarser particles,
PM2.5–10 (particles with aerodynamic diameter between 2.5 and
10 μm), due to their ability to reach the alveolar region of the re-
spiratory tract and higher transition metal content (Janhäll et al., 2012;
Rajput et al., 2019). Chemically, PM is composed of inorganic ions (e.g.
ammonium, nitrates, sulphates, and soluble metals), insoluble metals,
elemental carbon, organic compounds, biological components (aller-
gens), microbial agents, and water (Kim et al., 2015; Zhang et al.,
2015). Potentially toxic elements such as As, Cd, Cr, Pb, V and Zn are
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present predominantly in the fine fractions of size-segregated aerosols,
while the crustal elements such as Al, Ca, Fe, Mg and Mn occur mainly
in the coarse fractions (Clements et al., 2014).
Most of the human exposure to PM occurs indoors, where people

spend the major fraction of their lives (Klepeis et al., 2001). Typically,
indoor particles are a mix of ambient particles affected by outdoor
ambient concentrations through natural and mechanical air exchange
and infiltration, primary particles emitted indoors, and secondary
particles formed indoors through reactions of gas-phase precursors
(Chen and Zhao, 2011; Morawska et al., 2017). Several studies have
reported higher levels of airborne pollutants in indoor environments
in comparison to outdoors (Hodas et al., 2016 and references therein).
Ambient aerosol particles in urban environment are originated from
several local sources, predominantly from fossil fuel burning, vehi-
cular traffic, industrial emissions, and resuspension, but also from
long-range transport (e.g. Belis et al., 2013; Karagulian et al., 2015).
The natural sources account for a large fraction of aerosols in several
regions and contribute mainly to coarser particles, whereas the an-
thropogenic sources are mostly responsible for the formation of pri-
mary and secondary fine, ultrafine, and nano-particles. Indoor sources
of PM are associated to human activities (e.g. cooking, cleaning, and
smoking), combustion processes (wood and fossil fuel burning),
building materials (flooring, carpeting, paint, and plastics), use of
various consumer products (aerosols, detergents, sprays, and cos-
metics), secondary formation processes and dust resuspension (e.g.
Abt et al., 2000a; Jones et al., 2000; Kim et al., 2015; Morawska et al.,
2017; Oliveira et al., 2019; Urso et al., 2015; Wallace et al., 2006;
Waring, 2014). The combustion processes and cleaning activities
contribute significantly to the emission of fine particles, while re-
suspension is principally associated to the coarse fractions of PM (Abt
et al., 2000a; Fuoco et al., 2015; Nazaroff, 2004). In working en-
vironments, PM size distribution, concentrations, and chemical
properties are more site-specific as these depend on the materials
used, production methods, and working typologies (Bo et al., 2017).
The characteristics of the particles depend on their originating sources
and on the posterior processes involving the particles, hence the
composition and toxicity of indoor particles is very complex, with
similarities but also differences to outdoor particles (Hodas et al.,
2016).
Children represent a highly vulnerable population group to air

pollution because their respiratory and immune systems are still de-
veloping (e.g. Makri and Stilianakis, 2008; Sunyer, 2008). Due to their
size, physiology and activity level, children inhalation rates are higher
than adults resulting in larger specific doses (Bennett et al., 2008;
Bennett and Zeman, 2004). They have a higher resting metabolic rate
and oxygen consumption rate per unit of body weight than adults
because of their rapid growth and relatively larger lung surface area
per unit of body weight. Exposure to ambient air pollution at early age
may affect children's growth and lung function (Chen et al., 2015;
Tang et al., 2014; Urman et al., 2014; Zwozdziak et al., 2016). Phy-
siological immaturity is however only one explanatory factor of risk
differences identified for children, and its intrinsic characteristic
leaves few options for prevention. On the other hand, the influence of
behaviours and activities at different developmental stages, quality of
school and home environments, or commuting to and from school
could also account for differential risks and create possibilities for
intervention strategies to reduce exposure. Education is a crucial

component of child's social development thus, schools are one of the
main microenvironments where children spend their time. School-
aged children spend around 23% of their daily time in school micro-
environment and 61% in home (Pañella et al., 2017). Strategies for
reducing health risk of children might include improvement of air
quality in school and home microenvironments, child-focused in-
formation dissemination and behaviour change initiatives, or other
measures specifically designed to reach children. Therefore, protec-
tion against potential health risks associated with exposure to PM
requires the assessment of PM levels in the indoor air at both school
and home microenvironments and in the outdoor air of the respective
surrounding areas.
Most of the studies on indoor air quality (IAQ) in homes and schools

have been focused on the assessment of mass concentration of airborne
particles (Almeida et al., 2011; Jovanović et al., 2014; Morawska et al.,
2017; Polednik, 2013; Rivas et al., 2014; Salthammer et al., 2016). To
the authors’ knowledge, information on their size distribution is very
scarce in the literature. Moreover, few studies reported the size dis-
tribution of the chemical components. As aerosol size distributions can
provide essential data about the emission sources, formation and
growth mechanisms of aerosol particles (Hinds, 1999), knowledge of
their size-fractionated chemical composition is important when
studying their sources and impacts (Daher et al., 2013; Hitzenberger
and Tohno, 2001; Huang et al., 2006; Karanasiou et al., 2007; Viana
et al., 2014; Zwozdziak et al., 2017). Thus, investigating the size-seg-
regated aerosol particles is important to understand and manage the
effects of aerosols on child health. With this in mind, the purpose of this
study was to evaluate the relationship between the indoor and outdoor
size distribution of particles and its chemical constituents affecting the
child exposure. To this end, this characterization was carried out in the
three microenvironments where schoolchildren spend most of their
time, i.e. homes, schools and outdoor.

2. Method

2.1. Study area

This study was conducted in Lisbon, which is the capital and the
largest city of Portugal. Lisbon is located in the western Iberian
Peninsula on the Atlantic Ocean coast at the point where the river
Tagus flows into the Atlantic (Fig. 1). It has a Mediterranean climate.
According to the 2011 census, the Lisbon metropolitan area that covers
about 3015 km2 has about 2.8 million inhabitants, representing ap-
proximately 27% of the country's population.
Lisbon is set on seven terraced hills, which together with the pre-

dominance of narrow streets and a dearth of green areas hinder the
dispersion of pollutants. Lisbon was considered, in the annual report
“Traffic Index 2018”, the most congested city in the Iberian Peninsula
by the satellite navigation company TomTom. The dominant source of
air pollutants in the city is road traffic emissions (Almeida et al., 2009a,
2009b). Moreover, it has a significant contribution of marine aerosol
due to the geographic position and the dominant western wind regime
(Almeida et al., 2013). In addition to the nearby airport with several
continental and transatlantic flights, there is also an important port of
call for cruises, receiving a high number of ships. These constitute ad-
ditional sources of air pollutants that are transported across the city.
The city is also frequently affected by North African air mass transport,
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which contributes significantly to the atmospheric mineral dust load
(Almeida et al., 2008). Under adverse meteorological conditions, low
dispersion conditions and thermal inversions, particularly in winter,
high concentrations of air pollutants can be registered (Alves et al.,
2010).

2.2. Sampling sites

The study was conducted in 8 sampling sites: 4 homes and 4 schools
(referred to as H1–H4 and SA–SD, respectively), dispersed across
Lisbon's city centre. A map depicting the children's homes and schools
location is given in Fig. 1. The measurements were conducted between
October 2017 and January 2018. According with the time-activity
pattern survey developed by Faria et al. (2020), the schoolchildren in
Lisbon spend around 56% in home and 27% in school during weekdays.
At each site, the sampling was performed concurrently in an indoor

and an outdoor place. In the schools, a classroom and playground lo-
cations were chosen to conduct the measurements, which were assumed
to give the best overall exposure from the indoor and the outdoor of the
school, respectively. The selected schools are public and are not near
any major pollution sources apart from traffic emissions. In the homes,
the measurements were conducted in the living room and in the bal-
cony.
Information on the general conditions in the classroom and inside

home were manually recorded by the teachers and homes’ inhabitants,
respectively. The number of occupants per home ranged from 2 to 5,
and in the classrooms the occupancy depended on the school hours,
varying between 25 and 28 children. The schools have natural venti-
lation, which means that the air renewal occurs by opening doors and
single glazing windows. All schools have traditional blackboards, with
exception of school SA, which has whiteboards.

2.3. Instrumentation and measurements

The size distribution of the particles was obtained using a Personal
Cascade Impactor Sampler (PCIS, SKC Inc.) connected to a SKC Leland
Legacy pump, operating at 9.0 L/min. The PCIS is a miniaturised cas-
cade impactor, consisting of four impaction stages followed by an after-
filter. When sampling with the PCIS, the particles larger than the cut-off
size of this stage cross the air streamlines and are collected upon the
impaction plate. The finer particles with less inertia do not cross the
streamlines and continue to the subsequent stage at which the nozzles
are tighter, the air velocity through the nozzles is higher and finer
particles are collected. This continues through the cascade impactor
until the smallest particles are collected at the after-filter. According to
the manufacturer specifications, particles are separated in the following
aerodynamic particle diameter (Dp) ranges: <0.25; 0.25 to 0.5; 0.5 to
1.0; 1.0 to 2.5; and >2.5 μm. However, the accuracy of the <0.25 size
fraction has been questioned (Fonseca et al., 2016) and this fraction
probably includes a contribution from particles with Dp > 0.25 μm. For
the purpose of this study, and considering this limitation, the particle
sizes reported in this work will be expressed throughout the manuscript
as PM0.25, PM0.25–0.5, PM0.5–1.0 and PM1.0–2.5. Moreover, the data
collected simultaneously by a Leckel sampler (MVS6, Sven Leckel), for
the size range between 2.5 and 10 μm (PM2.5–10), was used to com-
plement the results.
Two PCIS were placed indoors and one outdoors. Particles in the

<0.25 μm stage were collected onto polytetrafluoroethylene filters
(PTFE; SKC Inc.) of 37-mm diameter with 2.0 μm pore size. In the re-
maining stages, PTFE filters 25-mm diameter with 0.5 μm pore size
were used. For the additional PCIS collecting indoors, quartz fibre fil-
ters (Whatman) were used. In order to facilitate the interpretation of
the data, the lowest diameter of 0.03 μm was assumed for the last filter

Fig. 1. Spatial distribution of the studied homes and schools in Lisbon, Portugal.
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stage of particles with Dp < 0.25 μm when representing the mass size
distribution.
The flow rate (≈9.0 L/min) was checked at the beginning of each

sample, with PCIS in calibration train with SKC pump, using a flow-
meter (Bios Defender 510, MesaLabs). The flow was always set to
within ±0.05 L/min of the desired flow rate.
The particle collection was performed during a week at each sam-

pling place. In schools the samples were collected during school hours
(about 8 h/day, depending on the school), from Monday to Friday. In
homes the sampling period was 24 h during weekends (from 09:00 until
09:00 of the next day) and 15 h (18:00–9:00 h) during workdays,
considered as the normal occupied period. A cumulative sampling was
performed to guarantee the gravimetric representativeness of the
sample. Thus, the samples were representative of weekly (5-day) oc-
cupied-hours concentrations.
The location of the aerosol instrumentation was chosen as a com-

promise between meeting conditions for undisturbed measurement and
minimizing the annoyance to participants. The aerosol inlets were
placed at roughly 1 m above the floor corresponding to breathing level
of the children.

2.4. Sample analysis

Mass concentrations were gravimetrically determined by pre- and
post-weighing the filter substrates on a microbalance (Sartorius
R160P), after being stabilized for at least 24 h in a conditioned room
(20 °C and 50% relative humidity). PM mass concentrations were de-
termined by dividing filter loads by the volume of air filtered. After
weighing, the filters were temporarily stored in a freezer (±−15 °C)
until analysis.
The sampled PTFE filters were analysed by X-Ray Fluorescence

(XRF) for the determination of the following major and trace ele-
ments: Na, Mg, Al, Si, S, Cl, K, Ca, Ti, V, Cr, Mn, Fe, Ni, Cu, Zn, As, Br,
Sr, Ba and Pb. Analysis was performed by the use of an Energy
Dispersive X-Ray Fluorescence spectrometer (ED-XRF) Laboratory
Instrument (Epsilon 5, PANalytical) (Manousakas et al., 2018). The
elemental (EC) and organic carbon (OC) concentrations were de-
termined by thermo-optical transmittance (TOT) method (Lab OC-EC

Aerosol Analyzer, Sunset Laboratory Inc.) on the quartz filters. A de-
tailed description of the analytical methodology is given by
Popovicheva et al. (2019).

2.5. Statistical analysis

Statistical calculations using STATISTICA software were performed.
Wilcoxon Matched pairs and Mann–Whitney U were used. These tests
are non-parametric – hence they do not consider any assumptions re-
lated to the distribution – and basically are the same in that they
compare between two medians to suggest whether both samples come
from the same population or not. When both of the samples were not
entirely independent of each other and had some factor in common, the
Wilcoxon Matched pairs test was applied (differences between pairs of
indoor and outdoor levels). When the samples were independent
Mann–Whitney U test was applied (differences between homes and
schools). Statistical significance refers to p < 0.05.

3. Results and discussion

3.1. PM mass concentrations

The PM10 mass concentrations are given in Fig. 2. The highest in-
door PM10 levels were registered in the schools (33.0–97.2 μg/m3) and
the lowest values were measured in the homes (10.8–37.7 μg/m3). The
PM10 mass concentrations were usually lower inside the homes than
outside, while in the schools the opposite was found. In schools, PM2.5-
10 mass concentrations were considerably higher indoors (9.4–56.1 μg/
m3) than outdoors (8.6–15.8 μg/m3), indicating that coarse particles
measured in classrooms have major sources other than outdoor parti-
cles. These results are in line with findings of previous studies and are
explained in detail in section 3.1.1.
For home H4, the indoor PM10 and PM2.5 concentrations were 2.2

and 2.5 times higher than outdoor, respectively, indicating an im-
portant contribution of fine particles. From the total PM2.5 mass, 74%
was composed of particles with Dp < 0.25 μm, as will be further ex-
plained. According to Diapouli et al. (2011) the high fine particle
concentration indoors may be attributed to the presence of important

Fig. 2. PM10 mass concentrations and contribution of each size-fractionated PM (PM0.25, PM0.25–0.5, PM0.5–1.0, PM1.0–2.5, PM2.5–10) in the homes and schools.
In – Indoor; Out – Outdoor.
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indoor sources during measurements and/or to the higher penetration
ratios of outdoor-generated fine particles indoors.

3.1.1. Size distribution
The PM10 mass concentrations and percentage content in the 5 PM

size fractions at both indoor and outdoor microenvironments of the
homes and schools are shown in Fig. 2. The indoor and outdoor particle
size distributions are displayed in Fig. 3.
In the homes, the largest mass fraction of PM indoors was observed

for particles with Dp < 0.25 μm, with contribution to PM10 varying
between 30 and 71%, while outdoors the predominant size range was
2.5–10 μm, accounting from 19 to 62% of PM10 mass. For home H4,
the indoor PM0.25 mass concentration was 3.5 times higher than

outdoor, evidencing the important contribution from indoor sources in
fine particle size range. The PM mass concentrations in the different
size ranges in the homes are shown in Table S1 (supplementary ma-
terial). Abt et al. (2000b) demonstrated that the highest effective
penetration efficiency from outdoor into indoor was observed for
particles ranging from 0.1 to 0.2 μm, for which the losses by impaction
and diffusion are minimal. Chiang et al. (2012) studied the particle
size distribution of the exhaust of light-duty diesel vehicles and re-
vealed a higher contribution of the finest size grains to the PM mass
(66% in PM0.4 and 80% in PM1.0), evidencing that traffic-related
particles may be present inside the homes. Several studies have de-
monstrated that the particles generated by indoor sources are asso-
ciated mainly to human activities such as cooking, cleaning, smoking,

Fig. 3. PM mass size distribution in the homes and schools. Note that the scales are different.
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burning candles and walking (Afshari et al., 2005; Diapouli et al.,
2011; Ferro et al., 2004; Serfozo et al., 2014; Urso et al., 2015). These
activities can generate new particles or promote the resuspension of
particles that have settled previously. In homes, indoor combustion
activities have been recognised as sources of fine particles, such as
cooking food, smoking cigarettes and burning candles (Abt et al.,
2000b; Afshari et al., 2005; Diapouli et al., 2011; Ferro et al., 2004;
MacNeill et al., 2014; Urso et al., 2015; Wallace, 2006). Liu et al.
(2010) identified cooking as the main source of particles in the size
fraction of Dp < 0.5 μm. Therefore, as the PM0.5 contribute the most
to the total PM inside homes, it can be associated to generation of
particles from cooking activities. The indoor PM mass concentrations
in the coarse mode were lower than outdoor probably due to reduced
penetration efficiency and faster settling times, as referred by Hussein
et al. (2007). Moreover, as the sampling was conducted during the
normal occupied period, the home samples comprised the sleeping
hours when the occupant's activities are inexistent. The people's ac-
tivities, through resuspension of particles previously settled and pos-
sible particles generation, influences the indoor particle concentra-
tion. This influence decreases with decreasing particle size, evidencing
that the deposition rate varied by particle size (Viana et al., 2014). The
coarse particle concentrations measured in homes have been asso-
ciated to the movement of people and dusting or vacuuming (Abt
et al., 2000b; Ferro et al., 2004; Urso et al., 2015).
For schools the coarser fraction encompassed the highest contribu-

tion to the total PM10 mass at both indoor (57%) and outdoor (43%)
microenvironments, except in the indoor of school SA (28%; Fig. 2).
The indoor concentrations tended to be higher than those for the cor-
responding outdoor for the size range between 2.5 and 10 μm, re-
flecting the contribution of indoor sources. The PM concentrations in
the different size ranges in the schools are shown in Table S2 (supple-
mentary material). For schools SB, SC and SD the shape of indoor
particle size distributions showed a gradual increase of the PM con-
centration with increasing particle size (Fig. 3). Several studies have
linked the children's movements and physical activities to increased PM
concentrations in school microenvironments (Braniš et al., 2005;
Chithra and Nagendra, 2014; Kim et al., 2017; Madureira et al., 2016;
Zwoździak et al., 2014). The particle resuspension (and emission) by
the children's activity was identified as the most pronounced source for
coarse particles. Fromme et al. (2007) suggested that the physical ac-
tivity of students contributes to a constant process of resuspension of
settled particles. Thus, the density of human occupancy also play an
important role in worsening the indoor air quality in schools. In school
SA, the lower contribution of the coarser fraction to the total PM10
mass is mainly attributed to the use of whiteboards. This finding is
explained by the low concentration of mineral matter, as detailed in
section 3.2.2. Therefore, in school SA the PM size distributions among
the size ranges (0.03–0.25, 0.25–0.5, 0.5–1.0, 1.0–2.5 and 2.5–10 μm)
are not considerably different and there is no increased contribution of
coarser particles (Fig. 3).
Generally, in the outdoor of both homes and schools the highest

mass concentrations of PM were found in the coarse fraction. This
might be influenced by the high mineral and marine aerosol contribu-
tions in the study area, as described in section 3.2.2.
Apart from the highest contribution of particles with Dp < 0.25 μm

to the total PM10 mass in the indoor of the homes, this size range also

constituted a high portion of the aerosol mass in the respective outdoor
(21–43% of total PM10 mass) and in the indoor and outdoor of the
schools (Fig. 2); the values ranged from 7 to 29% and from 16 to 34% of
the PM10 mass, respectively. A high contribution of the finest fractions
to the outdoor PM mass may be either of primary origin (mainly
emitted during combustion processes, such as traffic exhaust emissions)
or of secondary origin, resulting from photochemical reactions (e.g.
Berghmans et al., 2009; Chiang et al., 2012; Dall’Osto et al., 2012).
Moreover, since the finer particles can easily penetrate deeply into the
lungs (Rajput et al., 2019) and the people tend to spend more time
indoors (Klepeis et al., 2001), the higher concentration of the finer
particle size range content in the indoor aerosol may be important when
considering the impact on human health.
The percentage content of PM0.25–0.5, PM0.5–1.0 and PM1.0–2.5

to the total PM10 mass varied both among locations and between in-
door and outdoor microenvironments (Fig. 2). The pattern of the par-
ticle mass size distribution was found to be heterogeneous not only
among homes but also between indoor and outdoor microenvironments
(Fig. 3). Previous studies have stated that the particle mass size dis-
tributions change not only among sampling locations, but also over
time and season (Fonseca et al., 2016; Pant et al., 2016).

3.1.2. Indoor–outdoor interplay
The I/O ratio has been shown to be an effective indicator to evaluate

the relationship between the indoor PM concentrations and the corre-
sponding outdoor concentrations. In the present study, this analysis was
performed for each of the size ranges (Table S3, supplementary mate-
rial). In general, the I/O ratio was larger than 1 for all size ranges in
both homes and schools, with exception of PM2.5–10 for homes. I/O
ratio above 1, in the size ranges for particles with Dp < 2.5 μm, was
probably attributed not only to their higher penetration efficiency, but
also to the existence of considerable indoor sources of fine particles
associated with the human activities. Even though most of the sampling
time in homes was conducted during the sleeping hours, the high fine
particle concentrations were considerably influenced by their lower
deposition velocity. In homes the I/O ratio for PM2.5–10 varied be-
tween 0.4 and 0.6, evidencing not only the absence of indoor activities
during the seeping hours, but also the protection of the building en-
velopes against the coarser particles coming from outdoors. The highest
I/O ratios were observed in the schools. This may be associated with the
elevated indoor human activities inside the classrooms that induce the
generation and resuspension of particles. Reduction of indoor particle
concentrations may be achieved by improving the ventilation condi-
tions (Park et al., 2014).

3.2. PM chemical composition

The size-segregated chemical composition of the PM samples col-
lected in the indoor and outdoor of both homes and schools is shown in
Table 1. OC and EC were only analysed in the indoor samples.
Fig. 4 depicts the average mass closure for the size-segregated PM

(in %) in the indoor and outdoor of the homes and schools. The PM
chemical components were grouped into five different categories, based
on their chemical composition and source origin: marine aerosol (MA;
sum of Na and Cl), mineral matter (MM; calculated as the sum of Mg,
Al, Si, K, Ca and Fe), OC, EC and anthropogenic elements (AE; sum of S,
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Fig. 4. Average mass closure of PM (in %) in 5 aerodynamic diameter ranges (<0.25; 0.25 to 0.5; 0.5 to 1.0; 1.0 to 2.5; and 2.5–10 μm) in the indoor and outdoor of
the a) homes and b) schools. OC and EC data only available for indoors. Unavailable data for outdoor of school SB and for OC and EC in home H2.

V. Martins, et al. Environmental Research 183 (2020) 109203

8



Fig. 5. Mass size distribution of PM chemical components in the home H1. Note that the scales and units are different. OC and EC data only available for indoor.
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Fig. 6. Mass size distribution of PM chemical components in the school SC. Note that the scales and units are different. OC and EC data only available for indoor.
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Ti, V, Cr, Mn, Ni, Cu, Zn, As, Br, Sr, Ba and Pb). The mass size dis-
tributions of PM chemical components for home H1 and school SC are
shown as example in Fig. 5 and Fig. 6, respectively. Using the mass size
distribution of the chemical components, the geometric mean diameter
(GMD) and the geometric standard deviation (GSD) for the homes and
schools were calculated (Table 1).
In indoors, the undetermined fraction for the total PM10 mass

varied between 46 and 80% in the homes and between 40 and 58% in
the schools (Fig. 4). These undetermined fractions can be explained by
the presence of oxide species, heteroatoms from the carbonaceous
compounds, water molecules (moisture, formation and crystallization
water) and mineral components such as carbonates that have not been
determined.

3.2.1. Carbonaceous constituents
Carbonaceous aerosol is commonly divided into an OC and an EC

fraction. OC represented the major contributor to PM in the indoor of
the homes and schools for all size ranges (Fig. 4), accounting on average
for 23–43% of the total PM10 mass, except for the range 1.0–2.5 μm in
schools where the Ca was generally the most abundant component
(14%), closely followed by OC. These results are in agreement with the
high levels of OC reported in other indoor microenvironments
(Almeida-Silva et al., 2015; Alves et al., 2014; Jones et al., 2000; Viana
et al., 2014). In general, the OC concentrations in the schools were
significantly higher than in the homes (p < 0.05) (Table 1). Ex-
ceptionally, for home H4 the concentrations of OC in PM0.25 and
PM0.25–0.5 were considerably elevated, with values 7.4 and 6.3 times
higher than those found in the remaining homes, respectively. For
particles with Dp < 0.25 μm, the EC represented the second largest PM
component for both homes and schools (Table 1).
Studies have shown that the sources of carbonaceous aerosol can

be distinguished by analysing the correlation between the OC and EC
(Kumar et al., 2016; Wang et al., 2019; Wei et al., 2019). The linear
regression analysis between OC and EC in the different particle size
ranges is shown in Fig. S1 of the supplementary material. A significant
correlation was observed for PM2.5–10 (R = 0.89), PM1.0–2.5
(R = 0.83) and PM0.5–1.0 (R = 0.77), indicating that they came from
related sources or were transported to the measurement site simulta-
neously. The OC/EC ratio has been usually analysed for determining
the type and source of the carbonaceous aerosols (Kumar et al., 2016;
Novakov et al., 2005; Wei et al., 2019). The highest OC/EC ratios were
observed for the PM0.25–0.5 and the lowest ratios were found in the
finest fraction (PM0.25), in both homes and schools (Table S4, sup-
plementary material). It has been referred in the study of Kumar et al.
(2016) that the low OC/EC ratios (typically <2–3) are mainly asso-
ciated with fossil fuel and vehicular emissions, which generate ele-
vated EC and lower OC concentrations. Conversely, high OC/EC ratios
represent the dominant contribution of biomass burning emissions.
Moreover, the high OC/EC ratios may also be associated not only to
the existence of indoor sources of organic compounds (such as skin
debris, clothing fibres, cleaning products and waxes) (Almeida-Silva
et al., 2015; Alves et al., 2014) but also to the formation of secondary
organic carbon (Aoki and Tanabe, 2007; Jathar et al., 2013; Liu et al.,
2015).
Size distributions of EC and OC may provide important information

about the emission sources, formation, and growth mechanism of

aerosol particles (Guo, 2015). Generally, OC size distributions showed a
bimodal distribution, peaking in the size of 0.25–0.5 and 2.5–10 μm
(Figs. 5 and 6). In homes the highest peak occurred for PM0.25–0.5,
while in schools it was more evident in the coarser size range. EC size
distributions revealed the highest peak at the lowest size range
(PM0.25), both in the homes (Fig. 5) and schools (Fig. 6). This result is
in accordance with the findings of Hitzenberger and Tohno (2001) in
Europe and of Wu et al. (2017) in China, which showed that the EC
mass in urban environment mostly occurred in the fine fraction,
peaking at the sizes of 0.15 and 0.2 μm, respectively. Additionally, in
schools a secondary EC peak was observed in the coarser size range,
although with a low mass fraction.
OC and EC in the fine mode are emitted directly into the atmo-

sphere predominantly during incomplete combustion emissions, such
as vehicular exhaust, coal combustion, and biomass burning (Guo,
2015; Salma et al., 2017). According to Chen et al. (2013), fossil
source may be relatively more important for urban areas and biomass
burning may have great influence on rural areas. EC is considered a
good indicator of primary anthropogenic sources since it has limited
chemical transformations (Pio et al., 2011). Guo (2015) analysed OC
and EC data collected over urban and rural areas of northern China
and also verified that the mass median aerodynamic diameter
(MMAD) in the fine particles for OC was higher than that for EC. Alves
et al. (2015) have determined specifically the size-segregated PM
emissions from motor vehicles and verified that the MMAD for EC and
OC were 0.17 and 0.32 μm, respectively. These results may suggest
that EC and OC present in the fine particle fractions (PM0.25 and
PM0.25–0.5, respectively) are related to traffic exhaust emissions that
penetrate inside of both homes and schools. This association can be
confirmed with the strong linear correlation (R = 0.96) between the
values of EC in PM0.25 and the OC in PM0.25–0.5 (Fig. S2, supple-
mentary material).
The OC and EC showed high correlation with mineral matter for

PM2.5–10 (R = 0.96 for OC and 0.95 for EC; Fig. S3, supplementary
material). Rivas et al. (2014) have linked this behaviour to dry and wet
deposition of OC on the floor and to their possible retention by ad-
sorption on mineral elements. Therefore, OC is jointly resuspended with
the mineral matter. Moreover, Glaser et al. (2005) found that road dust
samples had a significant contribution of tire abrasion and exhaust
emissions to black carbon (BC) and evidenced that this contribution
varied with distance to the highway (BC concentrations decreased with
increasing distance to the highway). Thus, in the present study the
peaks of OC and EC in the coarse mode may be explained by their
aggregation to the coarser particles deposited on the surfaces, which are
resuspended with people's movement. In the schools, the OC was more
enriched in the coarse mode probably due to the higher occupancy and
consequent elevated children's activity in the classroom.

3.2.2. Major and trace elements
Inorganic elements (IE) including Na, Mg, Al, Si, S, Cl, K, Ca, Ti, V,

Cr, Mn, Fe, Ni, Cu, Zn, As, Br, Sr, Ba and Pb in the indoor and outdoor
size-segregated particles collected both in the homes and schools were
analysed (Table 1). On average, the concentration of inorganic elements
in the homes were 2.4 and 3.1 μg/m3 and in the schools were 12.0 and
6.1 μg/m3, for the indoor and outdoor microenvironments, respec-
tively. The IE concentrations in the schools were significantly higher
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than in the homes (p < 0.05), for both indoor and outdoor micro-
environments.
Generally, the concentrations of IE increased with increasing par-

ticle aerodynamic diameter in the indoor and outdoor microenviron-
ments of both homes and schools. Moreover, usually the coarse parti-
cles contained higher percentages of crustal elements while fine
particles had higher percentages of anthropogenic elements.

3.2.2.1. Mineral matter. Mineral elements (sum of Al, Si, K, Ca, Fe and
Mg) were the main inorganic elements in the indoors and outdoors of
both sampling sites. Numerous studies have reported that the presence
of mineral elements in PM is mainly associated to soil and city dust
resuspension processes and Saharan dust intrusions (Pey et al., 2009).
Some part of the crustal material can also be related to construction
and demolition activities and road dust (Balasubramanian et al.,
2003). Artíñano et al. (2001) indicated that in the Iberian Peninsula
there are factors that favour the resuspension of dust, such as the
dryness and semi-arid soil associated with the high convective
atmospheric dynamics. Thus, high levels of crustal material may be
associated with both local and regional origin due to high convective
dynamics and low rainfall. The chemical and mineralogical
composition of these particles varies from one region to another,
depending on the characteristics and the constitution of the soil (Calvo
et al., 2013).
The contribution of mineral matter (MM) to IE usually increased

with increasing PM size. In fact, in indoor of the homes (excluding the
home H4; details further below) the MM accounted for about 32–38%
of the mass of the IE in PM0.25, 48–61% of the mass of the IE in
PM0.25–0.5, 52–75% of the mass of the IE in PM0.5–1.0, 58–83% of the
mass of the IE in PM1.0–2.5 and 36–62% of the mass of the IE in
PM2.5–10; in indoor of the schools the percentage of mass of the IE
ranged from 48 to 71, 63 to 85, 70 to 93, 78 to 92 and 81–94% in
PM0.25, PM0.25–0.5, PM0.5–1.0, PM1.0–2.5, and PM2.5–10, respec-
tively. This study evidenced that generally the coarser the PM size the
higher the percentage of mineral elements, as observed by Hassanvand
et al. (2015). On the contrary, in the indoor of home H4 the highest
contribution of MM in PM10 was observed for the finest size range
<0.25 (40%). This finding revealed that indoor sources may be major
contributors to typically mineral elements such as K, Al, Si, Ca and Fe in
particles with Dp < 0.25 μm, and thus the sources of these elements in
ultrafine particles should be further explored. The mass size distribution
of mineral elements were dominated by super-micron particles
(Dp > 1.0 μm; Figs. 5 and 6). Moreover, in indoors the peak occurred
generally with more consistently in the range 1.0–2.5 μm for homes,
while it is more evident in the coarser fraction for schools. In outdoors
the peak is mostly present also in the coarser fraction.
Concentrations of MM in the homes and schools are given in Table

S1 and Table S2 (supplementary material), respectively. In indoors,
the concentrations of MM in the homes were significantly lower than
those found in the schools (p < 0.05). The MM concentrations were
from 1.1 (for PM0.25) up to 14 (for PM2.5–10) times higher in the
schools than in the homes. The highest difference between the levels
of MM for PM2.5–10, accounted for 0.4 μg/m3 in home and 5.6 μg/m3

in school, evidencing that the high MM contents may enter from
playground or road dust. In outdoors, the concentrations of MM were
also higher in the schools than in the homes for all size ranges, but

with much lower significance (on average 2.5 times higher). Besides
the home samples comprised a considerable amount of time (sleeping
hours) with no people's activities, these differences may also be as-
sociated to the close proximity of the schools to the busy roads and to
the elevated human occupancy, which promotes particle resuspension.
Faria et al. (2020) determined the time-activity pattern of school-
children from Lisbon and found that most children go to school by
private car; favouring the congestion on the roads near the schools.
Apart from playground and road dust resuspension and entrainment
towards the classroom by children, one additional source of MM is
suggested in indoor air by the slightly higher ratio of Ca/Al (13.2)
obtained in comparison to outdoor (4.4). This might suggest the pre-
sence of an additional source of Ca in indoor air, which could be re-
lated to the use of chalk on blackboards, as also identified by Viana
et al. (2014) in Spanish schools. In the school SA the concentration of
Ca was between 58 and 85% lower than in the remaining schools,
coinciding with the use of markers on whiteboards.
Particularly, despite its usually large grain size distribution, K also

showed a relevant peak across the fine range between 0.25 and 0.5 μm
(Figs. 5 and 6). The presence of K in fine particles could be explained by
the contribution of different combustion sources, including traffic en-
gine emissions, given that this element is also ingredient of lubricant oil
additives, and biomass burning emissions (Eleftheriadis et al., 2014;
Miller et al., 2007; Yamasoe et al., 2000; Zwozdziak et al., 2017).

3.2.2.2. Anthropogenic elements. In indoor of the homes the
anthropogenic elements (sum of S, Ti, V, Cr, Mn, Ni, Cu, Zn, As, Br,
Sr, Ba and Pb) contributed 6.6–11% to the mass of the IE in PM2.5–10,
8.5–12% to the mass of the IE in PM1.0–2.5, 9.9–18% to the mass of the
IE in PM0.5–1.0, 16–50% to the mass of the IE in PM0.25–0.5 and
18–67% to the mass of the IE in PM0.25; in indoor of the schools the
percentage of mass of the IE ranged from 2.9 to 5.4, 2.8 to 7.6, 3.0 to
12, 9.1 to 33 and 28–51% in PM2.5–10, PM1.0–2.5, PM0.5–1.0,
PM0.25–0.5, and PM0.25, respectively. This study evidenced that the
finer the PM size the higher the percentage of anthropogenic elements.
Concentrations of anthropogenic elements in the homes and schools are
given in Table S1 and Table S2 (supplementary material), respectively.
Generally, the concentrations of anthropogenic elements in the school
microenvironment were significantly higher than in homes, especially
for the coarse particles (PM2.5–10), with concentrations on average 4
times higher. In outdoor air, the concentrations of anthropogenic
elements were also higher in the schools than in the homes for all
size ranges. These differences may be due to the close proximity of the
schools to busy roads and to the elevated human occupancy that
promotes the generation of particles. Moreover, it should be noted that
the sampling was carried out during the occupied period; in the schools
during the school hours (daytime) and in homes majority in the night-
time, as described in section 2.3. This approach surely affected both the
outdoor and the indoor measured concentrations.
Distinct size distribution patterns were observed for the anthro-

pogenic elements, with no element showing a prevalence in PM0.25
and the majority being distributed above 1.0 μm. The collected mass
load for the majority of the finer size ranges (<0.25, 0.25–0.5 and
0.5–1.0) was not enough to be detected by XRF analysis (as shown in
Table 1). Thus, no clear size distribution patterns could be drawn.
Nevertheless, this indicates that the concentrations of anthropogenic
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elements in the fine fractions are low, and unlikely to pose a health risk.
To obtain further insight of anthropogenic elements in size segregated
particles, the analysis should employ a more sensitive method, or the
sampled volume should be increased, although the time resolution
would be limited.

3.2.2.3. Marine aerosol. The marine aerosol contribution was relatively
small for particles <0.5 μm, accounting for 0.11–0.79% of the total
PM0.5 mass indoors, and consisting mainly of Cl. An indoor source of
fine Cl particles such as cleaning products may influence this
contribution. Inside the home H4 the concentrations of Cl in PM0.25
were between 41 and 77 times higher than in the other homes.
A contribution of marine aerosol between 1 and 13% was evident

for particles with Dp > 0.5 μm by the linear correlation of Na and Cl
(R = 0.94; Fig. S4, supplementary material), probably associated to the
close proximity to the Atlantic coast. This result may be intensified due
to the dominant western wind regime, influenced by the presence of the
semi-permanent Azores high-pressure and the Icelandic low-pressure
systems over the North Atlantic Ocean. The results confirm that the
marine aerosol is dominantly in the coarse mode, as demonstrated by
Almeida et al. (2006).

3.2.2.4. Indoor–outdoor interplay. Remarkably different behaviours
were observed when the concentrations of indoor inorganic elements
were compared with concentrations of outdoor inorganic elements.
Correlation coefficients (R) of the inorganic elements measured in both
sampling sites are presented in Table S5 (supplementary material). The
indoor concentrations of mineral and marine elements were
considerably correlated with outdoor levels (0.78 < R < 0.91), with
exception of the Na (R = 0.69) and Ca (R = 0.62). The correlation
coefficient between Ca concentrations outdoors and in living rooms of
the homes (R = 0.77) were rather stronger than the correlation in the
schools between concentrations outdoors and those of the classrooms
(R = 0.60). This result suggests that the correlation coefficients depend
on the presence of major indoor particulate sources since the
contributions from indoor Ca sources dominate in classrooms due to
the use of chalk on blackboards, as previously described. The elements
most poorly correlated were Cu (R = 0.22), Ba (R = 0.17), Ni
(R = 0.12) and Br (R = 0.01), evidencing that they have different
origins in the indoor and outdoor environments.
In terms of I/O ratio, the anthropogenic elements presented values

slightly higher than 1 for all size ranges, excepting for PM2.5–10 in
homes, where the concentrations indoors were half of those outdoors
(Table S3, supplementary material). These results may suggest that
outdoor air infiltration and primary particles emitted indoors were the
main sources of anthropogenic elements found indoors. Anthropogenic
elements such as S, Sr, Cu, Ba, Cr, Ni, Zn, Mn and Pb, may have been
emitted from road traffic in the form of exhaust emissions, as well as
through releases associated to the wear of automotive components such
as brakes, tyres and catalytic converters (Hjortenkrans et al., 2007;
Lough et al., 2005; Prichard and Fisher, 2012; Sternbeck et al., 2002;
Thorpe and Harrison, 2008; Wiseman et al., 2013). Moreover, although
the marketing of leaded gasoline was banned in the EU as of January
2000, Pacyna et al. (2007) indicated that there is still lead content as an

impurity in the so-called unleaded gasoline due to the lead content of
crude oil. Thus, the combustion of gasoline is still considered an im-
portant source of lead due to the huge amount of fuel consumed. In
addition, other studies have also demonstrated that resuspension of soil
previously contaminated with Pb, associated to use of leaded fuel, is a
significant source of Pb in several urban areas (Lough et al., 2005;
Young et al., 2002). V and Ni are also released in the fuel oil combus-
tion in several industrial processes, as well as shipping (Jang et al.,
2007; Querol et al., 2009). Nowadays, as Lisbon is becoming an im-
portant port of call for cruises, shipping may be a significant emission
source of these elements. Moreover, aircraft engines are also associated
to the emission of metal particles, such as Al, Ti, Cr, Fe, Ni, and Ba
(Fordyce and Sheibley, 1975).

4. Conclusions

The mass concentration and chemical composition of size-segre-
gated particles (PM0.25, PM0.25–0.5, PM0.5–1.0, PM1.0–2.5 and
PM2.5–10) were determined in indoor and outdoor of homes and
schools in Lisbon (Portugal). The main findings from this work may be
summarised as follows:

– Typically, the children were exposed to significantly higher PM
concentrations in school than in home, with organic carbon and
mineral matter as main contributors (OC = 29% and 31% of the
total PM10 mass inside schools and homes, respectively; MM= 15%
and 9% inside schools and homes, respectively). The highest con-
tributions of MM observed in schools were associated not only to the
elevated particle resuspension but also to the indoor source of Ca
related to the use of chalk on blackboards.

– The high PM0.25 content measured inside homes (30–71% of the
total PM10 mass) may be important when considering the impact on
human health. In schools, the coarser size ranges accounted for the
largest mass fraction of PM10 (28–59%).

– The indoor PM concentrations were frequently higher than those
outdoors for all size ranges, except for PM2.5–10 in homes. Human
activity and outdoor infiltration are the main sources associated to
indoor PM.

– The pattern of the particle mass size distribution was dependent on
the location, not only between home and school, but also comparing
indoor and outdoor microenvironments.

– A bimodal distribution of OC and EC was observed inside the
schools. The presence of these carbonaceous compounds in the fine
fraction was linked to primary sources (e.g. traffic exhaust emis-
sions) while in the coarse fraction they showed good correlations
with mineral matter, suggesting their resuspension by human ac-
tivity. EC in homes only showed a unimodal distribution.

– The strong impact of EC in particles with Dp < 0.25 μm was very
relevant (10% in terms of total PM0.25 mass).

– Generally, the concentrations of mineral and marine elements in-
creased with increasing PM size, while for anthropogenic elements
happened the opposite.

– In the schools the concentrations of mineral matter, anthropogenic
elements and marine aerosol were higher than in the homes, for
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both indoor and outdoor microenvironments.
– A unimodal distribution was detected for mineral elements and
marine aerosol. Different size distributions were observed for cer-
tain species (e.g. K and Cl partition in a fine mode).

– Toxic and carcinogenic species (such as As, Cr, Pb, V and Ni) showed
consistently very low concentrations for the size ranges with
Dp < 2.5 μm. This might be of particular relevance for epidemio-
logical studies.

Besides characterising the particles and identifying possible sources,
the results reported may be useful to establish practical air pollution
mitigation strategies in indoor spaces. Moreover, the PM mass size
distribution provides essential data for determining particle dose in
children.
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a b s t r a c t

This study aimed to provide a comprehensive characterisation of the indoor air quality during the
sleeping period of 10 couples at Lisbon dwellings, using a multi-pollutant approach, and to understand
how the compliance with legislation and guidelines was to assure a good indoor air quality. The
assessment of indoor air quality was conducted in the cold season using real time monitors during the
sleeping period for comfort parameters (temperature and relative humidity) and air pollutants (carbon
dioxide e CO2, carbon monoxide e CO, formaldehyde e CH2O, total volatile organic compounds e VOCs,
and particulate matter e PM2.5 and PM10), together with active sampling of bioaerosols (fungi and
bacteria) before and after the sleeping period. Lower compliance (less than 50% of the cases) with the
Portuguese legislation was found for temperature, CO2 (3440 ± 1610 mg m�3), VOCs
(1.79 ± 0.99 mg m�3) and both bioaerosol types. In 70% of the cases, PM2.5 (15.3 ± 9.1 mg m�3) exceeded
the WHO guideline of 10 mg m�3. All bedrooms presented air change rates above the recommended
minimum value of 0.7 h�1, highlighting that a good indoor air quality during sleep is not guaranteed.

© 2020 Elsevier Ltd. All rights reserved.

1. Introduction

Nowadays, indoor air quality (IAQ) is considered as a major
factor that influences human health and the welfare of citizens
(Sundell, 2004). This awareness is the result of years of research
efforts, especially over the last two decades, focused on exposure
levels in different microenvironments and daily activity patterns.
One of the main reasons for this shift in the exposure assessment

studies, namely from outdoor to indoor environments, was the
awareness that, in developed countries, people spend around 90%
of their time indoors (Almeida-Silva et al., 2014; Faria et al., 2020).

Taking into account that people spend one third of their life
sleeping (Canha et al., 2017) and that sleep is essential for human
welfare, performance and health (Krueger et al., 2016; Strøm-
Tejsen et al., 2016), sleeping environments have started to gather
some interest from the scientific community in recent years (Boor
et al., 2017; Katsoyiannis and Cincinelli, 2019; Lan and Lian, 2016)
aiming at understanding the exposure levels during sleep and how
they can affect sleep quality.

The vital role of sleep in the human life is unquestionable.
Multiple studies have shown its importance in many different
spheres of the daily life. For instance, a study conducted with
university students in the United States of America (Becker et al.,
2018) found that anxiety and depressive symptoms were consis-
tently associated with poorer sleep quality, with the former being
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linked with more sleep disturbances and sleep medication use, and
the latter with increased daytime dysfunction. Moreover, sleep
difficulties led to lower academic results, increased daytime
sleepiness and emotion dysregulation.

Sleep duration also has been shown to have an impact on
wellbeing, where short and long sleep duration was found to in-
crease the risk of health outcomes (Jike et al., 2018; Lubetkin and
Jia, 2018), ranging from depression, poor cognition, and obesity,
to cardiovascular disease, including hypertension, coronary heart
disease and stroke. A greater negative impact on morbidity and
mortality was also associated with short and long sleep duration
(Jike et al., 2018; Lubetkin and Jia, 2018). The lowest mortality was
experienced by participants reporting a usual sleep duration of 7 h
(6.5e7.4 h) per night (Kripke et al., 2002), which also corresponded
to the lowest burden of disease in elderly people (Lubetkin and Jia,
2018). However, the mortality hazard increased proportionately
with sleeping duration, leading to an added mortality risk of 15%
and an elevated hazard rate of cerebrovascular death of about 50%
compared to people sleeping between 6 and 8 h, both in men and
women (Alvarez and Ayas, 2004), when reported sleep exceeded
8.5 h, or was below 3.5 h for women and 4.5 h for men (Kripke et al.,
2002). Sleep deprivation was also associated with the activation of
the sympathetic nervous system, impairment of glucose control,
increased inflammation, higher cortisol levels, and reduced levels
of leptin, an appetite-suppressing hormone, which may lead to
weight gain and eventually diabetes (Alvarez and Ayas, 2004).
Moreover, sleep loss was also found to affect emotion regulation
(Tempesta et al., 2018), lowering emotional competence and
empathy.

Several studies have already found that some environmental
factors of the sleeping environments have a direct impact on the
sleep quality of the occupants, from comfort parameters (Lan et al.,
2016; Pan et al., 2012; Zhang et al., 2018) and noise levels (Halperin,
2014) to ventilation conditions, which are related to concentrations

of pollutants, such as carbon dioxide (Strøm-Tejsen et al., 2016).
However, sleeping environments are still not fully characterised,
considering the complexity of parameters that constitute indoor
air, since most studies only focus on single pollutants, such as CO2
(Katsoyiannis and Cincinelli, 2019). The characterisation of IAQ in
these specific micro-environments faces several challenges, such as
sleep disturbance due to noisy monitoring equipment (Canha et al.,
2019). An IAQ overview during the sleeping period was provided in
a very few studies, in which it has been shown, for instance, that
several pollutants (e.g. particulate matter, carbon dioxide, formal-
dehyde and volatile organic compounds) can exceed the estab-
lished guidelines (Almeida-Silva et al., 2014; Canha et al., 2017,
2019). A wider knowledge about the air quality that people breathe
during sleep is needed in order to understand which parameters
can influence sleep quality and how it can be improved by
decreasing individuals’ exposure.

The aim of the present study is to contribute to a comprehensive
characterisation of indoor air quality of sleeping environments,
based on a multi-pollutant approach (comfort parameters, chemi-
cal and biological contaminants), which is essential for future
calculation of exposure levels and identifying the most critical
parameters for the occupants. Therefore, this study characterised
IAQ during sleep, in real conditions, of bedrooms of ten couples
from Lisbon (Portugal), using a real time monitoring strategy,
assessing its compliance with legislation and guidelines.

2. Materials/methods

2.1. Study site and individual’s characterisation

Ten volunteer couples participated in an IAQ monitoring pro-
gramme during the 2016/2017 cold season in the urban area of
Lisbon, Portugal. Fig. 1 presents the location of the dwellings where
the study was conducted. All dwellings were apartments, located in

Fig. 1. Location of the studied dwellings in the Lisbon district, Portugal.
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different floors (varying from second to eleventh floor). Table S1and
Table S2 (both in “Supplementary Information” section) present
details about the studied dwellings and bedrooms, respectively.

The volunteers were selected to minimise confounders/external
factors that could influence the results. Therefore, the following
selection criteria were applied: couples (male-female) with ages
between 25 and 45, without children with ages below 5 years,
healthy (no consumption of medication), no sleep disorders history
and non-smokers. Table S3 gives details about the volunteers that
participated in this study. The volunteers were requested to sleep in
usual conditions, namely regarding the ventilation patterns. All of
them always slept with the bedroomwindow closed, but some kept
the door open while others closed it (only couples 5 and 8 usually
slept with the bedroom door closed).

2.2. Indoor air quality monitoring

The monitoring programme was based on a comprehensive
multi-pollutant assessment where physical (temperature and
relative humidity), chemical (carbon dioxide, carbon monoxide,
formaldehyde, volatile organic compounds, particulate matter e

PM10 and PM2.5) and microbiological (fungi and bacteria) parame-
ters were quantified. The IAQ monitoring was conducted during
three nights relying on typical real-time instruments (Canha et al.,
2017, 2019):

1) Carbonmonoxide (CO2), temperature (T), relative humidity (RH)
and total volatile organic compounds (VOCs), by using a Gray-
wolf (IQ-610 probe, WolfSense Solutions, USA);

2) Formaldehyde (CH2O), by using a Formaldemeter (htV-M, PPM
Technology, UK);

3) Particulate matter of aerodynamic diameter lower than 2.5 mm
(PM2.5) and 10 mm (PM10), by using a DustTrak DRX monitor
(8533 model, TSI, USA).

All the devices were calibrated according to the manufacturers’
specifications and the sampling frequency was set to 60 s. Due to
the noise emitted by the pump of the DustTrak DRXmonitor and in
order to avoid interference with the sleep quality of the volunteers,
a soundproofed wooden box was created to place this equipment in
it. Figure S 1 (“Supplementary Information” section) shows the
apparatus of IAQ monitoring in the bedrooms. The monitoring
devices were placed at the centre of the bedroom, at approximately
1 m from the bed and at about 80 cm from the floor, since this
height corresponds reasonably to the breathing level of a person
lying in bed.

Despite the factory calibration of the DustTraks used in our
study, the response of optical instruments may vary for different
types of aerosols (Moosmüller et al., 2001), which makes the cali-
bration process of the utmost importance for accurate measure-
ments. Therefore, PM2.5 and PM10 readings of DustTrak instruments
were rectified using correction factors obtained from an inter-
comparison study using these instruments and reference gravi-
metric equipment from Leckel (Berlin, Germany). The Leckel sam-
plers are certified by the European Committee for Standardisation
as a reference instrument for PM10 and PM2.5 measurements ac-
cording to CEN EN 12341 and CEN EN 14907. This inter-comparison
study was done in an office with low occupancy. Figure S 2 provides
the inter-comparison results for both PM fractions. Reasonable to
good correlations were obtained between the DustTrak and Leckel
data (R2 ranging from 0.56 to 0.78). PM2.5 and PM10 concentrations
measured by DustTrak were corrected based on the linear regres-
sion equations shown in Figure S 2. One of the real time in-
struments over-reports the PM10 and PM2.5 mass concentrations by
a factor up to 1.7. This value is in line with previous studies

comparing gravimetric or filter-based methods with DustTrak
measurements. A study in an indoor environment impacted by
biofuel combustion reported a factor of 1.65 for PM2.5 measure-
ments with DustTraks (McNamara et al., 2011), while in a wood
smoke ambient airshed, DustTraks over-recorded PM10 by a factor
of 2.73 (Kingham et al., 2006). Likewise, DustTraks measured con-
centrations that were 1.94e2.57 times higher than filter-based and
federal reference method measurements in occupied and test
homes (Ramachandran et al., 2000; Wallace et al., 2011; Yanosky
et al., 2002).

Microbiological counts were also assessed in each bedroom,
before and after the sleeping period (within a time frame of 30 min
after the volunteers woke up). The sampling procedure was based
on active sampling using a MAS-100™ air sampler device. Colony
forming units (CFU.m�3) of bacteria and fungi were counted after
an incubation period of 7 days at the typical temperature for each
microorganism type. The methodology was already fully described
elsewhere (Canha et al., 2015).

The IAQ monitoring took place from December 2016 to March
2017 in each bedroom during 3 consecutive weeknights (from
Tuesday to Thursday), during the usual sleeping period of the vol-
unteers. The monitoring period in each bedroom varied according
to the usual sleeping patterns of the volunteers, with a mean sleep
night of 450min per bedroom and the sleeping period ranging from
22:00 to 09:20.

The mean results of the chemical and microbiological parame-
ters for each bedroom were evaluated taking into account the
Portuguese legislation (Ordinance no. 353-A/2013) that establishes
8-h limit values specifically for indoor air.

2.2.1. Calculation of air changes per hour
In order to characterise the ventilation of the bedrooms during

the sleeping period, air changes per hour (ACHs, h�1) were calcu-
lated using the tracer gas method, i.e. the CO2 emitted by the oc-
cupants during the sleeping period and focusing on its build-up
phase, through the application of a computerised tool already
described elsewhere (H€anninen, 2013). Examples of its application
can be found in the literature for different micro-environments,
such as classrooms (Canha et al., 2016; H€anninen et al., 2017),
gyms (Ramos et al., 2014) and bedrooms (Almeida-Silva et al., 2014;
Canha et al., 2017).

2.3. Statistical analysis

The statistical analyses were conducted using Excel and XLSTAT
2014.1.09 software programmes. Non-parametric statistics were
applied to the environmental monitored data, namely, Spearman
correlations to analyse potential associations between parameters.
Origin version 7.5 (OriginLab Corporation) was used to plot the
results.

3. Results and discussion

3.1. Comfort parameters

3.1.1. Temperature
Fig. 2 presents the temperature values registered during the

sleeping period in the 10 bedrooms, with a mean value of
18.8 ± 2.8 �C, ranging from 15.3 ± 0.4 (bedroom 1) to 24.8 ± 0.3
(bedroom 5). Considering the international guideline ISO
7730:2005 (ISO, 2005) that establishes a temperature range for the
occupants’ comfort for the colder period between 20 and 24 �C,
only two bedrooms provided mean temperatures within that range
(bedrooms 7 and 8). Most of the bedrooms (7 out of 10) presented
mean values below the recommended range for thermal comfort,
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ranging from15.3± 0.4 (bedroom 1) to 19.2 ± 0.4 (bedroom 9). Only
bedroom 5 registered a mean temperature during sleep above the
recommended guideline (24.8 ± 0.3 �C). Overall, only 20% of the
cases were within the recommended range of temperature, which
is below the 58% of cases found in a previous study conducted in 12
bedrooms with single occupancy (Canha et al., 2019) in Portugal (as
shown by Table S5 in the Supplementary Information section).

Most of the bedrooms presented colder temperatures than the
comfortable range for sleep, which highlights the lack of heating
during the colder period and a typical type of construction in
Southern European countries that is not capable to deal with the
extreme temperatures that can happen in winter and in summer.
These results are in agreement with a study conducted in bedrooms
of 141 dwellings in the North of Portugal, where a mean temper-
ature of 14.9 ± 3.1 �C was found, with only 4% of the dwellings with
temperatures during sleep above 20 �C (Magalh~aes et al., 2016).

3.1.2. Relative humidity
An overall mean of 57.6 ± 8.7% was registered for the 10 bed-

rooms (Fig. 2). Taking into consideration the recommended range
for the occupants’ comfort in indoor environments (ISO, 2005),
which was set at 30e70% in colder periods, only 1 bedroom pre-
sented a mean value above the upper limit (bedroom 1, with a
mean value of 71.4 ± 1.6%), while all other bedrooms have met the
requirements. Similar results were found in the previous study
mentioned above that assessed IAQ in 12 bedrooms with single
occupancy, inwhich relative humiditymean values werewithin the
recommended range. The high levels of relative humidity in
bedroom 1 during sleep may be due to the outdoor conditions,
since there was heavy rain during the monitoring period of that
specific bedroom.

3.2. Air changes per hour

Fig. 3 depicts the mean values of ACHs in each bedroom during
the sleeping period and Table S4 (“Supplementary Information”
section) provides details about their calculation and a statistical
summary. All bedrooms presented mean ACHs higher than the
minimum value of 0.7 h�1 established for bedrooms by EN
16798e1:2019 (CEN, 2019). The global average was 2.15 ± 1.24 h�1,
ranging from 0.72 ± 0.19 h�1 (bedroom 5) to 3.75 ± 1.06 h�1

(bedroom 6). Bedroom 6 was the only one with mechanical venti-
lation, which explains the higher value of ACH. Despite having
natural ventilation, bedrooms 3 and 4 also had ACHs above 3 h�1.
The range of ACHs registered in the present study is similar to those
obtained in previous works conducted in single occupancy

bedrooms (Canha et al., 2017, 2019), which concluded that opening
the bedroom door is the main factor influencing ACHs during sleep.

3.3. Carbon dioxide

Only 30% of bedrooms were below the limit value of
2250 mg m�3 defined by the Portuguese legislation (Ordinance no.
353-A/2013) set to CO2 concentration (Fig. 4). Overall, the mean CO2
level during sleep registered in this studywas 3440 ± 1610mgm�3,
ranging from 1200 ± 210 mg m�3 (bedroom 6) to
6810 ± 660mgm�3 (bedroom 1). The bedroomwith the lowest CO2
levels was the same that had the highest ACHs, i.e. the one with
mechanical ventilation, showing the importance of this system in
diluting air contaminants.

Carbon dioxide levels clearly indicates that the air change rates
are not enough to promote its dilution (concurrently with other
pollutants) during sleep, which can lead to a lower quality of sleep.
As already described in the literature, high levels of carbon dioxide
during sleep promote a lower sleep quality and next day perfor-
mance (Strøm-Tejsen et al., 2016). A CO2 level of around
1500mgm�3 (835 ppm)was considered the threshold abovewhich
several parameters would be negatively affected, such as, sleep
quality and next-day performance (Strøm-Tejsen et al., 2016), in a

Fig. 2. Temperature (left) and relative humidity (right) during the sleeping period in the 10 bedrooms. Red lines represent the recommended range of values and the box plots show
the 25, 50 and 75 percentiles, with minimum, average (square) and maximum values.

Fig. 3. Air change rates for each bedroom during the sleeping period. Red line stands
for the minimum value of 0.7 h�1 established for bedrooms by EN 16798e1:2019 (CEN,
2019).
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study with university’s students in Denmark. In the present study,
only one bedroom (bedroom 6) presented a mean CO2 level during
the sleeping period lower than this threshold. It is important to
highlight that all bedrooms were occupied by two adults, which
may explain the higher CO2 levels found in the present study, when
comparing to single occupancy studies, such as the ones previously
conducted in Portugal. In single-unit dwellings, mean CO2 levels
were always below the limit value of 2225 mg m�3 (Canha et al.,
2017), while other study registered 67% of the cases (8 out of 12
bedroomswith single occupancy) withmean values above the limit
value and a peak mean CO2 level of 4808 ± 1139 mg m�3 (Canha
et al., 2019). A study in Portuguese elderly care centres found that
40% of the cases (4 in 10 bedrooms with single occupancy) had
mean levels of CO2 above the limit value, peaking at 3000 mg m�3

(Almeida-Silva et al., 2014). During the sleeping period, the occu-
pants are the only source of CO2 and its generation rate per person
depends of several factors, such as the age, gender and other
physiological parameters like the mean body mass (Persily and de
Jonge, 2017). On average, the CO2 generation rate by a couple
(one male and one female) during sleep is 0.0036 L s�1.person
(Persily and de Jonge, 2017).

A study conducted in Poland during the sleeping period of one
female teenager (Mainka and Zajusz-Zubek, 2019) showed that CO2
levels of 6000 mg m�3 were reached several times, when the
bedroom’s door was closed. Another study carried out in Chinese
student dormitories reported a mean CO2 steady value of
3150 mg m�3 during sleep and associated levels above
3384 mg m�3 with worse IAQ satisfaction (Zhang et al., 2018).

3.4. Carbon monoxide

The mean CO level was 1.14 ± 0.96 mg m�3, ranging from
0.05 ± 0.07 mg m�3 (bedroom 10) to 3.05 ± 0.52 mg m�3 (bedroom
1) (Fig. 4). All bedrooms presented mean CO levels always below
the limit value of 10 mg m�3 established by the Portuguese legis-
lation (Ordinance no. 353-A/2013). Bedroom 1 was the one where
CO levels were higher during sleep. This is likely related to the
location of the kitchen, which was next to the bedroom, and,
therefore, some CO infiltration may have occurred due to the
emissions of the appliances that existed in there.

Carbon monoxide is typically a product of incomplete combus-
tion processes that, in indoor environments, can be originated by
cooking appliances, water heating systems or fireplaces (Canha
et al., 2018; Mullen et al., 2016), or by infiltration from outdoor
sources, such as traffic exhaust emissions (Ramos et al., 2016).

3.5. Formaldehyde

Overall, the mean CH2O level was 0.16 ± 0.17 mg m�3, ranging
from 0.04 ± 0.17 mg m�3 (bedroom 6) to 0.60 ± 0.14 mg m�3

(bedroom 10). Four bedrooms showedmean CH2O levels during the
sleeping period above the limit value of 0.1 mg m�3 established by
the Portuguese legislation (Fig. 4). High levels of CH2O indoors may
be originated from emissions from household materials and con-
sumer products (Canha et al., 2017).

The results of the present study showed a high variability be-
tween the studied bedrooms but are, in some way, in agreement

Fig. 4. Levels of CO2 (top, left), CO (bottom, left), VOC (top, right) and CH2O (bottom, right) during the sleeping period in each bedroom. Red lines represent the limit value
established by the Portuguese Ordinance no. 353-A/2013 for each parameter. Box plots present 25, 50 and 75 percentiles, with minimum, average (square) and maximum values.
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with other results documented in the literature. A previous study
conducted in bedrooms of smokers and non-smokers in Portugal
showed a significant difference between the CH2O levels in each
type of bedroom during the sleeping period (Canha et al., 2019):
0.11 ± 0.03 mg m�3 (smokers) and 0.05 ± 0.14 mg m�3 (non-
smokers). Another study that evaluated different ventilation con-
ditions in a single room reported CH2O levels ranging from
0.090 ± 0.034 mg m�3 (bedroom with closed door and open win-
dow) to 0.205 ± 0.082 mg m�3 (both door and window opened)
(Canha et al., 2017). A study in 10 bedrooms of elderly care centres
in Lisbon (Portugal) revealed mean CH2O levels ranging from 0.03
to 0.15mgm�3 (Almeida-Silva et al., 2014). In the USA amean value
of 0.017mgm�3 was found in 340 bedrooms (Mullen et al., 2016), in
Spain amean value of 0.027mgm�3 wasmonitored in 10 bedrooms
(Rovira et al., 2016), in Gonabad (Iran) amean level of 0.149mgm�3

was registered in 20 bedrooms of new houses (Dehghani et al.,
2018) and in Shanghai (China) a mean level of 0.029 mg m�3 was
found in 20 bedrooms of asthmatic children (Fang et al., 2019).
Overall, the values of the studies conducted in Portugal are slightly
higher than the ones reported for other countries. In addition to
possible variations in sources and physical parameters that affect
emissions (e.g. temperature), the use of different measurement
techniques can affect the comparability of results. In the present
study, a real monitoring device (Formaldemeter htV-M) was used.
Its lower specificity for lower concentrations (<0.120 mg m�3) and
potential interferences on the electrochemical sensor from other
VOCs (Hirst et al., 2011) may contribute to some inaccuracy of the
results. Despite the potential overestimation of CH2O levels, this
type of methodology has the advantage of allowing the temporal
variability of the pollutant during the sleeping period. Instead,
standard methods based on liquid impingers, coated-solid car-
tridges, or sorbent tubes, only provide a value over the exposure
time.

3.6. Volatile organic compounds (VOCs)

Only one bedroom (B10) presented a mean VOC level
(0.33 ± 0.05 mg m�3) below the limit value of 0.1 mg m�3 estab-
lished by the Portuguese Ordinance no. 353-A/2013 (Fig. 4). The
overall mean was 1.79 ± 0.99 mg m�3, which is around 18 times
higher than the threshold, with the highest level being registered in
bedroom 1 (3.89± 0.50mgm�3). Similar VOC patterns have already
been found in previous studies, although of a lower magnitude,
with concentrations exceeding 5 times the recommended value
(Canha et al., 2019). This group of pollutants is emitted by common
household products and building materials, such as paints and
varnishes, as well as by cleaning and consumer products (Chin
et al., 2014).

3.7. Particulate matter (PM)

The overall PM2.5 mean (15.3 ± 9.1 mg m�3) was below the limit
value of 25 mg m�3 established by the Portuguese legislation
(Fig. 5). PM2.5 concentrations ranged from 4.7 ± 3.7 mg m�3

(bedroom 2) to 36.6 ± 36.8 mg m�3 (bedroom 1). Only bedroom 1
presented levels above the threshold during the sleeping period,
although the mean value in bedroom 8 (24.4 ± 23.0 mg m�3) was
also close to the legal limit.

The PM10 mean levels registered in all bedrooms were also
below the threshold of 50 mg m�3 imposed by the Portuguese
legislation, with an overall mean concentration of
19.9 ± 12.0 mg m�3, ranging from 5.9 ± 5.1 mg m�3 (bedroom 2) and
48.6 ± 50.4 mg m�3 (bedroom 1). A high proportion of PM10 was
composed of fine particles. PM2.5 accounted, on average, for 77± 4%
of PM10 levels (ranging from 72% in bedroom 5 to 84% in bedroom

10).
Coarse particles are typically associated with resuspension of

mineral dust (Calvo et al., 2013) but, in indoor environments, a
variety of human activities, such as cleaning or ironing, and other
sources, such as textiles or human skin desquamation, contribute to
the PM10 levels (Alves, 2017; Morawska et al., 2017 ). Regarding the
fine particles, 70% of the bedrooms showed mean levels above the
guideline of 10 mg m�3 recommended by the World Health Orga-
nisation (EEA, 2018). It is important to highlight that WHO states
that there is no evidence of a safe level of PM exposure or a con-
centration value below which no adverse effects occur (WHO
Regional Office for Europe, 2013) and, due to this awareness and
scientific outcomes already achieved, in 2013, PM2.5 was classified
as carcinogenic to human beings by the International Agency for
Research on Cancer (IARC - International Agency for Research on
Cancer, 2013; Loomis et al., 2013).

Moreover, even if, according to the national legislation, the
mean levels of PM can be considered relatively low, their impacts
on occupants’ personal exposure can be significant, given the time
people spend in the bedroom (typically around 8 h). A study con-
ducted in Lisbon (Portugal) to assess children’s exposure to par-
ticulate matter found that, after the classroom (PM2.5e42.4%; PM10
e 49.7%), bedrooms are the micro-environment that contribute
most to exposure (PM2.5e26.7%; PM10 e 21.5%) (Faria et al., 2020),
despite being the one with the lowest concentrations (always
below 20 mg m�3). The estimated exposure during the sleeping
period in weekdays was 141 mg m�3.h and 177 mg m�3.h for PM2.5

and PM10, respectively. Higher exposures were registered on
weekends: 192 mg m�3.h for PM2.5 and 245 mg m�3.h for PM10. As
stated above, the high exposure to PM is due to the significant time
spent in this micro-environment, which shows its importance to
the overall human exposure.

Exposure (E) is defined by E ¼ Cj.tj, where Cj is the PM con-
centration measured in a specific micro-environment and tj is the
time spent in it (Faria et al., 2020; Morawska et al., 2013). The po-
tential inhaled dose (D) can be estimated by multiplying the
exposure in a specific micro-environment by the inhalation rate (IR,
m3.h�1) of the occupants during that period. IR depends on the type
of activity developed by the occupants and their age (Buonanno
et al., 2011). For the volunteers of the present study, the IR for
sleeping and resting can be assumed as 0.36 m3 h�1 (age group
between 19 and 40 years old) (Buonanno et al., 2011). Table 1
presents PM exposure and potential inhaled dose assessed for the
bedrooms of the present study.

Exposures to PM2.5 and PM10 were estimated to be
113.6 ± 64.8 mg m�3.h and 148.1 ± 84.8 mg m�3.h, respectively.
These values are lower than the ones previously assessed for chil-
dren in Lisbon (Faria et al., 2020): 141.4 mg m�3.h for PM2.5 and
177.4 mg m�3.h for PM10. The mean potential inhaled doses during
the sleeping period in the present study was 40.9 ± 23.3 mg for
PM2.5 and 53.3 ± 15.7 mg for PM10, which were close to the assessed
potential inhaled doses by children (43.8 mg for PM2.5 and 55.0 mg
for PM10) (Faria et al., 2020).

3.8. Bioaerosols

Levels of bioaerosols (bacteria and fungi) were quantified before
(night) and after the sleeping (morning) period in the 10 bedrooms
(Fig. 6). For fungi, due to operational and logistical constraints, it
was not possible to assess the loads in bedroom 10). The Portuguese
legislation establishes that the indoor bacteria levels should be
lower than the sum of the outdoor level and 350 CFUm�3, while for
fungi the indoor levels should be simply lower than the outdoor
levels (Ordinance no. 353-A/2013). For bacteria, in 80% of the cases,
the morning levels were above the limit value established by the
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national legislation. This is likely related to the fact that humans are
a source of bacteria (Canha et al., 2015). Regarding fungi, only 44%
of the bedrooms presented morning values below the corre-
sponding outdoor loads. A morning/night ratio of 1.12 ± 0.57 was
registered for fungi, while the corresponding value for bacteria was
2.21 ± 2.10, highlighting the role of human occupancy as a driver of

bacterial contamination in the indoor air. The present study only
quantified the colony forming units. However, further work should
be conducted in order to perform the identification of the different
species of fungi and bacteria in sleeping environments.

3.9. Spearman correlations

Table S5 (in the “Supplementary Information” section) shows
the spearman correlations between the monitored parameters of
indoor air during the sleeping period. The relative humidity was
positively correlated with both CO2 and bacterial loads. These two
last parameters are both associated with the human presence, since
CO2 is released through breathing (Strøm-Tejsen et al., 2016), while
several bacterial communities are shed by occupants (Hospodsky
et al., 2012). A negative association between ACHs and CO2 was
found, as expected, since higher ACHs promote higher CO2 dilution
(Canha et al., 2016). Moreover, ACHs were calculated from CO2
levels, which highlights this association.

A positive relationship between CO2 and CH2O, already
described in other studies (Canha et al., 2016), was also observed,
indicating that formaldehyde is emitted by indoor sources, such as
building materials and consumer products (WHO, 2010).

A positive association between CO and VOCs was also found,
highlighting their common source, such as infiltration of traffic

Fig. 5. PM levels during the sleeping period in the 10 studied bedrooms: (left) PM2.5 and (right) PM10. Red lines represent the limit values established by the Portuguese Ordinance
no. 353-A/2013, whilst the dash grey line is the guideline value recommended by the World Health Organisation. Box plots present the 25, 50 and 75 percentiles, with minimum,
average (square) and maximum values.

Table 1
PM2.5 and PM10 exposure and correspondent potential inhaled dose during the
sleeping period for the studied bedrooms.

Exposure (mg.m�3.h) Potential inhaled dose (mg)

Bedroom PM2.5 PM10 PM2.5 PM10

1 272.8 362.1 98.2 130.3
2 41.4 43.7 14.9 15.7
3 67.2 93.9 24.2 33.8
4 86.3 120.0 31.1 43.2
5 85.3 131.2 30.7 47.2
6 95.8 122.4 34.5 44.1
7 100.4 140.5 36.1 50.6
8 177.9 229.2 64.1 82.5
9 142.6 152.0 51.3 54.7
10 66.5 86.0 23.9 30.9
Mean ± SD 113.6 ± 64.8 148.1 ± 84.8 40.9 ± 23.3 53.3 ± 15.7
[Min-Max] [41.4e272.8] [43.7e362.1] [14.9e98.2] [15.7e130.3]

Fig. 6. Bioaerosol levels before (night) and after sleep (morning): (left) bacteria and (right) fungi. Red asterisks stand for cases above the limit values established by the Portuguese
legislation (Ordinance no. 353-A/2013).
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emissions (von Schneidemesser et al., 2010). PM2.5 and PM10
correlate well between each other, which is not surprising, as it was
found that a significant part of PM10 is composed of fine particles.
As expected, the fungi levels before and after the sleeping period
also presented a positive association, since no local source of fungi
is present in the bedroom during the sleeping period. This is line
with the morning/night ratio of 1.12 ± 0.57, previously mentioned.

3.10. Considerations

The use of real time monitors to assess temporal variability of
pollutants during sleep is a good strategy to overcome some
problems that can arise from reference methods, such as the
gravimetric method for particulate matter, due to the noise of the
sampling pumps and its potential interference in the sleep of the
volunteers. However, despite all precautions on the use of such
equipment (such as calibrations), results should be critically eval-
uated since potential under and over-estimation may be found, as
already discussed and described elsewhere (Canha et al., 2019,
2017). Anyway, this multi-pollutant strategy allows a comprehen-
sive assessment of the indoor air quality during sleep, with mini-
mum impact on the volunteers’ sleep, and provides meaningful
insights about the compliance with guideline values, information
that is scarce in the literature (Lan and Lian, 2016). The present
work, as summarised in Table 2, shows that the indoor air quality
during sleep in couples’ bedrooms during winter time presents
non-conformities for different parameters. On average, indoor air
quality during sleep was within acceptable ranges only for 61% of
the parameters, highlighting the need to focus on such type of
environments and to apply preventive and remedial measures to
breathe healthier air.

Some other limitations of the present study include the limited
number of bedrooms (10) and the reduced monitoring period (only
3 nights per bedroom). However, the information gathered allows a
first understanding of how IAQ can vary during the sleeping period
of a couple in a typical bedroom of a dwelling in Lisbon. To have a
more robust characterisation of this type of micro-environment,
future efforts should be conducted to increase the number of
bedrooms. Moreover, further work should also be carry out to un-
derstand which environmental factors may have impact on sleep
quality, taking into account the importance of nigh rest in the
quality of human life.

4. Conclusions

The bedrooms under study presented an overall compliance of
61 ± 15% with the guidelines, ranging from 27% (bedroom 1) to 82%
(bedroom 7). The parameters that fully met the mandatory re-
quirements in all bedrooms were only ACHs, CO and PM10. The
parameters that showed a lower compliance (less than 50% of the
cases) were temperature (30%), CO2 (30%), VOCs (10%), and bio-
aerosols, namely, bacteria (20%) and fungi (44%), together with
PM2.5 (30%), when considering the WHO guideline.

Air change rates, despite always being above the established
guideline (0.7 h�1), are clearly not enough to provide a good indoor
air quality during sleep by promoting the dilution of the pollutants
emitted. Therefore, a clear evidence from this work is that air
change rates are not enough to ensure compliance of pollutant
levels with legal standards and guidelines. Lower air quality may
lead to lower sleep quality, as already described in the literature for
CO2 levels and comfort parameters, which, in turn, will promote a
degradation of the human welfare and performance during
daytime.
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Abstract: The use of electronic cigarettes (e-cigarettes) and heat-not-burn tobacco (HNBT), as popular
nicotine delivery systems (NDS), has increased among adult demographics. This study aims to assess
the effects on indoor air quality of traditional tobacco cigarettes (TCs) and new smoking alternatives,
to determine the differences between their potential impacts on human health. Measurements of
particulate matter (PM1, PM2.5 and PM10), black carbon, carbon monoxide (CO) and carbon dioxide
(CO2) were performed in two real life scenarios, in the home and in the car. The results indicated that
the particle emissions from the different NDS devices were significantly different. In the home and car,
the use of TCs resulted in higher PM10 and ultrafine particle concentrations than when e-cigarettes
were smoked, while the lowest concentrations were associated with HNBT. As black carbon and CO
are released by combustion processes, the concentrations of these two pollutants were significantly
lower for e-cigarettes and HNBT because no combustion occurs when they are smoked. CO2 showed
no increase directly associated with the NDS but a trend linked to a higher respiration rate connected
with smoking. The results showed that although the levels of pollutants emitted by e-cigarettes and
HNBT are substantially lower compared to those from TCs, the new smoking devices are still a source
of indoor air pollutants.

Keywords: indoor air quality; e-cigarettes; heat-not-burn tobacco; traditional smoking products;
tobacco smoke; passenger cars

1. Introduction

There is a scientific and medical consensus that cigarette smoking is causally related to lung cancer,
heart disease, emphysema and other serious diseases in smokers [1]. Every year, about 8 million
people worldwide die from tobacco use [2], and its consumption has been consistently declared as
the leading cause of morbidity and mortality in the world [3]. Tobacco smoke is a complex mixture
of numerous toxic and carcinogenic substances, containing more than 8000 chemicals produced by
distillation, pyrolysis and combustion reactions when tobacco is burnt during both the smoldering and
puffing of a cigarette [4].

Convincing scientific evidence has been available for a long time from experimental and
epidemiological studies demonstrating that exposure to environmental tobacco smoke (ETS), called
secondhand smoke (SHS) or passive smoke, also causes respiratory and heart diseases including lung
cancer in adult nonsmokers [5]. In 2017, 1.22 million deaths were caused by SHS [2] (approximately
15% of the deaths linked to tobacco). In children, SHS interferes with lung development, promotes
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allergic sensitization and asthma, and increases the risk of sudden infant death syndrome [6,7].
The International Agency for Research on Cancer has classified ETS as carcinogenic [5].

Following smoking bans introduced in many countries prohibiting tobacco smoking in public
spaces to minimize exposure, the tobacco industry initiated major investments in promoting new
(sometimes unregulated) products for consumers. These products were advertised as more appealing
than traditional cigarettes (TCs) in terms of social tolerance and health risks. Beliefs that these new
products are useful as cessation tools are associated with elevated odds of use in locations where TCs
are prohibited [8].

Examples of new smoking products are electronic cigarettes (e-cigarettes), which are
battery-powered devices that produce an aerosol from a water-based solution, and heat not-burn
tobacco (HNBT), which has been described as a hybrid between TCs and e-cigarettes.

Investigations (some of them developed by the tobacco industry) concluded that although these
products are still not entirely safe, they can be considered harmless compared to TCs and, if regulated
and controlled, a method to quit addiction to TCs [9–11].

Despite these claims, some research results suggest that inhaling propylene glycol-containing
e-cigarette aerosols may have adverse health effects, especially in the respiratory and cardiovascular
systems [12,13]. Vaping indoors can also release vegetable glycerin, nicotine, aldehydes and heavy
metals at levels that may pose a health risk to others [14,15]. In the United States, during 2019, more
than 2000 people developed serious lung damage in a poisoning outbreak associated with the use of
vaping devices, and 39 people have died from the condition. The United States Centers for Disease
Control and Prevention has recently identified vitamin E acetate, an ingredient added to illicit vaping
liquids, as the main cause. Recent research has also shown that HNBT produces toxic compounds
(e.g., formaldehyde), which are inhaled together with the aerosol [16]. It is also unclear if these new
products reduce or increase nicotine addiction [17]. It has been suggested that they can change the
epidemiological perception of smoking and likely attract adolescents into smoking dependence [18–20].

Due to the increasing popularity of e-cigarettes and HNBT as alternatives to TCs, the World Health
Organization (WHO) recognized the importance of monitoring and closely following the evolution of
new tobacco products, including products with potentially “modified risks”. There is a need for further
documentation and research about the emissions, impacts on indoor air quality, potential health risks
for passive smokers and benefits of the new devices [21]. This study evaluated the levels of particles,
black carbon, carbon monoxide and carbon dioxide during the smoking of e-cigarettes, HNBT and TCs
in homes and cars to assess the potential exposure of smokers and non-smokers.

2. Materials and Methods

2.1. Sampling Sites Description

Home measurements were performed in the sitting room of an occupied flat located in Lisbon,
Portugal (Figure 1). The sitting room had a volume of 73 m3 and was decorated with typical home
furniture. During the experiments, the room was occupied by two people. The air quality monitoring
equipment was placed 1.5 m away from the smoker with probes and absorption tubes pointed upwards,
at a height of approximately 1 m from the floor. Subjects were told to smoke as usual and not to blow
directly onto the equipment.

Car measurements were performed inside a medium volume car (Diesel Opel Corsa, from 2007)
traveling on a low traffic intensity route of 4.95 km at a mean speed of 34 km/h. The route was located
in the municipality of Loures, Portugal, between the neighborhoods of Bobadela and São João de Talha
(Figure 1). The real time monitors were placed in the back seat of the car, in open boxes that were
fastened with seatbelts to prevent their slipping. The probes or absorption tubes of the various devices
were positioned in the area corresponding to the breathing zone of a child. The study was carried out
with two occupants in the car: a driver (the smoker) and a non-smoking passenger seated in the front
passenger seat.
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2.2. Smoking Devices

Three different types of NDS were used in this work, all used by volunteer smokers:
Traditional cigarettes (TC) are comprised of a blend of dried and cured tobacco leaves which are

rolled into a thin rolling paper for smoking. TCs burn at temperatures of around 800 ◦C, generating
smoke that contains harmful chemicals. This work used two types of cigarette of a commonly smoked
brand in Portugal, Chesterfield blue (TC1) and Chesterfield menthol (blue caps) (TC2).

E-cigarettes are battery-powered devices that produce an aerosol, from a water-based solution,
containing a mixture of nicotine, glycerin, propylene glycol and flavoring chemicals, differing depending
on the commercial brand. This work used two different types of e-cigarette: the one most common
in the USA (JUUL: Slate JUUL, 4.5V, 8W, 5% nicotine pods) and that in Europe (Vape: IStick TC40W,
nicotine free liquid).

Heat-not-burn tobacco (HNBT) is comprised of a small cigarette made of elements that include a
tobacco plug, hollow acetate tube, polymer-film filter, cellulose-acetate mouthpiece filter, and outer and
mouth-end papers. It is equipped with electronics that heat specially prepared and blended tobacco,
just enough to release a flavorful nicotine-containing vapor but without burning the tobacco. HNBT is
heated up to temperatures below 350 ◦C in an effort to produce lower amounts of air toxicants [22].
This work used the iQOS from Philip Morris International, which is the most popular brand in Europe
and America.

2.3. Measurement Equipment and Protocol

Continuous measuring portable monitors were used to carry out measurements of indoor
concentrations of smoking related pollutants:

The DustTrack DRX monitor (8533 model, TSI, Dallas, TX, USA) was used to measure the
concentration of particles in a size range between 0.1 to 15 µm. It is a multi-channel, battery-operated,
data-logging device, which uses a light-scattering laser photometer that allows the simultaneous
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measurement of size-segregated mass fraction concentrations corresponding to PM1, PM2.5, respirable,
PM10, and total PM size fractions. The resolution of the equipment is ±0.1% of the reading or
0.001 mg/m3.

The CPC TSI 3007 was used to measure the number concentration of ultrafine particles (UFP)
with a size range between 0.01 and 1.0 µm (PM0.01–1). It operates by drawing an aerosol sample
continuously through a heated saturator, in which alcohol is vaporized and diffused into the sample
stream. Together, the aerosol sample and alcohol vapor pass into a cooled condenser where the alcohol
vapor becomes supersaturated. Here, particles grow quickly into larger alcohol droplets and pass
through an optical detector where they are counted. The accuracy of the equipment is ±20%, and the
resolution is 0.001 µg/m3.

The MicroAethalometer AE51 (AethLabs, San Francisco, CA, USA) was used to measure black
carbon. In the AE51, the air sample is collected by a T60 filter medium (Teflon coated glass fiber).
During operation, the microprocessor makes optical measurements, measures and stabilizes the airflow,
and calculates the mass concentration of black carbon. The measurement is performed at 880 nm,
and the concentration is obtained by the rate of change in the absorption of the transmitted light due to
the continuous deposition of black carbon in the filter and the determination of the attenuation of the
source light. The measurement precision is ±0.1 µg/m3, at a 150 ml/min flow rate, and the resolution is
0.001 µg.

The TSI 7545 (7545 model, TSI, Dallas, TX, USA) was used to simultaneously measure and log
CO, using an electro-chemical sensor, and CO2, with a non-dispersive infrared sensor. The accuracy of
the CO and CO2 concentrations is ±3% of the reading, and the resolution is 0.1 ppm for CO and 1 ppm
for CO2.

In homes, an initial non-smoking scenario was recorded for 2 hours and used as a control.
Afterwards, each NDS was continuously measured for 2 hours divided into eight 15-minute intervals.
Each interval consisted of NDS being smoked with 10 “puffs” for 5 minutes leaving a 10-minute decay
period between smokes.

In cars, the measurement for each NDS was made by completing three repetitions composed of
three different individual laps (Figure 2). Lap A consisted of a “cleaning lap” where all windows
were open and there was no smoking; Lap B was a “blank/control lap” where all windows were
closed except for the driver’s, which was opened halfway, with no smoking; and Lap C consisted of a
“smoking lap”, which replicated the conditions of the blank/control lap (all windows closed except for
the driver’s) with smoking. During Lap C, measurements were registered separately for the complete
lap (measurements C1), which included the pollutants’ decay, and only during the smoking period
within the lap, beginning when the cigarette was lit until it was turned off (measurements C2). Each lap
lasted between 8 and 10 minutes in which 10 “puffs” were taken per NDS, for an average smoke time
of 3 minutes and with a 7-minute decay period. To maintain the external conditions, the study test
drives took place outside of the traffic peak period.
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2.4. Emission Factors

Emission factors for the air pollutants emitted in homes were calculated using Equation (1) [23]:

EF = (Cave * ACH * V)/(nave), (1)

where EF is the emission factor of TCs, e-cigarettes or HNBT in µg/h; Cave is the timed-average pollutant
indoor concentrations during the smoking session (µg/m3); nave is the number of TCs, e-cigarettes or
HNBT being smoked during the average unit smoking time; ACH is the air change per hour (h−1);
and V is the room volume (m3).

Black carbon concentrations were used to calculate the ACH as it is a conservative and stable
pollutant, according to Equation (2) [23]:

ACH = (lnCini − lnCend)/t, (2)

where Cini is the initial concentration of black carbon (ng/m3), Cend is the final concentration of black
carbon (ng/m3), t is the total time (h) and ACH is the air change per hour (h−1).

2.5. Statistical Analysis

The analysis of the variance of the results was performed by non-parametric statistics for a
significance level of 0.05. The Mann–Whitney U test was used to test whether two independent groups
are likely to derive from the same population, considering the null hypothesis that the two samples
have the same median. Therefore, this test assessed whether observations in one sample tend to be
larger than observations in the other, such as in the case of air pollutant concentrations associated
with the different types of smoking product, the air pollutant levels for the background and smoking
periods, and the contribution of the particles’ sizes to the PM10 for the different NDS. The statistical
calculations were performed using the Statistica software.

3. Results and Discussion

3.1. Home Scenario

A comprehensive evaluation of the levels of smoking related pollutants in a home while TCs and
new smoking products (e-cigarettes and HNBT) were being smoked was performed. The concentrations
of the measured indoor air pollutants are summarized in Table 1, and the basic statistics are summarized
in Table S1 of the Supplementary Materials.
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Table 1. Air pollutant average concentrations and emission factors for traditional cigarettes (TC), e-cigarettes and heat-not-burn tobacco (HNBT) in the home. NDS,
nicotine delivery systems; UFP, ultrafine particles; BC, black carbon.

NDS PM1 (µg·m−3) PM2.5 (µg·m−3) PM10 (µg·m−3) UFP (particles·cm−3) BC (µg·m−3) CO (mg·m−3) CO2 (mg·m−3)

Concentrations

Control 21.0 22.6 25.4 4690 0.21 1.66 1810
TC 3470 3480 3480 110,000 13.2 4.16 2220

e-cigarette 1350 1370 1380 37,800 4.30 1.00 2890
HNBT 80.6 81.6 87.8 35,700 1.18 1.29 2640

Emission
Factors

NDS PM1 (µg·min−1) PM2.5 (µg·min−1) PM10 (µg·min−1) UFP (particles·min−1) BC (µg·min−1) CO (mg·min−1) CO2 (mg·min−1)

TC 844 845 846 2.46 × 109 3.37 0.92 604
e-cigarette 419 424 427 9.89 × 108 1.10 0.26 836

HNBT 21.9 22.2 23.7 1.20 × 109 0.36 0.33 720
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3.1.1. Particulate Matter

Figure 3 depicts the contribution of each particle size fraction (PM1, PM1–2.5, PM2.5–10) to the
PM10 for the studied NDS and control. The Mann–Whitney test showed that there was a significant
difference between the contributions of the three particle size ranges to the PM10 in the non-smoking
and NDS trials. PM1 was the dominant size fraction for TCs (98.6%), e-cigarettes (91.1%) and HNBT
(92.1%) followed by PM2.5–10 (TCs: 1.2%, e-cigarettes: 6.5% and HNBT: 6.8%), whereas in the control,
the contribution of the coarsest particles to the PM10 mass increased to 43.9%.
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discriminated by NDS.

The use of TCs led to the highest increase in PM1 (3470 ± 1570 µg·m−3), PM2.5 (3480 ± 1570 µg·m−3)
and PM10 (3480 ± 1570 µg·m−3) concentrations, followed by the e-cigarettes (PM1: 1350 ± 1510 µg·m−3;
PM2.5: 1370 ± 1520 µg·m−3; PM10: 1380 ± 1520 µg·m−3) and HNBT (PM1: 80.6 ± 51.3 µg·m−3; PM2.5:
81.6 ± 51.3 µg·m−3; PM10: 87.8 ± 51.7 µg·m−3). The Mann–Whitney test showed that the concentrations
were significantly different between all types of cigarettes and that PM10 concentrations measured
during the smoking of TCs, e-cigarettes and HNBT were significantly higher than the levels measured
in the non-smoking period (165, 64 and 4 times higher, respectively).

Another study on smoke exposure [23] also described higher PM concentrations for TCs than
for e-cigarettes and HNBT. However, during the smoking of TCs, Ruprecht et al. [23] obtained PM1,
PM2.5 and PM10 concentrations 10, 23 and 2 times lower than those measured in the present study,
respectively. Schober et al. [24] also measured lower PM2.5 levels associated with the smoking of
e-cigarettes (197 µg·m−3) than those in the present study.

The differences between the NDS are likely caused by the fact that in TCs, there is a combustion at
a temperature <800 ◦C, which is lower than the temperature needed for complete combustion (around
1300 ◦C), while e-cigarettes and HNBT are only heated. According to Jiang et al. [25], heating tobacco
or e-liquids result in 95% less substances emitted than those produced by the combustion that occurs
in TCs. Schober et al. [26] showed that the vaping of the e-cigarettes releases more particles than
the use of HNBT. E-cigarette aerosols contain fine and ultrafine liquid particles that are formed from
supersaturated propylene glycol vapor, which can penetrate into the respiratory system and cause
oxidative stress and inflammatory reactions [27]. Pisinger and Dossing [28] mentioned the irritation of
the respiratory tract, evidence of an inflammatory process, a dry cough and an impairment of lung
function as short term effects of vaping.

The guidelines defined by the World Health Organization and the limit values according to the
Portuguese legislation for indoor air quality (PM2.5: 25 µg·m−3; PM10: 50 µg·m−3) were exceeded for
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TCs (139 and 70 times higher for PM2.5 and PM10, respectively), e-cigarettes (54 and 27 times higher)
and HNBT (3.2 and 1.7 times higher).

Figure 4 shows the temporal trends of PM10 levels measured during TC, e-cigarette, and HNBT
consumption. The PM10 concentrations associated with the TC and e-cigarette trials presented a
rapid increase above the background, while for HNBT, the increment was less pronounced but still
visible. PM10 peaks of more than 8000 µg·m−3 were reached for e-cigarettes and TCs. For TCs, PM10

levels showed a long decay period, causing an accumulation for each additional cigarette smoked,
whereas for both e-cigarettes and HNBT, PM10 showed a faster decay and no sign of accumulation.
Protano et al. [29] described a similar behavior, since a 1 hour time interval after each smoking each TC
was not enough to allow the PM concentration to decrease to the background levels. According to
Martuzevicius et al. [30], e-cigarette aerosols have been shown to have a half-life 100 times shorter than
TC emissions. The rapid evaporation of liquid droplets from e-liquids is the main reason for the quick
decay and the lack of atmospheric accumulation of PM during the use of e-cigarettes.Int. J. Environ. Res. Public Health 2020, 17, x 9 of 20 
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The PM1, PM2.5 and PM10 emission factors were the highest for TCs, followed by e-cigarettes
and HNBT. The emission factors calculated by Ruprecht et al. [23] for TCs were lower for PM1

(320 ± 132 µg·min−1) than those calculated in this study (844 µg·min−1), but higher for PM2.5 and PM10

(1480 ± 570 and 1540 ± 570 µg·min−1, respectively) than the ones calculated here (845 and 846 µg·min−1

for PM2.5 and PM10, respectively). The same study found that both the e-cigarette and HNBT emission
factors were non-detectable, significantly differentiating themselves from the elevated values obtained
for the present work.

3.1.2. Ultrafine Particles

The Mann–Whitney test showed that the UFP number concentrations were significantly higher during
all the smoking sessions than during the background, but the levels for TCs (110,000 ± 36,000 particles·cm−3)
stood out compared with those for e-cigarettes (37,800 ± 19,000 particles·cm−3) and HNBT
(35,700 ± 11,500 particles·cm−3). The levels for TCs, e-cigarettes and HNBT were 23.4, 8.1 and 7.6
times higher than background, respectively. The UFP concentrations were higher when combustion
was occurring i.e., during TC use [25]. This fact explains why both e-cigarettes and HNBT showed
lower UFP concentrations compared to TCs.

Atmospheric UFP are mainly composed of organic compounds, trace metal oxides and elemental
carbon [31]. Ruprecht et al. [23] found that for selected metals, trace elements and organic compound
emission factors varied between TCs, e-cigarettes and HNBT. This means that the type of NDS used
highly influences the UFP number concentration. Avino [32] also showed that during a TC test,
the increase in the particle number concentration is due to the emission during the smoking activity of
particles with a mode of roughly 100 nm, while the e-cigarettes emit particles sized with a mode of
about 30 nm.

The UFP number concentrations for TCs and HNBT were similar to those measured by
Ruprecht et al. [23] (123,000 ± 37,000 and 27,700 ± 10,300 particles·m−3, respectively). For e-cigarettes,
Ruprecht et al. [23] measured concentrations 4.4 times lower (8660 ± 560 particles·m−3) and
Schober et al. [24] obtained concentrations 1.6 times higher (61,700 ± 16,000 particles·m−3) than
in the present study. The discrepancies found are likely due to high variability in emissions due to the
types of equipment and e-liquid being used. Schober et al. [24] used a Red Kiwi (second generation
e-cigarette), which is larger and has more wattage than the Elips Series C (second generation e-cigarette)
used by Ruprecht et al. [23] and smaller than the third generation e-cigarettes used in this study.
Moreover, Zhao et al. [33] also showed that the heating coil temperature, puff duration and puff flow
rate in e-cigarettes influence the number concentration of the particles.

The real-time UFP number concentration plot presented in Figure 4 shows an initial cumulative
behavior in TCs that reaches a plateau at around 150,000 particles per cm3. The UFP temporal pattern
for e-cigarettes and HNBT shows a behavior similar to the one obtained by Protano et al. [29], which is
characterized by non-accumulation and rapid decay.

The UFP emission factors were the highest for TCs, followed by e-cigarettes and HNBT.
The emission factors obtained for TCs, e-cigarettes and HNBT by Ruprecht et al. [23] (130 × 1010,
1.1 × 1010 and 5.3 × 1010 particles per min) were much higher than those obtained in the present study.

3.1.3. Black Carbon

The highest black carbon concentrations were measured while TCs were being smoked
(13.2 ± 5.2 µg·m−3), followed by e-cigarettes (4.3 ± 10.4 µg·m−3) and HNBT (1.2 ± 0.7 µg·m−3),
which are values approximately 63, 20 and 5.6 times higher than those in the non-smoking trials,
considering the values presented in Table 1.

Black carbon particles are produced due to the incomplete combustion of carbon-containing
materials [34]. As the tobacco or tobacco-derived products within TCs are burned at temperatures
below the 1300 ◦C threshold needed for complete combustion to occur [25], these NDS have been
directly identified as black carbon emission sources [35,36].
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On the other hand, probably due to the fact that they evaporate a liquid charge rather
than combusting it, studies conducted by van Drooge et al. [37] and Ruprecht et al. [23] have
shown no connection between the use of e-cigarettes and black carbon emissions. According to
van Drooge et al. [37], the difference between the black carbon concentrations recorded during
the non-smoking and e-cigarette smoking scenarios are directly linked to outdoor black carbon
concentrations, thus indicating that black carbon is not an emission of the e-cigarette vapor. This is
the reason why in the study by Ruprecht et al. [23], the temporal patterns show lower black carbon
concentrations during e-cigarette smoking than in the control test, similarly to in the present work.

Figure 4 shows that the black carbon measured during the TC smoking trials presented an
initial cumulative behavior, reaching a plateau around 20.0 µg·m−3. Both e-cigarettes and HNBT had
non-cumulative effects and rapid decays, besides the high spikes observed.

3.1.4. Carbon Monoxide

The Mann–Whitney test shows that the use of TCs led to a significant increase in CO levels in
homes to 4.2± 1.8 mg·m−3, a concentration 2.5 above background levels without smoking. The smoking
of HNBT and e-cigarettes had no effect on the CO concentration, as already demonstrated by previous
studies [9,24,37], because CO is a byproduct of the incomplete combustion of carbonaceous matter that
occurs in TCs [38]. The real time CO concentration plotted in Figure 4 shows that both e-cigarettes and
HNBT had a steady, non-cumulative behavior, unlike the TCs, which had a cumulative and incremental
behavior without reaching a plateau.

None of the NDS surpassed the guidelines defined by the World Health Organization nor the
limit values according to Portuguese legislation (10 mg·m−3 for 8 h; 30 mg·m−3 for 1 h).

3.1.5. Carbon Dioxide

The CO2 concentrations were 2890 ± 660 mg·m−3 for e-cigarettes, 2640 ± 680 mg·m−3 for HNBT
and 2220 ± 520 mg·m−3 for TCs; approximately 1.6, 1.5 and 1.2 times higher than control levels,
respectively. All the NDS as well as the control scenario (also with two occupants) exceeded the
recommended World Health Organization CO2 maximum concentration (1800 mg·m−3).

The real time CO2 measurements (Figure 4) show similarities in the incremental behavior of all
the NDS and the control. The concentrations steadily increased, reaching almost double their initial
values after one hour and roughly thrice after two hours, indicating that exhalations during NDS use
did not increase CO2 concentrations in peak increments as with other pollutants. A study conducted
by Sadjadi and Minai [39] states that this increase in CO2 concentrations is related to an increase in the
respiration rate of smokers as a response to inflammation in order to compensate for the decrease in
oxygen inhalation during smoking rather than to the emissions originating from NDS use.

3.2. Car Scenario

Smoking in the interior of cars is of particular concern for the smoker and other non-smoking
passengers, principally for the most susceptible such as children and pregnant woman, because the
concentrations of potentially harmful substances are expected to be high due to the reduced volume
of the cabin. The mean concentrations measured during the test drives are summarized in Table 2,
and for the basic statistics, Table S2 from the Supplementary Materials can be consulted.
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Table 2. Air pollutant average concentrations measured in the car for traditional cigarettes (TC1 and
TC2), e-cigarettes (JUUL and Vape) and heat-not-burn tobacco (HNBT).

NDS Lap PM1
(µg.m−3)

PM2.5
(µg.m−3)

PM10
(µg.m−3)

UFP
(particles.cm−3)

BC
(µg.m−3)

CO
(mg.m−3)

CO2
(mg.m−3)

TC1
Control 46.2 49.5 57.2 31,733 0.83 0.81 1059

Smoking 963 967 973 141,000 2.11 3.02 1130

TC2
Control 43.4 45.3 49.7 42,700 1.46 1.10 1090

Smoking 905 907 912 142,000 6.11 4.12 11,900

JUUL Control 19.2 21.1 24.5 28,500 0.57 0.43 883
Smoking 129 131 134 47,800 1.15 0.82 982

Vape Control 21.0 21.8 23.3 17,600 0.59 0.43 956
Smoking 1150 1170 1170 56,300 0.70 1.09 1090

HNBT
Control 14.5 15.9 18.3 7940 0.61 0.45 925

Smoking 23.3 24.7 26.7 22,100 0.46 0.74 1020

3.2.1. Particulate Matter

Figure 5 depicts the contribution of each particle size fraction (PM1, PM1–2.5, PM2.5–10) to the
PM10 for the studied NDS during the different laps. Although no difference was observed between
the cleaning and control laps, the Mann–Whitney test indicated a significant difference between the
non-smoking and the NDS trials. For the NDS, PM1 was the dominant size fraction for TC1 (98.3%),
TC2 (99.2%), JUUL (95.3%), vape (97.9%) and HNBT (87.9%), with negligible contributions from the
other two fractions. In the control, the two coarser fractions (PM1–10) have a significantly higher
contributions during the smoking periods, representing between 9.8% and 21.5% of the PM10 mass.Int. J. Environ. Res. Public Health 2020, 17, x 12 of 20 
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The highest PM10 concentrations were measured while the vape was smoked (1170 ± 1160),
followed by TC1 (973 ± 597 µg·m−3), TC2 (912 ± 881 µg·m−3), JUUL (134 ± 190 µg·m−3) and HNBT
(26.7 ± 22.7 µg·m−3). The Mann–Whitney test showed that the PM10 concentrations were significantly
different for all the types of cigarette except for TC1 and TC2, between which significant differences
were not observable.

Figure 6 shows the temporal evolution of the PM10 concentrations. There is an incremental
and cumulative behavior for TC1 and TC2, reaching a plateau at around 1000 µg·m−3 before the
concentrations start to slowly decrease back to control levels. The JUUL, vape and HNBT time patterns
show significant concentration spikes during use but then rapid decreases in concentration.Int. J. Environ. Res. Public Health 2020, 17, x 13 of 20 
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Figure 6. PM10 concentrations measured in the car during traditional cigarette (TC1 and TC2),
e-cigarette (JUUL and Vape) and heat-not-burn tobacco (HNBT) consumption.

Geiss et al. [40] measured PM in the vehicle cabins and obtained an average PM2.5 concentration
in the cars of 26.9 µg·m−3, similar to those found in the control level measurements in the present study.
Schober et al. [26] studied NDS emissions in seven different vehicles and observed higher mean PM2.5

concentrations for TCs (64–1990 µg·m−3) when compared to vape (8–490 µg·m−3), HNBT (6–34 µg·m−3)
and control (4–11 µg·m−3). In the present study, the e-cigarette vape showed the highest mean levels of
PM2.5 and PM10, even when comparing with TCs.

3.2.2. Ultrafine Particles

The highest UFP concentrations were measured while TC2 were being smoked
(142,000 ± 42,000 particles·cm−3), followed by TC1 (141,000 ± 56,000 particles·cm−3), vape
(56,300 ± 39,700 particles·cm−3), JUUL (47,800 ± 12,700 particles·cm−3) and HNBT
(22,100 ± 16,800 particles·cm−3). These values are 3.3, 4.4, 3.2, 1.7 and 2.8 times higher than those in
the control scenario, respectively.

TC1 and TC2 showed a longer decay period than the other NDS. Clear spikes were observed for
JUUL, HNBT and vapes when “puffs” were taken, but the patterns did not show accumulation and
had rapid decays (Figure 7).
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Figure 7. Ultrafine particle concentrations measured in the car during traditional cigarette (TC1 and
TC2), e-cigarette (JUUL and Vape) and heat-not-burn tobacco (HNBT) consumption.

The UFP concentrations measured during TC1 and TC2 consumption were significantly higher
than for the other NDS, likely due to the combustion that occurred. As previously stated, TCs burn at
temperatures of 800 ◦C, which leads to incomplete combustion, while vape, JUUL and HNBT are only
heated. TC1 and TC2 also contain heavy metals and hydrocarbons [41], both of which can be found in
the chemical composition of atmospheric UFP [31].

The study developed by Schober et al. [26] showed that TCs also presented the highest
UFP levels (ranging from 24,300 to 236,000 particles·cm−3), but with HNBT (mean value of
37,900 ± 38,100 particles·cm−3, ranging from 16,700 to 124,000 particles·cm−3) having higher UFP
levels than e-cigarettes (mean value of 31,000 ± 24,100 particles·cm−3, ranging from 10,200 to
74,000 particles·cm−3) in 71% of the cases.

3.2.3. Black Carbon

The black carbon concentrations were the highest for TC2 (6.1 ± 4.0 µg·m−3), followed by TC1
(2.1 ± 0.9 µg·m−3), JUUL (1.2 ± 0.6 µg·m−3), vape (0.7 ± 1.0 µg·m−3) and HNBT (0.5 ± 0.3 µg·m−3),
representing levels 4.2, 2.5, 2.0, 0.4 and 0.7 times higher than those in the control scenario, respectively.
The incomplete combustion that occurs in TCs explains the comparably higher concentrations obtained
for this type of NDS.

The real time black carbon concentrations presented in Figure 8 show an incremental behavior
during the use of TC1 and TC2 and a steady decrease after smoking. The JUUL presented a
non-cumulative effect, a rapid decay and spikes in concentrations during its use. Both the vape and
HNBT patterns showed a non-cumulative effect and rapid decay like the pattern for JUUL, but no
spikes in concentrations were observed.
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Figure 8. Black carbon concentrations measured in the car during traditional cigarette (TC1 and TC2),
e-cigarette (JUUL and Vape) and heat-not-burn tobacco (HNBT) consumption.

The concentrations in the present study were lower than the black carbon concentrations measured,
in vehicles from non-smokers, by Lee et al. [42] (1.9 µg·m−3), Cunha-Lopes et al. [43] (5.1 ± 7.3 µg·m−3)
and Correia et al. [44] (5.5 ± 5.9 µg·m−3), except for TC1 and TC2. Onat et al. [45] measured a set of
indoor pollutants in different commuting vehicles in Istanbul and registered, for cars, an average black
carbon concentration of 2.3 ± 1.3 µg·m−3 with closed windows, similar to the results obtained in this
study for TC1. Fruin et al. [46] showed that driving behind vehicles in traffic with open windows has a
significant effect on the black carbon exposure. This work measured very high levels of black carbon
in cars driving behind transit buses reaching up to 92 µg·m−3. This would mean that black carbon
concentrations in vehicles can be much more related to the outdoor environment rather than to indoor
sources, even with a significant emitting source such as an NDS.

3.2.4. Carbon Monoxide

Statistical tests showed that the CO concentrations for TC1 (3.0 ± 1.5 mg·m−3) and TC2
(4.1 ± 1.6 mg·m−3) were significantly higher than for vape (1.1 ± 0.3 mg·m−3), JUUL (0.8 ± 0.1 mg·m−3)
and HNBT (0.7 ± 0.3 mg·m−3). Figure 9 shows an incremental and cumulative behavior for TC1
and TC2. E-Cigarettes, JUUL and HNBT show a steady behavior regarding concentrations, with no
increases or accumulation occurring during their use. The observed differences are likely linked to the
incomplete combustion processes in TC1 and TC2.

Northcross et al. [47] measured CO concentrations in cars during the smoking of TCs and obtained
an average concentration of 2.8 ± 1.0 mg·m−3 when all windows were half open, while a study
conducted by Dirks et al. [48] measured CO concentrations in vehicles ranging from 0.7 to 3.2 mg·m−3,
depending on the window conditions and the ventilation setting in the car.
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TC2), e-cigarette (JUUL and Vape) and heat-not-burn tobacco (HNBT) consumption.

3.2.5. Carbon Dioxide

The CO2 concentrations were the highest during TC2 consumption (1190 ± 50 mg·m−3), followed
by TC1 (1130 ± 90 mg·m−3), vape (1090 ± 60 mg·m−3), HNBT (1020 ± 60 mg·m−3) and JUUL
(982 ± 43 mg·m−3).

Smoking is linked with an increase in respiration rate, which increases CO2 concentrations in
indoor environments (Figure 10).Int. J. Environ. Res. Public Health 2020, 17, x 17 of 20 
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Goh et al. [49] measured CO2 concentrations ranging between 810 and 1080 mg·m−3 in cars, similar
to the results for the cleaning laps in the present study. The same study obtained CO2 concentrations
for two occupants (with all the windows closed) of 2160 mg·m−3 nine minutes after the beginning
of the experiment. Even without smoking, these values are almost twice the levels measured in the
present study for TC2 (1190 mg·m−3).

4. Conclusions

Although traditional tobacco smoking has been in decline since the 1980s, newer generations of
NDS have been steadily increasing in popularity ever since they were introduced into the market in
2013. This accelerated growth, together with their recent appearance, has led to an impendent need for
studies to be developed measuring the effects of such.

The present study allowed the evaluation of the concentrations of smoke pollutants, more
specifically, the particulate matter and gases originating from different types of NDS in real life scenarios
where smoking is still common among electronic nicotine delivery systems users, which consider these
a safer option than TCs.

The results showed that although the levels of pollutants emitted by e-cigarettes and HNBT are
substantially lower compared to those from TCs, the new smoking devices are still a source of indoor
air pollutants. All smoking options are avoidable sources of indoor pollutants, and to protect the
health of smokers and non-smokers, they should not be used in homes and cars.

The presented results pertain to a single brand of HNBT and specific brands of e-cigarettes and
may not represent the possible variability among different brands or manufacturers. Additionally,
the configurations of the equipment as well as the e-liquid charges used for each e-cigarette may not
represent other brands or configurations of these devices.
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ABSTRACT 

 

Investigation of the personal dose caused by air pollution in children is important due to their vulnerability. Exposure to 

PM10 and its components, particularly certain metals, may pose significant health risks therefore many studies have focused 

on measuring the ambient indoor/outdoor PM10 concentrations in school environments. However, little research has aimed 

at assessing the resultant personal dose. Hence, this study applied a dosimetry model (ExDoM2) to predict the personal dose 

received by students in five primary schools in Lisbon, Portugal. The calculations were performed for PM10 and PM10-bound 

metals, and the exposed subjects were assumed to be 10-year-old nose breathers. A realistic exposure scenario involving 

three different settings (the indoor home, indoor school and outdoor school microenvironments) was implemented for an 

exposure period of one week (Monday–Sunday). Although the students spent only 24% of their total time inside a school 

(vs. 73% at home), this environment contributed 44% on average to the weekly deposited dose of PM10, providing further 

evidence that indoor exposure at schools is a major contributor to the total dose. The modeling results showed that the 

cumulative deposited doses in the respiratory tract (RT) reached as high as 2,004 µg, 0.16 µg, 0.65 µg, 0.58 µg and 0.06 µg 

for PM10, Cr, Mn, Pb and Ni, respectively, after one week. 

 

Keywords: Particulate matter; Metals; Child; School; Dosimetry model. 

 

 

 

INTRODUCTION 

 

Exposure to airborne pollutants involves primarily the 

study of inhalation of particulate matter (PM) from humans and 

its health implications. The latter is directly associated with 

adverse health effects such as cardiovascular and respiratory 

diseases even in increased mortality and morbidity (Dockery 

et al., 1993; Pope et al., 2002; Pope and Dockery, 2006; 

Kelly and Fussell, 2015; Shiraiwa et al., 2017). The World 

Health Organization (WHO) reports that 4.2 million deaths 

are due to exposure to outdoor air pollution. Additionally, 

the International Agency for Research on Cancer (IARC) 

has recently recognized outdoor air and PM as carcinogenic 

to humans (Group I) with approximately 15% of deaths 

 

 

 
* Corresponding author.  

Tel.: +302821037813; Fax: +302821037846 

E-mail address: lazaridi@mred.tuc.gr 

from lung cancer attributed to outdoor air pollution (IARC, 

2016). 

Health impacts vary substantially because of the different 

contribution that arises from particle source, composition, 

exposure routine, region or even season (West et al., 2016). 

The latter also insightfully underline the inconsistency in 

published research on the dominant factors that provoke the 

most harmful effects as a direct result of the great variability 

of exposure characteristics and PM toxicity. Another 

important factor that yields targeted research for exposure 

to ambient air pollution is age-grouped health impacts. 

Buonanno et al. (2012) asserted that children represent one 

of the most vulnerable populations among the total 

population and are more physically active than adults. 

Likewise, Mazaheri et al. (2014) pointed out that children 

are generally more susceptible to air pollution than adults. 

Elderly are also considered to be vulnerable to air pollution 

among the total population (Almeida-Silva et al., 2015). 

Currently, many researchers focus on school environment 

and its characteristics in order to assess indoor air quality and 
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the major sources (Raysoni et al., 2016; Mohammadyan et al., 

2017; Bennett et al., 2019; Branco et al., 2019; Majd et al., 

2019; Slezakova et al., 2019). Accordingly, higher indoor 

particle mass concentrations than outdoors were observed in 

several schools (Raysoni et al., 2016; Mohammadyan et al., 

2017; Bennett et al., 2019), a finding that is linked with indoor 

sources such as the use of chalk and soil/dust resuspension. 

On the contrary, other studies report higher concentration 

outdoors (Rovelli et al., 2014; Carrion-Matta et al., 2019; 

Slezakova et al., 2019) than inside the classrooms. Braniš et 

al. (2009) found high PM concentrations in a naturally 

ventilated elementary school gym in Prague where the 

indoor PM2.5 level exceeded the WHO limit in 50% of the 

measured days. Ventilation, building characteristics and 

indoor sources have strong impact on the measured 

concentrations; however, the observations depend strongly 

on the metrics under investigation. Notably, Morawska et 

al. (2017) note that the outdoor air is a primary source for 

particle number concentration (especially ultrafine particles) 

whereas increased PM10 and PM2.5 are linked with indoor 

sources from the school environments. 

In addition, studies can be found in literature that deal 

with exposure of the students to PM concentrations and other 

hazardous components (i.e., metals, polycyclic aromatic 

hydrocarbons [PAHs]) in schools (Pacitto et al., 2018; 

Carrion-Matta et al., 2019; Oliveira et al., 2019; Rojas et 

al., 2019). As such, Oliveira et al. (2019) found that children 

attending school in polluted urban areas are exposed to 

higher levels of PM than children in rural areas. Rojas et al. 

(2019) studied nanoparticle emissions and their species in 

school areas and found that road traffic is the major source 

of nanoparticles. Additionally, the authors point out that 

heavy metals such as Ni and Zn are related to exhaust whereas 

other trace metals such as Ca, Fe, Cu originated from road 

dust resuspension and brake wear (Fe, Cu, Mn). 

Lastly, studies that investigate the personal dose received 

by school students are still very scarce and mainly focus on 

ultrafine particles. Mazaheri et al. (2014) found in their study 

that the highest daily alveolar dose corresponds to home with 

55.3% among all studied microenvironments and that for 

the investigated schools the mean indoor dose was never 

higher than the outdoor one. Another study that examined 

particle deposition in the respiratory tract for school children 

suggests that the home environment accounts for 77% of the 

total daily dose intake and that younger children showed 

higher particle deposition than older children (Patterson et 

al., 2014). Mazaheri et al. (2014) consider monitoring of the 

personal ultrafine particle exposure important at all 

microenvironments (e.g., school, home). 

In this work, the personal dose of PM10 and PM10-bound 

metals for 10-year-old school children is estimated using a 

dosimetry model. The main objectives are to obtain the 

cumulative deposited doses for PM10 and PM10-bound 

metals given the exposure scenario (concentration, daily 

activity profile) and to estimate the internal dose of metals 

in the human body. Overall, this study aims to recognize the 

contribution of the school environment to the personal dose 

received by the students in a typical weekly period.  

 

MATERIALS AND METHODS 
 

Study Area and Field Measurements 

PM10 concentration and size distribution field measurements 

were conducted at the metropolitan area of Lisbon, Portugal. 

Lisbon is located on the Atlantic Ocean coast at the right 

side of the Tagus River. The climate is Mediterranean. The 

air quality in the city is significantly influenced by road 

traffic (Almeida et al., 2009), marine aerosol (Cruz et al., 

2015) and Saharan dust events (Almeida et al., 2008).  

Field measurements were performed from September 

2017 to July 2018. In total, five primary schools (SA, SB, 

SC, SD and SE) and 34 houses were selected to perform 

indoor/outdoor sampling. The location of each sampling 

point is shown in Fig. 1. Furthermore, the particle-bound 

metal concentrations were derived from four schools (SA, 

SB, SC and SD) and 23 houses. School SA is located in a 

coastal area approximately 8 km north of the city center and 

3 km east of the Lisbon airport. Schools SB and SC are 

located north of the city center (4–5 km) and south of the 

airport whilst School SD is located southwest from the airport 

nearby two highways very congested (the 2nd Circular and 

the North–South Axis, at roughly 200 and 60 m away, 

respectively) and approximately 6 km away from the city 

center. Finally, School SE is also located close to the coast 

1 km east of the city center. 

All schools and houses were monitored for five days 

during the occupied period. In schools sampling was conducted 

during teaching hours (approximately 8 h day−1), while in 

homes the sampling period was 15 h on weekdays (4 days) 

and 24 h on weekend (1 day), considered as the normal 

occupied period. In schools and houses indoor sampling was 

performed in the classroom and living room, respectively, 

whereas, outdoor sampling in schools was conducted in the 

playground. Further details for the applied methodology can 

be found in Faria et al. (2020). 

 

 

Fig. 1. Locations of the schools and houses (Google Maps). 
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A Leckel sampler (MVS6; Sven Leckel, Germany) was 

used to measure PM10 concentration at a constant flow rate 

of 2.3 m3 h−1. The Leckel sampler is certified by the European 

Committee for Standardization as a reference sampler for 

PM10 measurements according to CEN EN 12341. The PM 

samples were collected onto filters that were weighed before 

and after sampling on a microbalance (Sartorius R160P; 

Greifensee, Switzerland), after being equilibrated for at least 

24 h in a conditioned room (20°C and 50% relative humidity). 

After weighing, filters were temporarily stored in a freezer 

until analysis. For purposes of quality assurance and quality 

control (QA/QC) and in order to prove the consistent operation 

of the Leckel samplers, field blanks were also collected at 

both indoor and outdoor microenvironments. 

Field measurements for the size distribution were 

performed together with a Sioutas Personal Cascade Impactor 

Sampler (PCIS; SKC Inc.) and a Leckel MVS6 sampler. 

The Sioutas PCIS consists of five stages (< 0.25 µm, 0.25–

0.5 µm, 0.5–1 µm, 1–2.5 µm and > 2.5 µm). Size distribution 

data from the Sioutas PCIS correspond to the fine fraction 

(< 2.5 µm) whereas for coarse particles (PM2.5-10) the Leckel 

data was used. Summarizing, a detailed description of the 

sampling methodology is given by Martins et al. (2020). 

The collected samples were analyzed by X-ray fluorescence 

(XRF) for the determination of the concentration of metals 

(Manousakas et al., 2018). Sampled filters and corresponding 

blanks and field blanks were analyzed following the same 

analytical procedures. The final ambient concentrations 

were calculated after the subtraction of analytical blank 

values from the corresponding sample concentrations. 

 

Dose Assessment 

The present study aims to evaluate the impact of the 

different school environments to the personal dose received 

by the students. Thus, all simulations were conducted using 

the same average PM10 concentration obtained from all 

houses while modeling a house environment, whilst the data 

received from each school were implemented in each 

simulation for each school (SA, SB, SC, SD, SE). In 

addition, the size distributions (PM10 and metals) used in the 

simulations were chosen from a selected school and a 

selected house of the campaign as typical size distributions.  

The exposed person was considered to be a 10-year-old 

child, thus, spends his time between the school and the 

house on weekdays but stays in the house during the 

weekends. Subsequently, Table 1 presents the daily activity 

profile that was adopted in all simulations. The type of the 

environment was derived from a questionnaire that was 

distributed in the participating schools and as it is shown 

differs for weekdays and weekends. Nonetheless, the same 

activity level (sleep, sitting, light exercise) was used for 

both weekdays and weekends. In practice, Table 1 suggests 

that the main difference in the daily activity profile between 

weekdays and weekends lies in the time period 09:00–18:00 

where the children are assumed to have the same activity 

but in different environments (school vs. house). Table 1 

also indicates that children spend approximately 96% of 

their time indoors during weekdays. 

 

Dosimetry Model 

The dose received by inhalation due to exposure to PM10 

and the corresponding bound metals was estimated by 

ExDoM2 (Chalvatzaki and Lazaridis, 2015). The latter is a 

revised version of ExDoM (Aleksandropoulou and Lazaridis, 

2013) and is based on the International Commission on 

Radiological Protection (ICRP, 1994, 2015). In the present 

work, particle size for each stage was considered monodisperse 

(σg = 1) and hence the geometric midpoint (square root of 

lower cut-off size × upper cut-off size) was used for the 

calculations. The deposition fraction is given by ICRP (1994):  
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where nj is the deposition efficiency of the j filter,
 
ϕj is the 

fraction of tidal air that reaches the j filter and n0 is the 

prefiltration efficiency. Total number of filters was nine 

which correspond to two filters for the anterior nose (ET1) 

region; two filters for the posterior nasal passages, pharynx 

and larynx (ET2) region; two filters for the bronchial (BB) 

region; two filters for bronchiolar (bb) region and one filter 

for the alveolar-interstitial (AI) region. 

The deposition fraction in the ET region was obtained 

from the sum of the deposition fraction in ET1 and ET2 

regions and then re-partitioned 65% to ET1 region and 35% 

to ET2 region (Chalvatzaki and Lazaridis, 2015; ICRP, 

2015). The physiologically based pharmacokinetic (PBPK) 

module of ExDoM2 was used for the estimation of the 

internal dose of metals (As, Pb, Mn, Cd, Cr) in the human 

body (e.g., kidney) and is based on several studies (Kjellstrom 

and Nordberg, 1978; O’Flaherty et al., 2001; Sharma et al., 

2005; Liao et al., 2008; Chou et al., 2009; Liao et al., 2009; 

Schroeter et al., 2011). The dose of Pb and Mn in each organ  

 

Table 1. Daily activity profile during weekdays and weekends. 

Time Activity 
Environment 

Weekdays Weekends 

00:00–08:00 Sleep House (indoor) House (indoor) 

08:00–09:00 Light exercise House (indoor) House (indoor) 

09:00–13:00 Sitting School (indoor) House (indoor) 

13:00–14:00 Light exercise School (outdoor) House (indoor) 

14:00–18:00 Sitting School (indoor) House (indoor) 

18:00–22:00 Light exercise House (indoor) House (indoor) 

22:00–00:00 Sleep House (indoor) House (indoor) 
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or tissue group i of the human body is given by (Sharma et 

al., 2005; Liao et al., 2008; Chou et al., 2009; Chalvatzaki 

and Lazaridis, 2015): 

 

 ,

, , .

,

i m

i a m v m i m

i m

dA
Q C C Metabolism

dt

Elimination

   



  (2) 

 

where Ai,m is the dose of chemical m in tissue group i (µg),  

Qi is the blood flow rate to tissue group i (L h−1), Ca,m is the 

arterial concentration (µg L−1) of chemical m and Cv,m is the 

venous concentration of chemical m (µg L−1). The metabolism 

parameter (Metabolismi,m) is zero for Pb and Mn.  

The blood flow during no physical activity 

(sleep/sitting/rest) for children was based on Edginton et al. 

(2006) whilst the mass of organs was based on ICRP (2002). 

Due to differences between the blood flow and the mass of 

(some) organs between a 10-year-old male and female, the 

exposed subject was chosen to be a 10-year-old male child. 

The blood flow during light exercise for a 10-year-old 

male child was estimated as:  
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On the other hand, the blood flow during no physical 

activity for adult males was based on ICRP (2002), whereas 

during light activity the values of ICRP were modified 

based on Lenz (2010) and Plowman and Smith (2011). A 

detailed description of the methodology for the modification 

of the values of ICRP for the calculation of blood flow during 

light exercise can be found in Chalvatzaki et al. (2018). 

The dose of Cr(III) in each organ or tissue group 𝑖 of the 

human body is given as (O’Flaherty et al., 2001; Chalvatzaki 

and Lazaridis, 2015): 

 

i
plasma i i

dA
KIN C KOUT C Elimination

dt
      (4) 

 

where Ai is the dose of Cr(III) in tissue group i (µg), KIN is the 

clearance of Cr(III) from plasma into tissue (L h−1), KOUT is 

the clearance of Cr(III) from tissue into plasma (L h−1), 

Cplasma is the concentration of Cr(III) in plasma (µg L−1) and 

Ci is the concentration of Cr(III) in tissue group i (µg L−1).  

 

RESULTS AND DISCUSSION 

 

PM10 Concentration and Size Distribution 

Table 2 presents the indoor/outdoor PM10 concentration 

measured at each school. The highest indoor daily 

concentrations among the measured schools were obtained 

in SD and SC with daily PM10 reaching 161.3 µg m−3 and 

119.2 µg m−3 respectively, whereas indoor PM10 concentration 

in the rest of the three schools was not higher than 

62.4 µg m−3. High indoor PM10 concentrations (> 50 µg m−3) 

are also reported in other studies conducted in schools 

(Almeida et al., 2011; Tran et al., 2012; Morawska et al., 

2017; Paccito et al., 2018; Sánchez-Soberón et al., 2019). 

Furthermore, Table 2 demonstrates that in most cases the 

indoor concentration was higher than the outdoor which 

implies the presence of indoor sources (such as chalk emission 

during writing and wiping activities). Goel et al. (2017) 

found that gypsum chalks produce more dust than the calcium 

carbonate chalks. Mohammadyan et al. (2017) attribute 

higher indoor PM2.5 to the use of chalk on blackboards and 

the lack of air conditioning in the investigated schools. In 

addition, Rovelli et al. (2014) asserted that the movement 

and the activities by students cause resuspension of settled 

particles in school classrooms. Similar observation, where 

the indoor PM10 levels were higher than the outdoor levels, 

was found in several schools in Barcelona by Paccito et al. 

(2018) and also in French classrooms during the occupation 

period by Tran et al. (2012). 

Additionally, the indoor and outdoor concentrations of 

the PM10-bound metals at the four schools (no data for 

School SE) are listed in Table 3. The latter indicates that Cr, 

Mn and Pb are the dominant among the measured metals in 

three schools (SA, SC, SD) whilst Cr and Mn were higher 

by one order of magnitude compared to the rest of the metals 

in SB. Metal elements are commonly found inside schools 

within urban areas (Almeida et al., 2011; Tran et al., 2012; 

Rojas et al., 2019; Sánchez-Soberón et al., 2019). Metals  

 

Table 2. PM10 concentration (µg m−3) measured indoors and outdoors for each school. 

School Monday Tuesday Wednesday Thursday Friday 

Indoor  

SA 37.4 30.9 35.0 34.1 52.6 

SB 62.4 52.0 39.6 55.3 48.5 

SC 91.5 89.9 58.2 119.2 89.7 

SD 161.3 79.9 95.9 125.1 82.9 

SE 31.5 30.5 37.5 41.9 22.2 

Outdoor  

SA 34.9 33.8 35.2 37.0 44.4 

SB 26.3 19.0 9.9 14.7 33.8 

SC 30.9 44.6 48.8 55.7 45.0 

SD 41.6 15.7 23.6 39.0 21.6 

SE 47.3 25.7 21.8 18.7 12.6 
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Table 3. Indoor/outdoor concentration (ng m−3) of PM10-bound metals at the four schools (no data for SE). 

 
Mon Tue Wed Thu Fri Mon Tue Wed Thu Fri 

Indoor Outdoor 

SA   

Cr 6.85 3.97 5.52 4.78 6.2 3.33 1.16 0.206 1.42 2.51 

Mn 14.16 5.73 0.617 17.71 16.2 19.71 8.48 6.97 6.52 12.43 

Ni 0.411 0.411 4.43 0.411 1.11 0.411 5.34 1.93 0.411 0.411 

Pb 23.49 8.2 13.7 33.62 23.98 24.97 11.7 0.617 13.3 15.6 

SB  SB 

Cr 4.4 0.832 4.79 1.38 4.11 1.11 1.36 0.206 0.772 1.27 

Mn 6.33 6.51 0.617 6.51 8.7 3.49 0.617 0.617 2.98 8.34 

Ni 0.411 0.411 0.411 0.411 0.411 0.411 0.411 0.411 5.56 2.21 

Pb 0.617 0.617 0.617 0.617 0.617 0.617 0.617 0.617 0.617 0.617 

SC  SC 

Cr 8.31 7.52 1.94 7.25 6.25 0.939 0.206 0.939 3.82 1.48 

Mn 9.67 11.35 8.17 20.96 12.54 6.16 4.49 5.99 12.43 7.27 

Ni 1.88 1.54 0.411 0.361 1.86 0.411 0.411 1.21 0.411 0.610 

Pb 18.37 31.3 15.5 16.7 20.5 10.8 39.5 18.0 16.9 21.3 

SD   

Cr 6.76 6.33 9.26 5.91 13.03 5.89 5.45 1.23 3.41 1.86 

Mn 28.79 37.06 35.84 32.75 30.06 20.88 16.07 7.09 16.96 0.617 

Ni 1.52 1.71 2.84 1.71 2.47 0.411 0.411 0.411 0.411 0.411 

Pb 26.82 22.51 0.617 0.617 0.617 23.33 0.617 0.617 29.29 0.617 

 

such as Cr, Mn, Ni and Pb are reported to be associated with 

traffic exhaust, heavy-fuel combustion in industries, heating 

emissions and tire/brake wear (Tran et al., 2012; Rojas et 

al., 2019). Moreover, a comparison of the indoor concentration 

with the outdoor one suggests important differences 

between the measured concentrations. Specifically, Cr was 

found in higher concentrations indoors than outdoors in all 

cases except in SB on Tuesday. Other cases where an indoor 

metal concentration was higher than the outdoor can be 

observed for Mn in SB, SC and SD as well as for Ni in SC 

and SD. Regarding Pb high indoor concentrations were 

obtained for SA, SC and SD.  

The average indoor PM10 and bound metal concentrations 

obtained from the measurements in the houses are presented 

in Table 4. Accordingly, averaged daily PM10 concentration 

ranged from 17.3 to 26.9 µg m−3 whilst higher metal 

concentrations correspond to Pb and Mn. 

The size distributions (PM10 and metals) used in the 

simulations were from a selected school (SC) and a selected 

house and are presented in Figs. 2 and 3, respectively. Fig. 2(a) 

shows that the mass fraction of coarse particles (> 2.5 µm) 

was higher than fine particles at School SC (indoor) with the 

corresponding values being 0.55, 0.73, 1.00, 1.00 and 1.00 for 

PM, Cr, Mn, Ni and Pb respectively. Regarding the outdoor 

school environment (Fig. 2(b)), it is observed that the mass 

fraction of coarse particles was equal to 0.43, 0.64, 1.00, 1.00 

and 1.00 for PM, Cr, Mn, Ni and Pb, respectively. These results 

imply that the coarse fraction dominated over the fine particles 

in School SC and that the studied metals were bound to the 

coarse particles (both indoors/outdoors). Likely, higher indoor 

metal concentrations are due to dust/soil resuspension that was 

transferred from outdoors and therefore carried these elements 

indoors. Tran et al. (2012) found increased percentages of 

trace metal elements in the fine fraction during unoccupied 

periods. The authors linked this observation with the decrease 

of coarse particles during unoccupied periods (absence of 

human presence) in the schools.  

The opposite characteristic is found for houses (Fig. 3) 

where the fine fraction was dominating over the coarse 

fraction for all cases shown, i.e., the mass fraction of fine 

particles was equal to 0.78, 0.71, 0.73, 1 and 0.82 for PM, 

Cr, Mn, Ni and Pb, respectively.  

 

Deposited Dose for PM10 

The cumulative deposited dose of PM10 in the respiratory 

tract and in the regions of ET and lungs are shown in Fig. 4 

for each school. Higher weekly deposited dose was received 

by students in Schools SD and SC while the rest of the three 

schools were characterized by lower deposition. The higher 

deposited dose obtained for these two schools is directly 

linked with the higher PM10 concentrations measured inside 

both schools compared to the other three schools. Therefore, 

a student in School SD (higher dose) received 2,004 µg in 

the respiratory tract, 1,486 µg in the ET region and 518 µg 

in lungs for 1 week exposure. The corresponding values for 

a student in School SE (lower dose) was 1,156 µg, 826 µg 

and 330 µg respectively. Moreover, the results indicate that 

higher deposited dose was obtained in the ET region compared 

to the lungs, a finding that is associated with particle size. 

Zwozdziak et al. (2017) found that coarse particles are 

primarily deposited in the ET region. The nose has the ability 

to filter particles and hence to protect the lungs (Foos et al., 

2007); therefore, the knowledge of the regional deposition 

is important because the incidence of lung diseases depends 

on the deposited dose in the lungs or specific region of lungs 

(Patterson et al., 2014). Other studies (Ferguson et al., 2013; 

Zwozdziak et al., 2017) asserted that coarse particles can 

cause inflammatory response. 
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Table 4. Average daily indoor PM10 concentration (µg m−3) and average daily PM10-bound metal concentration (ng m−3) 

obtained from houses. 

 Monday Tuesday Wednesday Thursday Friday Saturday Sunday 

PM10 18.6 19.4 18.7 17.3 26.9 17.8 19.6 

Cr 0.760 0.986 0.696 0.704 0.450 1.46 0.272 

Mn 2.74 2.67 1.94 3.17 2.26 3.18 1.22 

Ni 0.549 0.846 0.972 0.822 0.411 0.642 0.411 

Pb 4.06 4.15 3.72 4.43 4.68 2.9 1.99 

 

 

Fig. 2. Size distributions of PM10 and PM10-bound metals for (a) indoor and (b) outdoor school (SC) environment. Mn, Ni 

and Pb had the same mass fraction distribution and are plotted with the same color. 

 

 

Fig. 3. Size distribution of the mass fraction of PM10 and PM10-bound metals in indoor house environment. 

 

Subsequently, Table 5 presents the hourly, daily and 

weekly deposited dose received by the students in each 

school and for each environment. Higher estimates of the 

hourly deposited dose for the school environment were 

obtained when being outdoors during weekdays (16–36 µg). 

The indoor school environment follows with values ranging 

between 9–30 µg whilst the house environment corresponds 

to the lower hourly deposited dose at 6 µg. This finding 

alters when looking at the averaged daily doses. Specifically, 

higher average daily dose (72–239 µg) corresponds to the  
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Fig. 4. Cumulative deposited dose (µg) of PM10 in the (a) respiratory tract, (b) ET (ET1 + ET2) region and (c) lung (BB + 

bb + AI) region for each school during the 1 week exposure scenario. 

 

Table 5. Average hourly deposited dose (µg), average daily deposited dose (µg) and cumulative deposited dose (µg) at the 

end of one week for each school. Hourly and daily doses are shown for weekdays (wo) and weekends (we). The contribution 

of the type of the environment at the weekly deposited dose is also given. 

 Hourly (µg) Daily (µg) 
Weekly (µg) Contribution (%) 

SA wo we wo we 

House (indoor) 6.0 5.1 90.5 122.6 697.7 55.3 

School (indoor) 10.4 0.0 83.3 0.0 416.6 33.0 

School (outdoor) 29.3 0.0 29.3 0.0 146.4 11.6 

SB       

House (indoor) 6.0 5.1 90.5 122.6 697.7 51.9 

School (indoor) 14.1 0.0 113.1 0.0 565.3 42.0 

School (outdoor) 16.3 0.0 16.3 0.0 81.7 6.1 

SC       

House (indoor) 6.0 5.1 90.5 122.6 697.7 37.5 

School (indoor) 24.6 0.0 196.7 0.0 983.3 52.9 

School (outdoor) 35.5 0.0 35.5 0.0 177.3 9.5 

SD       

House (indoor) 6.0 5.1 90.5 122.6 697.7 34.8 

School (indoor) 29.9 0.0 239.0 0.0 1,195.2 59.6 

School (outdoor) 22.3 0.0 22.3 0.0 111.3 5.6 

SE       

House (indoor) 6.0 5.1 90.5 122.6 697.7 60.4 

School (indoor) 9.0 0.0 71.7 0.0 358.7 31.0 

School (outdoor) 19.8 0.0 19.8 0.0 99.2 8.6 

 

indoor school µenvironment followed by the house at 91 µg 

and the lower dose (16–36 µg) corresponds to the outdoor 

school environment. Daily deposited dose equal to 49.6 µg 

is reported at Sánchez-Soberón et al. (2018) in a school in 

Spain. The above results highlight the relative contribution 

of each environment to the received dose by the students. 

Although the outdoor environment presents the higher 

hourly rates, time spent in each environment and ambient 

concentration has significant impact on the received dose 

for longer exposure. Therefore, the cumulative dose by the 

end of one week has higher values for house and indoor 

school environments suggesting that these two environments 

are the major contributors to the total received dose by the 

end of the week. In more detail, the house has an average 

contribution of 48% whilst the indoor school environment 

has a contribution of 44% to the received dose. According 
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to the weekly time schedule used in the simulations the 

indoor school environment corresponds to the 24% of the 

time spent whereas the house environment corresponds to 

73%. This finding highlights the impact of the indoor school 

environment to the students, i.e., only 24% of their weekly 

time spent inside the school but this percentage corresponds 

to almost half of the weekly received dose. Recall that this 

study focuses on the impact from the different school 

environment; thus the obtained doses for house is the same 

for all case studies, although it is found that children 

attending the same school can receive different dose due to 

characteristics of their house (Buonanno et al., 2012). 

A comparison between the realistic exposure scenario 

and a scenario where simulations consider the student being 

all the time outdoors is presented in Fig. 5. The same daily 

activity profile was used in both scenarios where for the 

realistic scenario it was implemented as it is given in Table 1, 

whereas in the outdoor exposure scenario the same activity 

profile was adopted but all environments were considered 

to be at school outdoors. The simulations were conducted 

for School SC only for weekdays. SC was selected due to 

the higher outdoor concentration compared to the other 

schools. Outdoor PM10 concentration and the size distribution 

was the same in both scenarios. 

Fig. 5 indicates that the outdoor exposure scenario 

provides higher daily dose compared to the realistic scenario 

for every weekday except on Monday. The average daily 

deposited dose was 390 µg and 323 µg for the outdoor and 

the realistic exposure scenario respectively. This observation 

is linked with the activity profile used and the corresponding 

ambient concentrations used to model each environment. 

For example, using the realistic exposure scenario a student 

is exposed to higher concentration during indoor school 

hours compared to outdoors by a factor of 1.2–3.0 but lower 

concentration when being at the house (outdoor concentration 

higher by a factor of 1.7–3.2 than indoor home concentration). 

The higher dose on Monday when using the realistic 

scenario compared to the outdoor scenario is primarily due 

to the considerably lower outdoor PM10 concentration that 

corresponds to this day (30.9 µg m−3). 

 

 

Fig. 5. Daily deposited dose in the respiratory tract for 

realistic and outdoor exposure scenario. 

Finally, the retention of PM10 in the respiratory tract (sum 

of all compartments of the respiratory tract) and the mass 

transferred to the oesophagus, lymph nodes and blood 

(absorption into the blood) at the end of one week are shown 

in Fig. 6. No absorption into the blood takes place in the 

ET1 region (ICRP, 1994, 2015) whilst the absorption of 

PM10 in blood was assumed to be moderate. Accordingly, 

the highest dose was obtained to the oesophagus for all 

schools (764 µg, 817 µg, 1,164 µg, 1,260 µg and 692 µg for 

students in Schools SA, SB, SC, SD and SE respectively). 

This finding is associated with higher deposited dose in the 

ET region whereby particles transferred to the oesophagus 

by mucociliary action (ICRP, 2015). In particular, the 

deposited particles into the ET region are transferred more 

quickly to the oesophagus in comparison with the other 

regions of the respiratory tract which require more time to 

reach the ET2 region (ICRP, 2015). Huang et al. (2017) 

found that high PM10 concentrations were associated with 

increased mortality due to oesophageal cancer. In addition, 

Baccarelli et al. (2008) pointed out that exposure on PM10 

may cause effects on blood clotting, whilst Brook (2008) 

proposed that PM constituents reaching systemic circulation 

can interact directly with the cardiovascular system. 

 

Deposited Dose for Metals 

Fig. 7 presents the cumulative deposited dose of the four 

PM10-bound metals (Cr, Mn, Ni and Pb) in the respiratory 

tract (ET1 + ET2 + BB + bb + AI). In these calculations, the 

metal oxide densities were used as discussed in Chalvatzaki 

et al. (2018). The highest weekly deposited dose of Cr, Mn 

and Ni was received by a student in School SD, with the 

corresponding values being 0.16 µg, 0.65 µg and 0.06 µg 

respectively. For Pb, a student in School SC received the 

highest weekly deposited dose (0.58 µg). Overall, the 

results presented in Fig. 7 indicate that School SB preserved 

the lower doses, a finding that is associated with the lower 

metal concentration measured for all four metals indoors. 

Inhalation of particle-bound metals can cause carcinogenic  

 

 

Fig. 6. Retention of PM10 in the respiratory tract (RT) and 

mass transferred to the oesophagus (OE), lymph nodes (LN) 

and absorbed into the blood (BL) for each school. 
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Fig. 7. Cumulative deposited dose in the respiratory tract for PM10-bound metals: (a) Cr, (b) Mn, (c) Ni and (d) Pb in each 

school (no data for School SE). 

 

and non-carcinogenic effects in adults (Chalvatzaki et al., 

2019); thus, evaluation of metal concentrations in airborne 

particles and its implication on school students’ health is 

necessary.  

At the end, all plots in Fig. 7 imply that the lower dose for 

all four metals was obtained for School SB. The differences 

in the deposited dose for each metal are indicative of the 

concentrations measured in each environment and school, 

with these results highlighting the importance of examining 

the impact of both particulate matter concentrations along 

with the concentrations of the hazardous metal components. 

Furthermore, the contribution of each environment at the 

weekly deposited dose for each metal is shown in Table 6. 

The results suggest that the house and indoor school 

environment have the greatest contribution to the weekly 

deposited dose, a finding that is in agreement with the 

results obtained for PM10 (Table 5). Specifically, the indoor 

school environment has the highest contribution at the 

weekly deposited dose in the respiratory tract for Cr in all 

schools. The same characteristic is observed for Mn except 

in School SB where the house environment has the greatest 

contribution (51%). Regarding Ni, in the houses was found 

higher contribution than in the schools. Lastly, for Pb a 

substantial contribution (93%) of the house environment 

was found in SB as well as Pb had the higher contribution 

in SD. However, the indoor school environment was the 

greater contributor to the weekly deposited dose of Pb for 

Schools SA (56.2%) and SC (51.8%). Overall, the highest  

Table 6. Contribution (%) of the type of the environment at 

the weekly deposited dose of each metal at each school. 

 Cr Mn Ni Pb 

SA     

House (indoor) 33.0 32.5 51.7 30.5 

School (indoor) 59.3 49.4 33.0 56.2 

School (outdoor) 7.7 18.1 15.3 13.3 

SB     

House (indoor) 46.6 50.9 66.4 93.0 

School (indoor) 47.5 40.7 12.8 5.1 

School (outdoor) 6.0 8.4 20.7 1.9 

SC     

House (indoor) 30.7 32.0 50.5 28.3 

School (indoor) 63.1 56.0 44.2 51.8 

School (outdoor) 6.2 11.9 5.3 19.8 

SD     

House (indoor) 23.8 16.1 49.1 44.0 

School (indoor) 64.6 73.8 47.4 40.3 

School (outdoor) 11.5 10.2 3.5 15.8 

 

contribution to the deposited dose was originated by the 

indoor school environment for Cr and Mn (57% and 55%, 

respectively), whereas Ni and Pb (54% and 49%, respectively) 

had greatest contribution by the house. Again, evaluation of 

the results should take into account the time spent in each 

microenvironment (24% for indoor school vs. 73% for 

house).  
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Fig. 8 presents the internal dose of Cr, Mn and Pb in each 

school. Accordingly, the highest dose of Cr was found in the 

GI tract (2.7–5.4 × 10−2 µg) for all schools. Cr is transferred 

to the GI tract mainly via mucociliary clearance (O’Flaherty 

et al., 2001). Specifically, particles deposited to the ET 

region are transferred to the oesophagus faster in comparison 

with the particles deposited in the lower respiratory tract 

(ICRP, 1994, 2015). Regarding Mn, at the end of the week 

the highest dose was obtained in other tissues (1.4–4.9 × 

10−1 µg) for all schools. WHO (1999) reports that inhalation 

exposure to Mn particles affects lungs and the nervous 

system. ATSDR (2012) also reports that inhalation of Mn 

particles cause inflammatory response in the lung region. 

Lastly, model simulations indicate that the major accumulation 

of Pb occurs in the bones (7.3–2.2 × 10−1 µg) and blood (2.2–

6.7 × 10−2 µg). According to other studies, Pb accumulates 

in the bones while Pb in blood reflects recent exposure 

(Rabinowitz, 1991; O’Flaherty, 1993; IPCS, 1995). WHO 

(2019) asserts that high levels of Pb attacks the brain and 

the central nervous system. Children are known to be more 

susceptible to heavy metals in comparison with adults and 

the exposure can prevent their physical growth and 

development (Zeng et al., 2019). Thus, exposure assessment 

of students within the school environment constitutes a 

challenge for modern research.  

 

CONCLUSIONS 

 

This study used a dosimetry model to estimate the 

personal doses of PM10 and PM10-bound metals (Cr, Mn, Ni 

and Pb) for 10-year-old school children. Data obtained from 

five schools and 34 houses were analyzed using a 1 week 

exposure scenario in which the children were assumed to 

spend their time in three locations: 1) the indoor home 

microenvironment, 2) the indoor school microenvironment 

and 3) the outdoor school microenvironment. 

The modeling results showed that the cumulative 

deposited dose of PM10 in the respiratory tract after one 

week ranged from 1,156 µg to 2,004 µg for the students at 

the five schools. The variation in the estimated (weekly) 

deposited dose was directly linked with the indoor 

concentrations, i.e., higher indoor concentrations led to a 

higher deposited dose. Furthermore, a comparison between 

the hourly and daily deposited dose rates revealed the 

relative contribution of each environment to the total dose. 

Although a higher hourly dose rate was found for the 

outdoor school environment, the largest contributor to the 

daily dose was the home environment (48%), followed by 

 

 

Fig. 8. Internal dose (µg) of metals in the human body for each school for (a) Cr, (b) Mn and (c) Pb at the end of 1 week 

exposure scenario. 
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the indoor school environment (44%). The importance of 

clean indoor air in schools is highlighted by the nearly equal 

contributions from the home and indoor school 

environments, despite the fact that the children spent 73% 

of their weekly time in the former and only 24% in the latter.  

Higher doses of PM10-bound metals were also associated 

with increased indoor concentrations, and a significantly 

weaker dose was calculated for the school with the lowest 

metal concentration (SB) than the other schools. Again, the 

modeling results indicated large contributions from the 

indoor environments, in particular, Ni (54%) and Pb (49%) 

from homes and Cr (57%) and Mn (55%) from schools. 

Ultimately, each metal exhibited unique behavior in terms 

of being accumulated by the human body. 

This study identifies the contributions of different 

environments (home and school) to the dose of PM10 (and 

bound metals) received by school children via particulate air 

pollution, which is critical to assessing (and minimizing) the 

health risks for this vulnerable group. 
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Abstract
Toxic metals as arsenic (As), cadmium (Cd), nickel (Ni), and lead (Pb) exist in the atmosphere as particulate matter components.
Their concentration levels in the EuropeanUnion (EU) are regulated by European legislation, which sets target and limit values as
annual means, and by the World Health Organization (WHO) that defines guidelines and reference values for those metal
elements. Modelling tools are recommended to support air quality assessment regarding the toxic metals; however, few studies
have been performed and those assessments rely on discrete measurements or field campaigns. This study aims to evaluate the
capability of air quality modelling tools to verify the legislation compliance concerning the atmospheric levels of toxic elements
and to identify the main challenges and limitations of using a modelling assessment approach for regulatory purposes, as a
complement to monitoring. The CAMx air quality model was adapted and applied over Porto and Lisbon urban regions in
Portugal at 5 × 5-km2 and 1 × 1-km2 horizontal resolution for the year 2015, and the results were analysed and compared with the
fewmeasurements available in three locations. The comparison between modelled and measured data revealed an overestimation
of the model, although annual averages are much lower than the regulated standards. The comparison of the 5-km and 1-km
resolutions’ results indicates that a higher resolution does not necessarily imply a better performance, pointing out uncertainties in
emissions and the need to better describe the magnitude and spatial allocation of toxic metal emissions. This work highlighted
that an increase of the spatial and temporal coverage of monitoring sites would allow to improve the model design, contribute to a
better knowledge on toxic metals atmospheric emission sources and to increase the capacity of models to simulate atmospheric
particulate species of health concern.

Keywords Toxic metals . Air quality guidelines . Modelling .Monitoring

Introduction

Particulate matter (PM) concentrations in Europe are still an
air quality and health problem. According to the latest “Air
Quality in Europe” European Environment Agency (EEA)
report (EEA 2019), in 2017, 17% of the EU-28 urban popu-
lation was exposed to PM10 (particulate matter with an

aerodynamic diameter less than 10 μm) levels above the daily
limit value (50 μg m−3) and approximately 44% was exposed
to PM10 concentrations exceeding the stricter World Health
Organization Air Quality Guidelines (WHO AQG) annual
value (20 μg m−3). Regarding PM2.5 (particulate matter with
an aerodynamic diameter less than 2.5 μm), 8% of the urban
population in the EU-28 was exposed to levels above the EU
annual limit value (25 μg m−3), and approximately 77% was
exposed to concentrations exceeding the WHO AQG value
for PM2.5 (10 μg m−3) in 2017.

Atmospheric PM entering the respiratory track may cause
wide-ranging health effects including cancer and heart failures
(Costa et al. 2014; Dockery et al. 1992). For the past few
decades, high levels of metals and their compounds, both in-
organic and organic, have been released to the environment as
a result of a variety of anthropogenic activities (Mohanraj
et al. 2004). PM10 contain high concentrations of metals of
toxicological interest. About 75–90% ofmetals such as copper
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(Cu), cadmium (Cd), nickel (Ni), zinc (Zn), and lead (Pb) are
found in the PM10 fraction (Rizzio et al. 1999). Metals can
also be compounds of fine (PM2.5) and even ultrafine parti-
cles (UFP), depending on the source and element emitted. For
example, Ni can represent 15 to 50% contribution to PM2.5
nearby roads (Ntziachristos et al. 2007). Metals such as arse-
nic (As), antimony (Sb), Pb, Cd, and mercury (Hg) are known
to be toxic even at low levels.

Air quality guidelines for these elements have been de-
fined. The European Air Quality Directives (EU-AQD)
(2004/107/CE and 2008/50/EC) establish air quality objec-
tives for the main air pollutants, including annual limit values
for As (6 ng m−3), Cd (5 ng m−3), Ni (6 ng m−3) and Pb
(0.5 μg m−3). Also, the World Health Organization defines
air quality guidelines for Cd and Pb (the same as EU-AQD)
and reference levels (RL) for As (6.6 ng m−3) and Ni
(25 ng m−3). The United States Environment Protection
Agency (USEPA) sets National Ambient Air Quality
Standards for criteria pollutants, only including the metal lead
(Pb) (0.15 μg m−3).

Despite the considerable decrease in emissions of toxic
metals into the air during the period 2000–2017, long-term
risks to human health and ecosystems still remain, as a result
of the accumulation of metal in soils, sediments and organ-
isms from past anthropogenic emissions. Human exposure to
As, Cd, Ni and Pb ambient air concentrations above the EU
limit or target values is restricted to a few areas in Europe and
is typically caused by specific industrial or energy plants
(EEA 2019). However, atmospheric deposition of toxic
metals contributes to the exposure of ecosystems and organ-
isms to toxic metals and to bioaccumulation and
biomagnification in the food chain, affecting human health.

Commonly, metal concentrations are measured as content
in PM10. Compared to other pollutants, the number of mon-
itoring stations measuring the metal concentrations in Europe
is limited and usually without enough data to perform an ad-
equate assessment. Moreover, the existent monitoring sites are
not sufficient to characterize the concentrations over large and
diverse geographic areas like the USA (Hutzell and Luecken
2008). However, field campaigns with passive sampling and
biomonitoring have been performed to overcome this limita-
tion (Miri et al. 2016; Albuquerque et al. 2017).

Air quality models are complementary tools for air quality
assessment, especially in regions where measurements are
scarce. A few studies have used both Gaussian and chemical
transport modelling (CTM) approaches to estimate toxic metal
concentrations in the air, as well as wet and dry deposition
(Adani et al. 2015 and references therein). In general,
Gaussian models underestimate concentrations because trace
metals exist in PM2.5 that are transported over distances not
reached by this modelling approach (Hutzell and Luecken
2008). CTM can overcome these problems, but these models
and their applications may have other limitations, such as the

used coarse resolutions or lack of monitoring data to evaluate
modelling performance (González et al. 2012; Adani et al.
2015).

Hutzell and Luecken (2008) have adapted the Community
Multiscale Air Quality Modeling System (CMAQ) to predict
concentrations of several metals in PM over the continental
United States at 36-km2 resolution. They identified uncer-
tainties in emission inventories, in meteorology modelling
(requires better resolving) and in this coarse resolution, as
the main reasons for errors encountered.

Mircea et al. (2013) applied the Atmospheric Modelling
System (AMS) to simulate toxic metal concentrations over
Italy at 25-km resolution. Since metals are characterized by
very low volatility, it was assumed that they are transported in
the atmosphere only attached to fine aerosol particles, not
considering chemical transformations. Modelled concentra-
tions of As, Cd, Ni and Pb had, in general, the highest values
in urban and industrial areas and compared well with available
measurements (Mircea et al. 2013). The sensitivity of model
simulations to horizontal grid resolution, lateral boundary
conditions and the contribution of emissions from
neighbouring countries has been also evaluated (Adani et al.
2015). From this analysis, it is recommended not to neglect
boundary conditions and to have a better knowledge of the
space/time distribution of emissions as well as more observa-
tions in space and time for a more comprehensive validation.

Vivanco et al. (2011) and González et al. (2012) applied the
CHIMERE model to simulate metal species (Pb, Cd, As, Ni,
Cu, Zn, Cr and Se) considering them as nonreactive fine par-
ticles, for the year 2008 at 20-km resolution over Europe. An
overestimation of Pb, Cd, Ni, Zn and an underestimation of
Cu were attributed to the emission resolution, source catego-
ries (SNAP) distribution and time profiles. The same authors
have also tested the modelling of metals considering size dis-
tributions as fine and coarse fractions, based on PM10, PM2.5
and PM1 measurements recorded in Spain, and considering
the re-suspension from soil (González and Vivanco 2015).
Both improvements have increased the model performance
for the Spanish areas studied.

Aiming to overcome some of the identified limitations in
modelling atmospheric metals and taking advantage of the
measurements available in some Portuguese air quality mon-
itoring stations for a full year, this work evaluates the CAMx
air quality model (ENVIRON 2016) performance for regulat-
ed metals by comparing model results with measured values.
The CAMx model was previously used to estimate the
amounts of hexavalent chromium, total chromium and diesel
emissions found in PM2.5 over southern California (Marshall
et al. 2006) in order to assess exposure to ambient and indoor
concentrations.

The paper is structured as follows: “Methods” describes the
model setup and configuration, the input data needed for the
air quality modelling system application and the set of
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observations used to evaluate the modelling results at different
spatial resolutions. “Results and discussion”displays the re-
sults, discusses potential reasons for the differences between
predictions and observations and suggests how simulations
could be improved based on the lessons learnt. Finally,
“Conclusions” identifies limitations of the current approach
and challenging future directions.

Methods

Air quality modelling setup and configuration

The air quality modelling system applied in this study includes
the Weather Research & Forecasting (WRF-ARW, version
3.7.1) model (WRF) (Skamarock et al. 2008) and the
Comprehensive Air Quality Model with Extensions (CAMx,
version 6.40) (ENVIRON 2016). TheWRF model was devel-
oped by the National Center for Atmospheric Research
(NCAR) and is a next-generation mesoscale numerical weath-
er prediction system designed for operational forecasting and
atmospheric research needs. Considering the findings of pre-
viously studies performed over Portugal (Carvalho et al. 2012;
Monteiro et al. 2015), the set of parameterizations used in the
model physical configuration included WRF Single-Moment
6-class Microphysical Scheme (Hong and Lim 2006); Dudhia
Shortwave radiation scheme (Dudhia 1989); Rapid Radiative
Transfer Model longwave radiation model (RRTMG)
(Mlawer et al. 1997); MM5 similarity surface layer scheme
(Zhang and Anthes 1982); Noah Land Surface Model (Chen
and Dudhia 2001) with soil temperature and moisture in four
layers, fractional snow cover and frozen soil physics; Yonsei
University Planetary Boundary Layer scheme (Hong et al.
2006) and Grell-Freitas Ensemble Scheme for cumulus pa-
rametrization (Grell and Freitas 2014) (this last, only for the
two coarser domains D1 and D2 as defined below in Fig. 1).

CAMx is a three-dimensional (3D) chemical transport
model suited for the simulations of the emission, dispersion,
chemical reactions and removal of pollutants in the tropo-
sphere based on the integration of the continuity equation
for each chemical species on a system of nested 3D grids.
This air quality modelling system has been extensively ap-
plied for Portugal and worldwide (e.g. Sá et al. 2016; Wang
et al. 2018).

The CAMx air quality model was selected according to its
suitability to simulate the atmospheric concentrations of par-
ticulate pollutants, including the speciation into As, Cd, Ni
and Pb, as the elements regulated by the air quality legislation.
The methodology followed to simulate the metal elements
was based on the adaptation of the CB6 chemical mechanism
description and treatment to additionally include metals (i.e.
Pb, Ni, As and Cd) as non-reactive primary fine particles. As
referred in the literature (Hutzell and Luecken 2008; González

et al. 2012), it is generally considered that these air pollutants
are accumulated on the sub-micron fraction of the aerosols
and they could be transported in the atmosphere without mod-
ifications in their chemical and aggregate state.

CAMx aerosol scheme divides the size distribution into
coarse and fine modes. Primary species are modelled as fine
and/or coarse particles, while all chemically formed com-
pounds are simulated as fine particles only. PMwet deposition
is calculated using the exponential decay as function of scav-
enging coefficient. These coefficients are determined based on
relationships described by Seinfeld and Pandis (2006) and it
includes two rates: (i) accretion of cloud droplets containing
particles into precipitation and (ii) impaction of ambient par-
ticles into precipitation, which occurs only below cloud. Dry
deposition of PM is quantified considering the resistance ap-
proach developed by Slinn and Slinn (1980) wherein the par-
ticle deposition velocity is calculated using the gravitational
sedimentation (it is dependent on aerosol size and density),
aerodynamic resistance (represents bulk transport by turbulent
diffusion) and quasi-laminar boundary resistance (depends on
aerosol Brownian diffusion and inertial impaction). Detailed
information about CAMx model algorithm could be found in
ENVIRON (2016).

CAMx was applied to the whole year of 2015 and air qual-
ity monitoring stations operating on a regular basis in 2015
were used for the assessment of the modelling system perfor-
mance over the Porto and Lisbon urban areas. It was applied,
following a downscaling approach, on two nested domains
(over Europe and Portugal at 25 × 25-km2 and 5 × 5-km2 res-
olutions, respectively) until reaching the final desired horizon-
tal resolution of 1 km2 over each urban area. Figure 1 shows
the nested domains over Portugal (D2), Porto (D3, 1 × 1-km2

resolution) and Lisbon (D4, 1 × 1-km2 resolution). The air
quality monitoring stations (black circles) used for the
CAMx performance assessment are also presented.

Input data for modelling

In terms of initial and boundary conditions, the meteorological
model WRF-ARW was forced by ERA Interim reanalysis
data from ECMWF (European Centre for Medium Range
Weather Forecast) at 6 h and 0.75° temporal and spatial reso-
lution, respectively.

For the CAMx European domain (D1), initial and bound-
ary conditions were taken from the outputs of the global
chemical model MOZART (NCAR 2010) at every 6 h.
MOZART does not model toxic metals, and thus, no bound-
ary condition for these compounds was considered. As CAMx
runs on a two-way nesting approach, metal concentrations
simulated for the coarse domain are boundary conditions to
the three inner domains (D2, D3 and D4).

Natural emissions of sea-salt particles (i.e. sodium, chlo-
ride and sulfate) were calculated based on the WRF-ARW
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outputs using flux equations for open ocean (Ovadnevaite
et al. 2014) and breaking waves in the surf zone (Gong
2003). Anthropogenic emissions were derived from the
European Monitoring and Evaluation Programme (EMEP)
gridded European emission inventory based on Member
States submissions for the year 2015. In Europe, Pb, Hg
and Cd emissions are regulated under the Convention on
Long-range Transboundary Air Pollution (CLRTAP). The
EMEP inventory, with a horizontal resolution of 0.1° (ap-
proximately 10 km), comprises annual emission totals by
activity sector for gases and particulate species including
metals (i.e. Cd, Pb and Hg). For As and Ni, and since they
are not included in the gridded inventory, the total emis-
sions by European country were spatially distributed based
on a correlation analysis of emissions of Cd/Pb/Hg for each

activity sector. The large emission sources over the
European region were also considered as point sources by
the air quality modelling system.

For the Portuguese region domains (i.e. D2, D3 and D4),
the EMEP gridded emissions were spatially disaggregated to
the 5- and 1-km horizontal resolutions considering different
proxies. The following Selected Nomenclature for Air
Pollution (SNAP) activities were considered: energy produc-
tion (public power stations) (S1), commercial and residential
combustion (S2), industrial combustion and production pro-
cesses (S3 and S4), extraction and distribution of fossil fuels
and geothermal energy (S5), solvent and other product use
(S6), road transport (S7); off-road (S8.1); maritime transport
(S8.2), aviation (S8.3), waste treatment and disposal (S9) and
agriculture (S10).

Fig. 1 Nested domains (D2, 5 × 5 km2; D3, 1 × 1 km2; D4, 1 × 1 km2) and location of air quality monitoring stations measuring PM concentrations
(stations A1, A1 and A3 also have metal concentration values) over the simulation domains
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For the S1, the specific location of public power stations
was used. A “bottom up” approach taking into account the
wood consumption per district, the type of residential com-
bustion equipment and emission factors from the Portuguese
Environmental Agency (APA) (Silveira et al. 2017) was con-
sidered for the activity S2. For the S34, the location of indus-
tries was used based on Portuguese land use data (DGT 2018).
The building source locations, using information from the
OpenStreeMap (OpenStreetMap contributors 2017), were
considered for the S5 and S6. The road transport emissions
calculated with the Transport Emission Model for Line
Sources (TREM) (Borrego et al. 2000, 2003, 2004) over
Portugal provided the required proxy for the activity S7. The
off-road, maritime port and airport activity locations were
considered for the S81, S82 and S83, respectively. Finally,
the national land use data regarding farming fields was used
to spatially disaggregate emissions of agriculture (S10) (DGT
2018).

The atmospheric emissions were speciated into the Carbon
Bond 6 chemical mechanism (CB6) gaseous species and into
the particulate species considered by CAMx, including the
metal elements as non-reactive particles as mentioned above.

Measurements available for model evaluation

According to European legislation on air quality monitoring,
there is no obligation to measure in continuum the toxic
metals (As, Ni, Cd and Pb) for which the air quality directive
guidelines set limit and target values, and thus only discrete
measurements are registered.

Regarding the measurements available for the toxic metals
over 2015 in Portugal, it was possible to use eighteen 24-h
samplings taken from one air quality monitoring station of the
Portuguese network equipped to measure metals as PM10
contents located in Lisbon. Moreover, as part of a monitoring
programme conducted by the Institute of Environment and
Development (IDAD) and supported by the regional munici-
pal solid waste (MSW) management authorities, metal

concentrations in ambient air were collected in two sites lo-
cated in Porto’s metropolitan area. For 2015, around 50 mea-
surements are available for each of those sites (Albuquerque
et al. 2017).

This observational data was used to evaluate the air quality
model performance to simulate toxic metals, as further exam-
ined and presented in “Results and discussion”.

Results and discussion

In this section, the emissions of toxic metals for Porto and
Lisbon urban areas are presented, as well as the annual
gridded emissions of toxic metals for the higher resolution
domains (at 1 km2) that were used as input to CAMx model.
Air quality results are also presented and discussed.

Metal element emissions over the Porto and Lisbon
urban areas

Figure 2 shows the contribution of each activity sector to the
total emissions (in percentage) of Pb, Cd, Ni and As for over
the Porto and Lisbon urban areas.

For Pb, the contribution of the different sector to the total
emissions is similar in both urban areas, with a large con-
tribution from the industrial and the road transport sectors.
Cd emissions in Lisbon are mainly produced by industrial
activities (with very small contributions from other activi-
ties, e.g. aviation—Lisbon airport located in the city), while
in Porto non-industrial combustion, road transport and avi-
ation also contribute to Cd emissions. The biggest differ-
ences between Porto and Lisbon are verified for Ni and As.
Ni in Porto is mainly driven by maritime transport with one
of the largest port areas in Portugal (Leixões), much bigger
than the Lisbon port, included in the study area. This is also
reflected in As emission shares although the industry (S3
and S4) also contributes to its emissions, with higher rele-
vance in the Lisbon area.
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Fig. 2 Emission share of toxic metals (Pb, Cd, Ni and As) for the Porto
and Lisbon urban areas, by activity sector (SNAP): S1-energy production,
S2-commercial and residential combustion, S34-industrial combustion
(S3) and production processes (S4), S5-extraction and distribution of

fossil fuels, S6-solvent use, S7-road transport, S8.1-off-road transport,
S82-maritime transport, S83-aviation, S9-waste treatment and disposal
and S10-agriculture
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The results of the spatial disaggregation of anthropogenic
emissions are mapped in Fig. 3 for As, Cd, Ni and Pb over the
study regions. According to the maps, Pb and Cd emissions
are very limited in space, since they come from industrial sites,
most of them considered as point sources. The spatial distri-
bution of Ni and As is influenced by the location of the ports
and a few industrial areas, with higher emissions in the Lisbon
region. The squares visible in the Porto domain are due to the
coarse resolution of the EMEP gridded inventory and to the
fact that almost the whole grid cell is over the ocean where no
disaggregation proxies were applied. This indicates that mar-
itime emissions should be better spatially characterized by
using more accurate approaches as the STEAM model esti-
mates as referred by Russo et al. (2018).

Air quality evaluation

The modelling results were qualitatively and quantitatively
assessed as well as validated against measurements.

Firstly, to verify legislation compliance, annual averages
were computed for both monitoring and modelling data. The
observations available at each station were averaged. For the
modelled concentrations, two sets of averages were calculat-
ed, taking the modelling results (i) only for the days with
measurements and (ii) for all the days of the year, and consid-
ering the two simulated horizontal resolutions—5 km (D2)
and 1 km (D3 and D4). This procedure allows to evaluate,
on one hand, the model agreement with observations for
long-term averages and the capability of the model to repro-
duce annual levels without measurements, and on the other
hand, to compare the performance for the different resolu-
tions. Figure 4 presents the obtained results, showing that for
all toxic metals, both measured and modelled concentrations
are far below the regulated targets.

The best model performance was obtained for As, followed
by Pb, and an overestimation is observed for the Cd and Ni
annual averages. Comparing the results obtained for the aver-
ages over the whole simulation period with the ones obtained
when using the sampling days, no large differences were
found for most of the cases (stations/ metals). However, at
the site A3 (located in Lisbon area—D4), higher averages,
and outlying from the observations, are obtained when con-
sidering the whole year, for As, Cd and Ni. Generally, the
resolution does not influence the result in terms of long-term
averages. This indicates that, whatever resolution is used, a
whole year simulation could, in some cases, be inadequate to
infer toxic metal annual means in the absence of
measurements.

A further analysis of the modelling behaviour at measure-
ment sites was performed by considering the 24-h averages of
modelled concentrations at each sampling day of each moni-
toring station. Figures 5, 6, 7 and 8 display the daily averages

of As, Cd, Ni and Pb concentrations observed and modelled
for the 5-km and 1-km horizontal resolutions.

For all metals but As (in some days), the model largely
overestimates the observed values at A3 site, which is classi-
fied as an urban background station. For the other two sta-
tions, both in a suburban area with background influence,
located in Porto region, the agreement with observations
varies among days. For As, daily averages are largely
underestimated in most of the winter days, especially at A2.
In some summer days, the model overestimates the measure-
ments. There are a few days at both A1 and A2 sites where
modelled concentrations are very close to measurements.
Although the different resolutions do not play a significant
role, in some cases, the lower resolution exhibits a better
agreement with observations.

For Cd and Ni, the model tends to overestimate all ob-
served concentrations, with the exception of some days for
which the 5-km horizontal resolution results reveal a very
good agreement with measured values, while the 1-km reso-
lution ones show a large overestimation. This difference in
behaviour between resolutions is clearly identified at A2 site
for Cd. Regarding Pb, for most of the days at A1 and A2
stations, the model shows a good performance, while it over-
estimates the observed values for the other days. This analysis
corroborates the above mentioned regarding the model capa-
bility to simulate measured concentrations. Furthermore, the
comparison of daily averages shows that discrete samplings
randomly distributed along the year may not reproduce the
real magnitude of toxic metal concentrations in the atmo-
sphere. Moreover, the fact that the increase in horizontal res-
olution is not clearly traduced in an improvement of model
performance could be explained by the lack of detail in the
gridded emissions inventory, and the unavailability of proxy
data for Portugal to improve the toxic metals’ emissions dis-
aggregation to higher resolutions.

To get a deeper understating of the possible temporal var-
iation of toxic metal levels, based on simulated hourly con-
centrations for both horizontal resolutions, daily profiles were
computed by station and element as whole year averages for
each hour of the day, and are plotted in Fig. 9.

The different behaviour of A3 site noticed in the previously
shown results is also verified in the daily profiles, especially
for Cd, but also for Ni and As, with a peak in early morning
and another (not so high) in the mid afternoon and a minimum
in the evening that are not seen in the other two sites. Also for
the A3 site, the difference between resolution results is larger,
except for Cd, for which the resolution has no clear influence.
These daily profiles also highlight a greater similarity between
As and Ni and between Cd and Pb. This reflects the emission
share by activity sector for those pairs of metals (Fig. 2) and
the approach used to disaggregate the emissions of the toxic
metals, as explained above, and once again, it stresses the need
to get better proxies for emission spatial distribution.
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Porto

Lisbon

Fig. 3 Spatial distribution of As,
Cd, Ni and Pb emissions over the
D3 and D4 (1-km2 horizontal
resolution) simulation domains
for the year 2015
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Lastly, the annual averages for the year 2015 simulated
by the CAMx air quality model were analysed in terms of
spatial distribution over the Porto and Lisbon study areas.
Figure 10 displays the spatial distribution of As Cd, Ni
and Pb annual averaged concentrations.

As referred, the annual concentrations are globally very low,
well below the limit and target values regulated, in both re-
gions, indicating that there is no need for concern about these
compounds. However, for As, Cd and Ni in the Lisbon region,
there are hotspots with atmospheric levels nearly reaching the
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Fig. 5 Daily averages of As concentrations (ngm−3) observed and modelled for the 5-km and 1-km horizontal resolutions, for the sampling days in 2015
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legal limits, as a consequence of the identified in the previous
section source areas emitting those elements. Thus, there might
be some areas where high concentrations of toxic metals may
occur and the population could be at risk. This enforces the
need to carry out measuring campaigns more frequently, since
in Lisbon area, only one station of the national network is
measuring metal elements, and even to extend the monitoring
of regulated metals to other existing stations.

Globally, the modelling results for toxic metals highlight
the difficulty to simulate the behaviour of these compounds in
the atmosphere. The fact that the highest resolution applica-
tion did not necessarily imply the best model performance
could be attributed to the ability of CAMx, a Eulerian chem-
ical transport model, to simulate the dispersion phenomena
and deposition processes at resolutions higher than 5 km.
However, regarding the metals, the uncertainties should be
mainly related to the gridded emissions inventory that has
not the enough detail to perform high resolution regional

simulations. The overestimation found in this application
was also reported in previous studies (e.g. Vivanco et al.
2011; González et al. 2012). Other limitations previously
identified, as the resolution of the emission inventory, were
partly overcome in this study but did not necessarily deliver
better results. The new EMEP emission inventory at approx-
imately 10-km resolution (firstly released in 2015) has re-
placed the previous available at 50 km. Despite that it provides
emissions for only two metals—Cd and Pb—the approach
used in the current study to disaggregate the other two metals
(As and Ni) seems reasonable once the best agreement with
observations was actually found for As. Nevertheless, given
the potential hotspots obtained for Ni and Cd (Fig. 10), a better
characterization (spatial allocation, speciation and magnitude)
of sources emitting metals by activity sector is required, par-
ticularly for specific industrial plants and maritime ports, as
these activities are confined in space and are the main contrib-
utors to metal emissions.
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Fig. 6 Daily averages of Cd concentrations (ngm−3) observed andmodelled for the 5-km and 1-km horizontal resolutions, for the sampling days in 2015
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Fig. 7 Daily averages of Ni concentrations (ng m−3) observed andmodelled for the 5-km and 1-km horizontal resolutions, for the sampling days in 2015
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Conclusions

This section evidences the main conclusions of this work as
answers to the identified challenges in this field and highlights
opportunities for further research.

The main objective of this study was the assessment of air
quality modelling capability and potential to simulate the fate
and transport of particulate metals in the atmosphere. For this
purpose, the chemical transport model CAMx was adapted
and used to perform the first air quality modelling evaluation
focusing on regulated metals for urban areas in Portugal—

arsenic (As), cadmium (Cd), nickel (Ni) and lead (Pb). A 1-
year simulation over the two main urban areas of the
country—Porto and Lisbon—was carried out to evaluate the
model performance for two different horizontal resolutions
based on measurements of metal elements in PM10 available
for a few stations. The modelling application and the results
obtained allowed to identify current limitations and future
challenges and opportunities for both the monitoring and the
modelling scientific communities.

The modelling application was focused on the suitability to
assess the compliance of air quality standards for regulated
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Fig. 8 Daily averages of Pb concentrations (μgm−3) observed andmodelled for the 5-km and 1-km horizontal resolutions, for the sampling days in 2015
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metals defined by the European legislation and the WHO,
which are based on annual averages. The hourly modelled
concentrations of regulated metals were also evaluated in
terms of daily averages and their agreement with available
measurements. A higher detail in the temporal based analysis
would require more frequent measurements of toxic metals.
The spatial distribution of annual levels was analysed and
compared with air quality targets. The obtained results are
much lower than the limit values established by the air quality
directive for all elements considered, although the model over-
estimates the measured concentrations.

This work aimed to overcome some of the identified limi-
tations of previous studies, namely the resolution of the
modelling application and of the emission inventory for
metals. However, the comparison of the 5-km and 1-km res-
olutions’ results indicates that a higher resolution does not
necessarily imply a better agreement with observations,
pointing out uncertainties in emission magnitude and spatial
detail. Moreover, the better resolution of the new EMEP
gridded emission inventory used and the disaggregation ap-
plied proved that for metals, a more detailed spatial distribu-
tion and emission source type characterization are still neces-
sary to adequately model these air pollutants. Also, a better
treatment of particles considering more realistic metal size
distribution in coarse, fine and even ultrafine fractions could
improve metal modelling design, namely in what concerns
aerosol modules, and result in better model results
(González and Vivanco 2015). This also implies an improve-
ment of monitoring capacity, including the sampling and ele-
mental analysis of different particulate matter fractions, as an
essential contribution for model setup adjustment. Moreover,
a larger number of stations and a better temporal coverage of
observations are very important to carry out a better statistical
analysis of model performance (Gonzalez, 2012). This is a big
challenge and also an opportunity for both monitoring and
modelling development, since an investment on more com-
prehensive sampling and analysis would contribute to increase
the capacity of models to simulate atmospheric particulate
species of health concern.
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a b s t r a c t 

Traffic is a main source of air pollutants in urban areas and consequently daily peak expo- 

sures tend to occur during commuting. Personal exposure to particulate matter (PM) was 

monitored while cycling and travelling by bus, car and metro along an assigned route in 

Lisbon (Portugal), focusing on PM2.5 and PM10 (PM with aerodynamic diameter < 2.5 and 

10 μm, respectively) mass concentrations and their chemical composition. In vehicles, the 

indoor-outdoor interplay was also evaluated. The PM2.5 mean concentrations were 28 ± 5, 

31 ± 9, 34 ± 9 and 38 ± 21 μg/m 

3 for bus, bicycle, car and metro modes, respectively. Black 

carbon concentrations when travelling by car were 1.4 to 2.0 times higher than in the other 

transport modes due to the closer proximity to exhaust emissions. There are marked dif- 

ferences in PM chemical composition depending on transport mode. In particular, Fe was 

the most abundant component of metro PM, derived from abrasion of rail-wheel-brake in- 

terfaces. Enhanced concentrations of Zn and Cu in cars and buses were related with brake 

and tyre wear particles, which can penetrate into the vehicles. In the motorised transport 

modes, Fe, Zn, Cu, Ni and K were correlated, evidencing their common traffic-related source. 

On average, the highest inhaled dose of PM2.5 was observed while cycling (55 μg), and the 

lowest in car travels (17 μg). Cyclists inhaled higher doses of PM2.5 due to both higher in- 

halation rates and longer journey times, with a clear enrichment in mineral elements. The 

presented results evidence the importance of considering the transport mode in exposure 

assessment studies. 

© 2020 The Research Center for Eco-Environmental Sciences, Chinese Academy of 

Sciences. Published by Elsevier B.V. 

Introduction 

Several epidemiological studies have found associations of 
human exposure to traffic-related air pollution with ad- 
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E-mail: vania.martins@ctn.tecnico.ulisboa.pt (V. Martins). 

† Present address: Laboratory of Atmospheric Chemistry, Paul Scherrer Institute (PSI), Villigen, Switzerland. 

verse cardiovascular and respiratory outcomes ( Escamilla- 
Nuñez et al., 2008 ; Kubesch et al., 2015 ; Peters et al., 2004 ; 
Samoli et al., 2016 ; Vahedian et al., 2017 ; Wu et al., 2010 ) or 
mortality ( Beelen et al., 2008 ; Madsen et al., 2012 ). Although 

the majority of the studies commonly relate health effects 
with the air pollutants concentrations from fixed air qual- 
ity monitoring stations ( Özkaynak et al., 2013 and references 
therein), the real personal exposure varies greatly with loca- 
tion, activity and time spent on each activity ( Bekö et al., 2015 ; 
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Buonanno et al., 2013a ; Cunha-Lopes et al., 2019 ; Steinle et al., 
2015 ). The use of data from fixed site monitoring stations gen- 
erally underestimates commuter exposures, principally on or 
close to heavily trafficked roads ( Knibbs et al., 2011 and ref- 
erences therein). Traditionally, air pollution monitoring uses 
expensive, complex and stationary equipment, with electri- 
cal power dependence, which do not suit the need for per- 
sonal exposure assessment. This technical difficulty is grad- 
ually being overcome by the fast technological development 
of portable air pollution monitoring equipment, which con- 
tribute by providing information relative to exposure assess- 
ment and subsequent risk mitigation ( Engel-Cox et al., 2013 ; 
Morawska et al., 2018 ; Steinle et al., 2015 , 2013 ). 

Typically, people in Europe spend around 5–8% of their 
daily time commuting (including walking) ( Faria et al., 2020 ; 
Hänninen et al., 2005 ), yet even this short amount of time 
may contribute substantially to the total exposure to partic- 
ulate matter (PM) ( Künzli et al., 2000 ). High PM concentration 

levels have been indicated in different transport modes (car, 
bus, metro, motorbike, bicycle and pedestrian) ( Cepeda et al., 
2017 ; de Nazelle et al., 2012 ; Fernández-Iriarte et al., 2020 ; 
Martins et al., 2016a ; Moreno et al., 2015a ; Okokon et al., 2017 ; 
Rivas et al., 2017 ). Traffic-related particles can enter into the 
vehicles and expose both driver and passengers to high PM 

concentrations. Commuting accounts for a short fraction of 
the daily period, nevertheless, the contribution to the daily in- 
haled airborne pollutants may be disproportionally high, de- 
pending on local pollution and traveling mode. Active trans- 
port (walking and cycling) brings undoubted health bene- 
fits to commuters, by increasing their activity level. However, 
this high physical activity increases the breathing rate and 

hence, the intake of air pollutants. The peak levels of ex- 
posure to air pollutants during a commuting period of 1-hr 
or less, may pose relevant health risks ( Michaels and Klein- 
man, 2000 ). Therefore, exposure assessment to traffic-related 

pollution during commuting remains a major public health is- 
sue in urban areas with heavy traffic owing to their proximity 
to emission sources, deserving increased attention. 

Road traffic is considered the main source of primary 
PM (both exhaust and non-exhaust particles) and precur- 
sor gases (e.g., NOx, SO 2 and volatile organic compounds) in 

the urban areas, and especially at roadside locations ( Amato 
et al., 2015 ; Charron et al., 2007 ; Gaba and Iordache, 2011 ; 
Querol et al., 2004 ). Non-exhaust particles are typically associ- 
ated with abrasive emissions from brake, road, and tyre wear, 
and road dust resuspension ( Thorpe and Harrison, 2008 ). In 

recent years, the introduction of increasingly stringent Eu- 
ropean emission standards has achieved significant reduc- 
tions in exhaust emissions from road traffic, while the non- 
exhaust emissions remain uncontrolled. Indeed, increased at- 
tention is focusing on non-exhaust emissions as they are al- 
ready considered the main PM source in several urban areas 
( Amato et al., 2014 ; Bukowiecki et al., 2010 ; Denier van der Gon 

et al., 2013 ; Font and Fuller, 2016 ). Vehicle non-exhaust sources 
are mainly associated with the emission of PM with aerody- 
namic diameter less than 10 μm (PM10) ( Harrison et al., 2012 ; 
Thorpe and Harrison, 2008 ), while vehicle exhaust emissions 
produce finer particles, such as PM with aerodynamic diame- 
ter less than 1 μm (PM1) and nanoparticles ( Kumar et al., 2010 ; 
Kumar and Goel, 2016 ). Non-exhaust emissions such as brake 
and tyre wear are a major source of airborne trace metals in 

the urban environment, surpassing industrial sources in areas 
of traffic influence. The abrasion of road surfaces, commonly 
made of either concrete or asphalt, is likely to release PM of 
mineral origin ( Tervahattu et al., 2006 ). Resuspended road dust 
consists of material from traffic related sources, such as vehi- 
cle abrasion debris and exhaust pollutants, and non-traffic re- 
lated material ( Pakbin et al., 2011 ; Thorpe and Harrison, 2008 ). 

Assessing human exposure to PM in urban transport en- 
vironments is challenging, as PM concentrations and parti- 
cle sizes vary depending on the route, traffic intensity, com- 
muting mode, fuel type, in-vehicle ventilation mode, dis- 
tance from the source and time of day (e.g. Asmi et al., 2009 ; 
Cepeda et al., 2017 ; Correia et al., 2020 ; Fernández-Iriarte et al., 
2020 ; Moreno et al., 2015a ; Zhu et al., 2002 ; Zuurbier et al., 
2010 ). These variables are very dynamic among the regions of 
the globe, as they are influenced by meteorology, driving be- 
haviour and existing infrastructure. 

Most of the studies determining the particle exposure in 

transport modes have focused on the real-time PM mass 
and number concentrations and respective health effects, 
neglecting its chemical composition (e.g. Briggs et al., 2008 ; 
de Nazelle et al., 2012 ; Johansson et al., 2017 ; Kaur et al., 2007 ; 
Knibbs et al., 2011 ; Okokon et al., 2017 ); this is largely due to 
the lack of a portable, robust device to collect particles. The 
present study characterises personal exposure to PM chemi- 
cal components in various transport modes (bicycle, bus, car 
and metro) along an assigned route in Lisbon, Portugal. The 
specific aims of this work were (1) to assess PM concentra- 
tion differences among the four modes of transportation, (2) 
to identify the chemical components of PM, (3) to compare the 
indoor-to-outdoor concentrations of PM and its chemical con- 
stituents in transport vehicles, and (4) to evaluate the contri- 
bution of commuting to total daily dose. To the best of the au- 
thors’ knowledge, this is the first study evaluating the PM’s 
chemical components concurrently in the outside of the vehi- 
cle in order to obtain the indoor-to-outdoor relationship. This 
approach provides useful data for exposure assessment mod- 
els. 

1. Method 

1.1. Study area 

Lisbon is the largest city of Portugal and the continental Eu- 
rope’s westernmost capital city. It has a population of about 
2.8 million inhabitants, spread over about 3015 km 

2 . Lisbon 

centre is located at the point where the Tagus River flows into 

the Atlantic Ocean coast and it is surrounded by seven hills. 
The enclosed location inhibits ventilation which, when com- 
bined with predominantly narrow streets and scarce green 

areas, causes the accumulation of pollutants. Traffic emis- 
sions are considered one of the main contributors to the large 
PM concentrations observed in the city ( Almeida et al., 2009a , 
2009b ). According to the annual report “Traffic Index 2018”, Lis- 
bon ranked as the most congested city in the Iberian Penin- 
sula (based on TomTom navigation data). In 2017, the trans- 
port fleet in the city included 366,671 vehicles; of which 80% 

were passenger cars, 6% motorcycles, 0.4% buses, and 14% 

other types ( ASF, 2018 ). Moreover, the public transport sys- 
tem is also composed of an electrical underground metro sys- 
tem. Major air and maritime transport infrastructures may 
also contribute to the air pollution within the city, i.e. the 
largest airport in Portugal and the port of call for cruises, 
respectively. The city is also significantly affected by ma- 
rine aerosol ( Almeida et al., 2013 ) and North African mineral 
dust ( Almeida et al., 2008 ) due to its geographical position. 
Air pollution events in the city are frequently observed, es- 
pecially in winter, due to adverse meteorological conditions, 
such as limited dispersion and atmospheric thermal inver- 
sions ( Alves et al., 2010 ). 
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Fig. 1 – Selected route - starts in Telheiras (A) and ends in Praça dos Restauradores (B). 

1.2. Sampling design 

The definition of a fixed route is an effective and simple ap- 
proach to compare the personal exposure to air pollutants in 

different transport modes ( Suárez et al., 2014 ). Thus, the field 

measurements were carried out in the four most common 

modes of transport used in Lisbon (bicycle, bus, car and metro) 
along an assigned route, covering a distance of 6.7 km by road. 
The route starts in Telheiras, a residential area, and ends in 

Praça dos Restauradores located in the downtown area ( Fig. 1 ). 
This route was selected because it represents a path of many 
typical commutes in Lisbon city centre and comprises infras- 
tructure for all four transport modes, including bike paths, bus 
lanes and underground metro. It is characterised by a high va- 
riety of conditions, covering different traffic densities, street 
configurations (e.g. bike path within the road or in the side- 
walk), dispersion conditions, and vehicle fleet composition 

(existence of low emission zones). 
Measurements were performed over a total of 21 weekdays 

between June and October 2018 at 5 different daytime periods 
(starting at 8 hr, 10 hr, 13 hr, 18 hr and 20 hr). The measure- 
ments period was of 3 days each for the bicycle and metro 
modes, whereas for bus and car modes the measurements 
were conducted during 5 and 10 days, respectively. More trips 
in car were monitored since it is the most prevalent transport 
mode in Lisbon. The measurements were carried out in cars 
of different brands and fuel type, and using diverse ventila- 
tion modes to broaden the representativeness of the sample 
regarding exposure conditions, as it happens under real con- 
ditions. No buses that ran the entire length of the study route 
exist, so two bus lines were selected, and no measurements 
were carried out during the connection time at the bus stop. 
The ventilation conditions were not controlled in the public 
transport modes. The metro route involved travelling in three 
trains: green line from Telheiras to Campo Grande, yellow line 
from Campo Grande to Marquês de Pombal and blue line from 

Marquês de Pombal to Restauradores. The time spent waiting 
on the platforms and walking in the connecting corridors to 
make the changes were considered. 

All study personnel were non-smokers. A manual record 

with the registration of the movements time and indication of 
the locations affecting the exposure during commuting was 

performed. The average duration of a return trip was 44, 57, 
58 and 77 minutes for car, metro, bus and bicycle mode, re- 
spectively. The measurements were performed under no air 
pollution events, such as low dispersion conditions, thermal 
inversions and African dust episodes. 

In cars and buses, the measurements were performed in 

the indoor and outdoor air simultaneously. This approach 

allowed to evaluate the indoor-to-outdoor relationship be- 
tween the air pollutants. The devices measuring outdoors 
were placed inside the vehicles with the air inlets outside of 
the window. The inlets were fitted with a protection plastic 
cup in a position opposite to the movement. An isolator was 
placed in the open window space to prevent the air exchange. 

1.3. Measurements and instrumentation 

1.3.1. PM collection 

PM2.5 and PM10 samples were collected on 37 mm polyte- 
trafluoroethylene filters (PTFE) using two Personal Environ- 
mental Monitors (PEM; no. 761-203B for PM2.5 and no. 761- 
200B for PM10, SKC Inc., USA), which are compact sampling 
devices with a single stage impactor. The PEM was connected 

to an air suction pump (Leland Legacy, SKC Inc., USA), operat- 
ing at a flow rate of 10 L/min. The flow was checked at the be- 
ginning of each sample using a flowmeter (Bios Defender 510, 
MesaLabs, USA) and always set to within ±0.5% of the target 
flow rate. Each day prior to the sampling, the pump’s internal 
clock was reset and the PEMs were cleaned and its impaction 

plate was greased. The measurements in each transport mode 
were repeated 5 times a day in order to obtain enough PM 

mass for posterior chemical analysis. The PM2.5 and PM10 
samples represent the daily average mass concentrations for 
each mode of transport. No PM10 data were collected in the 
buses due to technical issues. 

1.3.2. Real-time BC concentrations 
Black carbon (BC) concentrations were measured with a 
portable micro-aethalometer (microAeth® Model AE51, Aeth- 
Labs, USA), which has been commonly used in personal expo- 
sure assessment ( Buonanno et al., 2013b ; Cunha-Lopes et al., 
2019 ; Moreno et al., 2015a ; Rivas et al., 2016 ). This monitor 
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Fig. 2 – PM2.5 mean concentrations, standard deviations and respective PM2.5/PM10 ratios in the four commuting modes. 
Black dots represent the I/O ratios for PM2.5. Unavailable data for PM10 in the buses. I: Indoor; O: Outdoor. 

determines BC concentration in real-time based on the Beer–
Lambert law, by measuring the changes of absorption of light 
at the 880 nm wavelength by the aerosol sample continu- 
ously collected on a Teflon-coated borosilicate glass fiber fil- 
ter. The effect of filter loading was minimised by replacing the 
filter strips whenever the equipment indicated as necessary. 
The monitor was operated at a flow rate of 100 mL/min and 

the time set to 10 sec, as recommended by the manufacturer 
for optimum performance in traffic and transportation mea- 
surement scenarios. The BC reported data are the daily av- 
erage mass concentrations for each mode of transport. The 
performance of this portable monitor has been evaluated and 

showed a good agreement comparing with widely used sta- 
tionary instruments ( Cheng and Lin, 2013 ; Viana et al., 2015 ). 

Under low BC concentrations or inadequate high time res- 
olution of the measurements, the light absorption of the col- 
lected sample between timestamps may be lower than the 
changes in signal caused by instrumental optical and elec- 
tronic noise, resulting in low signal to noise ratio. Ultimately, 
this can result in negative BC concentrations reported by the 
AE51 device ( Cheng and Lin, 2013 ), and can be effectively im- 
proved by adopting the Optimised Noise-reduction Averaging 
(ONA) algorithm ( Hagler et al., 2011 ). Therefore, the original 
data obtained in this study was post-processed with the ONA 

algorithm. 
The instruments used were transported in a bag with the 

air uptake inlets placed at the commuter’s breathing zone. The 
bag was carried on the back while biking or standing in the 
bus or metro. If the study personnel were seated, the bag was 
placed on the lap with inlets also at breathing zone. During 
car measurements, the instruments measuring inside were 
placed on the front passenger seat. 

1.4. Sample analysis 

PM mass concentrations were determined gravimetrically us- 
ing a microbalance (R160P, Sartorius, Germany). The filters 
were weighed before and after sampling, after being equili- 
brated for at least 24 hr in a conditioned room (20 °C and 50% 

relative humidity). After weighing, the sampled filters were 
stored in a freezer ( ≈ −15 °C) until chemical analysis. 

The X-Ray Fluorescence (XRF) technique was applied to 
determine concentrations of the following major and trace 
elements: Na, Mg, Al, Si, S, Cl, K, Ca, Ti, V, Cr, Mn, Fe, Ni, 

Cu, Zn, As, Sb, Ba and Pb. An Energy Dispersive X-ray spec- 
trometer (ED-XRF) Laboratory Instrument (Epsilon 5, PANalyt- 
ical, The Netherlands) was used ( Manousakas et al., 2018 ). A 

detailed description of the analytical procedures is given by 
Popovicheva et al. (2019) . The final ambient concentrations 
were obtained after the subtraction of the blank values from 

the corresponding sample concentrations. 

1.5. Statistical analysis 

The analytics software “STATISTICA” was applied to analyse 
the obtained results. The comparison between two paired 

groups was analysed by Wilcoxon Matched Pairs Test (differ- 
ences between the pollutant concentrations in-vehicle versus 
outdoor), while Mann-Whitney U Test was applied to compare 
two independent groups (differences of the pollutant concen- 
trations between transport modes). p < 0.05 indicated the sta- 
tistical significance. 

1.6. Dose calculation 

To calculate the inhaled dose of PM2.5 and PM10 and of their 
respective chemical components per commuting mode, the 
inhalation rates used were based on the study developed by 
Zuurbier et al. (2009) . Biking had the highest inhalation rates 
(23.5 L/min) due to the elevated physical activity associated to 
this commuting mode. The same inhalation rate (12.7 L/min) 
was considered for people commuting by bus and metro trans- 
port modes. Car transportation had an inhalation rate of 11.8 
L/min. The inhaled dose (μg or ng of pollutant per daily com- 
mute) was calculated by the product between the mean pollu- 
tant concentration (μg/m 

3 or ng/m 

3 ) for each commuting type, 
the inhalation rate (m 

3 /hr) and the average of the time spent 
daily commuting (hr). 

2. Results and discussion 

2.1. Variation of PM concentration by commuting mode 

Fig. 2 shows the PM2.5 mean concentrations and respective 
PM2.5/PM10 ratios in the four commuting modes. The low- 
est PM2.5 concentrations were found when travelling by bus 
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(28 μg/m 

3 : range 21–35 μg/m 

3 ), with concentrations increas- 
ing for the bicycle journeys (31 μg/m 

3 : range 21–38 μg/m 

3 ), 
the car (34 μg/m 

3 : range 24–52 μg/m 

3 ), and the metro (38 
μg/m 

3 : range 23–62 μg/m 

3 ). The arithmetic mean PM con- 
centrations and respective standard deviations are given in 

Table S1 (supplementary data). In buses the lower PM2.5 
mean concentrations obtained in comparison with the cars 
may be associated with the existence of recirculating air- 
conditioning in buses, as will be discussed further. Conversely, 
Moreno et al. (2015a) found the mean PM2.5 bus concentra- 
tion to be 45 μg/m 

3 — higher than in the other modes of 
transport studied (walking, tram and metro). The variations 
in PM2.5 concentrations among samples collected inside the 
cars may be associated with the use of diverse ventilation 

modes to increase the data representativeness, as described in 

section 2.2 . Correia et al. (2020) verified that PM concentrations 
were greatly dependent on the ventilation mode used. They 
concluded that the car air filters coupled to the air ventila- 
tion system prevent partially the infiltration of particles from 

outdoor, leading to lower PM2.5 and PM10 concentrations. The 
highest indoor-to-outdoor ratios were observed in journeys 
with ventilation system turned off ( Correia et al., 2020 ). Sim- 
ilarly, other studies have suggested that the in-vehicle fil- 
tration system might help to prevent the penetration of air 
pollution from the outdoor environment ( Briggs et al., 2008 ; 
Muala et al., 2014 ; Yu et al., 2017 ). 

The PM2.5 mean concentrations in the outdoor of both 

buses (39 μg/m 

3 : range 31–42 μg/m 

3 ) and cars (35 μg/m 

3 : 
range 19–45 μg/m 

3 ) were in the same range of values found 

when biking (31 μg/m 

3 : range 21–38 μg/m 

3 ), as expected. The 
concentrations were slightly lower when biking probably ex- 
plained in part by the fact that, in some fractions of the route, 
the bike path is separated from the roadway and thus less af- 
fected by the traffic-related pollution sources. For example, 
Kumar and Goel (2016) found that the exposure to on-road 

PM10 in-car when windows were fully open was up to ≈7-fold 

higher than that for pedestrians at the traffic intersections, 
which evidences that exposure varied with distance from mo- 
torised traffic. 

PM2.5 mean concentrations in-vehicles (cars and buses) 
were lower than those in the respective ambient air ( Fig. 2 ). 
On average, the PM2.5 concentrations inside the bus were 26% 

lower than outside, while for car, the difference was only of 
4%. This higher difference in the indoor-to-outdoor PM2.5 con- 
centrations in the buses was probably due to the existence of 
recirculating air-conditioning, that limits air exchange rates 
and promotes particle losses to surfaces, as mentioned by 
de Nazelle et al. (2012) . 

When biking and travelling by car, the PM2.5/PM10 ra- 
tio varied between 0.73 and 0.81 ( Fig. 2 ), evidencing that the 
particles in urban traffic environment are mostly fine. These 
fine particles are mainly originated from exhaust sources, 
while the coarse particles are generally associated with non- 
exhaust sources such as road surface abrasion and wear of 
brakes and tyres. However, several studies have revealed that 
wear particles can also contribute considerably to the fine 
and ultrafine fractions ( Keuken et al., 2010 ; Kukutschová et al., 
2011 ; Kwak et al., 2013 ; Sanders et al., 2003 ; von Uexküll et al., 
2005 ). 

The greatest variability between PM2.5 concentrations 
was observed when travelling by metro, which was also 
observed in the commuting study conducted in Barcelona 
( Moreno et al., 2015a ). The PM2.5/PM10 ratio in the metro was 
0.45, which is consistent with a study carried out on a plat- 
form of Prague underground metro (ratio = 0.44) ( Cusack et al., 
2015 ). Cusack et al. (2015) performed measurements when the 
metro was both inoperative and in operation, and verified 

that although PM levels were high during both periods, the 

coarse fraction was more dominant during operating hours. 
Previous studies have indicated that the ultrafine particles 
present on metro stations are mostly introduced from the out- 
door urban environment ( Mendes et al., 2018 ; Reche et al., 
2017 ), while the evolution of particles with aerodynamic di- 
ameter (Dp) between 0.3 and 10 μm was associated with ac- 
tivities of the metro service ( Reche et al., 2017 ). According to 
Moreno et al. (2015b) , the coarser fraction of PM, with Dp be- 
tween 5 and 10 μm, is usually related to mineral particles. An 

important metro source of mineral particles is the weathering 
and erosion of ballast and construction materials, occasion- 
ally enhanced by construction or maintenance works in metro 
systems ( Martins et al., 2017 ; Minguillón et al., 2018 ). Addition- 
ally, mineral particles can be carried in from outdoor by the 
commuters and through air exchange ( Martins et al., 2017 ). 
The chemical characterisation of the particles collected not 
only during commuting by metro but also in the other trans- 
port modes will be discussed further below. 

2.1.1. Black carbon 

Black carbon (BC) has been considered a better tracer of traffic- 
related emissions than PM mass concentration ( Reche et al., 
2011 ). The BC mean concentrations are displayed in Fig. 3 . The 
highest BC mean concentrations were obtained when travel- 
ling by car (6.1 μg/m 

3 : range 2.6–8.4 μg/m 

3 ), followed by metro 
(4.5 μg/m 

3 : range 3.8–5.1 μg/m 

3 ), cycling (4.2 μg/m 

3 : range 3.5–
5.7 μg/m 

3 ), and the lowest was registered inside the bus (3.0 
μg/m 

3 : range 1.1–5.9 μg/m 

3 ). The arithmetic mean BC concen- 
trations and respective standard deviations are given in Table 
S1 (supplementary data). The bus was the cleanest of the four 
transport modes with respect to BC, as observed for PM. In 

the study conducted in Barcelona by de Nazelle et al. (2012) , 
they also reported that the highest BC concentrations were 
obtained when travelling by car compared to other transport 
modes (walking, biking and bus). This probably results of the 
closest proximity to the vehicle’s exhaust system, as demon- 
strated by de Nazelle et al. (2012) and Targino et al. (2016) . 
High BC levels in the urban environment are an indicator of 
road traffic pollution, specially from diesel vehicles. Inside the 
cars, the BC concentrations showed to be dependent on the 
type of ventilation and type of cabin air filter, as discussed in 

Correia et al. (2020) . They observed lower BC concentrations 
when ventilation was turned off and that activated carbon fil- 
ters are more efficient retaining BC than traditional filters. 

The BC concentrations in the outdoor of both buses (4.7 
μg/m 

3 : range 2.5–6.8 μg/m 

3 ) and cars (7.7 μg/m 

3 : range 3.5–
12.2 μg/m 

3 ) were slightly higher than those found when 

biking (4.2 μg/m 

3 : range 3.5–5.7 μg/m 

3 ). Recently, Amato 
et al. (2019) demonstrated that the BC concentration decreases 
exponentially with increasing distance from road edge. Thus, 
as in some fractions of the route the bike path is separated 

from the roadway, it is less affected by the traffic-related pol- 
lution sources. 

BC mean concentrations in-vehicles (cars and buses) were 
lower than those in the ambient atmosphere ( Fig. 3 ), as ob- 
served for PM. On average, the BC concentrations inside the 
bus were 36% lower than outside, while for car the difference 
was 21%. These indoor-to-outdoor differences were more rele- 
vant for BC than for PM2.5, which may be attributed to the ex- 
istence of PM2.5 indoor sources, such as resuspension of set- 
tled particles and possible particle generation. Moreover, the 
BC concentrations in the outdoor of cars showed to be more 
variable than in buses ( Fig. 3 ). This variability may be related to 
changes in traffic emissions and weather conditions, as sug- 
gested by Targino et al. (2016) . The traffic emissions are de- 
pendent on several variables, such as traffic stream properties 
(density and flow), road typology and vehicle fleet characteris- 
tics (exhaust emission standards). The density and flow of the 



56 journal of environmental sciences 100 (2021) 51–61 

Fig. 3 – BC mean concentrations and standard deviations for the four commuting modes. Black dots represent the I/O ratios. 
I: Indoor; O: Outdoor. 

traffic may particularly affect more the pollutant concentra- 
tions in cars than in buses. Although both transport modes cir- 
culate in close proximity to the exhaust of other vehicles, the 
buses run on dedicated lanes being less prone to traffic jam 

impacts. Additionally, traffic congestions have been shown to 
rise driver’s exposure to airborne pollutants up to 29 times, 
compared to fluid traffic flow ( Goel and Kumar, 2015 ). 

Considering the results for both car and bus journeys, 
the BC concentrations were not correlated with the values 
of PM2.5 ( Fig. S1 , supplementary data). The main sources of 
PM2.5 in traffic-related environments are non-exhaust par- 
ticles associated not only with the abrasion of brakes, tyres 
and road surface, and subsequent road dust resuspension 

( Amato et al., 2014 ; Bukowiecki et al., 2010 ; Denier van der 
Gon et al., 2013 ; Font and Fuller, 2016 ), but also with forma- 
tion and growth of ultrafine particles from secondary sources 
( Ahlm et al., 2012 ). Incomplete combustion of fossil fuels is 
the major environmental source of BC pollution in urban 

areas. Thus, an enhancement of PM2.5 will not necessarily 
be reflected in the BC concentrations, as also observed by 
Targino et al. (2016) . 

In terms of BC, travelling by car is a less attractive op- 
tion than taking public transport modes. The metro com- 
mutes are the less attractive when considering PM concentra- 
tions, probably due in part to the high ferruginous nature of 
metro particles as explained by Moreno et al. (2015a) . Numer- 
ous studies have indicated Fe as the most abundant chemi- 
cal element constituting metro PM (e.g. Figueroa-Lara et al., 
2019 ; Martins et al., 2016a ; Van Ryswyk et al., 2017 ). This high 

amount of ferruginous particles lead to artificially high BC 

concentrations measured by the micro-aethalometer moni- 
tor ( Moreno et al., 2015a ), therefore BC levels are overvalued. 
Moreover, it is important to note that the metro trains are 
powered by electricity and, thus, it is somewhat unexpected 

to find high levels of BC in the metro system since there are 
no known combustion sources producing BC. However, stud- 
ies have revealed as possible sources of BC in metro systems 
the diesel-powered trains used for maintenance works and 

most importantly the abrasion of C-bearing brakes and power 
supply materials ( Martins et al., 2016a ; Moreno et al., 2015b ). 
Carbonaceous aerosol from outdoor may also enter the metro 
area through ventilation ( Martins et al., 2017 ). 

2.1.2. Major and trace elements 
The mean concentrations of the chemical elements analysed 

in the PM2.5 and PM10 samples are displayed in Fig. 4 . The 
chemical characterisation of the air breathed when commut- 
ing is an uncommon content in this type of studies. Most 

of the existing commuter exposure studies have focused on 

real-time PM measurements and not on its chemical con- 
stituents, which can be associated to the lack of portable 
devices to collect particles. Moreover, for chemical analy- 
sis it is necessary to repeat each commuting journey sev- 
eral times to collect enough particle mass, as also indicated 

by Moreno et al. (2015a) and Fernández-Iriarte et al. (2020) . 
To the best of the authors’ knowledge, this is the first 
study covering the topic of personal exposure to chemi- 
cal components using different commuting modes in Lis- 
bon. The results of this study demonstrate interesting differ- 
ences in personal exposure to PM chemical components de- 
pending on the transport mode used. The arithmetic mean 

concentrations of the elemental components and respective 
standard deviations are given in Table S1 (supplementary 
data). 

Remarkable differences can be identified between the bi- 
cycle, bus and metro samples, in terms of their content in 

S, Fe, Cu and Zn, as will be discussed below. The car mode 
samples were not comparatively enriched in any chemical el- 
ement ( Fig. 4 ). 

Considerable high amount of mineral related elements 
(sum of Fe, Si, Ca, Ti, K, Al and Ba) were observed when com- 
muting by metro (11.9 μg/m 

3 in PM2.5), bus (3.7 μg/m 

3 ) and 

bicycle (4.0 μg/m 

3 ). These results may be associated with the 
ambient air influence and, in the case of the buses, also af- 
fected by the resuspension of particles, created by the pas- 
sengers’ movement and the air flowing in and out when the 
doors are open. The mean concentration of mineral elements 
in the PM2.5 samples collected in the outdoor of the buses (4.4 
μg/m 

3 ) and cars (3.6 μg/m 

3 ) were in the same range of val- 
ues observed when biking. The mineral concentrations in car 
cabin were on average one third of those found in the outdoor 
environment for PM2.5. 

In the metro microenvironment the air has a chemical 
composition very different, with a dominant content of fer- 
ruginous particles. On average, the relative contribution of Fe 
to the bulk PM2.5 in the metro was 28% (40% if Fe 2 O 3 is con- 
sidered). The Fe element was 9 times more abundant in the 
metro microenvironment than in the bicycle, or 26 times more 
than in the car. This high Fe abundance was accompanied 

by the presence, to a lesser extent, of trace elements such 

as Cu, Ba, Cr, Si, Mn, Zn and Pb. Such elements are associ- 
ated with the abrasion of rails, wheels, brake pads, catenar- 
ies and pantographs ( Font et al., 2019 ; Martins et al., 2016b ; 
Minguillón et al., 2018 ). Mineral particles found in the metro 
microenvironment may result from the resuspension of par- 
ticles generated by weathering of construction material, and 
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Fig. 4 – Mean concentrations of chemical components in the four commuting modes for both PM2.5 and PM10, and 

respective I/O ratios. Unavailable data for PM10 in the buses. 

debris of occasional maintenance works. Moreover, some of 
these particles can also be carried in from outdoor by the pas- 
sengers and through air exchange ( Martins et al., 2016a ). 

In buses, the inhalable aerosol may also contain its own 

distinctive trace element mixture, with a clear enrichment in 

Cu and Zn, besides the relatively high concentrations of min- 
eral related elements such as Si, Fe, Ca, Al, K and Ti ( Fig. 4 ). 
Previous studies have shown that the dust resuspended from 

roadways is enhanced with elements emitted from several 
sources such as tailpipe emissions, brake wear and tyre wear 
( Amato et al., 2014 and references therein). The analysis of the 
exhaust of diesel engines indicated the presence of consid- 
erable content of Al, Ca, Fe, Si, Mg, Cu and Zn ( Loyola et al., 
2009 ; Wang et al., 2003 ; Weber et al., 2000 ), evidencing the re- 

lation between these metals and diesel combustion. The addi- 
tion of metal-based additives containing Zn and Mg, anti-wear 
agents (Zn based) and detergents (Ca and Mg based) to fuels 
and lubricating oils has also been reported ( Lim et al., 2007 ; 
Lyyränen et al., 2002 ; Wang et al., 2003 ; Weckwerth, 2001 ), in- 
fluencing the size of particles emitted and their chemical com- 
position ( Lim et al., 2007 ). Moreover, the brake and tyre wear 
emissions contain significant amounts of metal, including Fe, 
Zn and Cu ( Councell et al., 2004 ; Ochoa Gonzalez et al., 2016 ; 
Pant and Harrison, 2013 ). Other metals such as Ba, Mn, Ni, Sb, 
Sn, Cd, Cr, K, Ti and Pb have also been considered as key trac- 
ers for brake and tyre wear ( Kukutschová et al., 2011 ; Pant and 

Harrison, 2013 ). The chemical composition of brake linings 
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and tyres is very dependent on the manufacturer and brand 

( Denier van der Gon et al., 2013 ; Pant and Harrison, 2013 ). 
In-vehicle (merged data of cars and buses) the Fe, Zn, Cu, Ni 

and K were highly correlated between each other (0.82 < R < 

0.99; Table S2 , supplementary data) suggesting their common 

brake and tyre wear origin. This finding confirms that pollu- 
tants can enter the vehicle cabin not only through windows 
and doors but also through air vents and other openings in 

the vehicle enclosure. Passenger vehicles are usually equipped 

with disc brakes at the front and either disc or drum brakes at 
the rear. Since front brakes withstand most of the breaking ef- 
fort (70%) ( Hutchings and Shipway, 2017 ), the wearing of break- 
ing materials is also expected to be higher at the front. The 
particles released from the abrasion of the front brakes and 

tyres are more likely to enter in the vehicle cabin, resulting 
in elevated I/O ratios of Cu and Zn for buses and cars ( Fig. 4 ). 
Thus, these elements when enter in-cabin tend to accumulate, 
while, in the outdoor atmosphere, they are more easily dis- 
persed. In the outdoor PM2.5 samples collected concurrently, 
the correlation coefficients between these metal elements (Fe, 
Zn, Cu, Ni and K) ranged from 0.17 to 0.81 ( Table S3 , supple- 
mentary data). As expected, the lowest correlations were ob- 
served in the outdoor because there are relevant extra particle 
sources, such as other traffic-related sources, such as tailpipe 
emissions, road wear and dust resuspension, and non-related 

traffic emissions (e.g. commercial and industrial processes). 
On average, inside the buses the concentrations of Fe, Zn, 

Cu, Ni and K were higher than in-cars ( Fig. 4 ). Buses usually 
stops more frequently than cars, which enhance the emission 

of brake and tyre wear particles. 
The wear debris from brakes and tyres released into the 

air depends essentially on a) bulk friction material, b) vehicle 
characteristics, such as vehicle weight and suspension type, 
c) maintenance history of the vehicle, d) driving behaviour, 
mainly associated with the speed, acceleration, and frequency 
and severity of braking events, e) road surface characteris- 
tics, and f) environmental conditions ( Kukutschová et al., 2011 ; 
Kwak et al., 2013 ; Mosleh et al., 2004 ; Olofsson and Olan- 
der, 2013 ; Österle et al., 2001 ). Considering that braking events 
have a significant impact on the amount of material lost, the 
highest concentrations of brake and tyre wear particles should 

be observed near busy intersections, traffic lights, pedestrian 

crossings, corners and bus stops (e.g. Goel and Kumar, 2015 ; 
Limo et al., 2018 ). Several key factors need to be assessed when 

investigating wear particles toxicity and their potential harm- 
ful health effects, namely their size distribution, agglomera- 
tion state, chemical composition, surface area, chemistry and 

surface charge ( Grigoratos and Martini, 2015 and references 
therein). 

The Pb concentrations showed to be significantly higher in 

the car and bus comparing with the bicycle and metro samples 
( p < 0.05). The high concentrations of Pb in the road transport 
can be explained with the presence of Pb sources associated 

with brake and tyre wear and a small contribution from ex- 
haust emissions as referred by Denier van der Gon and Appel- 
man (2009) . Despite the fact that leaded gasoline was banned 

in the European Union as of January of 2000, Pb is still found 

in gasoline as an impurity of crude oil ( Pacyna et al., 2007 ). 
Thus, even if in trace amounts, gasoline is still an active and 

important source of Pb in Europe due to the huge amount of 
fuel used. Furthermore, it has been shown that resuspension 

of road dust contaminated with Pb usage in the past, is still 
a significant source of Pb in several urban areas ( Lough et al., 
2005 ; Young et al., 2002 ). The lower Pb concentrations found 

when commuting by bicycle ( Fig. 4 ) may be due to the fact 
that the bike path passes through a garden in a section of the 
route, being away from the road traffic emissions. 

The sea salt (mainly characterised by the presence of Na 
and Cl) found in the metro microenvironment and in-cabin of 
cars and buses is expected to come from outdoors. The con- 
centrations of NaCl are very dependent on the meteorology 
and are affected by the close proximity to the Atlantic coast. 

2.2. Personal dose during commuting 

Several key factors need to be considered when investigat- 
ing aerosol toxicity and potential negative health outcomes, 
with their chemical composition being one of the most impor- 
tant factors. The inhaled dose of air pollutants was calculated 

considering the time spent daily commuting and respective 
inhalation rates. The inhaled air volume increase from 2.4- 
to 3.5-fold times for active versus passive travel modes (con- 
sidering both inhalation rates and journey times). Different 
patterns in inhaled pollutant dose were found among urban 

transport modes ( Fig. 5 ). 
The highest inhaled dose of PM2.5 was experienced when 

biking (55.0 μg), followed by metro (27.2 μg), bus (20.9 μg) 
and car (17.5 μg) travel. The same trend was observed for the 
inhaled dose of mineral elements, except for Fe where the 
highest dose was observed in the metro (7.6 μg; Fig. 5 ). Ac- 
tive travel has been frequently associated with higher doses 
of PM2.5, with cyclist-to-motorised travel dose ratios varying 
from about 1.2 to 2.6 in Guildford (UK) ( Kumar et al., 2018 ), and 

with values around 1.2 in Barcelona (Spain) ( de Nazelle et al., 
2012 ). These results may be attributed not only to the higher 
travel durations but also to the higher physical effort in ac- 
tive travels. Relative to PM2.5, the mean inhaled dose for PM10 
were around 1.1, 1.5 and 1.7 times higher during bicycle, bus 
and car modes, respectively, while for metro mode was 2.4. 
Thus, metro mode experienced the highest inhaled doses for 
PM10. The high difference in inhaled dose between PM10 and 

PM2.5 can be explained by the variations in PM mass concen- 
trations. Although cars showed the lowest PM2.5 and PM10 
inhaled doses among the transport modes studied, it should 

be emphasised that they have the highest emission per com- 
muter. Therefore, the usage of private cars is actually the ma- 
jor cause of the increased exposure and dose of those com- 
muters choosing an environmental-friendly transport mode. 

The highest BC inhaled doses were also obtained when bik- 
ing. Previous studies looking at the interaction of physical ac- 
tivity and BC exposure verified that the air pollution inhala- 
tion provoked lung function decreases while physical activity 
acted as an acute bronchodilator (illustrated by a significant 
increase in lung function) providing a potential protective ef- 
fect ( Laeremans et al., 2018 ; Matt et al., 2016 ). 

On average, a metro traveller in Lisbon may inhale from 

3.5 to 36.3 times more Fe during the daily commute, depend- 
ing on the transport mode chosen to move around the city. 
This high value of Fe in metro was accompanied by the high- 
est inhaled dose of Mn trace element, both elements associ- 
ated to indoor sources as already discussed. In buses the in- 
haled doses of transition metals, particularly of Cu, Zn and Ni 
were from 2.4 to 37.6 times higher than in the other transport 
modes. In cars this behaviour only occurs for Sb ( Fig. 5 ). In 

several epidemiological studies, metals such as Fe, Cu, Ni, Cr, 
Zn, Pb, S and Sb have been recognized as dangerous or po- 
tentially dangerous for the human health (e.g. Brook et al., 
2010 ; Karlsson et al., 2005 ; Kelly and Fussell, 2012 ; Ostro et al., 
2007 ; von Uexküll et al., 2005 ). High concentrations of these 
elements are measured in urban traffic environments; there- 
fore, the health hazard from such particles should not be ne- 
glected. 

The determination of the inhaled dose of aerosol chemical 
components by transport mode is a key factor to a compre- 
hensive understanding of the possible health risks associated 

with such air pollutants. Moreover, the inhaled dose is driven 
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Fig. 5 – Inhaled dose of PM2.5 and its chemical components during a daily commuting in each transport mode. 

by dynamic variables such as inhalation rates and pollutant 
concentrations among different transport modes and there- 
fore, an accurate assessment of these two parameters is fun- 
damental. 

3. Conclusions 

This study reports the personal exposure to PM and its chem- 
ical components using four different commuting modes, in- 
cluding bicycle, bus, car and metro in an urban environment. 
The main findings drawn from this study can be summarised 

as follows: 

- The air pollutant concentrations that the urban com- 
muters are exposed to vary significantly depending on the 
transport mode. The highest PM concentrations were gen- 
erally observed when travelling by metro, but when inhala- 
tion rates and journey times were accounted for, the cy- 
clists experienced the greatest inhaled doses. 

- Cyclists’ exposure to air pollutants are minimised by in- 
creasing distance from motorised traffic. Thus, the new ur- 
ban planning policies should consider the development of 
alternative routes for cyclists away from busy roadways. 

- PM2.5 mean concentrations in-vehicles (cars and buses) 
were lower than those in the respective ambient air, evi- 
dencing that the vehicle cabin may offer a protective ef- 
fect. However, enhanced concentrations of certain trace el- 
ements, notably Zn and Cu, in-vehicles (I/O = 22.3 and 10.7 
for Zn in car and bus, respectively; and 15.1 and 8.9 for Cu in 

bus and car, respectively) were attributed to the presence 
of brake and tyre wear particles entering through windows, 
doors, air vents and other openings, since vehicles are not 
airtight. 

- On average, BC concentrations when travelling by car were 
from 1.4 to 2.0 times higher than in the other transport 
modes, which was related to the closest proximity to the 
exhaust of other vehicles. This emphasises that BC con- 
centrations serve as good proxy for road traffic exhaust 
emissions. 

- PM chemical composition varied greatly depending on 

transport mode. In particular, Fe, Zn, Cu, Ni and K were 
considerably correlated in the motorised transport modes, 
indicative of a common traffic-related source, i.e. typical 
tracers of brake and tyre wear. In metro there was a dom- 
inant content of ferruginous particles, associated with the 
abrasion of rail-wheel-brake interfaces. 

- In addition to their direct exposure to road traffic emis- 
sions, urban cyclists can inhale more particles of mineral 
origin, whereas metro commuters inhale a clear mixture 
of anthropogenic particles enhanced in Fe and Mn. The 
highest inhaled doses of Cu and Zn elements are observed 

when travelling by bus. 

Emissions from vehicle exhausts have been decreasing 
through the development of cleaner technologies. Automotive 
industry is currently faced with the challenge of developing 
novel technologies for reducing non-exhaust emissions, with- 
out compromising performance and safety. The maintenance 
of the road surface should also be considered to minimize the 
emissions associated with road wear. This work highlights the 
increasing need for further research in this area. Moreover, the 
study results may help citizens to make more informed deci- 
sions when choosing a transport mode, in order to reduce their 
exposure to air pollutants. 
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Abstract: The exposure to particles and bioaerosols has been associated with the increase in health
effects in children. The objective of this study was to assess the indoor exposure to bioburden in the
indoor microenvironments more frequented by children. Air particulate matter (PM) and settled
dust were sampled in 33 dwellings and four schools with a medium volume sampler and with
a passive method using electrostatic dust collectors (EDC), respectively. Settled dust collected by
EDC was analyzed by culture-based methods (including azole resistance profile) and using qPCR.
Results showed that the PM2.5 and PM10 concentrations in classrooms (31.15 µg/m3 and 57.83 µg/m3,
respectively) were higher than in homes (15.26 µg/m3 and 18.95 µg/m3, respectively) and highly
exceeded the limit values established by the Portuguese legislation for indoor air quality. The fungal
species most commonly found in bedrooms was Penicillium sp. (91.79%), whereas, in living rooms,
it was Rhizopus sp. (37.95%). Aspergillus sections with toxigenic potential were found in bedrooms
and living rooms and were able to grow on VOR. Although not correlated with PM, EDC provided
information regarding the bioburden. Future studies, applying EDC coupled with PM assessment,
should be implemented to allow for a long-term integrated sample of organic dust.

Keywords: indoor air quality; microenvironments; schools; dwellings; bioburden; electrostatic
dust collector

1. Introduction

Children are more susceptible to air pollutants compared to adults since they breathe more air
relative to their body weight, their immune system is still in development and they have a lower
ability to deal with the toxicity due to their undeveloped airways [1,2]. Children spend more than 85%
of their time in indoor environments, mainly at home and school [3] and therefore it is essential to
assess the indoor air quality (IAQ) in these microenvironments to estimate their integrated exposure to
air pollutants.
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Pollutants such as particulate matter (PM) are linked to an increase in morbidity and mortality [4,5].
PM is a complex mixture of small-diameter particles with different physical and chemical characteristics.
PM is classified according to their diameter (e.g., PM2.5 and PM10, which are particles with an aerodynamic
diameter smaller than 2.5 and 10 µm, respectively), because this physical characteristic highly affects the
penetration into the respiratory tract [6,7]. PM2.5 or fine particles reach the lower respiratory tract, while
the PM2.5–10 or coarse particles can reach the upper respiratory tract. In addition, the health impact of
the PM depends on its composition, which is highly determined by the emission sources.

Bioaerosols are usually defined as PM with biological origins such as microorganisms, pollen
and plant fibers. The exposure to biological agents can lead to a wide range of adverse health effects,
including allergies, infection diseases, breathing problems and cancer [4].

Previous studies reported a wide range of environmental factors that influence bioburden
(covering bacteria and fungi) indoors, such as the occupancy of the spaces [8,9], building layout,
ventilation [10] and cleaning procedures including the type of products applied [4]. Furthermore, poor
maintenance of heating, ventilation and air conditioning systems can also enhance the hazardous
effects of many biological and nonbiological pollutants [11]. Due to the influence of these multiple
environmental variables, sampling bioburden should be performed by passive methods, together with
more conventional air sampling [12–15]. Indeed, passive methods allow defining the contamination of
a larger period of time (ranging from weeks to several months), whereas air samples can only replicate
the load from a shorter period of time (mostly minutes) [16].

The electrostatic dust collector (EDC) is a passive collection device easy-to-use that comprises an
electrostatic polypropylene cloth [17]. The use of this device is gradually increasing since it is low-cost
and effective for the collection of dust [16,18,19], and it has already been applied for the bioburden
assessment in several indoor environments [16,19–27].

The emergence worldwide of drug-resistant human pathogenic fungal species, such as Candida sp.
and Aspergillus fumigatus, and the increasing reports of therapeutic failure against fungal infections
caused by environmental resistant strains [28–30], has revealed the need of surveillance of fungal
resistance in the indoor and outdoor environments, which is mostly described for Aspergillus section
Fumigati [31–36].

In this study, the exposure to PM and bioburden in the indoor microenvironments frequented by
children was assessed by particle measurement and by the use of EDCs. This work also explored the
suitability of EDCs for identifying critical control points of indoor exposure to PM, and for characterizing
the bioburden present indoors. The fungal burden was also characterized through molecular detection
of the species with toxigenic potential and also via analysis of antifungal resistance profile.

2. Materials and Methods

2.1. Location of the Studied Schools and Dwellings

This work was developed in the framework of the LIFE Index Air. Available online:
(http://www.lifeindexair.net/) (accessed on 14-09-2020) and was conducted in 33 dwellings (D1–D33)
and 4 schools (S1–S4) located in the city of Lisbon, Portugal from September 2017 to October 2018.
Figure 1 shows the location of the studied schools and homes.

http://www.lifeindexair.net/
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Figure 1. Location of the studied schools (blue) and dwellings (green) in Lisbon, Portugal. 
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Figure 1. Location of the studied schools (blue) and dwellings (green) in Lisbon, Portugal.

2.2. Air Particulate Matter and Settled Dust Sampling

PM2.5 and PM2.5–10 was sampled with a medium volume sampler (MVS6, Leckel, Sven Leckel,
Germany), which was installed in the living room of the dwellings and in a classroom of the schools,
as described by Faria et al. (2020). Filters were analyzed by gravimetry before and after sampling with
a microbalance (Sartorius R160P, Greifensee, Switzerland) and PM mass concentration was determined
by dividing the filter loads by the volume of filtered air. All microenvironments were monitored for
5 days during the occupied period, summing a total of 330 sampled filters.

Dust was collected through a passive method using an electrostatic dust collector (EDC),
which comprises an electrostatic polypropylene cloth [17]. Dust was collected from 30 to 44 days in an
EDC with a surface exposure area of 0.00636 m2. In the dwellings, the EDCs were exposed in the living
room (a total of 33) and in the children’s bedroom (a total of 31) and in schools, the EDCs were placed
in the classrooms (a total of 4). The EDC was then used for the bioburden assessment.

2.3. Electrostatic Dust Cloth Extraction and Bioburden Characterization

In order to determine the mass of the collected dust, each EDC was weighted after sampling and
subtracted to the mean of 10 EDCs weighted before sampling. Settled dust collected by the EDC was
analyzed by culture-based methods and using real-time PCR (qPCR), targeting 4 different Aspergillus
sections (Flavi, Fumigati, Circumdati and Nidulantes). The target fungi were selected based on the
classification as indicators of harmful fungal contamination [37].

EDC samples were subject to extraction and bioburden characterized by culture-based methods
as previously described [16,19,22,26,27]. EDC were washed and 0.15 mL seeded onto 2% malt extract
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agar (MEA) with 0.05 g/L chloramphenicol media; dichloran glycerol (DG18) agar-based media; tryptic
soy agar (TSA) with 0.2% nystatin for total bacteria assessment; violet red bile agar (VRBA) for
Gram-negative bacteria.

Samples were also spread (0.15 mL) onto Sabouraud dextrose agar (SDA) media supplemented
with 4 mg/L itraconazole (ITR), 1 mg/L voriconazole (VOR) or 0.5 mg/L posaconazole (POS, protocol
adapted from the EUCAST 2017 guidelines) [38] for the screening of antifungal resistance [19].

Incubation of MEA, DG18 and azole screening plates at 27 ◦C for 5 to 7 days and TSA and VRBA
plates at 30 and 35 ◦C for 7 days, respectively, was performed.

Molecular identification of the different fungal species/strains was achieved by qPCR using the
CFX-Connect PCR System (Bio-Rad, Hercules, CA, USA) on EDC collected (bedrooms n = 31; living
rooms n = 33; classrooms = 4). Reactions included 1× iQ Supermix (Bio-Rad), 0.5 µM of each primer
(Table 1), and 0.375 µM of TaqMan probe in a total volume of 20 µL. Amplification followed a three-step
PCR: 50 cycles with denaturation at 95 ◦C for 30 s, annealing at 52 ◦C for 30 s and extension at 72 ◦C for
30 s (Table 1). Nontemplate control was used in every PCR reaction. For each gene that was amplified,
a nontemplate control and positive control were used, consisting of DNA obtained from a reference that
belonged to the culture collection of the Reference Unit for Parasitic and Fungal Infections, Department
of Infectious Diseases of the National Institute of Health, from Dr. Ricardo Jorge. These strains have
been sequenced for ITS B-tubulin and Calmodulin.

Table 1. Sequence of primers and TaqMan probes used for real-time PCR.

Aspergillus Sections Targeted Sequences Reference

Flavi (Strains with toxigenic potential)
Forward Primer 5′-GTCCAAGCAACAGGCCAAGT-3′

Reverse Primer 5′-TCGTGCATGTTGGTGATGGT-3′ [39]
Probe 5′-TGTCTTGATCGGCGCCCG-3′

Fumigati
Forward Primer 5′-CGCGTCCGGTCCTCG-3′

Reverse Primer 5′-TTAGAAAAATAAAGTTGGGTGTCGG-3′ [40]
Probe 5′-TGTCACCTGCTCTGTAGGCCCG-3′

Circumdati
Forward Primer 5′-CGGGTCTAATGCAGCTCCAA-3′

Reverse Primer 5′-CGGGCACCAATCCTTTCA-3′ [41]
Probe 5′-CGTCAATAAGCGCTTTT-3′

Nidulantes
Forward Primer 5′–CGGCGGGGAGCCCT-3′

Reverse Primer 5′–CCATTGTTGAAAGTTTTGACTGATcTTA-3′

Probe 5′–AGACTGCATCACTCTCAGGCATGAAGTTCAG-3′ [42]

2.4. Statistical Analysis

The statistical software SPSS V24.0 for Windows® was used for data analysis. The results were
considered significant at a 5% significance level. The frequency analysis (n, %) was applied for the
qualitative data, and the minimum, maximum, median and interquartile range were calculated for the
quantitative data. The median and the interquartile range were used, since outliers were detected and
the mean and standard deviation were influenced by these values. The Shapiro-Wilk test was applied
to test data normality, and Spearman’s correlation coefficient to study the relationship between two
quantitative variables. Kruskal–Wallis test was used to compare EDC weight, fungal counts on MEA
and DG18 and bacteria counts on TSA and VRB among the different sampling locations, since the
assumption of normality was not verified. When statistically significant differences were detected,
the Kruskal–Wallis multiple comparisons test was the analyses selected. For the comparison of the
concentration of the particles between the two sampling locations (classroom and living room) the
Mann–Whitney test was used, since the assumption of normality was not verified.
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3. Results

3.1. Particulate Matter Assessment

The PM2.5 and PM10 average concentrations in the classrooms were 31.15 and 57.83 µg/m3,
respectively, with a range between 19.47 and 52.91 µg/m3 for PM2.5 and between 32.72 and 109.02 µg/m3

for PM10. Table 2 shows that in dwellings, the concentrations ranged between 6.05 and 67.96 µg/m3

for PM2.5 and between 9.14 and 72.95 µg/m3 for PM10, with an average concentration of 15.26 µg/m3

and 18.95 µg/m3, respectively. The PM2.5 concentrations exceeded the 8-hr limit value established by
the Portuguese legislation for indoor air quality (Portaria 353-A/2013, 25 µg/m3) in 50% of the schools
and in 12% of the dwellings and the PM10 limit value (50 µg/m3) was exceeded in 50% of the schools
and in 3% of the dwellings.

Regarding the settled dust collected by the EDC, the schools presented an average level of
1.42 g/m2/d with a range between 1.28 and 1.57 g/m2/d and the dwellings registered an average of
3.36 g/m2/d with a range between 1.27 and 11.16 g/m2/d. In dwellings, the living room presented an
average amount of 3.6 g/m2/d and the bedroom of 3.11 g/m2/d (Table 2).

Table 2. Settled dust (g/m2/d) and PM2.5 and PM10 concentrations (µg/m3) measured in dwellings
and schools.

Settled Dust (g/m2/d) PM2.5 (µg/m3) PM10 (µg/m3)

Schools
Average 1.42 31.15 57.83

Range (min–max) 1.28–1.57 19.47–52.91 32.72–109.02

Dwellings Average 3.36 - -
Range (min–max) 1.27–11.16 - -

Living
Rooms

Average 3.60 15.26 18.95
Range (min–max) 1.28–11.16 6.05–67.96 9.14–72.95

Bedrooms
Average 3.11 - -

Range (min–max) 1.27–10.74 - -

3.2. Bacterial Contamination Assessment

From the 31 samples collected in the bedrooms, the total bacteria contamination ranged from
below the detection limit to 1.42 × 103 CFU/m2/d, with the Gram-negative bacteria contamination,
ranging from below the detection limit to 3.15 × 101 CFU/m2/d.

Total bacteria contamination in the 33 EDC collected in living rooms ranged from below the
detection limit to 3.42 × 103 CFU/m2/d, with the Gram-negative bacteria contamination, ranging from
below the detection limit to 4.60 × 101 CFU/m2/d.

In the 4 EDC samples collected in the classrooms, the total bacteria contamination ranged from
below the detection limit to 6.2 × 101 CFU/m2/d, while there was no contamination by Gram-negative
bacteria (Table 3).

Table 3. Bacteria contamination (CFU/m2/d) in each studied location.

Location
Total Bacteria Gram-Negative Bacteria

Average N CFU/m2/d CFU/m2/d

Bedrooms Range (min–max) 31 *−1.42 × 103 *−3.15 × 101

Living Rooms Range (min–max) 33 *−3.42 × 103 *−4.60 × 101

Classrooms Range (min–max) 4 *−6.2 × 101 -

N—Number of samples collected. *−Below the detection limit.
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3.3. Fungal Contamination Assessment

A total of 31 EDC were collected from bedrooms. The fungal contamination in these samples
ranged from lower the detection limit to 2.00 × 103 CFU/m2/d (D30) in MEA, and from lower the
detection limit to 2.81× 103 CFU/m2/d (D32) in DG18. The most commonly found fungal species in MEA
was Penicillium sp. (2.00 × 103 CFU/m2/d; 89.43%), followed by Cladosporium sp. (1.59 × 102 CFU/m2/d;
7.10%) and Chrysosporium sp. (2.56 × 101 CFU/m2/d; 1.14%; Table 4). In DG18, the most prevalent
species were Cladosporium sp. (2.81 × 103 CFU/m2/d; 90.44%), Penicillium sp. (2.07 × 102 CFU/m2/d;
6.67%) and Aspergillus sp. (1.05 × 102 CFU/m2/d; 1.23%; Table 4). Four different Aspergillus sections
were identified in the EDC samples from the bedrooms, two found in MEA (Nigri and Fumigati;
1.05 × 101 CFU/m2/d), and two in DG18 (Candidi and Circumdati; 3.81 × 101 CFU/m2/d; Figure 2).

In the 33 EDC collected from the living rooms, the fungal contamination ranged from lower the
detection limit to 5.24 × 103 CFU/m2/d (D3, D6 and D28) in MEA, and from lower the detection limit to
2.62× 103 CFU/m2/d (D32). In MEA, the most common was Rhizopus sp. (5.24 × 103 CFU/m2/d; 38.11%),
followed by Chrysonilia sp. (5.24 × 103 CFU/m2/d; 38.11%) and Chrysosporium sp. (2.64 × 103 CFU/m2/d;
19.19%); in DG18, Chrysonilia sp. (2.62 × 103 CFU/m2/d; 76.55%), followed by Penicillium sp.
(3.54 × 102 CFU/m2/d; 10.33%) and Cladosporium sp. (1.7 × 102 CFU/m2/d; 4.96%) were the most
prevalent (Table 4). A total of eight Aspergillus sections were identified in the samples from the
living room. Five different sections were found in MEA, including Aspergillus section Fumigati
(6.18 × 101 CFU/m2/d), Flavi and Nigri (2.62 × 101 CFU/m2/d; Figure 2). In DG18, six Aspergillus
sections were identified, with the most prevalent being Nidulantes (7.89 × 101 CFU/m2/d), followed by
Fumigati (3.67 × 101 CFU/m2/d) and Clavati (1.57 × 101 CFU/m2/d; Figure 2).
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Figure 2. Aspergillus sections identified in the electrostatic dust collectors (EDC) samples from the
bedrooms and the living rooms.

Four EDC were recovered from classrooms. The fungal contamination in the MEA samples
ranged from the lower detection limit (S1) to 1.76 × 101 CFU/m2/d (in the three remaining samples),
and in DG18 from the lower detection limit (S1 and S3) to 1.02 × 101 CFU/m2/d (in S4). Three different
fungal species were identified in the MEA samples: Penicillium sp. (1.76 × 101 CFU/m2/d; 64.21%),
Chrysonilia sp. and Cladosporium sp. (4.91 × 101 CFU/m2/d; 17.90%; Table 4). Four fungal species
were found in DG18: Chrysosporium sp. (1.02 × 101 CFU/m2/d; 40.79%), Aspergillus section Nidulantes,
Chrysonilia sp. and Cladosporium sp. (1.02 × 101 CFU/m2/d; 19.74%; Table 4).
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Table 4. Fungal species found in each studied location.

Location Genus/Species MEA DG18

N CFU/m2/d % N CFU/m2/d %

Bedrooms

Alternaria sp. 2 1.05 × 101 0.47 1 1.05 × 101 0.34
Aureobasidium sp. 1 5.24 × 100 0.23 1 5.24 × 100 0.17
Chrysosporium sp. 3 2.56 × 101 1.14 2 9.49 × 100 0.31
Cladosporium sp. 8 1.59 × 102 7.10 14 2.81 × 103 90.44
Geotrichum sp. 1 4.14 × 100 0.18 1 5.24 × 100 0.17
Penicillium sp. 17 2.00 × 103 89.43 12 2.07 × 102 6.67
Aspergillus sp. 2 1.05 × 101 0.47 2 3.81 × 101 1.23
Fusarium sp. 2 2.18 × 101 0.97 0 * *

Crysonilia sitophila 0 * * 2 2.10 × 101 0.68

Living rooms

Alternaria sp. 1 5.24 × 100 0.04 0 * *
Aspergillus sp. 2 1.33 × 102 0.97 2 1.68 × 102 4.91

Aureobasidium sp. 1 4.91 × 100 0.04 0 * *
Chrysonilia sp. 2 5.24 × 103 38.11 1 2.62 × 103 76.55

Chrysosporium sp. 4 2.64 × 103 19.19 8 6.68 × 101 1.95
Cladosporium sp. 13 2.22 × 102 1.61 12 1.7 × 102 4.96

Fusarium sp. 0 * * 1 2.46 × 101 0.72
Geotrichum sp. 0 * * 2 1.48 × 101 0.43
Penicillium sp. 14 2.65 × 102 1.93 16 3.54 × 102 10.33
Rhizopus sp. 2 5.24 × 103 38.11 0 * *

Ulocladium sp. 0 * * 1 5.24 × 100 0.15

Classrooms

Penicillium sp. 2 1.76 × 101 64.21 0 * *
Chrysonilia sp. 1 4.91 × 100 17.90 1 4.91 × 100 19.74

Cladosporium sp. 1 4.91 × 100 17.90 1 4.91 × 100 19.74
Aspergillus sp. 0 * * 1 4.91 × 100 19.74

Chrysosporium sp. 0 * * 1 1.02 × 101 40.79

N—Number of isolates observed. *—Lower the detection limit.

3.4. Azole-Resistance Screening

Seventeen different fungal species were detected on azole-resistance screening in 61 EDC samples,
of which 11 were able to grow in at least one azole among the tested conditions. Noteworthy, Aspergillus
sections Candidi and Nigri were able to grow on VOR in two distinct samples. Reduced susceptibility
to multiazoles (i.e., fungal ability to grow in more than one azole) was observed in 14 EDC samples, for
five different fungal species, including Penicillium sp. (VOR+POS in three samples), Chrysosporium sp.
(VOR+POS in one sample, ITR+VOR in one sample) or Cladosporium sp. (ITR+VOR in two samples,
VOR+POS in three samples, ITR+VOR+POS in one sample; Table 5). Similar to the results obtained
with MEA in dwellings (Table 4), some of the most frequent fungal species were C. sitophila (83.05% SAB,
11.17% POS, 1.68 VOR), Cladosporium sp. (40.44% ITR, 38.33% VOR, 37.03% POS, 13.22% SAB) and
Penicillium sp. (45.60% VOR, 27.21% ITR, 21.65% POS, 2.29% SAB; Table 5).
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Table 5. Fungal species found on azole-screening media.

Species/Sections/Complexes SAB ITR VOR POS
N CFU/m2/d % N CFU/m2/d % N CFU/m2/d % N CFU/m2/d %

Alternaria sp. 8 4.91 × 101 0.22 0 * 0 1 5.24 × 101 0.94 0 * 0
Aspergillus section Aspergilli 1 5.24 × 100 0.02 0 * 0 0 * 0 0 * 0
Aspergillus section Candidi 0 * 0 0 * 0 1 5.24 × 100 0.94 0 * 0
Aspergillus section Fumigati 2 9.38 × 100 0.04 0 * 0 0 * 0 0 * 0

Aspergillus section Nigri 14 6.91 × 101 0.31 0 * 0 2 9.38 × 100 1.68 0 * 0
Aspergillus section Nidulantes 21 9.02 × 101 0.41 0 * 0 0 * 0 0 * 0

Aureobasidium sp. 0 * 0 2 1.05 × 101 16.18 5 2.40 × 101 4.30 1 4.14 × 101 4.41
Crysonilia sitophila 3000 1.84 × 104 83.05 0 * 0 2 9.38 × 100 1.68 2 1.05 × 101 11.17
Chrysosporium sp. 24 5.24 × 101 0.24 1 5.24 × 100 8.09 3 1.54 × 101 2.76 3 2.41 × 101 25.73
Cladosporium sp. 561 2.92 × 103 13.22 6 2.62 × 101 40.44 55 2.14 × 102 38.33 7 3.47 × 101 37.03

Fusarium incarnatum-equiseti species complex 2 1.05 × 101 0.05 0 * 0 0 * 0 0 * 0
Fusarium oxysporum species complex 0 * 0 1 5.24 × 100 8.09 0 * 0 0 * 0

Geotrichum sp. 0 * 0 0 * 0 2 1.05 × 101 1.88 0 * 0
Litchemia sp. 2 1.05 × 101 0.05 0 * 0 0 * 0 0 * 0

Penicillium sp. 162 5.07 × 102 2.29 3 1.76 × 101 27.21 53 2.54 × 102 45.60 5 2.03 × 101 21.65
Syncephalastrum racemosum 1 4.91 × 100 0.02 0 * 0 0 * 0 0 * 0

Paecilomyces sp. 1 1.57 × 101 0.07 0 * 0 0 * 0 0 * 0
Ulocladium sp. 0 * 0 0 * 0 2 1.05 × 101 1.88 0 * 0

*—Lower the detection limit.
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3.5. Molecular Assessment

None of the Aspergillus sections targeted (Circumdati, Flavi, Fumigati and Nidulantes) on the EDC
were amplified by RT-PCR.

3.6. Correlation Analysis

Regarding the EDC weight, significant correlations, with moderate or low intensity, were detected
with particles PM2.5 (rS =−0.395, p = 0.015), particles PM10 (rS =−0.486, p = 0.002), bacterial contamination
on TSA (rS =−0.252, p = 0.042) and with Aspergillus prevalence on MEA (Rs = 0.555, p = 0.049). These results
show that higher EDC weights are related to lower concentrations of particles (PM2.5 and PM10), lower
bacterial contamination on TSA and higher Aspergillus prevalence on MEA (Table 6).

Considering the concentration of PM, only a significant positive correlation was detected, with
a strong intensity, between the PM2.5 and PM10 (rS = 0.957, p < 0.0001), which means that higher
concentrations of particles PM2.5 are related to higher concentrations of PM10 (Table 6).

Regarding fungal contamination on MEA, significant positive and moderate correlations were
detected with (i) fungal contamination on DG18 (rS = 0.457, p < 0.0001), (ii) fungal presence on VOR
(rS = 0.281, p = 0.020) and (iii) fungal detection on POS (rS = 0.280, p = 0.021), indicating that higher
fungal contamination on MEA is related with higher fungal contamination on DG18 and with fungal
counts on VOR and on POS (Table 6).

Regarding the fungal contamination on DG18, significant correlations of weak intensity and
positive direction were detected with the fungal presence on VOR (rS = 0.262, p = 0.031) and on POS
(rS = 0.276, p = 0.023), and with Aspergillus prevalence on DG18 (rS = 0.459, p = 0.042), revealing that
higher fungal contamination on DG18 is related with the higher fungal counts on VOR and POS and
Aspergillus prevalence on DG18 (Table 6).

Finally, a significant correlation, of weak intensity and in a positive direction, between fungal
presence on VOR and POS (rS = 0.250, p = 0.039), which indicates that higher fungal counts on VOR
are related with higher fungal counts on POS (Table 6).

Table 6. Study of the relationship between the weight of EDCs, particulate matter (PM2.5 and PM10),
bacterial (TSA and VRBA) and fungal (MEA and DG18) contamination, fungi in azole-screening media
(ITR, VOR and POS) and Aspergillus prevalence (MEA and DG18).

Variables
Particles (µg/m3)

Bacteria
(CFU/m2/d)

Fungi
(CFU/m2/d)

Fungi in Azole-Screening
Media

Aspergillus
Prevalence
(CFU/m2/d)

PM2.5 PM10 TSA RB MEA DG18 ITR VOR POS MEA DG18

EDC
Weight
(g/m2/d)

−0.395 * −0.486 ** −0.252 * 0.118 0.038 0.210 0.030 0.083 0.000 0.555 * 0.253

Particles
(µg/m3)

PM2.5 0.957 ** 0.240 0.123 −0.084 −0.013 0.164 −0.084 −0.014 −0.386 −0.392
PM10 0.220 0.114 −0.066 0.023 0.153 −0.064 0.027 −0.426 −0.447

Bacteria
(CFU/m2/d)

TSA 0.146 0.005 0.058 0.053 0.034 0.119 −0.379 −0.203
RB 0.069 0.141 0.055 0.033 −0.009 0.019 −0.106

Fungi
(CFU/m2/d)

MEA 0.457 ** −0.097 0.281 * 0.280 * 0.420 0.196
DG18 −0.019 0.262 * 0.276 * 0.107 0.459 *

Fungi in
azole-screening

media

ITR 0.078 0.026 −0.324 0.029
VOR 0.250 * 0.335 0.287
POS −0.032 −0.155

Aspergillus
prevalence
(CFU/m2/d)

MEA 0.355

*. Correlation is significant at the 0.05 level (2-tailed). **. Correlation is significant at the 0.01 level (2-tailed).
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3.7. Comparison between Sampling Locations

From the comparison between sampling locations, only significant differences were detected in:
(i) the EDC weight (χ_(K-W)ˆ2 (2) = 6.74, p = 0.046), showing that in the classroom the EDC had less
weight; (ii) the concentration of PM2.5 (U = 15.000, p = 0.013) and PM10 (U = 8.000, p = 0.005) particles
presented the classroom as the sampling location with the highest concentrations (Table 7).

Table 7. Comparison of EDC weight, particulate matter concentration, fungal and bacterial
contamination, fungal presence in azole-screening media and Aspergillus prevalence between sampling
locations (Kruskal–Wallis test or Mann–Whitney test).

Variables Ranks Test Statistics

Location N Mean Rank χ2 Kruskal–Wallis
or Mann–Whitney U

Df p

EDC Weight (g)

Classroom 4 11.75
6.174 * 2 0.046 ***Living room 33 37.68

Bedroom 31 34.05
Total 68

Pa
rt

ic
le

s PM2.5 (µg/m3)
Classroom 4 31.75

15.000 ** 0.013 ***Living room 33 17.45
Total 37

PM10 (µg/m3)
Classroom 4 33.50

8.000 ** 0.005 ***Living room 33 17.24
Total 37

Ba
ct

er
ia

lc
on

ta
m

in
at

io
n

TSA (CFU/m2/d)

Classroom 4 25.88
0.774 * 2 0.679Living room 32 33.25

Bedroom 30 34.78
Total 66

RB (CFU/m2/d)

Classroom 4 31.00
0.491 * 2 0.782Living room 33 34.08

Bedroom 31 33.22
Total 68

Fu
ng

al
co

nt
am

in
at

io
n

MEA
(CFU/m2/d)

Classroom 4 25.38
3.228 * 2 0.199Living room 33 38.65

Bedroom 31 31.26
Total 68

DG18
(CFU/m2/d)

Classroom 4 21.75
3.306 * 2 0.192Living room 33 38.18

Bedroom 31 32.23
Total 68

Fu
ng

al
pr

es
en

ce
in

A
zo

le
s ITR

Classroom 4 46.00
5.049 * 2 0.080Living room 33 35.12

Bedroom 31 32.35
Total 68

VOR

Classroom 4 26.50
5.273 * 2 0.072Living room 33 39.77

Bedroom 31 29.92
Total 68

POS

Classroom 4 38.00
5.920 * 2 0.052Living room 33 38.18

Bedroom 31 30.13
Total 68

A
sp

er
gi

llu
s

pr
ev

al
en

ce

MEA

Classroom 4 4.50
3.338 * 2 0.188Living room 5 8.60

Bedroom 4 7.50
Total 13

DG18

Classroom 4 5.88
4.530 2 0.104Living room 8 13.25

Bedroom 8 10.06
Total 20

* Kruskal–Wallis test. ** Mann–Whitney test. *** Statistically significant differences at a 5% significance level.
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4. Discussion

To contribute to the assessment of children’s exposure to particles and bioburden, EDC was
exposed for an extended period to collect dust in two home locations and at schools [27] (Figure 1).
Although with some downsides, that rely mainly on the fact that bioaerosols are highly dynamic,
thus difficult to collect in a representative way [43], settled dust is considered to be a long-term
integrated sample of particles that have been airborne. As such this method is more reliable to
sample bioaerosols [44]. Indeed, settled dust evidences a composite view of bioaerosols in the
indoor environment that is being assessed [19,22,27]. Therefore, EDC permits consistent estimation of
exposure, since a single EDC analysis is equal to the sum of several air-impaction measurements [45].
Furthermore, EDC allows for an exclusive identification of some fungal species and higher fungal
diversity, when compared to air samples obtained by impaction or even with other passive methods [27].
The coupling of this sampling method with particle measurement allowed a more complete analysis of
children’s exposure in their daily lives.

Indoor particle exposure constitutes a significant percentage of overall exposure, as children
spend the majority of the time indoors [3]. In our study, both fractions (PM2.5 and PM10) had higher
concentrations in schools than in dwellings, which is related to children’s activity during classes,
resuspension of PM and inadequate ventilation [3]. Studies carried out in European cities showed
similar concentrations in schools [46,47] and in dwellings [48–50].

The settled dust presented a different pattern, characterized by higher levels in the dwellings.
This difference between the PM and the collected dust by the EDC behavior has already been found in
other studies, which indicated that settled dust is less influenced by the short-term variability of the
indoor activities and ventilation [51,52]. Particle deposition depends on the size of the particles, their
sedimentation processes (diffusion in the case of very small particles or gravity in the case of larger
particles) [52], the amount of furniture in the spaces [53], the type of ventilation and air turbulence [54].

The importance of using different culture media was validated and followed the same tendency
as previously reported in studies performed in different indoor environments [16,19,26,27,41,55].
Regarding bacteria detection, no contamination by Gram-negative bacteria was detected in classrooms,
which can partially be explained by less tolerance to the environmental conditions of these species [56].
In what refers to fungal contamination, it was possible to detect different species in both culture media
applied (MEA and DG18), with higher diversity of Aspergillus sections on living rooms as observed on
DG18. Indeed, the exclusive identification by DG18 of Aspergillus sections Circumdati and Nidulantes,
both with toxigenic potential [57], on living rooms should be highlighted. Another concern regarding
the toxigenic potential of the fungal species was the detection of Aspergillus section Flavi on the living
rooms and of Aspergillus section Fumigati present in both sampling locations. Additionally, Aspergillus
sections Circumdati, Flavi, Fumigati and Nidulantes identification should be emphasized since all the
four Aspergillus sections are considered as indicators of harmful fungal contamination and, although
our study has not detected these toxigenic species, their analysis should be performed in order to
better contribute to the implementation of corrective measures [37]. Indeed, these species can produce
mycotoxins that can become airborne on conidia or smaller fragments suggesting a potential inhalation
or ingestion by indoor occupants [58]. Mycotoxins are known to have a wide array of adverse health
effects or being carcinogenic to humans [59].

Culture-based methods were able to provide positive results within Aspergillus genera, whereas
the Aspergillus sections were not detected with molecular tools. Despite these observations, molecular
tools are generally a suitable solution to overcome the nonviable/nonculturable limits of the commonly
used culture-based methods as they might also provide a more exhaustive diversity profile (e.g., high
throughput sequencing), unlike culture methods that might reveal less abundant taxa in an environment.
However, culture-independent molecular methods often only identify most of the organisms until
taxonomic levels [60,61] and this level of identification is insufficient for exposure assessment.
Furthermore, it has already been reported that the viability of microorganisms can affect their
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inflammatory and/or cytotoxic potential and only viable microorganisms can cause infections, justifying
the preference of culture-based methods [62–64].

As fungal resistance to available azole drugs is an emergent global health problem [65], especially
with Aspergillus fumigatus [29,66,67], an exploratory screening of the frequency of fungal reduced
susceptibility to azoles in dwellings and schools was conducted in this study. Some nonpathogenic
species exhibited reduced susceptibility to one or more azoles, including Aspergillus sections Nigri
and Candidi. In order to confirm the resistance phenotype of these species, further susceptibility
tests and/or molecular detection of resistance mutations must be performed. So far, azole-resistant
isolates with identical genetic profiles were found to be globally distributed and sourced from both
clinical and environmental locations, thus, reinforcing azole resistance as an international public health
concern [67]. In Portugal, some resistant Aspergillus sp. have already been found in the environment
(data not published), but never in this context. If the resistance phenotype is confirmed, it will be a
novelty as it has never been described in these environments.

The statistical analysis revealed some positive correlations that suggest (more evident on MEA
than on DG18) that fungal reduced susceptibility to azole drugs, such as voriconazole and posaconazole,
might be developed when higher fungal contamination is present in those environments. Moreover,
it seems that reduced susceptibility to voriconazole and posaconazole are also related among these
two azoles. This can be important (if azole resistance is confirmed) to understand the development of
resistance, since voriconazole and posaconazole, though belonging to the same azole class, differ in
their molecular structure: voriconazole is a short-tailed triazole (similar to triazole fungicides used in
agriculture), whereas posaconazole (such as itraconazole) is a long-tailed triazole [68]. Understanding
how fungal mutations affect drug affinity is necessary for the design of improved azoles that might
overcome fungal resistance [69].

5. Conclusions

The indoor exposure to PM and bioburden at children’s dwellings and schools was assessed by
particle measurement and by using EDC. Results showed that the PM concentrations in classrooms
highly exceeded the limit values established by the Portuguese legislation for indoor air quality.
Although not correlated with PM, EDC provided information regarding the bioburden present indoors
unveiling the presence of fungal species with toxigenic potential and nonpathogenic species exhibited
reduced susceptibility to one or more azoles, including Aspergillus sections Nigri and Candidi.

Future studies at a larger scale, applying the same sampling approach—EDC coupled with
particulate matter assessment—should be implemented to allow for a long-term integrated sample of
organic dust.
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Kosicki, R.; Soszczyńska, E.; et al. Bioburden Assessment by Passive Methods on a Clinical Pathology Service
in One Central Hospital from Lisbon: What Can it Tell Us Regarding Patients and Staff Exposure? Atmosphere
2020, 11, 351. [CrossRef]

28. Snelders, E.; Melchers, W.J.; Verweij, P.E. Azole resistance in Aspergillus fumigatus: A new challenge in the
management of invasive aspergillosis? Future Microbiol. 2011, 6, 335–347. [CrossRef] [PubMed]

29. Verweij, P.E.; Chowdhary, A.; Melchers, W.J.G.; Meis, J.F. Azole resistance in Aspergillus fumigatus: Can we
retain the clinical use of mold-active antifungal azoles? Clin. Infect. Dis. 2016, 62, 362–368. [CrossRef]

30. Fisher, M.C.; Hawkins, N.J.; Sanglard, D.; Gurr, S.J. Worldwide emergence of resistance to antifungal drugs
challenges human health and food security. Science 2018, 18, 739–742. [CrossRef]

31. Snelders, E.; Huis in ’t Veld, R.A.G.; Rijs, A.J.M.M.; Kema, G.H.J.; Melchers, W.J.G.; Verweij, P.E. Possible
Environmental Origin of Resistance of Aspergillus fumigatus to Medical Triazoles. Appl. Environ. Microbiol.
2009, 75, 4053–4057. [CrossRef]

32. Ahmad, S.; Khan, Z.; Hagen, F.; Meis, J.F. Occurrence of triazole-resistant Aspergillus fumigatus with
TR34/L98H mutations in outdoor and hospital environment in Kuwait. Environ. Res. 2014, 133, 20–26.
[CrossRef]

33. Loeffert, S.T.; Hénaff, L.; Dupont, D.; Bienvenu, A.L.; Dananché, C.; Cassier, P.; Bénet, T.; Wallon, M.;
Gustin, M.P.; Vanhems, P. Prospective survey of azole drug resistance among environmental and clinical
isolates of Aspergillus fumigatus in a French University hospital during major demolition works. J. Mycol. Méd.
2018, 28, 469–472. [CrossRef]

34. Chen, Y.; Kuo, S.; Wang, H.; Wu, C.; Lin, Y.; Li, W.; Lee, C. Azole resistance in Aspergillus species in Southern
Taiwan: An epidemiological surveillance study. Mycoses 2019, 62, 1174–1181. [CrossRef] [PubMed]

35. Cho, S.Y.; Lee, D.G.; Kim, W.B.; Chun, H.S.; Park, C.; Myong, J.P.; Park, Y.J.; Choi, J.K.; Lee, H.J.;
Kim, S.H.; et al. Epidemiology and Antifungal Susceptibility Profile of Aspergillus Species: Comparison
between Environmental and Clinical Isolates from Patients with Hematologic Malignancies. J. Clin. Microbiol.
2019, 57, e02023-18. [CrossRef] [PubMed]

36. Monteiro, C.; Pinheiro, D.; Maia, M.; Faria, M.A.; Lameiras, C.; Pinto, E. Aspergillus species collected from
environmental air samples in Portugal-molecular identification, antifungal susceptibility and sequencing of
cyp51A gene on A. fumigatus sensu stricto itraconazole resistant. J. Appl. Microbiol. 2019, 126, 1140–1148.
[CrossRef] [PubMed]

37. American Industrial Hygiene Association. Field Guide for the Determination of Biological Contaminants in
Environmental Samples, 2nd ed.; AIHA Biosafety Committee: Falls Church, VA, USA, 1996.

38. Arendrup, M.C.; Sulim, S.; Holm, A.; Nielsen, L.; Nielsen, S.D.; Knudsen, J.D.; Drenck, N.E.; Christensen, J.J.;
Johansen, H.K. Diagnostic issues, clinical characteristics, and outcomes for patients with fungemia.
J. Clin. Microbiol. 2011, 49, 3300–3308. [CrossRef]

http://dx.doi.org/10.1128/AEM.01414-09
http://dx.doi.org/10.1039/c2em30699a
http://dx.doi.org/10.1093/annweh/wxx108
http://www.ncbi.nlm.nih.gov/pubmed/29365048
http://dx.doi.org/10.3390/atmos9020064
http://dx.doi.org/10.3390/atmos11040351
http://dx.doi.org/10.2217/fmb.11.4
http://www.ncbi.nlm.nih.gov/pubmed/21449843
http://dx.doi.org/10.1093/cid/civ885
http://dx.doi.org/10.1126/science.aap7999
http://dx.doi.org/10.1128/AEM.00231-09
http://dx.doi.org/10.1016/j.envres.2014.05.009
http://dx.doi.org/10.1016/j.mycmed.2018.05.007
http://dx.doi.org/10.1111/myc.13008
http://www.ncbi.nlm.nih.gov/pubmed/31549427
http://dx.doi.org/10.1128/JCM.02023-18
http://www.ncbi.nlm.nih.gov/pubmed/31018982
http://dx.doi.org/10.1111/jam.14217
http://www.ncbi.nlm.nih.gov/pubmed/30735287
http://dx.doi.org/10.1128/JCM.00179-11


Atmosphere 2020, 11, 993 15 of 16

39. Mayer, Z.; Bagnara, A.; FaÅNrber, P.; Geisen, R. Quantification of the copy number of nor-1, a gene of the
aflatoxin biosynthetic pathway by real-time PCR, and its correlation to the cfu of Aspergillus flavus in foods.
Int. J. Food Microbiol. 2003, 82, 143–151. [CrossRef]

40. Cruz-Perez, P.; Buttner, M.P.; Stetzenbach, L.D. Detection and quantitation of Aspergillus fumigatus in pure
culture using polymerase chain reaction. Mol. Cell. Probes 2001, 15, 81–88. [CrossRef]

41. Viegas, C.; Faria, T.; Aranha, L.; Carolino, E.; Quintal Gomes, A.; Viegas, S. Aspergillus prevalence in different
occupational settings. J. Occup. Environ. Hyg. 2017, 14, 771–785. [CrossRef]

42. EPA, United States Environmental Protection Agency. About the National Exposure Research Laboratory
(NERL). 2017. Available online: http://www.epa.gov/nerlcwww/moldtech.htm (accessed on 19 June 2017).

43. Vissers, M.; Doekes, G.; Heederik, D. Exposure to wheat allergen and fungal α-amylase in the homes of
bakers. Clin. Exp. Allergy 2001, 31, 1577–1582. [CrossRef]

44. Noss, I.; Wouters, I.M.; Visser, M.; Heederik, D.J.J.; Thorne, P.S.; Brunekreef, B.; Doekes, G. Evaluation
of a Low-Cost Electrostatic Dust Fall Collector for Indoor Air Endotoxin Exposure Assessment.
Appl. Environ. Microbiol. 2008, 74, 5621–5627. [CrossRef]

45. Institute of Medicine. Damp Indoor Spaces and Health; The National Academies Press: Washington, DC,
USA, 2004.

46. Rivas, I.; Viana, M.; Moreno, T.; Pandolfi, M.; Amato, F.; Reche, C.; Bouso, L.; Àlvarez-Pedrerol, M.;
Alastuey, A.; Sunyer, J.; et al. Child exposure to indoor and outdoor air pollutants in schools in Barcelona,
Spain. Environ. Int. 2014, 69, 200–212. [CrossRef]

47. Rovelli, S.; Cattaneo, A.; Nuzzi, C.P.; Spinazzè, A.; Piazza, S.; Carrer, P.; Cavallo, D.M. Airborne particulate
matter in school classrooms of northern Italy. Int. J. Environ. Res. Public Health 2014, 11, 1398–1421. [CrossRef]
[PubMed]

48. Hänninen, O.O.; Lebret, E.; Ilacqua, V.; Katsouyanni, K.; Künzli, N.; Srám, R.J.; Jantunen, M. Infiltration
of ambient PM 2.5 and levels of indoor generated non-ETS PM 2.5 in residences of four European cities.
Atmos. Environ. 2004, 38, 6411–6423. [CrossRef]

49. Langer, S.; Ramalho, O.; Derbez, M.; Ribéron, J.; Kirchner, S.; Mandin, C. Indoor environmental quality in
French dwellings and building characteristics. Atmos. Environ. 2016, 128, 82–91. [CrossRef]

50. Stranger, M.; Potgieter-vermaak, S.S.; Grieken, R.V. Comparative overview of indoor air quality in Antwerp,
Belgium. Environ. Int. 2007, 33, 789–797. [CrossRef] [PubMed]

51. Cox, J.; Indugula, R.; Vesper, S.; Zhu, Z.; Jandarov, R.; Reponen, T. Comparison of indoor air sampling and
dust collection methods for fungal exposure assessment using quantitative PCR. Environ. Sci. Process. Impacts
2017, 1–18. [CrossRef]

52. Estokova, A.; Stevulova, N. Investigation of Suspended and Settled Particulate Matter in Indoor Air.
In Atmospheric Aerosols—Regional Characteristics—Chemistry and Physics; Abdul-Razzak, H., Ed.; IntechOpen:
London, UK, 2012; pp. 455–480. [CrossRef]

53. Thatcher, T.L.; Lai, A.C.K.; Moreno-Jackson, R.; Sextro, R.G.; Nazaroff, W.W. Effects of room furnishings and
air speed on particle deposition rates indoors. Atmos. Environ. 2002, 36, 1811–1819. [CrossRef]

54. Thatcher, T.L.; Layton, D.W. Deposition, resuspension, and penetration of particles within a residence.
Atmos. Environ. 1995, 29, 1487–1497. [CrossRef]

55. Viegas, C.; Faria, T.; Cebola de Oliveira, A.; Aranha Caetano, L.; Carolino, E.; Quintal-Gomes, A.; Twarużek, M.;
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Abstract: This review aimed to provide an overview of the characterisation of indoor air quality
(IAQ) during the sleeping period, based only on real life conditions’ studies where, at least, one
air pollutant was considered. Despite the consensual complexity of indoor air, when focusing
on sleeping environments, the available scientific literature is still scarce and falls to provide a
multipollutants’ characterisation of the air breathed during sleep. This review, following PRISMA’s
approach, identified a total of 22 studies that provided insights of how IAQ is during the sleeping
period in real life conditions. Most of studies focused on carbon dioxide (77%), followed by particles
(PM2.5, PM10 and ultrafines) and only 18% of the studies focused on pollutants such as carbon
monoxide, volatile organic compounds and formaldehyde. Despite the high heterogeneity between
studies (regarding the geographical area, type of surrounding environments, season of the year, type
of dwelling, bedrooms’ ventilation, number of occupants), several air pollutants showed exceedances
of the limit values established by guidelines or legislation, indicating that an effort should be made in
order to minimise human exposure to air pollutants. For instance, when considering the air quality
guideline of World Health Organisation of 10 µg·m−3 for PM2.5, 86% of studies that focused this
pollutant registered levels above this threshold. Considering that people spend one third of their day
sleeping, exposure during this period may have a significant impact on the daily integrated human
exposure, due to the higher amount of exposure time, even if this environment is characterised by
lower pollutants’ levels. Improving the current knowledge of air pollutants levels during sleep in
different settings, as well as in different countries, will allow to improve the accuracy of exposure
assessments and will also allow to understand their main drivers and how to tackle them.

Keywords: indoor air quality; sleep; air pollutants; bedroom; particles; comfort parameters; car-
bon dioxide

1. Introduction

Sleep has an essential role in human life by promoting human welfare, daily perfor-
mance and health [1]. Since people spend around one third of their life sleeping, the quality
of air that people breathe during this period has started to gain worldwide attention as a
research topic in recent years aiming to understand, ultimately, how exposure to indoor
pollutants may influence sleep quality [2,3].

Sleeping environments usually have specific characteristics, such as low ventilation
rates [4] and a breathing area closer to potential sources of pollutants [2], that may pro-
mote acute or chronic exposure to specific air pollutants and, therefore, may significantly
contribute to the daily exposure of individuals.

In the last decades, the importance of indoor air quality (IAQ) on human health has
been confirmed throughout numerous studies conducted worldwide in different micro-
environments (from offices to schools and dwellings) [5]. A wide range of adverse health
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effects [5,6] associated to indoor air pollutants, from pulmonary to cardiovascular diseases,
has been reported, along with human mortality due to indoor air pollution [7].

Sleep is known to be a neurologically dynamic behaviour that is regulated by circa-
dian and homeostatic processes [8]. In mammals, sleep is organised in cycles composed
of two different states: rapid eye movement (REM) and non-REM sleep (NREM), with
NREM being divided in two different stages (namely, deep and light) [8]. These different
stages of the sleeping process have different neurological and physical manifestations [8],
including reductions on the responsiveness to external stimuli, electromyographic activity,
body movement, breathing rates, along with closed eyes, altered body position and brain
wave architecture [9]. Sleep is influenced by several factors, from physical and mental
conditions [10,11] to environmental factors, such as temperature [12,13], light [14] and
noise levels [15], and carbon dioxide (CO2) levels [1]. However, taking into account the
IAQ complexity by which it can be characterised, until now very few studies have focused
on understanding if any other IAQ parameter may have an impact on sleep quality and to
what extent. This valuable information would be useful to propose mitigation measures to
improve the IAQ conditions of sleeping environments and, ultimately, the sleep quality of
the individuals.

Moreover, a comprehensive characterisation of IAQ during sleep is still scarce in
the literature [16], with most studies focusing only on comfort parameters [17] or single
pollutants, such as CO2 [1]. In addition, although very few studies have provided an
overview of IAQ during sleep in real life conditions until now, one of their main outcomes
is that some pollutants presented levels above the established guidelines, such as particulate
matter (PM), volatile organic compounds (VOCs), formaldehyde (CH2O) and CO2 [18].

Even if exposure levels to indoor air pollutants during sleep may be low it is important
to highlight that, taking into account the daily time spent in this essential activity to human
life and welfare (hopefully 8 h per day and, ultimately, one third of human life), it may
have an important impact on the daily integrated human exposure and it potentially may
have an impact on the sleep quality. Therefore, understanding the exposure levels during
sleep in the bedroom microenvironment is crucial to improve daily integrated exposure
assessments and to provide information for further research of how IAQ may influence
sleep quality.

Therefore, this study aims to perform a review of field studies of IAQ during sleep,
mainly focusing on air pollutants and comfort parameters (when available simultaneously),
and also by evaluating their compliance with IAQ guidelines. Overall, the main goal is to
supply to the scientific community a worldwide overview of the studies about this topic in
order to understand how the exposure during sleep can be characterised.

2. Methods

The procedure to perform this review followed the guidelines defined by PRISMA
(Preferred Reporting Items for Systematic Reviews and Meta-Analyses) statement [19].

2.1. Search Strategy

Literature search was done during August 2020 using Web of Science and Scopus
to identify research articles within our defined scope. This database was searched using
simultaneously (using “AND”) both terms “indoor air quality” and “sleep” together in the
“Topic” field, which includes search in the title of the article, its abstract and keywords. A
total of 127 articles were identified as potential articles to include in the review.

2.2. Inclusion Criteria

Considering the aim of this review, only studies conducted in real life conditions
(dwellings, students dorms, elderly care centres) were considered, focusing only on the
exposure to indoor air pollutants (considering comfort parameters only when associated)
during the sleeping period (individuals had to be sleeping during the IAQ assessment).
Therefore, only studies with, at least, the assessment of one air pollutant during the sleeping
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period were considered. Studies based on experimental environments and review articles
were excluded from our analysis. Additional articles from other sources that met the
inclusion criteria were included in the review analysis.

The set of articles identified through the search phase was retrieved and their full
text was evaluated regarding the inclusion criteria. References were also evaluated for
additional articles suitable for inclusion.

2.3. Data Extraction

Data from suitable publications was extracted including year of publication, location
and type of environment, characteristics of participants and their bedrooms, air pollutants
(assessed levels and methodology), and comfort parameters and ventilation conditions
(when available). Whenever possible, statistical data such as mean, standard deviation,
median, minimum and maximum for each setting and pollutant was extracted.

3. Results

A total of 22 articles from 2003 to 2020 were found to be suitable to be included in this
review. The search and selection process is summarised in Figure 1.
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Figure 1. PRISMA workflow of the article selection process for the identification of suitable articles to be included in our
review analysis. * Exclusion criteria is defined in the Methods section.

3.1. Studies’ Settings

The selected studies were conducted in a total of 12 different countries distributed over
four continents: Australia [20,21], Asia (Bhutan [22], China [23–27], Singapore [28,29] and
South Korea [30]), Europe (Belgium [31], Denmark [1], Italy [32], Poland [33], Portugal [18,34–37]
and the Netherlands [38]) and North America (USA [39]). Table 1 provides an overview of
the characteristics of the selected studies, being that the urban environment stands out as
the more common environment where the studies were done (64%), followed by mixed
types of environment (urban/suburban and urban/rural) in 27% of the cases and only 9%
of the studies were done in suburban or rural environments.
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Table 1. Characteristics of selected studies regarding type of environment, housing, ventilation, number of occupants per
bedroom and season.

Number of Studies

Parameter Setting Australia Asia Europe North America Total

Type of
environment

Urban 2 6 5 1 14

Suburban 1 1

Mixed (urban and suburban) 2 2

Rural 1 1

Mixed (urban and rural) 2 2 4

Total 2 9 10 1 22

Type of
housing

Apartment 5 3 1 9

Detached house 1 1 2

Mixed (apartment and
detached house) 2 2 2 6

Scholar residence 1 2 3

Elderly care centre 2 2

Total 2 9 10 1 22

Type of
ventilation

Natural 1 5 5 1 12

Mixed (natural
and mechanical) 3 4 7

No info available 1 1 1 3

Total 2 9 10 1 22

Number of occupants
per bedroom

1 3 7 10

2 2 3 5

1 or 2 1 1

4 or 6 1 1

No info available 1 3 1 5

Total 2 9 10 1 22

Type of
Season

Warm season 3 2 1 6

Cold season 1 2 8 10

Both seasons 1 3 5

No info available 1 1

Total 2 9 10 1 22

From the set of select studies, 77% were done in dwellings, focusing only on apart-
ments (41%) or only on detached houses (9%) or a mix of both (27%). The remaining studies
were conducted in scholar residences (14%) and in elderly care centres (9%). Regarding
the type of ventilation, 54% of the studies were related to bedrooms with natural ventila-
tion, 32% focused on bedrooms with both natural and mechanical ventilation conditions,
and 14% of the studies did not report any information regarding the type of ventilation
conditions for the studied bedrooms. Another parameter that varied within the selected
studies was the number of occupants of the bedrooms, a factor that will condition IAQ
during sleep since human presence is a potential source of some IAQ parameters, such as
CO2, due to human respiration. Overall, 46% of the selected studies were performed in
single-occupied bedrooms, while 23% with two occupants, 4% with a mixture between one
or two occupants, 4% with four or six occupants and 23% of the studies did not supply any
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information regarding the type of occupancy. The age of occupants also varied, ranging
from 8 (children) to 104 (elderly).

It is also noteworthy to highlight that the studies were done in different seasons and
periods of the year and the average sleeping period of the occupants, when available, was
also highly variable, ranging from 4 h 30 min [36] to 10 h [33].

A summary table (Table S1) with all the relevant details and results of the selected
studies is available in Supplementary Materials.

3.2. Evaluation of Environmental Parameters

World Health Organisation (WHO) highlighted the importance of IAQ through its set
of statements entitled “The right to healthy indoor air” [40] and developed a set of IAQ
guidelines [41] aiming to minimise human exposure to indoor air pollutants taking into
account IAQ as a main determinant for human health. Regionally, different international
bodies and national legislations have implemented IAQ guidelines and limit values [42,43].
Therefore, IAQ parameters analysed in this review were evaluated regarding WHO’s guide-
lines, such as carbon monoxide (CO), CH2O, PM2.5 and PM10, and, when necessary, specific
national legislation [44] (specifically for CO2 and VOCs since WHO’s guidelines did not
provide information regarding these pollutants). In these cases, Portugal’s IAQ legislation
was applied since, for the WHO’s target pollutants, it applies limit values similar to the
WHO guidelines for short exposures and it is based on European Directives [45]. For the
remaining parameters, the international guideline ISO 7730:2005 [46] was used for temper-
ature (T) and relative humidity (RH), and the international guideline EN 16798-1:2019 [47]
for air changes per hour. Table 2 provides an overview of the limit and guideline values for
each parameter. For PM levels, the air quality guideline (AQG) values recommended by
WHO consider only outdoor levels (no indoor AQG is available yet) and were considered
for 24 h but also for the lower AQG of one year exposure, namely 10 µg·m−3 for PM2.5 and
20 µg·m−3 for PM10 (regarding annual mean) [48], taking into account the awareness of
their impact on human health [49].

Table 2. Limit values and guidelines for each considered environmental parameter in indoor environments and their source
legislation/guideline.

Parameter WHO Air Quality Guideline Reference Value Reference

CO2 - 2250 mg·m−3 (8 h) [44]
CO 10 mg·m−3 (8 h) - [41]

VOC - 600 µg·m−3 (8 h) [44]
CH2O 0.1 mg·m−3 (30 min) - [41]
PM2.5 25 µg·m−3 (24 h), 10 µg·m−3 (1 year) - [41]
PM10 50 µg·m−3 (24 h), 20 µg·m−3 (1 year) - [41]

T
- 20–24 ◦C (cold season)

[46]- 23–26 ◦C (warm season)
RH - 30–70%

Air changes per hour - 0.7 h−1 [47]

3.2.1. Temperature

Figure 2 provides an overview of the temperature values registered in the studies that
provide such information, along with discrimination regarding the type of ventilation used
in the monitored bedrooms. During the cold season, the mean air temperature registered
during sleep was 21.5 ± 2.9 ◦C, ranging from 15.9 [24] to 26.4 ◦C [21]. During the warm
season, the mean air temperature monitored in the bedroom during sleep was 26.1 ± 2.8 ◦C,
ranging from 21.8 [31] to 29.3 ◦C [29].
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Considering the international guideline ISO 7730 [46] that establishes temperature
ranges for the occupants’ comfort in cold and warm seasons, only 42% (8 of 19) of the cases
were within the acceptable range. Natural ventilation (NV) was the common ventilation
setting of the monitored bedrooms with an incidence of 74% (14 of 19) but only providing
acceptable temperature levels in 43% of the cases (6 of 14). Mechanical ventilation (MV)
was available in three studies (16% of the cases) and assured temperature levels within the
acceptable ranges only in two cases. Two studies (11% of the cases) specified the ventilation
setting as a mix between natural and mechanical (NMV) and none of them managed to
assure an acceptable level of temperature during the sleeping period.

3.2.2. Relative Humidity

The summary of relative humidity levels registered in 17 cases provided by the
selected studies are shown in Figure 3. During the cold season, the mean relative humid-
ity registered in bedrooms during sleep was 47.5 ± 13.4%, ranging from 27.0% [24] to
63.7% [21]. During the warm season, the mean relative humidity registered in bedrooms
during sleep was 56.1 ± 11.7%, ranging from 40.8% [31] to 73.5% [28].
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Considering the acceptable range between 30% and 70% for the comfort of occupants
established by international guideline ISO 7730 [46], mechanical (MV) and mixed (NMV)
ventilation settings provided relative humidity levels within this range for all their cases
(3 and 2, respectively). Natural ventilation settings only managed to provide acceptable
levels of relative humidity for 77% of the cases (10 of 13), with two cases during the cold
period (with relative humidity levels below the lower limit of 30% of the acceptable range)
and one during the warm period (with levels above the upper limit of 70%).

3.2.3. Carbon Dioxide

Figure 4 provides the CO2 levels in the selected 17 studies. These were made in scholar
residences (18%), in apartments (47%), in detached houses (6%) and simultaneously in
apartments and detached houses (29%).
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Considering the ventilation types, measurements were made mainly in bedrooms
with natural ventilation (65%), but also in rooms with mechanical ventilation (20%), with
both natural and mechanical ventilation (10%) and in a room where the type of ventilation
used was not specified (5%). Overall, CO2 levels during sleep registered a mean value
of 1840 ± 700 mg·m−3, ranging from 870 [29] to 3440 mg·m−3 [18]. Exceedances in CO2
average concentrations regarding the limit value of 2250 mg·m−3 (1250 ppm) established
by the Portuguese legislation [44] were registered in four studies, in which natural (three
studies) and mixed (one study) ventilations were used. There were no exceedances of the
limit value in any of the four cases where only mechanical ventilation was used.

In the bedroom, CO2 is generated exclusively by the occupants through the breathing
process and its individual generation rate depends on different factors (age, gender or
physiological parameters such as body mass) [50]. For instance, a couple (one female
and one male) has a CO2 generation rate of 0.0036 L·s−1 [50]. Therefore, CO2 levels may
indicate if the bedroom’s ventilation is good or not, since high CO2 levels are usually
associated with low ventilation rates [51].

3.2.4. Carbon Monoxide

Figure 5 provides CO levels during the sleeping period in bedrooms, where mean
levels of 1.30 ± 0.94 mg·m−3 were found, ranging from 0.55 [35] to 2.92 mg·m−3 [34].

It is important to highlight that only four studies provided such information and all
of them were performed in Portugal using real time monitors (namely, Graywolf (IQ-610
probe, GrayWolf Sensing Solutions, LCC, Shelton, USA)). Taking into account that the
source of this pollutant is incomplete combustion processes from, for example, in indoor
environments [52], namely cooking appliances, water heating systems or fireplaces [53],
which are not located in the bedroom, it would be plausible to speculate that CO levels
in bedrooms would be very low. However, although all studies showed values below
the WHO’s AQG of 10 mg·m−3 [41], the values are not negligible, which may indicate
infiltration from other rooms of the dwellings (such as kitchen or living room where
potential sources exist such as gas appliances) or from the outdoor (considering sources
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such as traffic exhaust emissions [54]). In fact, in the study where the highest levels of
CO were registered, the authors highlight that the studied apartment was located above a
restaurant where, besides the existence of exhaust of the restaurant’s cooking appliances,
clients smoked outdoors which may have promoted the CO infiltration through the window
and potential exposure to second hand smoke [34].
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Figure 5. Carbon monoxide levels monitored during the sleeping period at bedrooms in different
types of building (A—apartment; A/DH—mixed (apartment and detached house); DH—detached
house) and different types of ventilation settings (NV—natural; mechanical—MV; mixed—NMV).
Bars provide mean values (along with standard deviation when available). WHO AQG stands for
the air quality guideline value recommended by WHO [41], and max and min stand for maximum
and minimum values, respectively.

Low levels of CO can also be released due to normal human metabolism where it
is a product of degradation of haemoglobin via heme oxygenase enzyme (85%) and of
the degradation of myoglobin, guanylyl cyclase and cytochromes (15%) [55], where the
production rate of CO in the human body has been estimated to be around 16.4 µmol CO
per hour [56].

3.2.5. Volatile Organic Compounds

Only four studies provided data for VOCs levels during the sleeping period using
real time monitors (namely, Graywolf (IQ-610 probe, GrayWolf Sensing Solutions, LCC,
Shelton, USA)) and are displayed in Figure 6. Mean VOCs levels of 1.33 ± 0.76 mg·m−3

were registered in bedrooms’ indoor, ranging from 0.55 [34] to 2.40 mg·m−3 [36]. Consid-
ering the limit value of 0.6 mg·m−3 established by the Portuguese legislation [44], only
one study managed to provide a mean VOCs level below that threshold. It is important
to highlight that the monitoring season of that study was summer [34], which is charac-
terised by improved natural ventilation (due to the atmospheric conditions typical of south
European countries) and may explain this compliance. The remaining studies were all
conducted during the winter period, which is associated with a deficit of natural ventila-
tion of dwellings due to atmospheric conditions [57], and, therefore, it may explain the
registered exceedances.
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Figure 6. Volatile Organic Compounds levels monitored during the sleeping period at bedrooms
in different types of building (A—apartment; A/DH—mixed (apartment and detached house);
DH—detached house) and different types of ventilation settings (NV—natural; mechanical—MV;
mixed—NMV). Bars provide mean values (along with standard deviation when available). LV stands
for the limit value established by the Portuguese Ordinance no. 353-A/2013 [44], and max and min
stand for maximum and minimum values, respectively.

Indoor levels of VOCs can be emitted by common household products (such as
carpets [58]) and building materials (such as varnishes and paints [59]), as well as by
consumer and cleaning products [60–62]. From the exceedances found in the selected
studies, one study was performed in an elderly care centre [35] and, based on the temporal
analysis of VOCs and the associated time activity diary of the individuals, the use of
cleaning products during the elders uprising was associated to the morning VOCs’ peaks.
Regarding the remaining studies [18,36] that showed VOCs levels above the considered
threshold, the authors indicated the indoor sources specified previously, along with the
potential contribution of infiltration of smoking emissions [63,64] or due to the contribution
of thirdhand smoke (THS), which is the reemission of the persistent residue generate from
aged secondhand smoke (SHS) that adheres to surfaces, clothing, hair and skin [65].

It is relevant to highlight that humans are also considered as sources of VOCs in
relatively crowded environments, where VOCs emissions occur via exhalation [66,67] or
dermal emission (for example, the increase of odour intensity in unappropriated ventilated
environments can be originated from human bioeffluents [68]).

3.2.6. Formaldehyde

Only four studies supplied information about CH2O levels monitored during the
sleeping period, and all of them were from the same country, Portugal. Other studies can
be found in the literature with monitored levels of CH2O in bedrooms but the monitoring
procedure has a different timeframe than the sleeping period (e.g., during six consecu-
tive days in the bedrooms, including sleeping and no sleeping periods [52], or without
specifying the monitoring period [69]) and, therefore, were excluded from this analysis.

Overall, mean CH2O levels of 0.092 ± 0.043 mg·m−3 were found, ranging from
0.050 [35] to 0.160 mg·m−3 [18]. By analysing the selected studies and considering the
air quality guideline of 0.1 mg·m−3 established by WHO [41], only two studies (one con-
ducted in naturally ventilated bedrooms and the other one in mixed ventilated bedrooms)
provided mean values of CH2O above this guideline value, while the others cases were
all below this threshold, as shown by Figure 7. It is important to highlight that in those
two studies with mean values above the guideline value, maximum levels of 6 [18] and
around 8 [34] times that threshold were found in bedrooms during the sleeping period.
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In all these studies, a real-time monitor (namely, Formaldemeter htV-M, PPM Technology
Ltd, Caernarfon, Wales, UK) was employed instead of passive samplers required by the
national legislation [44], which may present some limitations already highlighted (such
as lower specificity for lower concentrations which may result in an overestimation of
CH2O levels [34]). However, this monitoring strategy allows to identify concentrations
specifically during the sleeping period.
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Figure 7. Formaldehyde levels monitored during the sleep period at bedrooms in different types of
building (A—apartment; A/—mixed (apartment and detached house); DH—detached house) and
different types of ventilation settings (NV—natural; mechanical—MV; mixed—NMV). Bars provide
mean values (along with standard deviation when available). WHO AQG stands for the air quality
guideline value recommended by WHO [41], and max and min stand for maximum and minimum
values, respectively.

This pollutant is common in indoor environments due to its widespread use in the pro-
duction of binders and resins (typically used in wood products as furniture and plywood),
paints and coatings, plastics, building and flooring materials, and consumer products [70].
Combustion processes developed in dwellings, such as smoking, candle burning and
heating, are also indoor sources of formaldehyde [71]. It is also important to highlight that
indoor emission rates of formaldehyde may be promoted by the increase of temperature
and relative humidity [72,73].

3.2.7. Particles

Despite the importance of assessing PM levels due to its potential health hazard
to humans [49], very few studies focusing on sleeping environments still evaluate these
parameters. Only 23% (5 out of 22) of the studies provided levels for both PM2.5 and PM10
during the sleeping period in bedrooms. Some available studies in the literature were
excluded from this review because the monitored period was not exclusive to the sleeping
period. It is also important to highlight that the used monitoring/sampling methods
differed between studies, from using laser photometer based on light scattering technology
(such as the DustTrak DRX monitor from TSI, Shoreview, Minnesota, USA) [18,34–36],
gravimetric method (using a TCR-Tecora sampler) [37] to a commercially available low
cost sensor (Awair—only for PM2.5, with an accuracy of 15% and a measuring range from 0
to 500 µg·m−3) [31]. From the select studies, a great majority was done in Portugal (around
83% of the cases) [18,34–37], while the remaining one was conducted in Belgium [31],
which highlights the need to conduct such assessments in other countries to understand
the human exposure to these pollutants during sleep.

One of the main constraints of PM sampling using reference methods (such as gravi-
metric ones) is the noise of sampling equipment that may interfere in the sleep quality
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of the occupants (an optimal sleep environment is characterised by a noise level below
35 dB [74]) and, moreover, the impossibility of obtaining real time data during the sleeping
period. Therefore, real time monitors, such as the ones based on light scattering, are a viable
and interesting option to use, despite still having a potential noise interference (due to
internal pumps) and, more importantly, the need of calibration with reference gravimetric
methods to assure the reliability of the monitoring (in addition to a factory calibration
of the devices) [75,76]. The same procedures of intercalibration with reference methods
should also be applied to low cost sensors to assure the reliability of the results [77,78].

Figure 8 presents PM2.5 and PM10 levels monitored during sleep in the selected studies,
where PM2.5 mean levels of 19.0 ± 10.9 µg·m−3 (ranging from 5.0 [35] to 35.1 µg·m−3 [36])
and PM10 mean levels of 20.4 ± 10.0 µg·m−3 (ranging from 10.0 [37] to 39.2 µg·m−3 [36])
were found. Regarding PM2.5, only the study in naturally ventilated bedrooms of apart-
ments and detached houses [36] surpassed the AQG for 24 h of 25 µg·m−3 recommended
by WHO [41], with levels of 35.1 ± 32.4 µg·m−3. These high PM2.5 levels along with a
high standard deviation may be attributable to the fact that 6 of 12 studied bedrooms were
of smokers (despite no smoking in bedrooms). Considering the WHO’s AQG for 1 year
of 10 µg·m−3, only the bedroom with mechanical ventilation provided levels below this
level [35] (17% of the studied cases). Regarding PM10 levels, all studies monitored mean
PM10 levels below the AQG for 24 h of 50 µg·m−3 recommended by WHO [41], with only
43% of the cases (three out of seven) with values below the AQG for 1 year of 20 µg·m−3,
obtained in bedrooms with natural [37] or mechanical ventilation settings [35,37].
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Figure 8. PM2.5 (top) and PM10 (bottom) levels monitored during the sleep period for three types
of ventilation setting. Studies index is regarding type of building: A—apartment; A/DH—mixed
(apartment and detached house); DH—detached house; EEC—elderly care centre. Bars provide mean
values (along with standard deviation when available). AQG stands for the air quality guidelines
(red—24 h; green—1 year) recommended by WHO [41].
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Ultrafine particles (UFP), usually measured by their particle number concentration
(PNC, number of particles of diameter above 10 nm in one cm3 of air), are not yet legislated,
despite the growing concern of their potential health hazard to humans [79,80]. Figure 9
provides mean UFP levels found in the selected studies, ranging from 1.7 × 103 [36] to
33.3 × 103 particles·cm−3 [23] (with an overall mean of (14.0 ± 13.7) × 103 particles·cm−3),
which shows a great variability between studies. In 80% of the studies (four of five), the
same monitoring device was used, namely a Philips Aerasense NanoTracer, while in one of
the studies a different device was used (Pegasor AQTM Indoor Air Quality form Coorstek
Amazing Solutions).
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Indoor levels of ultrafine particles in dwellings are influenced by outdoor levels (due
to infiltration to indoors) [81], building characteristics [82], along with indoor sources (such
as candle burning, cooking, environmental tobacco smoke and heating devices [83,84]) and
human-related activity [85].

3.2.8. Air Changes per Hour

Six studies selected from the present review provided simultaneously levels of some
air pollutants along with information regarding air changes per hour (ACHs) during the
sleeping period. Figure 10 provides mean ACHs for the selected studies (with an overall
mean of 1.31 ± 0.81 h−1, ranging from 0.29 [26] to 2.84 h−1 [34]), where it is possible that
only one study did not manage to provide the minimum value of 0.7 h−1 established by
the guideline EN 16798-1:2019 [47]. In this specific case, a total of 164 bedrooms were
evaluated in Chinese dwellings with natural ventilation (namely, bedrooms of children
with closed doors and windows) during the different seasons, ranging from median values
of 0.25 h−1 in spring and summer to 0.37 h−1 in winter. In natural ventilation settings,
the users’ behaviour regarding opening or closing doors and/or windows is crucial to
improve ACHs and, therefore, the bedrooms’ ventilation [34]. For instance, in the same
study, 198 bedrooms with natural ventilation but with the opening of a door (and with
or without the opening of windows) during sleep provided median values ranging from
0.66 h−1 in spring and 2.46 h−1 in summer. A detailed review of 46 studies focusing on
bedroom ventilation [86] highlighted that ACHs ranged from 0.2 to 4.9 h−1, with lower
levels during heating seasons, especially for naturally ventilated bedrooms.
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Figure 10. Air changes per hour during the sleep period in bedrooms in different types of building
(A—apartment; A/DH—mixed (apartment and detached house); SR—scholar residence) and differ-
ent types of ventilation settings (NV—natural; mechanical—MV; mixed—NMV). Bars provide mean
values (along with standard deviation when available). Red line stands for the minimum value of
0.7 h−1 established for bedrooms by EN 16798-1:2019 [47].

Ventilation is essential to provide the dilution conditions for air pollutants concen-
trations in the bedrooms [34], being one of the best solutions to attain an acceptable IAQ
in terms of cost-effectiveness [87]. However, even if the ACHs are above the considered
minimum value of 0.7 h−1, compliance of indoor air pollutants levels during sleep with
the legislation may not be warranted, as concluded in a study performed in Portugal [18].

4. Discussion
4.1. Correlation between Air Pollutants during Sleep—Understanding Their Sources

Some of the studies evaluated potential associations between air parameters during
sleep in order to understand their common sources. A study conducted in Lisbon during
the sleeping period of 10 couples [18] found out that relative humidity was positively
correlated with CO2 levels (Spearman’s correlation coefficient of 0.71, p-value < 0.050) and
bacterial loads (Spearman’s correlation coefficient of 0.70, p-value < 0.050) assessed in the
bedrooms. The latter two parameters are intrinsically associated with the human presence,
namely CO2 [88], which is released during the breathing process by the occupants and
bacteria that are directly shed from human skin [89]. Higher ACHs were also associated
with lower levels of CO2 (Spearman’s correlation coefficient of −0.78, p-value < 0.050)
during the sleeping period since higher ventilation promotes higher dilution of CO2. Other
positive associations were also found between CO2 and CH2O (Spearman’s correlation
coefficient of 0.66 with p-value < 0.050), highlighting that CH2O is emitted by indoor
sources present at the bedroom, such as building materials and consumer products; and
between CO and VOCs (Spearman’s correlation coefficient of 0.67 with p-value < 0.050),
confirming their common source, such as outdoor infiltration from traffic sources [18]. This
study also evaluated fungi levels before and after the sleeping period finding a positive
association between them (Spearman’s correlation coefficient of 0.83, p-value < 0.050),
which highlighted the nonexistence of local indoor sources of fungi during sleep.

4.2. Impact of Air Pollutants on Sleep Quality

Some studies in the literature aimed to understand what is the impact of high levels
of air pollutants during the sleeping period on the sleep quality of individuals. Usually,
the target air pollutant is exclusively CO2 and sleep quality assessment is done by stan-
dardised questionnaires [90], actigraphy (or similar devices that provide some information,
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such as Fitbit) or polynomsonography [91,92]. In Australia, a study in dwellings with
48 individuals using wrist-worn sensors concluded that the percentage of deep sleep was
negatively related with the CO2 levels during the sleeping period, with a decrease of 4.3%
for every increase of 180 mg·m−3 in the overnight mean of CO2 levels [21].

In Denmark, a study performed in 20 single bedrooms of university dorms showed
that CO2 levels could be reduced from 4311 to 1503 mg·m−3 by changing the ventilation
conditions (from no mechanical ventilation conditions to using a fan in the air intake
vent), which lead to a significant improvement of sleep quality (measured by means
of actigraphy), along with the perceived freshness of the bedroom air. Lower levels of
CO2 were also associated to a lower next-day reported sleepiness, a higher ability to
concentrate and also an improvement of the performance of individuals in logical thinking
tests [1]. Another study in 17 single bedrooms in the Netherlands also showed the impact
of reducing CO2 levels, by means of controlling the bedroom ventilation, on the sleep
quality (assessed by questionnaires and actigraphy) [38]. Open conditions (open window
or door) provided mean CO2 levels of 1310 ± 360 mg·m−3 during sleep, while closed
conditions (closed window and door) registered mean levels of 2100 ± 850 mg·m−3. Lower
CO2 levels promoted better sleep depth (subjectively assessed by questionnaires), lower
number of awakenings and better sleep efficiency (being the latter two parameters obtained
by actigraphy) [38].

A study conducted in China, using experimental chambers decorated as bedrooms
with three different experimental conditions regarding CO2 levels (namely, 1440, 3420
and 5400 mg·m−3) [93], evaluated the sleep quality of 12 young adults (six males and
six females) by questionnaires and polysomnography. Sleep quality was found to be
significantly lower with the increase of CO2 levels, with a positive linear correlation
between sleep onset latency and CO2 levels and a negative linear correlation between
slow-wave sleep and CO2 levels. A significant difference in sleep quality at lower CO2
levels was also found between genders.

In Belgium, a study at Ghent University dorms with a total of 27 individuals assessed
several IAQ parameters (T, RH, CO2, TVOCs and PM2.5) and sleep quality by actigraphy,
polysomnography and standardised questionnaires [31]. One of the main outputs from
this study was that higher PM2.5 levels were associated with a higher percentage of time
awake and lower sleep efficiency [31].

A study in Peru aimed to understand the impact of the reduction of PM2.5 indoor levels
due to indoor fuel pollution in the sleep symptoms (using questionnaires) of 38 children,
by changing the used stoves to less-polluting cooking stoves [94]. The new stoves have
shown a reduction of 74% of the PM2.5 emitted levels and children reported less problems
during sleep, more willingness to go to bed and ease of falling asleep, along with greater
ease to wake up and less morning headache.

A review focusing on the impact of air pollution exposure into adverse sleep health
selected 22 studies [3], with 21 reporting generally positive associations between exposure
and poor sleep quality in children, adolescents and adults. However, from these, only
five considered indoor exposure [94–98], with three focusing specifically on the effect of
IAQ on sleep quality: two intervention studies in Peru for reducing PM exposure due to
household exposure to biomass pollution, as described above [94,98], and a study focusing
on the exposure to cooking oil fume (COF), which was positively associated with poor
sleep quality [95].

4.3. Considerations and Future Perspectives

Several remarks need to be considered when comparing results from field studies
since several factors differ between them, such as, occupancy (studies considered between
one or two occupants during their sleeping period) and the occupant characteristics (age,
gender, among others), type of surrounding outdoor environment, and ventilation settings.

The age of individuals has also been shown to be an important factor when considering
the impact of air pollution on sleep outcomes [99,100] since it varies with the development
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stage due to higher vulnerability of children [101] and elderly [102] to adverse environ-
mental exposure and, consequently, to their health effects [103]. In the present review,
six studies focused specifically on assessing the exposure of children [20,23,26,32,33], while
three studies targeted the elderly population [24,35,37]. Another relevant issue affecting
sleep quality is the gender of subjects, which has been shown to have an impact on sleep
quality [104,105], with women usually reporting worse sleep quality than men [106]. This
difference may be attributable to morphologic differences between genders, along with
social patterns of behaviour and stress responses that affect sleep mechanisms [107].

Therefore, to assess IAQ during sleep and its impact on the sleep quality of individuals
it is crucial to provide a comprehensive characterisation of the individuals, regarding
their personal, social and demographic details, in order to exclude potential cofounders
that may influence sleep quality assessments. In this way, or focusing on similar study
populations, it will allow to understand with reliability the impact of environmental factors
on sleep quality.

Regarding ventilation, the studied bedrooms differed in type (from natural, mechan-
ical and mixed settings), along with differences in the user behaviour, namely towards
the opening of doors and windows during the sleeping period. Either way, these studies
always reflected real life conditions, allowing to understand how the IAQ is during sleep
and to identify which mitigation measures can be applied to improve it and to minimise
the pollution sources [87].

When performing the present review of the literature, one issue that was highlighted
and responsible for the exclusion of several studies was that the monitoring period was
not exclusively the sleeping period. As an example, a study in social housing with elderly
occupants in Spain monitored comfort parameters and CO2 in bedrooms but during a
minimum period of 48 continuous hours [108]. In order to perform a correct assessment
of IAQ during sleep, it is important to only monitor IAQ parameters during this period,
rather than monitoring the bedroom without occupancy, since this will promote an under
evaluation of the pollutants levels due to the dilution of pollutants during the nonoccu-
pancy period [6]. Therefore, standardised protocols (from monitoring and experimental
set-ups to the gathering of relevant information) need to be employed in order to obtain
comparable studies that provide accurate information about IAQ during sleep.

The assessment of PM levels during the sleeping period using the gravimetric method
(through filter sampling) [109] is essential to allow a detailed chemical characterisation of
particles [110] and, therefore, to identify their sources and respective contributions to the
overall levels [111]. However, filter sampling is a critical issue due to the interference with
the sleep of occupants taking into account the noise of pumps required in such equipment.
The information of particles’ sources is crucial to understand their health impact and to
identify specific mitigation measures to decrease the exposure to this pollutant. Sources
affecting PM levels can be from the indoors, namely from the bedroom or from infiltration
from other rooms of the dwelling due to a variety of human activities (such as cooking [53],
vacuum cleaning [112], cleaning [113], burning candles [114], smoking [36,63], walking due
to PM resuspension [115]) or even from textiles and human skin desquamation (mainly
regarding PM10) [116]. Outdoor infiltration may also be a source of indoor PM levels if
an active source is found outside the dwelling (such as traffic for PM2.5 [117]). There-
fore, special efforts should be promoted by researchers to fulfil this gap of knowledge
in the future.

One strategy to understand the potential source of the air pollutants during sleep
could also be the assessment of indoor-to-outdoor (I/O) ratios since it is a very useful
tool. At present, no information regarding these ratios can be found in the literature for
bedrooms’ environments.

From the 22 studies selected in the present review, most of them provided levels for
CO2 (17 out of 22, 77%), followed by PM10, PM2.5 and ultrafine particles (with 5 out of 22,
23%) and, finally, CO, VOCs and CH2O (with 4 out of 22, 18%). The indoor air pollutants
monitored only in 18% of the studies, were all conducted in Portugal, showing a lack of
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information of how the levels of these pollutants may vary during the sleeping period in
other countries and regions of the world [118–120]. Overall, sleeping environments still
have very scarce information in the literature regarding the exposure levels of air pollutants
commonly associated to indoor environments. Future studies should be undertaken in
order to provide a more comprehensive characterisation of these environments to assess
accurately the human exposure during sleep, which would potentiate the understanding
of the overall IAQ impact on sleep quality, for instance.

5. Conclusions

Monitoring air pollutants while sleeping can be very challenging due to the fact that
the traditional instruments that monitor air quality can produce, for instance, some noise
that affects sleeping quality. This fact may be one the reasons why the quantity of studies
that access IAQ while sleeping is so scarce. This review only identified 22 studies that
assessed exposure to the main indoor air pollutants during the sleeping period, which
provided indications of potential sources of indoor air pollutants and how different types
of ventilation, along with other characteristics, may influence IAQ.

Exceedances of the AQG and limit values were consistently verified for every pollu-
tant, except for CO, in the majority of the 22 studies analysed (CO2: 870–3440 mg·m−3;
VOCs: 0.55–2.40 mg·m−3; CH2O: 0.050–0.160 mg·m−3; PM2.5: 5.0–35.1 µg·m−3; PM10:
10.0–39.2 µg·m−3). Although air changes per hour were generally higher than the mini-
mum value required, the presence of high air pollutants levels may indicate the presence
of pollution sources and the necessity of a higher ventilation rate than what is verified in
each bedroom to promote a better dilution of pollutants.

Until now, very few studies have managed to provide an overall characterisation
of sleeping environments (focusing simultaneously on comfort parameters and indoor
air pollutants: CO2, CO, VOCs, CH2O and particles). Moreover, the existent studies
varied in great range of factors: the country and type of dwellings/environments, to
the number of individuals present in the bedrooms, seasons and types of ventilation.
Therefore, it would be essential to focus future research on obtaining a more complete
characterisation of a wider range of settings (including in different countries), always
providing essential information about the study design in order to allow the comparability
between studies. This valuable information would allow to improve the accuracy of
exposure assessments and to understand the main drivers of IAQ’s degradation and how
to tackle them. Simultaneously to IAQ characterisation during sleep, it is also essential to
focus on sleep quality assessments, which may allow to understand the potential impact of
IAQ on the sleep quality of individuals. Taking into account the vital role that sleep plays
in the human life and welfare, this knowledge would allow to improve sleep quality by
means of changing the quality of air that we breathe during sleep.
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Air pollution is one of the major environmental health problems that people face
nowadays, affecting everyone in the world. The World Health Organization has estimated
that, in 2016, ambient air pollution caused 4.2 million premature deaths worldwide, in both
cities and rural areas, while household air pollution caused 3.8 million deaths, mainly in
low and middle-income countries [1].

Usually, citizen exposure to air pollutants is calculated based only on concentrations
of pollutants monitored using air quality monitoring stations from environment national
agencies. These monitoring stations focus on outdoor air quality and, most of them, are
located in urban centres. However, this approach fails to account for all components of
exposure since:

• There is a high variability of air pollutant concentrations within a city, depending on
the city topography and the existence (or not) of specific pollution sources (such high
traffic areas);

• The time–activity patterns and the use of spaces are very heterogeneous within the
population;

• People spend around 90% of their time in indoor environments;

Therefore, human exposure during a full day cannot be reflected only by outdoor
exposure and should consider all micro-environments where individuals spend their time
(e.g., home, workplace, transports, leisure, and others) and the time spent in them.

Moreover, the characterization of air pollutants in indoor and outdoor environments
is essential to understand the integrated human exposure to them and, thus, to improve
those exposure assessments.

The Special Issue “Integrated human exposure to air pollution” aimed to increase the
knowledge about human exposure in different micro-environments or when citizens are
performing specific tasks, to demonstrate methodologies for the understanding of pollution
sources and their impact on indoor and ambient air quality, and, ultimately, to identify the
most effective mitigation measures to decrease human exposure and protect public health.
Taking advantage on the latest available tools, such as internet of things (IoT), low-cost
sensors and a wide access to online platforms and apps by the citizens, new methodologies
and approaches can be implemented to understand which factors can influence human
exposure to air pollution. This knowledge made available to the citizens, along with the
awareness of the impact of air pollution on human life and earth systems, can empower
them to act, individually or collectively, to promote behavior changes aiming to reduce
pollutants’ emissions.

Overall, this Special Issue gathers fourteen peer-reviewed and open access articles
that provide new insights regarding these important topics within the scope of human
exposure to air pollution. A total of five main areas were discussed and explored within
this special issue, which are described below, and, hopefully, can contribute to the advance
of knowledge in this field.
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1. New Methodologies to Assess Human Exposure

In recent years, the use of low-cost sensors for assessing environmental parameters
was a landmark regarding personal exposure assessments due to their portability, low price
and easy handling, allowing to add multi sensors to monitor different parameters, along
with global positioning system (GPS) sensor and transmission of acquired data to online
platforms. Such combination allows to gather different types of information/data in cloud
environments, usually in a great amount, which contributed to the concept of big data in
the field of human exposure assessments regarding air pollution. However, a critical issue
on the use of such type of monitoring devices is their validation towards reference methods
to assure the reliability of results.

A study conducted in Texas (USA) [2] focused on this issue where low cost particle
sensors (targeting suspended particulate matter) were developed, calibrated and tested in
real life conditions. The developed monitoring unit used an Arduino interface, a commer-
cially available dust sensor (namely, Sharp GP2Y1010AU0F), a Global Positioning System
(GPS) sensor (to provide the location of the measurements) and a communications module
to transmit data to an online platform. The authors also provided a historical and critical
overview of the evolution of these types of low-cost sensors and their performance, based
on a literature review. The dust sensors employed in the monitoring units were calibrated
regarding a reference aerosol monitor, using a mixing chamber and generation of sodium
chloride particles, where the sensors showed standard deviations for replicate measure-
ments of 3-6 µg/m3. To show the applicability of the developed set-up, measurements in
real life conditions were conducted both at indoor and outdoor environments in Lubbcok,
Texas. Analysis of the results allowed to identify, for instance, increased exposure levels to
particulate matter nearby restaurants and when cooking at home. The gathered data also
allowed to build maps with spatial location of the monitored PM levels.

Using a case study in Madrid (Spain), a new methodology, based on the Internet
of Things (IoT) approach and using low cost sensors of air pollutants (PM2.5, CO2 and
VOC) along with available outdoor air quality data, was proposed for estimating personal
air pollution exposure (PAPE) [3]. Individual’s PAPE was estimated based on combined
outdoor and indoor data with spatio-temporal activity patterns. The understanding of
instantaneous PAPE, by means of a forecasting approach, may be useful for individual
awareness, as for example, to decide travel routes in order to minimize their exposure,
as it was shown in this case study. Overall, this study provided a new framework for
an Air Quality Decision Support System (AQDSS), taking advantage of the nowadays’
technologies and showing its applicability.

2. Citizens Empowerment Regarding Air Pollution

The importance of public awareness on air pollution issues and its impacts was high-
lighted in a study conducted in Shanghai (China), where the relationship between air
pollution levels and the expression of concern of the city’s residents was evaluated [4].
Using information of a period of two thousand days (with a daily frequency) (from 2013 to
2019) regarding the air quality index provided by the local environmental monitoring sta-
tions and an index about the internet searches of the residents based in selected keywords,
an empirical analysis was conducted using a vector autoregression model.

Using this strategy, three main findings were reported about the awareness levels
of citizens regarding this topic: (1) degradation of air quality was perceived by citizens
within one day; (2) information regarding air quality issues in another major city (Beijing)
conducted to a concern on the inhabitants of Shanghai about local air quality; and (3) higher
concern levels of the citizens had a beneficial impact on local air quality, which can be
explained by their environmental awareness that promoted pro-environmental behaviors,
along with public pressure toward governmental actions to tackle air pollution. This study
highlights the importance of knowledge transfer about air pollution and their impacts
to the citizens, which is reflected by a higher awareness level that may lead to actions to
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improve air quality and, consequently, to minimize citizens’ exposure to air pollutants and
its negative impacts on human health.

3. Outdoor Pollution Sources

Identifying pollution sources is crucial to define mitigation measures to improve air
quality at specific locations. In urban areas, one of the main pollution sources is traffic
and several cities worldwide are implementing traffic restrictions taking into account the
vehicles category and their pollution potential. One example is the multi-year progressive
traffic policy implemented in an extended limited traffic zone of the municipality of Milan
(Italy) that started in the beginning of 2019, with the restriction of circulation of some classes
of highly polluting vehicles (Euro 0 petrol vehicles and Euro 0 to 3 diesel vehicles). Another
important step in these processes is a continuous evaluation of those measures in order to
improve them or change them according to the desired results. For this reason, monitoring
data is essential along with statistical tools which can provide information regarding trends
and forecast outcomes. Such type of analysis was conducted for the Milan case [5], where
the early-stage impact of this policy on two specific vehicle-generated pollutants (namely,
total nitrogen oxides (NOx) and nitrogen dioxide (NO2)) was evaluated.

For this, daily environmental data gathered by Lombardy Regional Agency for En-
vironmental Protection (ARPA Lombardia) was divided in pre-policy data (from 2014 to
2018) and in the early-stage policy assessment (focusing on eight months of data after the
policy implementation). Several factors were considered in the evaluation of models, such
as weather conditions, socio-economic factors and pollutants’ concentration in neighboring
cities. Despite the fact that the results showed an average reduction of concentrations after
the policy implementation, this study highlighted that these changes could be due to other
factors than the policy implementation, taking into account that the evaluated short time
window may not reflect the citizens’ adaptation to the new rules. Moreover, a negative
impact on air quality of some specific areas was found which may be explained by the
congestion of public transport buses (promoted by the restrictions) and by the change of
the traffic temporal dynamics (since the aforementioned restriction is limited to business
hours). Overall, this study characterized the initial phase of the policy implementation,
where future assessments should be done to assess its impact when fully implemented,
and, additionally, hourly data should also be considered to understand the hourly traffic
dynamics and their impact on the local air quality.

A study conducted in Setúbal (Portugal) provided a ten year evaluation (2003–2012)
of local air quality trends (focusing on PM10, PM2.5, O3, NO, NO2 and NOx) and identified
potential pollution sources of particulate matter, using a source apportionment technique,
namely Positive Matrix Factorization [6]. Overall, air quality improved over the years with
a decreasing trend of air pollutant concentrations, with the exception of O3. However,
despite this improvement, levels of PM10, O3 and nitrogen oxides still do not fully comply
with the requirements of European legislation and the guideline values of World Health
Organization (WHO). This study identified the main anthropogenic sources contributing
to local PM levels as traffic, industry and wood burning, highlighting the need to address
the sources by specific mitigation measures in order to minimize their impact on the local
air quality.

Taking into account that road dust resuspension is a current air quality management
challenge in Europe, a study conducted in Viana do Castelo (Portugal) focused on this
issue and characterized road dust samples collected in suburban and urban streets, defined
PM10 emissions factors for different road types and identified the main anthropogenic
contributions to them [7]. Estimated PM10 emission factors ranged from 49 mg·veh−1·km−1

(asphalt) to 330 mg·veh−1·km−1 (cobble stone). Road dusts in urban streets revealed the
contribution from traffic emissions (regarding the levels of Cu, Zn and Pb), while in
suburban streets, the contribution from agriculture practices was highlighted by As levels
in the finest road dust fraction. Hazard quotients were also assessed and a probability of
induction of non-carcinogenic adverse health effects in children was found due to ingestion
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of Zr, while As in the suburban street was found to represent a human health risk of
1.58 × 10−4, which reveals the need for adoption of local mitigation measures.

Besides chemical pollutants, air pollution also includes atmospheric bioaerosols, such
as bacteria and yeasts. To understand how human hazard to these microorganisms changed
over time, their temporal evaluation (focusing on a temporal gap of 10 years) was assessed
in the South Western Siberia [8]. Bioaerosol samples obtained in 2006–2008 and 2012–2016
were characterized (by means of growth, morphological and biochemical properties) and
the indices of hazards for both bacteria and yeasts were calculated. Overall, hazard
to humans of culturable microorganisms in the atmospheric aerosol has not changed
significantly over these 10 years (trends are undistinguishable from zero with a confidence
level of more than 95%) despite a noticeable decrease in the average annual number of
culturable microorganisms per cubic meter (6–10 times for the 10 year period).

Particulate matter (PM) pollution is a common environmental problem in urban areas
and, in particular, in urban areas with fast development. In order to understand how the
economic growth, urbanization and industrialization affect PM levels, a study targeted
the specific case of Liaoning Province (China) where it evaluated PM levels and socio-
economic indicators during a period of 16 years (from 2000 to 2015) [9]. Applying statistical
tools, such as Granger causality test, it was shown that, in terms of the causal interactions,
economic activities, industrialization and urbanization processes all showed positive long-
term impacts on changes of PM2.5 levels. In terms of contributions, industrialization
contributed the most to the variability of PM2.5 levels in studied sixteen years, followed
by economic growth. These outcomes highlight the need for policy makers to explore
more targeted policies to address the regional air pollution issue considering the local
development characteristics.

4. Indoor Pollution Sources

Indoor micro-environments are the environments where humans spend most of their
daily time. Therefore, it is important to understand the different mechanisms that can
increase indoor concentration levels (from outdoor infiltration and human activities to
specific emissions from products—such as candles—or materials used in within buildings)
in order to identify the best measures to decrease the exposure associated to them.

Smoking is a worldwide concern, both regarding direct or indirect health issues and
also regarding its contribution to the deterioration of indoor air quality. In the last years, the
use of electronic cigarettes (e-cigarettes) and heat-not-burn tobacco (HNBT) has been widely
adopted as popular nicotine delivery systems (NDS), mainly among adult demographics. A
study aimed to understand the effect on indoor air quality by traditional tobacco cigarettes
(TCs) and new smoking alternatives, focusing in a multi-pollutant approach (particulate
matter, black carbon—BC, carbon monoxide—CO—and carbon dioxide—CO2) in two real
life scenarios: home and car [10]. Results showed that particle emissions between the
different NDS were significantly different, with TCs corresponding to higher PM10 and
ultrafine particle concentrations and HNBT corresponding to the lowest levels registered.
Considering that black carbon and CO are released by combustion processes, significantly
lower levels were found for e-cigarettes and HNBT since no combustion occurs during their
use. However, despite the fact that the new generation of cigarettes results to substantially
lower levels of air pollutants compared to TCs, their use still constitutes a source of indoor
air pollutants, which should be tackled.

Several actions can be taken in order to reduce indoor air pollutants. For instance,
in some countries, such as South Korea, filter-type air purifiers are used to eliminate fine
particulate matter from indoor environments. A study assessed the performance of this
type of solution to reduce particulate matter levels in a person’s breathing zone, according
to two approaches: a movable air purifier responding to the movement of persons in the
room or a fixed air purifier [11]. The results showed a decrease of 51 µg/m3 and 68 µg/m3

from the implementation of these two strategies, respectively.
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5. Health Impacts of Human Exposure to Air Pollution

Understanding the health impacts of air pollution by means of statistical models is
an important step to provide to the scientific community, policy makers and citizens in
general the knowledge about the real burden of human exposure to air pollutants. This
valuable information is, certainly, the foundation for promoting behavior change and public
acceptance to the implementation of measures to tackle the human exposure. Therefore,
improving such type of assessment models is very important in order to provide the most
accurate and reliable information. Considering only outdoor concentration of air pollutants
as a surrogate for total population exposure and neglecting micro-environments where
people spend most of their time, may lead to biased and under-evaluated outcomes.

A study focused on this issue on the Greater London Area (UK) [12], including
different micro-environments where people spend time at (based on time-activity and
housing stock data), identified a misclassification of 1174–1541 mean predicted mortalities
attributable to PM2.5 exposure in the studied area when only outdoor concentration was
considered. Indoor exposure to PM2.5 was found to be the largest contributor to total
population exposure concentrations accounting for 83%, followed by the exposure in the
London Underground with 15%, despite the time spent on it being only 0.4%. Overall,
this study confirmed that increasing the models’ complexity and incorporating relevant
micro-environments regarding the potential human exposure can significantly reduce the
misclassification of health burden assessments.

The use of statistical models can also be employed to explore potential associations
between exposure to air pollutants and health outcomes to highlight potential causal
relationships. A study conducted in Wuhan city (China) evaluated the time-series of air
pollutants (PM2.5, PM10, SO2, NO2, CO and O3) and focused on the tuberculosis’ incidence
in order to identify its potential association with short-term exposure to air pollution, based
on kriged data and single and multi-pollutant models [13]. Single pollutant models showed
that an increase of 10 µg/m3 in concentrations of PM2.5, PM10 and O3 promoted an increase
of the associated tuberculosis risk, while in the multi-pollutant model, only PM2.5 showed
a statistically significant effect on tuberculosis incidence. Despite the complexity of the
mechanism linking air pollution and tuberculosis incidence, this study provides insights
on potential associations, which should be explored in future research.

A cross-sectional study conducted in Selangor (Malaysia) focused on assessing the
allergy and lung inflammation promoted by exposure to different indoor pollutants (PM2.5,
PM10, NO2 and CO2) in scholar environments, based on marker expression on eosinophils
and neutrophils [14]. A total of 96 students from eight suburban and urban schools
answered to standardized questionnaires and their fractional exhaled nitric oxide (FeNO)
was evaluated, along with allergic skin prick test and sputum induction (which was
later analysed for the expression of CD11b, CD35, CD63 and CD66b on eosinophils and
neutrophils). By using chemometric and regression analysis, it was found that exposure to
PM2.5 and NO2 was likely associated with the degranulation of eosinophils and neutrophils,
following the activation mechanisms that led to the inflammatory reactions.

Adverse birth outcomes (stillbirth, preterm births and low birth weight) due to expo-
sure to household air pollution from unclean cooking fuel in Nigeria were also assessed
in a study using Bayesian models, taking into account geographic variability [15]. Using
data obtained in a national cross-sectional survey, unclean fuel was the primary source
of cooking for 89.3% of the women and the risk of stillbirth was significantly higher for
mothers using this type of cooking fuel. It was also found that mothers who attained at least
primary education had reduced risk of stillbirth, while for the increasing age of the mother
the risk of stillbirth increased. Geographical differences were also found with mothers
living in the Northern states having a significantly higher risk of adverse births outcomes.
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a b s t r a c t

Commuters are exposed to a variety of physicochemical and microbiological pollutants that can lead to
adverse health effects. This study aims to evaluate the indoor air quality (IAQ) in cars, buses and trains in
Lisbon, to estimate inhaled doses while commuting and to evaluate the impacts of cleaning and venti-
lation on the IAQ. Particulate matter with diameter lower than 1, 2.5 and 10 mm (PM1, PM2.5 and PM10),
black carbon (BC), carbon monoxide (CO), carbon dioxide (CO2) volatile organic compounds (VOCs),
formaldehyde (CH2O) and total airborne bacteria and fungi were measured and bacterial isolates were
identified. Results showed that the type of ventilation is the main factor affecting the IAQ in vehicle
cabins. Under the fan off condition, the concentration of BC was lower, but the concentration of gases
such as CO2, CO and VOC tended to accumulate rapidly. When the ventilation was used, the coarse
particles were filtered originating the decrease of indoor concentrations. Commuters travelling in trains
received the lowest dose for all chemical pollutants, except VOC, mainly because railways are further
away from the direct vehicular emissions. Commuters travelling in cars without ventilation received the
highest inhaled dose for almost all pollutants despite having the lowest travel duration. Airborne
microbiota was highly affected by the occupancy of the vehicles and therefore, the fungi and bacterial
loads were higher in trains and buses. Most of the isolated species were human associated bacteria and
some of the most abundant species have been linked to respiratory tract infections.

© 2020 Elsevier Ltd. All rights reserved.

1. Introduction

Cities have faced the detriment of air quality as a consequence of
reliance on fossil fuels, inefficient use of energy in transports and
buildings, degradation of open and green areas, dependence on
private automobiles, traffic, among others (Ozcan and Cubukcu,
2018). In the countries of the EU-28, traffic emissions accounts
for 46% of nitrogen oxides (NOx) and 15% of particulate matter with
aerodynamic diameter lower than 2.5 mm (PM2.5), which has lead
the EU to stablish goals to improve the urban mobility and air
quality (European Commission, 2017). In order to achieve sustain-
able urban mobility, modern cities have developed multimodal

transportation systems and strategies to increase the use of public
and non-motorized transports by the citizens. However, a study
performed in Lisbon concluded that commuting behavior depends
mainly on travel times, and that there is still a huge car dependency
due to the long distances between work-residence, free parking
space and poor supply of public transportation in some areas (Vale,
2013). In the Lisbon Metropolitan Area (LMA), cars are the main
transport mode used to commute within and between different
municipalities (51.6% and 50.2%), followed by buses (15.2 and 21.9%)
and trains (4,7% and 18.8%) (Câmara Municipal de Oeiras, 2016).

It is known that commuters health is particularly affected by
traffic-related air pollutants, which often do not meet air quality
standards (Wong et al., 2018), due to their proximity to the source
and to the contact duration. In the LMA 22% of the commutes last
between 30 and 60 min (Câmara Municipal de Oeiras, 2016). This
microenvironment is susceptible to contamination as outside pol-
lutants can accumulate inside cabins, but also because interior
materials can be a potential source of pollutants (Barnes et al., 2018;
Xu et al., 2016).

* This paper has been recommended for acceptance by Prof. Pavlos Kassomenos.

** The exposure to air pollutants while commuting is higher in cars and buses
than in trains. The ventilation has an important influence on the air quality and
airborne microbiota is highly affected by the occupancy of the vehicles.
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Most of the cities are equipped with fixed monitoring stations
that provide information about the urban air quality and are sup-
posed to assess the exposure of the population. However, this
approach fails to account for all components of exposure since
studies have found poor correlations between personal measure-
ments and the air quality assessed in this fix monitoring stations
(Grana et al., 2017; Rivas et al., 2017). Therefore, the evaluation of
the air quality in the micro-environments more frequently used by
the population, such as transports, is essential to determine the
dose received by an individual and to assess the health impacts of
the pollutants.

The short-term and long-term exposure of children and adults
to air pollutants has a significant influence on respiratory in-
fections, severe asthma and reduced lung function (European
Environment Agency, 2018). Drivers and passengers are exposed
to a variety of air pollutants such as traffic-related that often do not
meet air quality standards (Wong et al., 2018).

Apart from physicochemical pollutants, many studies fail to
assess the exposure to bioaerosols. Microbes are ubiquitous in the
environment and can enter to indoor spaces trough the ventilation
system, attached to objects, among other pathways. The vehicles’
enclosed environment provides the conditions for transmission of
wide range of pathogens and infections. The infection transmission
also depends on several factors, such as the exposure time, host
susceptibility, proximity and load of the biological agent (Nasir
et al., 2016). Thereby, the exposure to elevated loads of microbes
is often associated with asthma, hypersensitivity, pneumonitis and
inflammatory reactions (Jo and Lee, 2008).

Although air quality while commuting has been studied
(Chaney et al., 2017; Moreno et al., 2019; Onat et al., 2019; Rivas
et al., 2017), the comparison between results is complex and even
more reaching to a single conclusion. There are differences in the
experiment design, studied conditions (e.g. ventilation mode,
cleaning and maintenance), characteristics of the vehicle and
location of the study. For example, commuting with windows
closed, ventilation and with recirculation mode, has shown to
decrease the exposure to particulate matter (PM) and black carbon
(BC) (Hong, 2019), but other studies have proved the accumulation
of carbon dioxide (CO2) and carbon monoxide (CO) when the air is
recirculated (Dirks et al., 2018; Grana et al., 2017). Moreover,
Gołofit-Szymczak et al. (2019) determined that the age of the
vehicle, mileage, and type of disinfection process of the AC system
influenced the microbial loads within the cabin. In this last case,
ozonation and manual chemical disinfection of the AC system
reduced the microbial load. However, it is not clear if this type of
process will let residual chemicals within the cabin since physico-
chemical parameters were not measured after the AC cleaning
service.

Furthermore, studies performed in Rome and Lisbon obtained
higher particle exposure while commuting in cars compared with
buses (Correia et al., 2020; Grana et al., 2017). But, the opposite
situation was found in London where buses accounted for higher
concentrations of PM than cars (Rivas et al., 2017). Since in the vast

majority of the cases the exposure is highly affected by the indi-
vidual transport mode, the place where the commutes take place,
the conditions while commuting and the time while doing this
activity, it is important to identify the parameters that are affecting
pollutants concentration in different microenvironments.

This study aims to contribute to the understanding of the factors
that influence the exposure and inhaled dose during the
commuting, giving special focus to the exposure to microbiological
pollutants, which are rarely studied in transport modes.

2. Methods

2.1. Location

This study was carried out in the Lisbon and Loures munici-
palities; both located in the LMA. In 2018 the population of Lisbon
and Loures was 507 220 and 211 359, respectively. According to the
2011 census, Lisbon was the destination of most of the commutes
performed by the inhabitants of Loures (45.0000 inhabitants),
while only 6200 inhabitants from Lisbon had Loures as destination.
In these two municipalities the motorization rate increased in the
period of 1991e2013 and the individual transportation was the
transport mode preferred by commuters (65.1 and 50.0%) followed
by buses (16.9 and 39.0%) and trains (9.2 and 8.2%) for Lisbon and
Loures, respectively. This preference can be also observed all over
the metropolitan area, where commutes in cars accounts for 58.9%,
8.8.0% for buses and 3.2% for trains (INE - Instituto Nacional de
Estatística, 2018). Furthermore, in Lisbon and Loures 40.5 and
31.3% of the commutes last from 16 to 30 min; and 18.0 and 23.9%
last between 30 and 60min. The road network structure consists on
radial and concentric axes with some discontinuities, that have
contributed to a wrong distribution of the traffic loads and a bad
mobility in certain neighborhoods (Sottomayor, 2015).

2.2. Route selection

Three cars with different motor types and characteristics
(Table 1) were selected to perform a journey that took place from a
Loures residential neighborhood (Moscavide) to the center of Lis-
bon (Alameda), covering a distance of 8 km (Fig. 1). For each car,
three ventilation conditions were evaluated: without ventilation
(fan off), with ventilation (fan on) and with air conditioning (AC).
All themeasurements in cars were performedwithwindows closed
and recirculation mode off. Additionally, the cars were sampled
before and after a typical cleaning routine, performed by the
owners, to assess the effect of cleaning. The cleaning process
involved the vacuuming of the floor and seats and cleaning of the
main surfaces (e.g. dashboard, air vents) with alcohol 70% v/v (for
the diesel and electric car) or window cleaner (for the gasoline car).
In total 18 commutes were assessed.

Sampling campaigns in public transports (buses and train) were
taken on different days of the week with average return trips
duration of 60 min. Bus commutes began at bus stop N10, Fte

Table 1
Characteristics of the sampled cars.

Cars brand Motor
type

Year Car mileage
(km)

Interior Volume
(m3)

Last cabin cleaning
(months)

Odors in the
cabin

Filter type Last change of filters

BWM i3 electric 2016 70 000 2.3 6 No Activated
charcoal

Never

Chevrolet
Cruze

diesel 2012 80 000 2.7 1 Yes Particulate filter 6 months before the sampling
campaign

Nissan Micra gasoline 2004 100 000 2.4 2 No Particulate filter 12 months before the sampling
campaign
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Campus Tecnol�ogico e Nuclear in Bobadela, and ended at the ter-
minal bus stop in Areeiro covering 10.5 km and 21 stops. Train
commutes ran from Bobadela until Alcantara-Terra covering 17 km
and 9 stops. The ventilation condition was not controlled in public
transports; however, it was noticed that AC was used in all
commutes.

2.3. Instrumentation and sampling design

In cars, the equipment was placed within a box that was
installed in the middle of the back seat of the car. In public trans-
portations, the equipment was placed within bag packs that were
transported by two members of the research team. Measurements
were performed near the breathing zone of the passengers.

Real time measurements of particles (PM1, PM2.5 and PM10)
were performed with a DustTrak DRX Aerosol Monitor 8533, which
has a resolution of ±0.1% of reading or 0.001 mg/m3. BC was
measured with a MicroAeth® AE51. The measurement precision of
this equipment is ±0.1 mg/m3, at 150 ml/min flow rate, and the
resolution is 0.001 mg. VOCs were measured with a TSI IAQ-CALC™
9565 equipped with a PID sensor and probe model 984. The TSI
IAQ-CALC™ 7545, with a NDIR sensor and probe model 982, was
used to measure CO and CO2. The accuracy of the CO and CO2

concentrations is ±3% of reading and the resolution is 0.1 ppm for
CO and 1 ppm for CO2. All these parameters were assessedwith 10 s
of resolution. Formaldehyde (a specific VOC found typically inside
vehicle cabins) was measured with 1 min resolution using a
Formaldemeter htV. This equipment has a resolution of 0.01 ppm
and accuracy of 10% at 2 ppm. It should be mentioned that this
instrument is susceptible to interference from a small range of

other chemicals such as other aldehydes and alcohols. This study
did not use filters to remove these interferences because it is known
that they reduce the concentration of formaldehyde by around 15%,
so they should only be used in conditions where there are sus-
pected interferences.

The total airborne bacteria and fungi were measured at the
beginning, middle and end of the journey via impaction of 250 L of
air in Tryptic Soy Agar (bacterial population) and Malt Extract Agar
(fungi population) petri dishes using the MAS-100® Microbial Air
Monitoring (100 L/min, Merck). The Colony Forming Units (CFU)
were counted after 7 days of incubation at 30 �C for bacteria and
28 �C for fungi. The fungi and bacterial counts were corrected using
a mathematical correction factor according to manufacturer in-
structions, since higher microbiological concentrations can in-
crease the probability that several microorganisms enter through
the same hole. Bacterial and fungal loads were expressed as CFU/
m3.

Bacterial isolates were characterized macroscopically (e.g.
shape, pigmentation, texture), microscopically (e.g. cell
morphology), biochemically (Gram staining, catalase activity, cy-
tochrome oxidase) and phenotypically typified based on Bergey’s
Manual of Determinative Bacteriology (Holt et al., 1994). The most
frequent bacterial isolates were identified using RapID Systems
(Remel, Thermo Scientific). The frequency (%) of each bacteria was
calculated based on its detected number and total number of iso-
lated bacteria per commutes.

2.4. Inhaled dose

The inhaled dose per kilometer, of each pollutant and transport
mode, was determined according to Equation (1).

Dp¼ ½p�*IR*t
D

Equation 1

where Dp represents the average inhalation dose of the pollutant p,
mg/km; [p] is the average pollutant concentration in a specific
commute, mg/m3; IR is the respiratory rate, m3/h; t is the commute
duration and D is the commute distance (km). The average respi-
ratory rate used was 0.47m3/h, considering that the commuters are
seated or standing and have between 20 and 45 years of age (Li
et al., 2015a,b).

2.5. Statistical analysis

Statistical tests were performed in STATISTICA software. The
Mann-Whitney U test was used to compare two independent
samples (e.g. concentrations of a pollutant in two different venti-
lation conditions). It compares medians to suggest if two samples
are from the same population or not with a significance level of
0.05.

3. Results and discussion

3.1. Particulate matter

In cities, vehicular traffic is the main source of particles, not only
due to combustion of fossil fuels and conversion of exhaust gases
into fine particles, but also due to the abrasion of vehicle tires and
brakes (Dr€oge et al., 2018). Fig. 2 depicts the PM10 size distribution
for all the studied transport means. PM1 presented the highest
contribution to PM10 mass (81e95%), because the finest fraction of
the outdoor particles tends to penetrate easily and accumulate
within indoor environments, degrading its air quality (Li et al.,
2015a,b; Martins & Carrilho da Graça, 2018). In cars, the coarsest

Fig. 1. Routes performed in car, bus and train. Blue line for trains, orange line for cars
and black line for buses. (For interpretation of the references to colour in this figure
legend, the reader is referred to the Web version of this article.)
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fractions decreased with fan on and with AC, due to the filtration
effect of the ventilation system, which is more efficient for the
coarse particles as it will be described later.

For public transport, the particle distribution obtained in this
study differs from the work developed by Rivas et al. (2017), in
which the coarse fraction of particles in buses accounted for almost
70% of the PM10 mass (versus 10% in the present study) due to the
constant door opening, resuspension generated by passengers and
emissions from seating materials.

Results showed that the cleaning of the cabin and the type of
cars did not affect significantly the particle size distribution.

The PM levels obtained for each type of car under different
ventilation and cleaning conditions are shown in Table S1 (Sup-
plementary Material). The average PM2.5 concentrations of all cars
ranged between 10 and 26 mg/m3. Differences between PM2.5 levels
measured in cars with different fuel type were not significant. As
experiments were performed in different days, the average con-
centrations for each car were probably affected by the specific
conditions of the day (Geiss et al., 2010). Dr€oge at al. (2018)
observed PM1 concentration peaks when the studied vehicle was
behind buses or cars with soot production. Therefore, it is likely
that the vehicular density and emissions from the vehicles around
in each day influenced the indoor concentration of particles.

The cleaning of the car had a significant effect on the concen-
tration of PM2.5, under fan off condition. Without cleaning the
PM2.5 average concentration was 1.3, 1.1 and 1.9 times higher for
gasoline, diesel and electric car, respectively. Regarding the coarse
fraction (PM2.5-10) only the gasoline car showed a significant dif-
ference after cleaning with average concentrations 1.6 times lower.
The cleaning process may have influenced the removal of settled
particles in compartments and furniture of the cabin. However,
Martins and Carrilho da Graça (2018) reported that sweeping and
vacuuming can resuspend particles, which was likely the case for

the electric car, where the concentrations of coarse particles
increased. In contrast, when the ventilation was used, either in fan
on mode or AC the cleaning effect was negligible.

The most noticeable effect in PM concentrations occurred with
the ventilation mode. As observed in Fig. 3, the PM concentrations
of both fractions were significantly higher under the fan off con-
dition (p < 0.05). According to Xu and Zhu (2009) under fan off
condition (no ventilation), the penetration of particles, the leakage
rate and the deposition coefficient highly affect the particles con-
centration in the vehicles. Moreover, the penetration factor is
higher for larger particles under this condition. Under fan on (with

Fig. 2. Contribution of the PM fractions to the PM10 in cars (with fan off, fan-on and AC), buses and trains.

Fig. 3. PM2.5 and PM2.5-10 concentrations discriminated by vehicle and condition.
Boxes represent the 25th and 75th percentile, the central circle represent the mean,
and the higher and lower “X” show the 99% and 1% percentiles, respectively.
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ventilation), the main factors affecting particle concentrations are
the mechanical airflow rate and the filtration efficiency. Hence,
with fan off, some particles enter the cabin, especially the coarsest
ones due to the air exchange of fresh air (outdoor air). Even though
when there is no mechanical air flowing, the air exchange is
affected by the vehicle speed. At 32 km/h the air exchange is
approximately 12 h�1 (Ott et al., 2008). In contrast, when ventila-
tion is used the air exchange increase up to 35 h�1 at 32 km/h (Ott
et al., 2008). However, coarse particles are filtered and have higher
deposition rates, which may explain the lowest concentrations of
coarse particles observed when ventilation was used. Correia et al.
(2020) observed I/O ratios lower than 1 for PM2.5 and PM10 when
the ventilation was used, showing importance of the filtration.
Leavey et al. (2017) found that despite the variation of ventilation,
PM2.5 concentrations remained unchanged, due to the lowest effi-
ciency of the filters for fine particles removal.

The concentrations of fine and coarse particles were signifi-
cantly higher (p < 0.05) in bus commutes (20.2 ± 8.6 mg/m3 for
PM2.5 and 3.4 ± 4.9 for PM2.5-10), due to the higher air exchange
rates produced by constant door opening, resuspension caused by
the passengermovements and the proximity to vehicular emissions
(Ramos et al., 2016; Rivas et al., 2017). Chaney et al. (2017) also
measured higher concentrations in buses among all the studied
transport modes (cars, light rails), with an average PM2.5 concen-
tration of 13.0 mg/m3. Ramos et al. (2016) studied the human
exposure to PM2.5 and PM10 in different transport modes in Lisbon
and measured concentrations almost threefold higher in buses and
cars without ventilation than in our study. These differences may
be due to the experiment location (Telheiras - Restauradores route),
which has much higher levels of traffic.

Although the highest air exchange rate in trains due the doors
opening in each station, which caused an increase of PM10 levels in
each stop, the distance between railway and roads with high
vehicle emissions contributed to lower the PM2.5 concentrations.
However, as trains also pass through inner points of the city,
background and traffic levels are likely to influence the PM2.5
concentration inside the train. This influence was proven by Nasir
and Colbeck (2009) who measured higher PM1 and PM2.5 concen-
trations during peak hours.

The average PM concentrations measured in the different
transport modes did not exceed the limit values set by the WHO,
ASHRAE and the Portuguese legislation for IAQ (PM2.5: 25 mg/m3

and PM10: 50 mg/m3).

3.2. Black carbon

BC is a primary pollutant, emitted from the incomplete com-
bustion, and therefore in the cities it is a proxy for traffic pollution
(Anenberg et al., 2012).

Contrary to what happened to PM10 and PM2.5, BC average
concentrations in cars were significantly higher (p < 0.05) when the
ventilation was used, either with fan on (3.5 ± 4.5 mg/m3) or with
AC (4.1 ± 5.1 mg/m3) (fan off: 2.7 ± 3.8 mg/m3) (Fig. 4 and Table S1).
This behavior was caused by the particle size of the vehicular
emissions of BC, which is within the range of UFP
(0.024 ± 0.006 mm) (Kocbach et al., 2006). Thereby, when the
ventilationwas used, the exchange rate, the continuous entrance of
fresh air, the low filtration efficiency and the low deposition of the
finest fractions contributed to an increase and accumulation of BC.
Correia et al. (2020) also observed higher BC I/O ratio when the
ventilation was turned on. The average BC concentrations obtained
in this study were higher than those obtained by Merritt et al.
(2019) in Sweden, which ranged between 0.03 and 19.0 mg/m3

with an average of 2.0 mg/m3.
The BC concentrations measured in trains (1.1 ± 0.6 mg/m3) were

significantly lower (p < 0.05) than in the other transport modes
(Fig. 4), because railways are further away from the direct vehicular
emissions. The average BC concentration in buses (4.5 ± 3.5 mg/m3)
was almost three times higher than the average value for trains, but
was lower than the concentrations measured in previous studies
developed in Barcelona and London (5.5 ± 3.6 and 5.4 ± 2.3 mg/m3,
respectively) (Moreno et al., 2015; Rivas et al., 2017). Correia et al.
(2020) measured lower concentration inside buses than outdoor
leading to an I/O ratio of 0.61.

3.3. Carbon dioxide and carbon monoxide

CO2 is a pollutant emitted by the human metabolism, and it is
commonly used as an indicator of occupancy and low air exchange
rates (Hudda and Fruin, 2018; Jung et al., 2017).

Consequently, the continuous entrance of fresh air and venti-
lation (fan on or AC) increased the dilution, reducing significantly
the CO2 concentration (p < 0.05) (Table 2). Besides the occupation
of the vehicle, Leung et al. (2014) showed that CO2 is also influenced
by the traffic conditions and the speed of the vehicle. Likewise,
Hudda and Fruin (2018) reported that the CO2 tends to accumulate
less under high speed conditions due to the associated increase of
the air exchange within the vehicle.

Recent studies have shown a decline in the decision-making
performance when people are exposed to CO2 concentrations up
to 1000 ppm (Satish et al., 2012). Our study proved that in certain
conditions CO2 may accumulate up to 4000 ppm. Therefore, more
studies should be developed to determine the impacts on com-
muters, travelling daily during 30e60 min, and principally on
professional drivers that are exposed to high levels of pollutants
during their working time.

CO is a toxic by-product of incomplete combustion of carbona-
ceous materials or fossil fuels (OSHA, 2012) and is one of the main
traffic-related air pollutants linked to health risks for road travelers.
Therefore, in dense roads, and when the speed was too low, the CO
concentration tended to increase rapidly. Higher spikes of CO were
registered during congestion events when the measurements were
performed with ventilation and AC on. According to Dirks et al.
(2018) the use the ventilation should be avoided when the vehi-
cles are close to the vehicle in front (e.g. in intersections, light stops)
to prevent spikes.

Fig. 4. BC concentrations discriminated by vehicle and condition. Boxes represent the
25th and 75th percentile, the central circle represent the mean, and the higher and
lower “X” show the 99% and 1% percentiles, respectively.
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CO concentrations in cars without ventilation were significantly
higher (p < 0.05) than those registered in buses and trains (Table 2),
probably due to the highest proximity to the tailpipe emissions
from the in front car, the lowest vehicle cabin volume and the
lowest air exchange rates, which decrease the dilution of gases. CO
concentrations in trains were significantly lower (p < 0.05) due to
their higher distance to the vehicular emissions. These results are
similar to the findings of Odekanle et al. (2017), who showed that
cars presented higher CO concentrations than buses and rapid
transit buses.

CO concentrations registered in the commutes did not exceed
the IAQ limit value set by the WHO for a 1 h average (25 ppm). Our
CO levels were lower than the concentrations obtained by Grana
et al. (2017) in measurements performed during commuting, with
cars using AC, in two areas in Rome (1.6 ± 1.2 ppm), and the levels
registered by Odekanle et al. (2017) in Lagos city (Nigeria) that
obtained a CO average concentration 40 times higher (32.3 ppm in
cars and 23.7 ppm in buses).

3.4. Volatile organic compounds and formaldehyde

Several types of VOCs have been found in cars such as benzene,
toluene, alkanes, etc (Moreno et al., 2019; Xu et al., 2016). Some
VOC’s species result from outdoor sources, such as traffic; and other
are emitted by the vehicle surface materials or occupants. The
present study only assessed the Total Volatile Organic Compounds
(TVOCs) and the formaldehyde (CH2O) levels.

Cars with fan off showed significantly higher concentrations
(p < 0.05) of VOCs and CH2O because the dilution of these pollut-
ants is not favored under this condition (Table 2). Similar results
were reported by Xu et al. (2016), who also registered higher VOCs
concentrations without ventilation and showed that the indoor
concentrations were twice higher than outside air, demonstrating
the importance of indoor sources for this pollutant. Furthermore,
high variations were found between car types, that could be driven
by the off-gassing of the cabin surface materials of each vehicle.

There are many other factors that can influence the concentra-
tion of VOCs and CH2O inside the cabin, such as the temperature,
humidity, vehicle age and type of fuel (Faber and Brodzik, 2017).
Duh (2015) reported an average VOCs concentration of 0.25 ppm
(~4000 mg/m3) when the temperature was around 35 �C, and this
level decreased to 0 ppm when the entrance of fresh air was
allowed. In our study, higher VOCs concentrations were also
registered for the measurements performed without ventilation
when the temperatures varied between 29� - 35�. The concentra-
tion in each car were 3370 ± 2387; 4450 ± 890 and
4536.6 ± 1072 mg/m3 for the electric, diesel and gasoline car,
respectively. In these measurements, the concentrations increased
probably due to the increase of emissions caused by the tempera-
ture and the reduction of the dilution promoted by the non-
ventilated condition. When the ventilation was used the

temperature decreased to 25� - 30 �C and it was possible to observe
a significant decrease in the concentration of VOCs (p < 0.05)
(Table 2).

Regarding the cleaning condition, when the electric and diesel
cars were cleaned, significantly higher concentrations were regis-
tered (3370 ± 2387 and 4450 ± 890 mg/m3, respectively) compared
to their uncleaned counterparts (697.8 ± 241.4 and 3595 ± 513 mg/
m3) (p < 0.05) under the fan off condition. The type of product used
to clean the surfaces of these cars may have influenced VOCs con-
centration. Both cars were cleaned with alcohol 70% v/v, while the
gasoline car was cleaned with window cleaner.

The trains presented significantly higher concentration of VOCs
and CH2O than buses and cars with ventilation (Table 2). Lau and
Chan (2003) showed that the concentrations on trains are
strongly influenced by the surrounding air, similar to the findings of
Gong et al. (2017) who studied VOCs concentration in underground
and aboveground trains. Thereby, the aboveground train had higher
concentration of VOCs (143.9 ± 3.0 mg/m3) than the underground
due the influence of vehicular emissions.

3.5. Bacterial and fungal loads

The bacterial loads were always higher when the ventilation
was off (without ventilation: 189e554 UFC/m3; with ventilation:
20e137 UFC/m3). In some cases, the indoor bacteria loads were
higher than the outdoor’s. In contrast, fungal loads were always
lower inside the car (outdoor loads: 165e416 UFC/m3; indoor
loads: 17e200 UFC/m3) (Fig. 5). Since the air exchange was lower
under the fan off condition, the main sources of these bacterial and
fungal loads may be linked to the human microbiota and dust
settled in the furniture of the car.

In situations where moderate ventilation and AC was used,
fungal and bacterial loads decreased. This effect may be linked to
the filtration and dilution due to the higher air exchange. This result
agrees with the literature, where ventilation has been shown to
reduce up to 80% the microbe loads (Li et al., 2013). This is mainly
caused by the air filtration rather than the microclimate conditions
generated by the ventilation as stated by Gołofit-Szymczak et al.
(2019).

The cleaning process decreased both bacterial and fungal loads
in all cars. This would mean that cleaning may contribute to the
reduction of the dust inside the vehicle and consequently the
presence of fungi spores or vegetative bacteria as Sattar et al. (2016)
have already mentioned.

Cars presented lower fungal and bacterial loads than public
transport (Table 3). This result was expected as both buses and
trains have higher occupancies. Furthermore, Barnes et al. (2018)
evaluated the microbial quality in 51 vehicles with the AC on;
reporting an average bacterial and fungal loads of 350 and 13 CFU/
m3, respectively, and only three cars had bacterial loads above
1000 CFU/m3. In buses with AC, Prakash et al. (2014) reported an

Table 2
Concentration of CO2, CO, VOCs and CH2O discriminated by type of vehicle and condition.

Parameter Units Cars Bus Train

Fan off Fan on AC AC AC

CO2 Mean ppm 2136.8 633.9 627.4 753.8 747.1
SD 960.7 99.4 144.0 222.0 156.4

CO Mean 0.8 0.6 0.4 0.6 0.3
SD 0.4 0.5 0.5 0.2 0.2

VOCs Mean mg/m3 2234.1 673.9 657.2 1313.6 598.4
SD 693.3 49.0 64.1 570.7 103.9

CH2O Mean 0.7 0.3 0.2 0.7 0.6
SD 0.4 0.2 0.2 0.3 0.3
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average fungal load of 713 CFU/m3 and Onat et al. (2019) reported a
bacterial load of 712 ± 330 CFU/m3. Results obtained in this study
were higher than both, likely affected by occupation density, hy-
gienic conditions of the filters or resuspension from the vehicle
floor and fabric seats.

Bacterial and fungal loads in trains reported by Xu et al. (2016)
were 417 and 413 CFU/m3 respectively. These results are similar
to those obtained in this study. Taking into account that the Por-
tuguese legislation established that the bacterial loads should be
less than the sum of outside bacterial load with 350 CFU/m3, in
scenarios like cars with fan off and trains, the limits were exceeded.
Fungal loads remained lower indoors than outdoors, in compliance
with the Portuguese legislation.

3.6. Characterization of bacterial isolates

Cultured based methods were performed to quantify and
identify bacterial isolates. Gram-positive cocci were the highest
prevalence group (60 and 85%), similarly to the findings of Gołofit-
Szymczak et al. (2019) where Gram-positive cocci ranged from 40
to 54% prevalence. Furthermore, Gram-negative bacteria were the
lowest prevalence group found in the samples. This result was
expected since cell wall of this type of bacteria has a lower resis-
tance to temperature and humidity variations, which reduce the
viability in the air (Matkovi�c et al., 2007). Moreover, Gram-positive

cocci are considered human-borne, thus higher dominance of this
type of bacteria in all samples was expected (Greene et al., 1962).

Taking into consideration of Gram-positive cocci genera,
Micrococcus, Kocuria and Staphylococcus were identified in all
transports (Fig. 6). Considering all bacterial isolates, Micrococcus
genus accounted for 45.6% frequency followed by Staphylococcus
and Kocuria (16.8 and 5.4%, respectively) (Fig. 6). This is similar to
the studies performed by Leung et al. (2014) where most of the
bacteria found in public transports belong to these genera. These
genera are commonly found in indoor environments as most of
them inhabit the human skin and mucous membranes and are
rarely associated with infection (with exception of some species of
Staphylococcus) (Aydogdu et al., 2010; Folayan et al., 2018).

The specieMicrococcus luteuswas found to be themost common
in all transports, with relative frequencies ranging between 28 and
75%. In recent investigations, Micrococcus luteus has been reported
in cases of skin infections and pneumonia (Folayan et al., 2018).

Staphylococcus genus has many pathogenic species often found
in the skin. In this study, the species found were S. aureus,
S. epidermidis, S. hominis ss hominis in cars S. cohnii ss cohnii,
S. saprophyticus in trains and S. xylosus in buses. Onat et al. (2019)
also found high levels of Staphylococcus sp. in buses and light
trains mostly due to overcrowding and the ability of this species to
remain viable in surfaces, dry air and harsh environmental condi-
tions. Previous studies have identified the presence of methicillin
resistant Staphylococcus aureus (MRSA) (Angbuhang et al., 2018;

Lutz et al., 2014; Medve�dov�a and Gy€oriov�a, 2019) in public trans-
port. Conceiç~ao et al. (2013) evaluated the hand touched surfaces of
buses in Lisbon and found in 72 buses contamination with MRSA.
These types of MRSAwere related to those found in hospitals. In the
present study, it was not possible to determine whether the species
identified were MRSA or antibiotic resistant.

Gram-positive bacilli were the second most predominant group
present for most of the samples. The frequency ranged between 10
and 37% for the different transport modes. This result is similar to
the findings of Aydogdu et al. (2010); after Gram-positive cocci,
Gram-positive bacilli were the most frequent group in childcare
centers. At the same time, Gram-positive bacilli were more

Fig. 5. Fungal and bacterial loads per type of car and condition. The bars represent the confidence interval (CI) 95%. WC: without cleaning C: after cleaning.

Table 3
Fungal and Bacterial loads per type of vehicle.

Vehicle Condition Fungi
CFU/m3

Bacteria
CFU/m3

Mean SE Mean SE

Cars Fan off 137.0 14.4 395.0 46.6
Fan on 82.0 25.4 51.0 11.7
AC 35.8 6.1 51.0 5.8

Buses AC 560.0 98.1 460.0 58.8
Train AC 203.5 13.8 728.0 173.2

SE: Standard error of the mean.
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dominant in the outdoor air than indoors, which indicates that
most of these bacteria came from outdoor environments through
ventilation. Within this group, the Corynebacterium, Bacillus, Oer-
skovia, Leifsonia and Rhodococcus genera were identified. Leifsonia
and Oerskovia are mainly found in soil, water reservoirs, and other
environmental sources (Folayan et al., 2018; Oikonomou et al.,
2018). This could explain the low frequency of this species in all
samples. Rhodococcus was found in two cars and in low frequency
(0.9 and 1.4%). However, the specie R. equi has been found to be an
opportunistic pathogen, involved in cases of pneumonia (de la Paz
et al., 2010).

On the other hand, Corynebacterium and Bacillus genera were
found in all vehicles. The Corynebacterium genus and Bacillus were
more frequent within buses (23.7 and 12.3%, respectively) due to
the fact that these microorganisms inhabits the human skin (Leung
et al., 2014). Kim et al. (2010) examined the size distribution of the
most frequent specie in hospitals and found that Corynebacterium
along with other bacteria (Micrococcus sp. and Staphylococcus sp.)
were distributed in sizes between 0.65 and 4.7 mm also known as
the respirable fraction, while Bacilluswas in the size of >7 mm. This
fact could explain the low frequency of this genus in all transports,
where most of them could be retain in the filter of the cabin along
with coarser particles. In this study, B. subtilis isolates were found in
only one car and in low abundance (1.6%). Among the species of
Corynebacterium, just two from the isolated were reported to be
opportunistic pathogens: C. jekeium (found in two cars and trains)
and C. pseudodiphtheriticum (found in one car). Yang et al. (2018)
reported cases of C. jekeium and C. pseudodiphtheriticum causing
pneumonia in immunocompromised patients.

As discussed before, Gram-negative bacilli were found in most
of the samples in low frequency, but it was a very diverse group.
Around 14 different genera were found. The results obtained indi-
cated that the most frequent genera within this group were
Comamonas (0.6 e 7.9%), Pseudomonas (1.3 e 3.3.%) and Serratia
(11.4%). Similarly, Li et al. (2013) reported Pseudomonas sp. as a
dominant genus in AC filter dust. In this study, P. aeruginosa isolates
were identified in just one car (2.0% relative frequency). For some
microorganisms from this genus, it was not possible to identify to
the specie level. Furthermore, this genus is the most renowned in
respiratory infections, especially P. aeruginosa, which is common in
patients with cystic fibrosis lung disease (Knibbs et al., 2014).

Likewise, Knibbs et al. (2014) studied the transmission and
persistent of this bacteria in the air and found that when a person
coughs the aerosols can travel up to 4 m distance and after 45 min
this bacterium was still viable.

According to the obtained results, there is a high diversity of
bacterial species in all vehicles. Despite the identification of mi-
croorganisms in these sources, it is difficult to predict if people will
eventually be affected by respiratory infections. As seen in most of
the cases, these bacteria may act as an opportunist. These findings
indicated the potential of these microenvironments for the trans-
mission of diseases.

3.7. Inhaled dose per transport mode

The inhaled dose depends on travel time, pollutant concentra-
tion and the inhalation rate. As the routes were not the same, the
dose was normalized per km travelled. Trains had the longest
duration trip (1.21 ± 0.03 h return trip) compared to buses and cars
(0.98 ± 0.04 and 0.93 ± 0.17 h), however, the difference in time was
negligible compared to the distance travelled (35.0, 21.4 and
15.3 km for train, buses and cars). Commuters travelling in trains
received the lowest dose for almost all pollutants (Table 4) mainly
due to the lower pollutant concentrations found in this vehicle.
Commuters travelling in cars without ventilation received the
highest inhaled dose for almost all pollutants despite having the
lowest travel duration. The ventilation reduced the intake of gases
such as CO2, VOCs and CH2O, but the entrance of fresh air all time
and the higher air exchange promoted higher BC levels that were

Fig. 6. Distribution of bacterial isolates according to the genera in cars (electric, diesel and gasoline), trains and buses.

Table 4
Inhaled dose estimate per vehicle.

Pollutant Unit Train Bus Cars

Fan off Fan on AC

BC 0.02 0.10 0.07 0.10 0.12
PM2.5 0.23 0.43 0.49 0.43 0.43
PM25-10 mg/km 0.03 0.07 0.10 0.02 0.02
VOC 43.5 16.1 90.0 38.1 26.8
CH2O 0.22 0.19 5.1 0.6 0.4
CO 10.9 18.3 26.6 19.1 14.0
CO2 mg/km 21.6 28.7 108.3 32.2 34.0
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hardly filtered. The inhaled dose in buses were similar to ventilated
cars, with exception of the dose for coarse particles.

The highest inhaled dose of BC measured by Li et al. (2015a,b),
considering different transports (subway, taxi, bus, walking and
cycling), was obtained in buses, among the motorized transports
(0.43 mg/km). This dose was 4 times higher than the dose estimated
in this study (0.10 mg/km) despite the fact that the duration and
distance were lower in Li et al. (2015a,b) study (0.44 h and 3.5 km).
The difference is influenced by the highest level of BC detected in
those buses (7.3 ± 1.8 mg/m3). The doses estimated here were very
similar to those obtained by Onat et al. (2019). In their study the
estimated BC and PM2.5 doses for buses were 0.2 ± 0.2 and
0.7 ± 0.4 mg/km; for cars with AC 0.03 ± 0.03 and 0.61 ± 0.31 mg/km;
and for trains 0.07 ± 0.03 and 0.03 ± 0.21 mg/km, respectively.

Ramos et al. (2016) estimated the inhaled dose for various
pollutants in different types of vehicles while commuting in Lisbon.
The PM2.5 and CO inhaled doses were higher for buses and cars
(2.4 mg/km in buses and 1.8 mg/km in cars for PM2.5 and
40.2e45.3 mg/km in buses and 28.8e31.3 mg/km in cars for CO) than
the doses estimated here. The main factor affecting this was the
routes studied by Ramos et al. (2016) that passed through the main
squares and busiest areas in the city of Lisbon, while in this study
the routes included more suburban areas.

4. Conclusion

The exposure while commuting was assessed in three different
types of vehicles: cars, buses and trains. It was not possible to
determinewhether cleaning had a positive or negative effect on the
concentrations of particles. The type of ventilation had a clear in-
fluence on the IAQ, but this effect was not the same for all pollut-
ants. Under the fan off condition, the concentration of BCwas lower,
but the concentration of gases such as CO2 tended to accumulate
rapidly. Moreover, when the ventilation was used, the coarser
particles were filtered, but it contributed to the diffusion of CO from
the vehicle exhaust gas into the cabin. Additionally, the filters
showed a lower efficiency removing the finest particles, which may
be also influence by the entrance of fresh air.

The airborne microbiota was highly affected by the ventilation
mode and the occupancy of the vehicles. Most of the isolated
species were human associated bacteria and some of the most
abundant species have been linked to respiratory tract infections.
However, this does not indicate that the commuter will develop
respiratory infections. The lack of representativeness of the isolated
bacteria did not allow to assess whether the ventilation or the AC
had an effect on the bacteria diversity. As the majority of studies on
IAQ during commuting did not address the microbiological pa-
rameters, this study intended to perform an initial characterization
of vehicles cabins microbiota, nevertheless further studies are
needed to establish exposure correlations.

Among the evaluated transports, train had the lowest exposure
levels and therefore the lowest inhaled doses. Commuters travel-
ling in cars without ventilation received the highest inhaled dose
for almost all pollutants.

The presented results pertain to a limit number of vehicles and
may not represent the possible variability among different brands,
characteristics and conditions. Future work is needed in order to
identify measures to decrease the exposure and dose during
commuting.

Credit author statement

Conceptualization: S.M. Almeida, S. Cabo Verde, N.D. Buitrago;
Methodology: S.M. Almeida, S. Cabo Verde, N.D. Buitrago; Investi-
gation: All; Data Curation: N.D. Buitrago; Resourses: S.M. Almeida,

S. Cabo Verde; Writing Original Draft: N.D. Buitrago; Writing Re-
view & Edition: S.M. Almeida, S. Cabo Verde.

Declaration of competing interest

The authors declare that they have no known competing
financial interests or personal relationships that could have
appeared to influence the work reported in this paper.

Acknowledgements

This work was supported by LIFE Index-Air project (LIFE15 ENV/
PT/000674). It reflects only the authors’ view and EASME is not
responsible for any use that may be made of the information it
contains. This study was also developed in the scope of the project
ExpoLIS (LISBOA- 01-0145-FEDER-032088) funded by FEDER,
through COMPETE2020 - Programa Operacional Competitividade e
Internacionalizaç~ao (POCI), and by national funds (OE), through FCT
- Foundation for Science and Technology (Portugal). Authors also
acknowledge the support of FCT (Portugal) through the strategic
project UIDB/04349/2020þUIDP/04349/2020.

Appendix A. Supplementary data

Supplementary data to this article can be found online at
https://doi.org/10.1016/j.envpol.2020.116062.

References

Anenberg, S.C., Schwartz, J., Shindell, D., Amann, M., Faluvegi, G., Klimont, Z.,
Janssens-Maenhout, G., Pozzoli, L., Van Dingenen, R., Vignati, E., Emberson, L.,
Muller, N.Z., West, J.J., Williams, M., Demkine, V., Hicks, W.K., Kuylenstierna, J.,
Raes, F., Ramanathan, V., 2012. Global air quality and health Co-benefits of
mitigating near-term climate change through methane and black carbon
emission controls. Environ. Health Perspect. 120, 831e839. https://doi.org/
10.1289/ehp.1104301.

Angbuhang, K.B., Neupane, M., Adhikari, A., Kc, B., Jha, S., 2018. Detection of
methicillin resistant Staphylococcus aureus in public transportation of Kath-
mandu valley, Nepal. Tribhuvan Univ. J. Microbiol. 5, 51e56. https://doi.org/
10.3126/tujm.v5i0.22312.

Aydogdu, H., Asan, A., Tatman Otkun, M., 2010. Indoor and outdoor airborne bac-
teria in child day-care centers in Edirne City (Turkey), seasonal distribution and
influence of meteorological factors. Environ. Monit. Assess. 164, 53e66. https://
doi.org/10.1007/s10661-009-0874-0.

Barnes, N.M., Ng, T.W., Lai, K.M., 2018. In-cabin air quality during driving and engine
idling in air-conditioned private vehicles in Hong Kong. Int. J. Environ. Res. Publ.
Health 15, 611. https://doi.org/10.3390/ijerph15040611.
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a b s t r a c t

A wider characterization of indoor air quality during sleep is still lacking in the literature. This study
intends to assess bioburden before and after sleeping periods in Portuguese dwellings through active
methods (air sampling) coupled with passive methods, such as electrostatic dust cloths (EDC); and
investigate associations between before and after sleeping and bioburden. In addition, and driven by the
lack of information regarding fungi azole-resistance in Portuguese dwellings, a screening with supple-
mented media was also performed. The most prevalent genera of airborne bacteria identified in the
indoor air of the bedrooms were Micrococcus (41%), Staphylococcus (15%) and Neisseria (9%). The major
indoor bacterial species isolated in all ten studied bedrooms were Micrococcus luteus (30%), Staphylo-
coccus aureus (13%) and Micrococcus varians (11%). Our results highlight that our bodies are the source of
the majority of the bacteria found in the indoor air of our homes. Regarding air fungal contamination,
Chrysosporium spp. presented the highest prevalence both in after the sleeping period (40.8%) and before
the sleeping period (28.8%) followed by Penicillium spp. (23.47% morning; 23.6% night) and Chrysonilia
spp. (12.4% morning; 20.3% night). Several Aspergillus sections were identified in air and EDC samples.
However, none of the fungal species/strains (Aspergillus sections Fumigati, Flavi, Nidulantes and Cir-
cumdati) were amplified by qPCR in the analyzed EDC. The correlations observed suggest reduced sus-
ceptibility to antifungal drugs of some fungal species found in sleeping environments. Toxigenic fungal
species and indicators of harmful fungal contamination were observed in sleeping environments.

© 2020 Elsevier Ltd. All rights reserved.

1. Introduction

People are exposed to a mixture of microbial contamination in
indoor environments (Lepp€anen et al., 2018). The bioburden
(comprising fungi and bacteria) sources are either the outdoors or
the indoor surfaces with subsequence aerosolization. The processes
that have been shown to influence indoor environments include

geography and climate (Amend et al., 2010), seasons (Rintala et al.,
2008), building design, ventilation system (Kembel et al., 2012;
Meadow et al., 2014), and the presence of pets along with human
inhabitants and their behavioral patterns (Dunn et al., 2013;
Fujimura et al., 2010). Different kinds of exposure may have
different health effects however microbes are believed to have an
important role in the adverse health outcomes (Lepp€anen et al.,
2018).

Studies focusing on bacteria reported a manifest signal of hu-
man associated taxa and allude to humans as an agent of dispersal
for soil-associated taxa (Dunn et al., 2013; Flores et al., 2011, 2013;
Hospodsky et al., 2012), whereas fungi show little direct influence
of humans and reveal geographic structure on a global (Amend
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et al., 2010) and even a local scale (Adams et al., 2013). Exposure to
dampness damage and fungi at home is associated with consider-
ably increased risk for upper and lower respiratory tract illness
including exacerbation and asthma (Mendell et al., 2011; WHO,
2009). In addition, related exposures should be considered
including those to airborne cell wall components, spores, volatile
organic compounds, and secondary microbial metabolites such as
mycotoxins. Many secondary metabolites are known to display
cytotoxic, irritant, and immunomodulatory effects becoming
optimal causal agents (WHO, 2009). Additionally, the living envi-
ronment can be also a source for azole-resistant mycobiota that
depending on the occupant’s health status can be a serious public
health problem (Lavergne et al., 2017). Thus, environmental, be-
sides clinical surveillance of azole resistance, should be considered
to evaluate rates of azole resistance in each region/country
(Lavergne et al., 2017).

Maximum bacteria and fungi concentrations in Portuguese
homes have already been reported using active methods (air
sampling) and through culture based-methods (6528 CFU/m3 and
301 CFU/m3), respectively (Madureira et al., 2015). Different studies
have also been performed by using passive methods (such as
electrostatic dust cloths e EDC) as a sampling collection method
(Madsen et al., 2012; Spilak et al., 2015). In French dwellings a
maximum concentration for fungi (6515 CFU/m2/day) and for
bacteria (2923 CFU/m2/day) were obtained (Spilak et al., 2015),
while in Danish homes 5366 CFU/m2/day for fungi and 23923 CFU/
m2/day for bacteria were reported (Madsen et al., 2012). In princi-
ple, the best way to assess the bioburden exposure is based on
active air sampling, which is considered as the reference method
(Viegas et al., 2019). However, particular short-term air sampling
has considerable drawbacks since it is difficult to characterize the
overall microbial situations indoors, due to recognized large spatial
and temporal variations (Hyv€arinen et al., 2001). Instead, or in
parallel, different kinds of passive sampling, such as house dust
samples are used, as they are easy to collect and represent a long-
term integrated sample (Lepp€anen et al., 2018). Thus, by collecting
bioburden that passively settled on a sampling device, such as an
EDC, it is possible to obtain samples originating from a discrete yet
long-term time period (Adams et al., 2014; Caetano et al., 2017;
Viegas et al., 2015; 2019, 2020a,d). The importance of employing
active methods coupled with passive methods has already been
reported, since active methods (air sampling) provide information
about the bioburden load, while using EDC supplies amore detailed
scenario regarding bioburden contamination (Caetano et al., 2017;
Viegas, 2018; Viegas et al. ,2018a,(Viegas et al., 2018b) 2019,
2020a,d,e).

Building and home characteristics might have a predictable ef-
fect on microbial exposure (Spilak et al., 2015) corroborating the
importance of collecting information and improving knowledge
about the extent to which the building characteristics can serve as a
surrogate for bioburden exposure assessment (Spilak et al., 2015).

People spend about one-third of their life sleeping and during
this period mental-physical factors (Sayar et al., 2002; Scott et al.,
2017) and indoor environmental factors (Strøm-Tejsen et al., 2016;
Urlaub et al., 2015) can have an important impact on sleep quality
and duration. Typically, sleeping environments are characterized by
low ventilation rates (Canha et al., 2017), leading to pollutants
accumulation (Canha et al., 2016, 2019). Adding to this, the
breathing zone is very close to potential sources of pollutants, as
the mattresses and bed sheets (Kemmlein et al., 2003; Spilak et al.,
2014).

The available scientific data regarding sleep and sleeping envi-
ronment shows that the research has been focus in a few group of
pollutants, more often temperature and noise, neglecting the

Indoor Air Quality (IAQ) complexity. Awider characterization of IAQ
during sleep is still lacking in the literature (Canha et al., 2020). This
study intends to assess the bioburden before and after the sleep
period in Portuguese dwellings through active methods (air sam-
pling) coupled with passive methods (such as EDC), and investigate
associations between before and after sleep and to characterize the
bioburden. In addition, and driven by the lack of information
regarding fungi azole-resistance in Portuguese dwellings, a
screening with supplemented media was also performed.

2. Materials and methods

2.1. Study description

The present study was developed within a broader study aiming
to understand the impact of the IAQ in the sleep quality of the
occupants. For this, a comprehensive IAQ survey (comfort param-
eters, chemical and biological parameters) was conducted in ten
couples (male-female) in which sleep quality was assessed by
means of standardized questionnaires and polysomnography. In
order to minimize confounders on sleep, the inclusion criteria were
the following: ages ranging from 25 to 45 years, without children
below 5 years, healthy, non-smokers and without sleep disorders.
Fully description of participants is available elsewhere (Canha et al.,
2020). The participants were requested to use their normal venti-
lation conditions during the sleeping period in order to assess real
life conditions.

Therefore the present study was conducted in ten dwellings
located in the urban area of Lisbon district (Portugal) in the cold
season of 2016/2017, during the sleep period (3 nights during the
week period). Results of comfort parameters, chemical pollutants
and quantification of biological parameters have already been
described elsewhere (Canha et al., 2020). The present study aims to
provide a throughout assessment of the bioburden associated with
the sleeping period.

2.2. Dwellings characteristics

Dwelling characteristics collected by researchers through a
walk-through inspection and checklist included floor area, volume
of the living room, flooringmaterial, year of construction, floor level
of the dwelling, the presence of pets among other details. Detailed
description of each dwelling is available elsewhere (Canha et al.,
2020). Overall, all ten dwellings were apartment-type (from the
second to the 11th floor), located in the urban area of Lisbon dis-
trict, with an area ranging from 52 to 180 m2 (with a number of
bedrooms ranging from one to four) and, most of them, with nat-
ural ventilation (only one had mechanical ventilation in the toilet
next to the room). Ventilation conditions during the sleeping pe-
riods in the studied bedrooms had a mean air change per hour of
2.15 ± 1.24 h�1, ranging from 0.72 ± 0.19 h�1 to 3.75 ± 1.06 h�1.

2.3. Microbiological assessment

2.3.1. Sampling e active methods
Bioburden was assessed in each bedroom and it’s outdoor,

before and after the sleeping period (within a time frame of 30 min
after the volunteers woke up). The sampling procedure was based
on active sampling using a MAS-100™ air sampler equipment
(Merck) with a sampled volume of 0.25 dm3 per sample and a total
of three replicates in indoor and one replicate in outdoor, before
and after three different sleeping periods per bedroom. Samples
were impacted directly onto 2% Malt Extract Agar (MEA) with
0.05 g/L chloramphenicol media and Tryptic Soy Agar (TSA) with
0.2% nystatin (Viegas et al., 2019; 2020a-e).
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After an incubation period of 7 days at 30 �C, the bacterial iso-
lates were quantified (in Colony-Forming Units, CFU/m3) charac-
terized macroscopically (e.g., shape, pigmentation, texture),
microscopically (e.g., cell morphology), biochemically (Gram
staining, catalase activity, cytochrome oxidase) and phenotypically
typified based on Bergey’s Manual of Determinative Bacteriology
(Holt et al., 2000). The most frequent bacterial isolates were iden-
tified using RapID Systems (Remel, Thermo Scientific) (Buitrago
et al., 2020; Cabo Verde et al., 2015). The relative frequency (%) of
each bacteriawas calculated based on its detected number and total
number of isolated bacteria per environment (indoor and outdoor).

Regarding fungi, after incubation during 3e5 days (azole
screening) or 5e7 days (MEA and DG18) at 27 �C, its quantification
(in CFU/m3) was conducted and fungal species were identified
microscopically using tease mount or Scotch tape mount and lac-
tophenol cotton blue mount procedures. Morphological identifi-
cationwas achieved throughmacro andmicroscopic characteristics
(de Hoog et al., 2016; Viegas et al., 2019; 2020a-e).

2.3.2. Sampling e passive methods
Settled dust collected by EDC (Normand et al., 2009; Noss et al.,

2008; Caetano et al., 2017; Viegas, 2018; Viegas et al., 2018a; Viegas
et al. 2019; Viegas et al., 2020a,d,e) from 7 bedrooms, 4 living rooms
and 1 kitchen during a mean period of 28 days (ranging from 17 to
38 days). Samples were analyzed by culture based methods and
using quantitative real-time PCR (qPCR), targeting four different
Aspergillus sections (Flavi, Fumigati, Circumdati and Nidulantes). The
target fungi were selected based on the classification as indicators
of harmful fungal contamination (AIHA, 1996). Each EDC (a total of
12) had an exposed surface area of 0.00942 m2 and dust was
allowed to settle down for 15 days before analysis. After and before
sampling, each EDC was weighted in order to determinate the mass
of the collected dust (Caetano et al., 2017; Viegas, 2018, 2018a, 2019,
2020a,d,e). EDC samples were subject to extraction and bioburden
characterized by culture-based methods as previously described
(Madsen et al., 2012; Caetano et al., 2017; Viegas, 2018, 2018a, 2019,
2020a,d,e). EDCs were seeded onto the same culture media than
active sampling plus dichloran glycerol (DG18) agar-based media.
Samples were also spread (0.15 ml) onto Sabouraud dextrose agar
media supplemented with 4 mg.L�1 itraconazole (ITR), 1 mg.L�1

voriconazole (VOR), or 0.5 mg.L�1 posaconazole (POS) (protocol
adapted from the EUCAST, 2017 guidelines) (Arendrup et al., 2011)
for the screening of antifungal resistance.

After incubation of MEA, DG18 and the media used for anti-
fungal resistance screening at 27 �C for 5e7 days for fungi and TSA
and VRBA at 30 �C and 35 �C for 7 days for mesophilic bacteria and

coliforms (Gram-negative bacteria), respectively, bioburden den-
sities (colony-forming units, CFU/m2/day) were calculated and
followed the same procedures for identification of active sampling.

Molecular identification of the different fungal species/strains
was achieved by real-time PCR (qPCR) using the CFX-Connect PCR
System (Bio-Rad). Reactions were performed as previously
described (Viegas et al., 2018a, 2019, 2020a,d,e) and a non-template
control was used in every PCR reaction. For each gene that was
amplified, a non-template control and a positive control were used,
consisting of DNA obtained from a reference that belonged to the
culture collection of the Reference Unit for Parasitic and Fungal
Infections, Department of Infectious Diseases of the Ricardo Jorge
National Institute of Health. These strains have been sequenced for
ITS B-tubulin and calmodulin (Table 1).

2.4. Statistical analyses

The data were analyzed using the SPSS statistical software,
version 26.0. The results were considered significant at the 5%
significance level. In the first phase, frequency analysis was used (n,
%). To test the normality of the data, the Shapiro-Wilk test was used.
The Spearman’s correlation coefficient was used to study the
relationship between bacterial and fungal counts and azole resis-
tance. To compare the bacterial and fungal counts between morn-
ing and night, the Wilcoxon test was used. The Mann-Whitney test
was used to compare the bacterial and fungal counts and azole
resistance between the bedroom and the living room.

3. Results and discussion

3.1. Culturable airborne bacteria

The average (±SE) concentration of mesophilic aerobic bacteria
in the bedroom indoor air were 583 ± 55 CFU/m3 before sleeping
(night) and 1384 ± 522 CFU/m3 after sleeping (morning). The
average outdoor bioaerosol concentration was 225 ± 21 CFU/m3 in
outdoor air. The airborne culturable bacteria load had doubled after
the sleeping period that can be attributed to the prolonged occu-
pancy during the night without air circulation. As previously
underlined, the human occupancy was found to be closely related
to indoor microbial levels (Jo and Seo, 2005). A quantitative
monitoring of indoor and outdoor air revealed that human occu-
pancy is a dominant factor that contributes to the concentration
increase of indoor airborne bacterial genomes (Hospodsky et al.,
2012; Qian et al., 2012). A study on the indoor air in a university
classroom while occupied and when vacant, indicated that

Table 1
Sequence of primers and TaqMan probes used for Real Time PCR.

Species targeted Sequences Reference

Flavi (Toxigenic Strains)
Forward Primer

5‘-GTCCAAGCAACAGGCCAAGT-3‘

Reverse Primer 5‘-TCGTGCATGTTGGTGATGGT-3‘ (Mayer et al., 2003)
Probe 5‘-TGTCTTGATCGGCGCCCG-3‘
Fumigati
Forward Primer 5‘-CGCGTCCGGTCCTCG-3‘
Reverse Primer 5‘-TTAGAAAAATAAAGTTGGGTGTCGG -3‘ (Cruz-Perez et al., 2001)
Probe 5‘-TGTCACCTGCTCTGTAGGCCCG -3‘
Circumdati
Forward Primer 5‘-CGGGTCTAATGCAGCTCCAA-3‘
Reverse Primer 5‘-CGGGCACCAATCCTTTCA-3‘ (Viegas et al., 2017)
Probe 5‘-CGTCAATAAGCGCTTTT-3‘
Nidulantes
Forward Primer
Reverse Primer
Probe

5’ e CGGCGGGGAGCCCT-30

5’ e CCATTGTTGAAAGTTTTGACTGATcTTA-30

5’ e AGACTGCATCACTCTCAGGCATGAAGTTCAG-30

(EPA, 2017)
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occupancy increased approximately two orders of magnitude in
airborne bacterial genome concentration in PM10 (Hospodsky
et al., 2012). Other studies have reported concentrations of
airborne bacteria in dwellings between 102-103 CFU/m3

(Bragoszewska et al., 2019; Gorny and Dutkiewicz, 2002; Jo and Seo,
2005; Madureira et al., 2015; Mentese et al., 2012; Pastuszka et al.,
2000; Spilak et al., 2015), which is in line with the obtained results,
although there are few studies addressing bedroom’s indoor air and
none is related to the sleeping period. The results indicated that in
the outdoor environment the concentration of bacteria was lower
than in the indoor.

The indoor-to-outdoor bioaerosol concentration ratio (I/O) is
usually applied for the estimation of emission sources of bio-
aerosols (Bragoszewska et al., 2016; Chegini et al., 2020; Kim and
Kim, 2007; Pastuszka et al., 2000). If I/O > 1.0 it is assumed that
the main source of indoor bioaerosols is the indoor air, while if I/
O < 1.0, the outdoor air is considered themain source of bioaerosols
in the indoor air. The average ratio of I/O in the analyzed dwellings
was 2.4 before sleeping (night) and 6.4 after sleeping (morning),
which indicates that indoor air is the major source of bacterial
bioaerosols. Once more, the presence of people and inefficient in-
door ventilation during the sleeping period could be the main
factors for the increased indoor bacteria concentrations. Similar
findings were obtained in indoor environments, such as retirement
homes, dormitories, classrooms, different apartment rooms, indi-
cating that indoor sources dominate in contributing to the indoor
bacteria levels, where occupancy was identified as the most
important source (Mentese et al., 2012; Canha et al., 2015; Faridi
et al., 2015; Spilak et al., 2015).

Microbiological quality of indoor air is not only related with the
total concentration of bioaerosols, but also to the presence of some
particular microbial species, which could be determinant for the
health of room occupants. The most prevalent genera of airborne
bacteria identified in indoor of the ten bedrooms were Micrococcus
(41%), Staphylococcus (15%) and Neisseria (9%). The major indoor
bacterial species isolated in all the analyzed bedrooms were
Micrococcus luteus (30%), Staphylococcus aureus (13%) and Micro-
coccus varians (11%). These bacteria could be assigned as a “core

indoor air microbiome” since they have already been identified as
prevalent in other indoor environments, including kindergartens,
residential apartments, public buildings, homes in industrialized
areas and university rooms (Chegini et al., 2020; Gorny and
Dutkiewicz, 2002; Kim and Kim, 2007; Pastuszka et al., 2000;
Stryjakowska-Sekulska et al., 2007). This fact suggests either a
common source or common factors that promote this similar bac-
terial community (Richardson et al., 2019). The analysis of bacterial
outdoor community composition indicated, as for indoor air, the
prevalence of the genera Staphylococcus (41%) and Micrococcus
(40%) and the predominance of the species Staphylococcus aureus
(41%) and Micrococcus luteus (38%). Although, a detailed analysis
revealed different culturable bacterial richness of indoor and out-
door air, with 27 and 8 bacterial species isolated in indoor and
outdoor air, respectively. The bacterial community found inside
homes was more diverse, since includes bacteria from the outdoor
environment of homes as well as those that are released inside the
homes or have been originated from indoor sources, supporting the
obtained I/O > 1. This finding was also previously observed in
household dust (Barber�an et al., 2015). Different abundancies and
richness can be also observed between the airborne bacteriota of
before and after sleeping (Fig. 1). Considering the performed cul-
ture methodology, before sleeping (night), the indoor air of the
bedrooms was composed by 15 bacterial species that turn into 22
different species after sleeping (morning), revealing that the
persistent human occupancy can increase the indoor air biodiver-
sity. Around 80% of the detected culturable bacterial airbiome can
be assigned to human skin, upper respiratory tract [e.g. genera
Micrococcus, Staphylococcus, Corynebacterium, Moraxella (Khayyira
et al., 2020; Kumpitsch et al., 2019)], and gut [e.g. genera Neisse-
ria, Lactobacillus, Gemella (Walter and Ley, 2011)] microbiome.
Nevertheless, different abundancies of these microbiomes were
observed before and after sleeping in indoor air. Before sleeping, it
was detected 57% of bacteria associated to skin microbiome and
24% of bacteria related to gut microbiome, however, after sleeping
74% of the detected bacteria are linked to skin microbiome and
upper respiratory track and 5% to gut microbiome.

Micrococcus luteus, the most abundant bacterial species isolated

Fig. 1. Relative abundances (%) of bacterial species isolated in dwellings’ indoor before and after sleeping, and in outdoor air.
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from indoor and outdoor air in this study as well as in previous ones
(Folayan et al., 2018), although generally a harmless saprophyte,
can act as an opportunistic pathogen that has been associated to
nosocomial infections (Oudiz et al., 2004). This bacterium was also
considered a probiotic microorganism with antibacterial activities
against foodborne pathogens (Khayyira et al., 2020). Kytococcus
sedentarius, formerly a species of Microccocus genus, is indigenous
to the human skin and is considered a harmless commensal, but
may also become pathogenic under certain conditions (Levenga
et al., 2004). This microorganism was only found indoors and af-
ter sleeping (relative frequency of 12%), being its persistence in the
indoor air attributed to the production of antibiotics (Folayan et al.,
2018).

Enterobacteriaceae bacteria were detected on indoor air at
similar abundancies before (relative frequency of 10%) and after
sleeping (relative frequency of 12%). Nevertheless, members of this
family were isolated exclusively indoors before and after sleeping
(e.g. Shigella sp.), just after sleeping (Citrobacter freundii), or out-
doors (Providencia rettgeri, Salmonella enterica), and in both indoor
and outdoor environments (Yersinia sp., Proteus penneri). These
bacteria ubiquitous in nature can exist in diverse ecological niches,
both terrestrial and aquatic environments, and some are often
associated with animal, plants, or insects (Octavia and Lan, 2014).
Other authors have also detected the presence of Enterobacteriaceae
in indoor air of bedrooms (Richardson et al., 2019) and household
dust (Barber�an et al., 2015), that were assigned as faecal-derived
bacteria (Barber�an et al., 2015; Dunn et al., 2013). Some of the
isolated Enterobacteriaceae bacteria can cause human infections
and are becoming increasingly resistant to currently available an-
tibiotics (Octavia and Lan, 2014). In fact, the occurrence of multiple
antibiotic-resistant Enterobacteriaceae, such as Citrobacter freundii
strains, were detected in indoor air of an urban wastewater treat-
ment plant (Teixeira et al., 2016). Being this a public health issue,
further studies should be conducted to evaluate its occurrence in
other indoor environments such as dwellings.

Soil-related bacteria (e.g. Acinetobacter calcoaceticus, Bacillus
spp., Pseudomonas spp., Sporosarcina pasteurii, Alcaligenes faecalis)
were detected mostly indoor at percentages �6%. This bacterial
type, although with equal relative frequencies before and after
sleeping (9%), indicated to be more diverse after sleeping than
before (4 species vs 7 species). As mentioned before, the sleeping
activity seems to increase the biodiversity of indoor air. In the
outdoor air, soil-related bacteria were detected at low abundances
(2%). This unforeseen result could be related to a dilution effect of
these less abundant soil-derived bacteria in outdoor air. In outdoor
air of metropolitan areas, during winter season, it was observed the
dominance of common mammalian-associated bacteria (Bowers
et al., 2011), as observed in this study. Moreover, there are reports
that implicate humans as an agent of dispersal for soil-associated
taxa in the indoor air (Adams et al., 2014), that could lead to its
concentration.

The microbial diversity of the home likely affects immune
defence and disease transmission among its residents (Lax et al.,
2014). Some studies indicate that the presence of some bacteria
at home, such as Lactobacillus and Acinetobacter spp., can protect
against allergies (Shan et al., 2019).

The obtained results suggested an exchange of bacterial species
between the microbiome of the human occupants and the indoor
air microbiome. As in the present study, others have identified
several consistent sources for indoor microorganisms, particularly
outdoor air and human skin (Adams et al., 2015). However, at the
microbial level, further studies are needed to fully understand
those factors and forces shaping the indoor microbial communities,
being suggested that could be a general phenomenon involving

thousands of taxa rather than just a few pathogens (Dunn et al.,
2013; Shan et al., 2019).

3.2. Fungal contamination

Fungal load in indoor air ranged from 4 CFU/m3 to 13236 CFU/
m3. The median values ranged from 1136.4 CFU/m3 to 1621.4 CFU/
m3 in MEA. Maximum results were higher than a previous study
performed in children homes from Portuguese dwellings
(Madureira et al., 2015). However, ventilation conditions were very
different since the sampling campaign was during the day with the
possibility of contamination dilution.

Fungal load should be lower indoor than outdoor, since the
outdoor environment is the primary source of fungal contamina-
tion (Amend et al., 2010). However, 32 out of 92 samples collected
after sleeping period and 25 out of 92 samples collected before the
sleeping period did not present this expected trend (Bragoszewska
et al., 2016; Chegini et al., 2020; Kim and Kim, 2007; Pastuszka
et al., 2000). Some studies also reported the comparison between
species found indoors with outdoor (Ramos et al., 2015; Madureira
et al., 2015) driven by previous Portuguese technical guidance.
However, this comparison to be accurate should rely on more
refined molecular tools, such as high-throughput sequencing, that
were not applied in this study. Nevertheless, fungal contamination
viability is critical to assess, since it can influence the inflammatory
and/or cytotoxic potential from an environmental sample, as any
other microorganisms (Croston et al., 2016). This fact enhances the
importance of combining culture based-methods on exposure as-
sessments (Madsen et al., 2020) with molecular tools, as was
applied in this study.

Chrysosporium spp. presented the highest prevalence after
sleeping period (40.8%) and before (28.8%) followed by Penicillium
spp. (23.5% morning; 23.6% night) and Chrysonilia spp. (12.4%
morning; 20.3% night) (Fig. 2). Indeed, Chrysosporium spp. pre-
sented also the highest prevalence in a poll of fitness centres
assessed in Portugal, being Penicillium and Cladosporium genera
also among the most prevalent (Ramos et al., 2015). Cladosporium
spp. was commonly found as one of the dominant genera indoors in
previous studies (Oliveira et al., 2009; Celtik et al., 2011; Soleimani
et al., 2013; Stamatelopoulou et al., 2020), as well as Penicillium spp.
(Stamatelopoulou et al., 2020).

Although the importance to identify the most prevalent fungi
indoors, air fungal dissemination is much related with the activities
developed or even with cleaning procedures (Le Cann et al., 2011;
Viegas et al., 2020a; Stamatelopoulou et al., 2020) and can be
transported by occupants through all the indoor areas (Viegas et al.,
2020a).

Aspergillus is a widely spread genus, observed in different nat-
ural and artificial habitats (Hubka et al., 2017). Aspergillus sections/
species can produce mycotoxins and are associated with several
health conditions, such as allergies, asthma, allergic broncho-
pulmonary, aspergillosis, aspergilloma, necrotizing aspergillosis,
invasive pulmonary aspergillosis and mycotoxicosis (Varga et al.,
2015; Dudakova et al., 2017). This genus has been reported as one of
themost prevalent fungi in asthmatic patients’ dwellings, as well as
in several occupational environments (waste management in-
dustry, animal production, bakeries) and in different environ-
mental matrices (Viegas et al., 2020b,c,f), increasing the exposure
and, consequently, the risk of developing respiratory symptoms
(Sharpe et al., 2015; Sabino et al., 2019). More than 350 Aspergillus
species were described and organized in sections (Hubka et al.,
2018) such as Circumdati, Fumigati, Flavi, Nidulantes, Usti or Terrei
(among others) (Balajee et al., 2009; Lamoth, 2016).

The burden of Aspergillus in air samples ranged from 584 CFU/
m3 to 684 CFU/m3. Nine different Aspergillus sections were
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identified in air samples, as follows: Fumigati, Circumdati, Nigri,
Nidulantes, Aspergilli, Restricti, Flavi, Clavati and Usti. According to
the American Industrial Hygiene Association (AIHA, 1996), deter-
mination of biological contamination in environmental samples of
some of the detected Aspergillus sections (Nidulantes, Fumigati and
Flavi) requires implementation of corrective measures (AIHA,
1996), mainly due their clinical relevance and/or toxigenic poten-
tial (Varga et al., 2015; Sabino et al., 2019). In addition, a previous
study confirmed that exposure to Aspergillus spp. led to poor sleep
quality (Kallawicha et al., 2020), probably due to the Aspergillus
sections potential to release allergens and cause allergic symptoms
to the indoors occupants (Blatter et al., 2014; Crameri et al., 2014).

Fungal counts in EDC ranged from 0 to 283 CFU/m2/day on MEA
and from 0 to 432 CFU/m2/day in DG18, with median values of
50.8 CFU/m2/day on MEA and 84.4 CFU/m2/day on DG18. In other
studies performed using the same sampling method and the same
media (MEA) higher results were obtained. In French dwellings the
maximum concentration for fungi obtained was 6515 CFU/m2/day
(Spilak et al., 2015), while in Danish homes 5366 CFU/m2/day for
fungi was reported (Madsen et al., 2012). These differences can be
justified due to different contamination sources, or even environ-
mental variables that can select the fungal pattern indoors (Frankel
et al., 2012).

The highest prevalence on MEA media belongs to Aspergillus
section Circumdati (50.0%) whereas on DG18 the highest prevalence
is from Penicillium spp. (59.7%). However, there are a few more
species with a significant prevalence such as Penicillium spp. on

MEA media (31.6%) and Cladosporium spp. on DG18 media (38.7%)
(Fig. 3).

Concerning the different assessed areas of the dwellings using
EDCs, in bedrooms the most prevalent was Penicillium spp. (59.01%
MEA; 96.54% DG18), in living room was Aspergillus section Cir-
cumdati on MEA (63.63%) and Cladosporium spp. on DG18 (100%),
and in the kitchen was Penicillium spp. (100% MEA; 100% DG18).
The most prevalent fungal species in each different indoor micro-
environment should be considered with caution since fungi can
be transported by occupants to the different indoor areas (Viegas
et al., 2020a), as in the case of air fungal contamination.

The burden of Aspergillus in EDC ranged from 0 to 405.3 CFU/m2/
day on MEA, while in DG18 Aspergillus species were not observed.
Three different Aspergillus sections were identified in EDC samples
on MEA namely Circumdati, Aspergilli and Candidi.

The significance of using different culture media in EDC fungal
assessment was corroborated and followed the same trend as re-
ported in previous studies done in different indoor environments
(Viegas et al., 2020a,d,e). It was possible to found different species
in both culture media applied (MEA and DG18), with Aspergillus
sections being found exclusively on MEA. Indeed, the exclusive
identification by MEA of Aspergillus sections, all with toxigenic
potential (Varga et al., 2015), should be emphasized. Additionally,
Aspergillus section Circumdati identification (the most prevalent on
MEA) should be stressed since it is considered as an indicator of
harmful fungal contamination (AIHA, 1996).

Fig. 2. Relative abundances (%) of fungal species on MEA isolated in bedrooms before and after sleeping.

Fig. 3. Fungal distribution from EDC on MEA and DG18.
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3.3. Azole resistance screening

C. sitophila was the most prevalent fungal species in azole
screening, ranging from 0 to 2.5x104 in VOR, followed by Penicillium
spp., with visible growth in POS (5.0x102) and VOR (5.5x102). Other
species detected in azole screening are represented in Fig. 4. No
Aspergillus spp. were found in azole-supplementedmedia, although
it was identified on MEA and DG18. This might indicate that
Aspergillus spp. in this environment are susceptible to azoles at
tested concentrations, as such, probably belonging to Aspergillus
sensu stricto. On the contrary, cryptic species present intrinsic
resistance azoles (Sabino et al., 2014; Pinto et al., 2018). The
development of azole resistance among Aspergillus sensu stricto
has already been described (European Centre for Disease Preven-
tion and Control, 2013), although not detected in this study.

The pronounced growth of C. sitophila in VOR might have also
hindered some fungal species due to completion for substrate. Of
note, two fungal species were detected in two different azole-
media, namely, VOR and POS (Cladosporium spp. and Penicillium
spp.), and a third fungal species was found in all tested azoles
(Chrysosporium spp.) (Fig. 4). Nevertheless, no conclusions
regarding azole resistance of these fungal species can be drawn, as
reference values are defined only for Aspergillus spp. and Candida
spp. (The European Committee on Antimicrobial Susceptibility
Testing, 2020).

None of the fungal species/strains (Aspergillus sections Fumigati,
Flavi, Nidulantes and Circumdati) were amplified by qPCR in the
analyzed EDC. As recently reported, handling samples in liquid
buffers and centrifugation steps used prior to DNA isolation can
cause fungal loss (Mbareche et al., 2019). This might explain the
lack of amplification observed in our qPCR experiments regarding
Circumdati section, since the extraction steps are needed to obtain
the EDC extracts. Alternative approaches, such as using filtration
rather than centrifugation might be considered in future studies to
overcome this limitation (Mbareche et al., 2019). However, EDC had
presented increased detection of Aspergillus sections when
compared with air samples or even with other passive methods in
previous studies (Viegas et al., 2019, 2020e).

The complementary use of culture methods with molecular
methods to detect fungal species is of great importance as, while
the first allows detection of viable species, the second allows
detection of both viable and non viable species, while additionally
allowing detection of toxigenic species by the specific amplification
of genes that cause toxicity. Thus, by providing different types of
information, these two approaches should always be used together
(Mbareche et al., 2019; Viegas et al., 2020a).

3.4. Correlation and comparison analysis

Regarding the indoor air sampling, only a significant and high
positive correlation was detected between the fungal loads before
and after the sleeping period (rs ¼ 0.833, p-value ¼ 0.008) and
fungal load (rs ¼ 0.371, p ¼ 0.001) (Table 2). These results indicate
that higher fungal loads after the sleeping period are related to
existent loads before the sleeping period, indicating that no gen-
eration of fungal loads exists during the sleeping period.

Statistically significant differences were only detected, between
before and after the sleeping period, in relation to bacterial load
indoors (z ¼ - 4.052, p ¼ 0.000) and it was found that, before the
sleeping period, the load was significantly lower (Table 3). This
result evidences that sleeping increases significantly the bacterial
load of bedrooms’ indoor air also reinforcing the influence of hu-
man occupancy on indoor bacterial levels.

Regarding bacterial counts in EDC, only a significant correlation
was detected in a positive direction and of moderate intensity,
between the TSA and the RB (rs ¼ 0.655, p¼ 0.011), which indicates
that a higher bacterial counts in TSA is related to higher counts in
RB (Table 4).

With regard to fungal counts on MEA, significant correlations
were found in a positive direction and of strong intensity with the
fungi in azole-screening on POS (rS ¼ 0.760, p ¼ 0.002) and VOR
(rs ¼ 0.710, p ¼ 0.004). The same type of relationship was detected
between fungal counts on DG18 and fungi in azole-screening on
POS (rS ¼ 0.568, p ¼ 0.034) and VOR (rs ¼ 0.638, p ¼ 0.014). These
results reveal that higher fungal counts, in both MEA and DG18, are
related to higher fungal counts on POS and VOR (Table 4). The
higher intensity of correlation between MEA and azole-
supplemented media than the observed for DG18 is probably
related to the lower selectivity of MEA (Wu et al., 2000), resulting in
frequencies of a wider range of fungal species, such as C. sitophila.
Although no conclusions can be drawn on resistance profile of the

Fig. 4. Fungal distribution from EDC on azole-supplemented SDA media.

Table 2
Relationship between indoor bacterial and fungal loads, before and after the
sleeping period, using Spearman correlations (significant correlations in bold).

Before sleeping
period

After sleeping
period

Bacteria Fungi Bacteria Fungi

Before sleeping period Bacteria 1.000 0.567 0.418 0.633
Fungi 0.567 1.000 �0.033 0.833*

After sleeping period Bacteria 0.418 �0.033 1.000 �0.083
Fungi 0.633 0.833* �0.083 1.000

* p-value ¼ 0.008.
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fungal species identified in azole-supplemented media, as resis-
tance cut-off values are not defined for those fungal species, the
correlations observed suggest reduced susceptibility to antifungal
drugs of some fungal species found in sleeping environments. This
phenomena has recently been described by Viegas et al. (2020d).

Finally, significant positive and moderate correlations were
found between the fungal counts on POS and fungal counts on ITR
(rS ¼ 0.561, p ¼ 0.37) and fungal counts on VOR (rS ¼ 0.637,
p ¼ 0.014), which means that higher fungal counts on POS are
related to higher fungal counts on ITR and VOR (Table 4). The cor-
relation between fungal frequencies among different azole drugs
might hinder a profile of multi-azole resistance or reduced sus-
ceptibility. Fungal resistance to azole therapy is a considerable
public health issue that puts in risk vulnerable populations, such as
immunocompromised individuals, for fungal infections with high
morbidity and mortality such as invasive aspergillosis caused by
Aspergillus section Fumigati (Verweij et al., 2009; Snelders et al.,
2012; Perlin et al., 2017). Although no Aspergillus species were
found by azole screening in this study, the obtained results support
the study of fungal resistance in the environment and indoors as of
utmost importance for the global surveillance of fungal resistance
(Stop neglecting fungi, 2017).

4. Conclusions

Knowing that sleep is vulnerable to several features, the eval-
uation of sleeping environments should be assessed not only for
research but also for clinical purposes. In fact we spend one third of
our life sleeping and, during that period, the exposure to a poor air
quality may affect the quality of sleep, by worsening or promoting
sleep disturbances. Understanding the indoor air during sleep is
essential to proposemitigation measures to improve it. The present
study allowed to characterize the bioburden of sleeping
environments.

Our study shows that bacterial levels double during the sleeping
period, highlighting that our bodies are the source of the majority
of the bacteria found in the indoor air of our bedrooms. Indeed,
around of 80% of the detected bacteria were related to the typical
microbiomes of skin, upper respiratory and gut.

Toxigenic fungal species and indicators of harmful fungal
contamination, belonging to Aspergillus genera were observed in-
doors, as well as reduced susceptibility to antifungal drugs of some
fungal species found in sleeping environments. Further studies
should also investigate the susceptibility profile of the bacterial
isolates to commonly used antibiotics.

Moreover, future efforts should also be conducted to provide the
bioburden characterisation of sleeping environments in different
countries and settings considering the seasonal variability, the type
of outdoor environment (e.g., sub-urban and rural), the type of
dwellings (e.g., apartment and detached house and their typol-
ogies) and different types of inhabitants (e.g., regarding age or
family composition).
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Table 3
Comparison between before and after sleeping period for the indoor bacterial and fungal loads. Wilcoxon test.

Ranks Test Statisticsg

N Mean Rank Sum of Ranks Z P

Bacteria before sleeping period - Bacteria after
sleeping period

Negative Ranks 52a 48.48 2521.00 �4.052h 0.000*
Positive Ranks 29b 27.59 800.00
Ties 1c

Total 82
Fungi before sleeping period e Fungi after

sleeping period
Negative Ranks 30d 41.27 1238.00 �0.427i 0.670
Positive Ranks 42e 33.10 1390.00
Ties 1f

Total 73

a. Bacteria before sleeping period < Bacteria after sleeping period. b. Bacteria before sleeping period > Bacteria after sleeping period. c. Bacteria before sleeping
period ¼ Bacteria after sleeping period. d. Fungi before sleeping period < Fungi after sleeping period. e. Fungi before sleeping period > Fungi after sleeping period. f. Fungi
before sleeping period ¼ Fungi after sleeping period. g. Wilcoxon Signed Ranks Test. h. Based on positive ranks. i. Based on negative ranks. * Statistically significant differences
at the 5% significance level.

Table 4
Relationship between bacterial counts (TSA, RB), fungal counts (MEA and DG18) and azole resistance (ITR, VOR and POS media): Spearman correlation.

Bacteria (CFU/m2/
day)

Fungi (CFU/m2/day) Fungi in azole-screening media (CFU/m2/day)

TSA RB MEA DG18 POS ITR VOR

Days �0.192 0.000 �0.275 0.146 �0.062 �0.280 �0.212
Bacteria (CFU/m2/day) TSA 0.655* �0.088 0.203 �0.218 �0.034 0.007

RB �0.172 0.404 �0.321 �0.229 0.058
Fungi (CFU/m2/day) MEA 0.490 0.760** 0.387 0.710**

DG18 0.568* 0.458 0.638*
Fungi in azole-screening media (CFU/m2/day) POS 0.561* 0.637*

ITR 0.394
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H I G H L I G H T S

• Exposure to outdoor PM2.5 varies con-
siderably depending on the modelling
approach.

• Exposure occurs mainly indoors, al-
though infiltration decreases the con-
centrations.

• Inclusion of school and traffic microen-
vironments increased the exposure esti-
mates.

• Indoor-generated sources potentially
important contributors to the total ex-
posure.

• Time-activity, spatial mobility and infil-
tration important in exposure
modelling
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Atmospheric particles are a major environmental health risk. Assessments of air pollution related health burden
are often based on outdoor concentrations estimated at residential locations, ignoring spatial mobility, time-
activity patterns, and indoor exposures. The aim of this work is to quantify impacts of these factors on
outdoor-originated fine particle exposures of school children.
We apply nestedWRF-CAMxmodelling of PM2.5 concentrations, gridded population, and school location data. In-
filtration and enrichment factors were collected and applied to Athens, Kuopio, Lisbon, Porto, and Treviso. Expo-
sures of school children were calculated for residential and school outdoor and indoor, other indoor, and traffic
microenvironments. Combinedwith time-activity patterns six exposuremodels were created. Model complexity
was increased incrementally starting from residential and school outdoor exposures.
Even though levels in traffic and outdoors were considerably higher, 80–84% of the exposure to outdoor particles
occurred in indoor environments. The simplest and also commonly used approach of using residential outdoor con-
centrations as population exposure descriptor (model 1), led on average to 26% higher estimates (15.7 μg/m3)
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Spatial mobility
Infiltration
Microenvironment
Particulate matter
Health impact assessment

compared with the most complex model (# 6) including home and school outdoor and indoor, other indoor and
traffic microenvironments (12.5 μg/m3). These results emphasize the importance of including spatial mobility,
time-activity and infiltration to reduce bias in exposure estimates.

© 2021 The Author(s). Published by Elsevier B.V. This is an open access article under the CC BY license (http://
creativecommons.org/licenses/by/4.0/).

1. Introduction

Air pollution, especially fine particles (PM2.5), is a leading environ-
mental health risk worldwide (WHO, 2016). In the European Union
around 400 thousand premature deaths per year are associated with
PM2.5 (EEA, 2020a). Epidemiological studies of air pollution have been
conventionally relying on outdoor air concentrations measured at
fixed locations or on predicted outdoor concentrations calculated e.g.
with land use regression or chemical transport models (Beelen et al.,
2014; de Hoogh et al., 2014; Dockery et al., 1993; Im et al., 2018). Obser-
vations have been considered more reliable than predicted values, but
spatial representativeness of the air quality models are far better than
measured concentrations.

Besides poor spatial coverage of observations or air quality models'
difficulties to capture variability of concentrations in diverse urban en-
vironments, recent studies have shown that relying only on outdoor
concentrations as surrogate for population exposure leads to a misclas-
sification in health burden assessments. Kazakos et al. (2020) estimated
that ignoring infiltration of outdoor PM2.5 indoors, spatial mobility, and
time-activity leads to overestimated results. Using their most complex
model in London, which included 4 microenvironments (MEs) (resi-
dential outdoor, indoor, above- and underground transportation), led
to a 24% reduction in mortality estimates in comparison to results ob-
tained only using residential outdoor concentrations (n = 1541). In-
doors was the largest contributor (83%) to the total PM2.5 exposure
the fact that. Despite only 0.4% of the time was spent in London Under-
groundwas the second largest contributor (15%). Singh et al. (2020) es-
timated also PM2.5 exposures in London using a modelling approach,
which integrated time-activity and spatial mobility in three microenvi-
ronments (home, work and transport). The exposure (approximately
9 μg/m3) was 28% lower in comparison to outdoor only exposures at
residential locations, with 85% of the exposures occurring in residential
and workplaces and 15% in transport MEs.

In general, people in Western countries spend the majority of their
time indoors. Hussein et al. (2012) conducted a survey in Helsinki,
Finland, and reported that people aged between 2 and 93 years old
(n = 167) spent on average 82–92% of their time indoors, 5–14% out-
doors, and 3–5% in transit. In colder periods (−13 to 2 °C) people
spent more time indoors (90–92%) in comparison to warmer period
(8–15 °C) when people spent 82 and 88% indoors on weekend and
workday, respectively. Faria et al. (2020) reported that school children
(n = 1189) in Lisbon, Portugal, aged from 5 to 10 years old, on week-
days 86% of their time indoors, mostly at home (56%) and in classroom
(27%), 10% outdoors and 3% in transport. Onweekends the same period
of time (87%) was spent indoors (77% at home and 8% other indoor lo-
cations, like shops and restaurants), slightly less time outdoors (9%)
and slightly more in transports (4%). Cunha-Lopes et al. (2019) ob-
served similar results in a survey conducted among a small number of
Lisbon school children (n = 9). During the week children spent more
than 80% of their time indoors (55% at home and 22% in classroom),
about 9% outdoors and 5% in transports.

Although the time spent in transport is small, a higher concentration
during commutingmakes it an important contributor to exposures. Fine
particulate matter concentrations during commuting are higher com-
pared to the background levels and depend on the type of commuting,
route choice and ventilation settings of the vehicle. In Lisbon, Correia
et al. (2020) measured highest PM2.5 concentrations in the metro
(37.8 μg/m3), followed by car (33.7 μg/m3), bicycle (30.5 μg/m3), and
bus (28 μg/m3). Concentrations in all transport modes were

approximately 2 times higher in comparison to traffic station and
around 3 times higher compared to background station measurements.
Lower concentration levels of bicycle rideswere linked to route thatwas
in some parts far away from traffic emissions, i.e. roads. Similarly, buses
exhibited lower concentrations because they were running on dedi-
cated lanes andwere therefore less prone to traffic jams. In addition, fil-
ters may have beenmore efficient to remove particles from the outdoor
air entering the vehicle cabin. Results of de Nazelle et al. (2017) report
in a review article concerning Europe that pedestrianswere consistently
least exposed to PM2.5 in comparison to all other transportmodes. Com-
muters in bicycle, car and bus modes were exposed on average to 1.3,
1.4 and 1.5 times higher concentrations, respectively, in comparison to
pedestrians. Concentrations during commuting were 2–2.5 times
higher than the background levels. In undergrounds, exposure levels
are considerably higher; e.g. Smith et al. (2020) measured average
PM2.5 concentration of 88 μg/m3 in London underground, while outdoor
levels were 19–22 μg/m3 at background and central London roadside
environments.

In residences and offices, infiltration of outdoor air pollution is a
major factor affecting the indoor air PM2.5 levels. Infiltration factors for
PM2.5 in residences ranged from 0.59 in Helsinki to 0.70 in Athens,
with Basle (0.63) and Prague (0.61) in between (Hänninen et al.,
2004). Infiltration was higher in buildings with natural ventilation or
mechanical ventilation with low or non-existent particle filtration.
Kalimeri et al. (2019) study showed that the PM2.5 indoor/outdoor (I/
O) ratio in offices (0.62) was below 1.0, whereas in schools this ratio
was above 1.0 (1.44). These findings revealed the importance of out-
door air particles in indoor air quality, but also that in schools there
are significant indoor sources. Schools are often more crowded than of-
fices and students are more active, favouring resuspension of particles.
This difference in I/O ratios was also explained by the fact that the ma-
jority of the offices weremechanically ventilated, whereas schools were
naturally ventilated. Morawska et al. (2017) ended up with similar re-
sults in their review. In homes and offices, outdoor air was the major
source of PM2.5, while in schools or day care present indoor sources,
like children's activity and PM resuspension, as well as poor ventilation,
were major factors affecting the PM2.5 concentrations. In residences,
cooking, candle burning and wood stove burning devices are among
the most significant indoor PM2.5 sources (MacNeill et al., 2012;
Siponen et al., 2019).

The overall aim of this paper is to quantify exposures of outdoor-
originated PM2.5 and bias related to the most common use of outdoor
concentrations as population exposure descriptor when using atmo-
spheric modelling as source. Specifically, we estimate how (i) spatial
mobility, (ii) time-activity, and (iii) infiltration of outdoor particles in-
doors affect the PM2.5 exposures of school children, selected as target
population due to available school locations at community level. Fur-
thermore, (iv) we quantify uncertainties due to modelled particle con-
centrations and their influence on exposure estimates, health impact
assessment and discuss implications for air pollution epidemiology.

2. Material and methods

In this work, annual outdoor-originated atmospheric aerosol, de-
fined as fine particulate matter (PM2.5), exposures of school children
in 2015 were estimated in the context of LIFE Index-Air project for
Athens, Kuopio, Lisbon, Porto and Treviso (Fig. 1). Spatially distributed
outdoor concentrations were calculated with the air quality modelling
system combining Weather Research and Forecasting (WRF) model
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with Comprehensive Air Quality Model with Extensions (CAMx),
resulting in a 3D chemical transportationmodelling system for particles
(Ferreira et al., 2020). The influence of spatial mobility, time-activity
and infiltration of outdoor particles indoors was taken into account in-
crementally. In total, six exposure models were created. The biases re-
lated to each approach using the most complex and presumably most
accurate model as the reference point, was evaluated.

The modelling domain sizes of the WRF-CAMx in South European
cities were between 2100 and 2300 km2 and in Kuopio 320 km2

(Table 1). There was a high variability in domain populations, ranging
from 84 thousand in Kuopio to 3.3 million in Athens. Infiltration of out-
door generated particles indoors was estimated to be higher in South
European cities.

2.1. Air quality modelling and observations of outdoor-originated PM2.5

Outdoor fine particulate matter concentrations were calculated on
hourly resolution with the WRF-CAMx air quality modelling system
and were averaged to annual level. The model was applied for the
urban regions of Athens, Kuopio, Lisbon, Porto and Treviso, for 2015, fol-
lowing a nesting approach starting by a coarse domain over Europewith
a 0.25° grid cell size until reaching the domains of interest, at 0.01° res-
olution. The mesoscale numerical weather prediction system Weather
Research and Forecasting model (WRF, version 3.7.1) (Skamarock
et al., 2008) simulated themeteorological fields, whichwere used as in-
puts for the three dimensional chemical transport model Comprehen-
sive Air Quality Model with Extensions (CAMx version 6.3) (ENVIRON,
2016; Ferreira et al., 2020). The European Centre for Medium-Range
Weather Forecasts' (ECMWF) ERA-Interim atmospheric reanalysis
data at 6 h temporal and 0.75° spatial resolution was used as meteoro-
logical forcing for the WRF model (Dee et al., 2011). For the European
domain, initial and boundary conditions with temporal resolution of
6 h were provided by the global chemical model MOZART (Emmons
et al., 2010). Anthropogenic emissions reported by the Member States
of the EuropeanUnionwere derived from the European emission inven-
tory (EMEP) with a resolution of 0.1° and were spatially disaggregated
to 1 km resolution (Ferreira et al., 2020). Hourly concentrations were
modelled with a spatial resolution of approximately 1.1 km × 0.5 km
in Kuopio and 1.1 km × 0.8 km in the other cities residing in the
Mediterranean region.

Moreover, observed outdoor PM concentration data collected in
2015 were compiled from national and European air quality databases
(APA, 2020; EEA, 2020b; FMI, 2020; YPEKA, 2020). In total 17 PM2.5

measurement stations were included. Six stations were located in
Athens of which 3 were classified as suburban background, 2 as traffic
and 1 as industrial station. In Lisbon there were 5 (4 urban background
and 1 traffic), in Kuopio 3 (1 suburban background, 1 urban background
and 1 traffic), in Treviso 2 (1 suburban and 1 urban background) and in
Porto one urban background station.

To estimate misclassification related to modelled PM2.5 concentra-
tions and discuss its influence to exposure, health impact estimates
and epidemiology, predicted and observed annual average concentra-
tions at measurement station locations were compared. Differences
were quantified as absolute difference (mean bias, MB), underestima-
tion of variance (UEV) and random error (RE).

2.2. Gridded population, school data, time-activity patterns, infiltration and
traffic enrichment factors

The GEOSTAT 2011 population data provided at 1 km× 1 km resolu-
tion across Europe (Eurostat, 2016) was obtained from Eurostat and

Fig. 1. Four cities in theMediterranean climate and one in Northern Europewere included
in this study.

Table 1
Characteristics of modelling domains, populations, and input parameters of the target cities.

City, country Athens, Greece Lisbon, Portugal Porto, Portugal Treviso, Italy Kuopio, Finland

Domain size (grid cell size, area) 0.88 × 1.1km2

43x54km2
0.87 × 1.1km2

42x54km2
0.84 × 1.1km2

41x54km2
0.78 × 1.1km2

38x54km2
0.51 × 1.1km2

12x27km2

Inhabitants (thousands)a 3300 2300 1200 880 84
Pupils (thousands) 300b 72 32 81b 7.8
Schools (n) n/a 212 105 n/a 20
School/home PM2.5 concentration ratio 1.19 1.19 1.09 1.19 1.02
Infiltration factor, residences
±SD, ±SE

0.66c

±0.41, ±0.023
0.66c

±0.41, ±0.023
0.66c

±0.41, ±0.023
0.66c

±0.41, ±0.023
0.55
±0.16, ±0.017

Infiltration factor, schools
±SD, ±SE

0.82c

±0.82, ±0.14
0.82c

±0.82, ±0.14
0.82c

±0.82, ±0.14
0.82c

±0.82, ±0.14
0.55d

±0.16, ±0.017
Enrichment factor, traffice 1.58 1.35 1.35 1.58 1.30

n/a: not available.
a Inhabitants in the domain.
b Number of 6–14-year old children.
c Parameters estimated from Athens and Lisbon measurements.
d Estimated from residences.
e Estimated from PM observations using traffic/background ratio (Athens measurements used for Treviso and Lisbon for Porto) (see text for the references).
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was used with WRF-CAMx modelled concentrations to calculate resi-
dential exposures in all five cities. In addition, Statistics Finland 2015
population data at 1 km2 resolution containing three age groups
(<15 years, 15–64 years, >64 years) was used to test differences
between age group specific exposures (Statistics Finland, 2020a).

Outdoor exposures in school locations were assessed using loca-
tions of compulsory schools and number of pupils for Kuopio,
Lisbon and Porto (República Portuguesa - Ministério da Educação,
2019; Statistics Finland, 2020b). In Portugal and Finland basic educa-
tion consists of nine grades, primary education including grades
from 1 to 6 and secondary education grades from 7 to 9. In Portugal
basic education is started at the age of 6 lasting to the age of 14.
While in Finland basic educations starts at the age of 7 last until
the age of 15 (EC/EACEA, 2015). For Athens and Treviso school loca-
tions were not available. Instead the ratio of school to residential
outdoor exposure in Lisbon was used. The ratio was calculated by di-
viding Lisbon school exposure by residential exposure. Residential
exposures of Athens and Treviso were then multiplied by the calcu-
lated ratio to estimate school outdoor exposures.

An annual time-activity pattern for school children of Lisbon, Porto,
Athens and Treviso was derived from a time-activity survey conducted
in Lisbon in 2016–2017 among children aged between 5 and 10 years
old. A self-report questionnaire including weekday and weekend, and
17 indoor and outdoor microenvironments (ME) was applied in 26
schools. Parents returned 1189 completed questionnaires, representing
a response rate of 20% (Faria et al., 2020).Weekendpatterns (196 days),
which were used also for vacation days and weekday patterns
(169 days) of schooldays were used to calculate a combined time-
activity pattern at annual level.

In Kuopio time-activity data of school children and students was
based on a survey conducted in Finland during 2009 and 2010
(Statistics Finland, 2020c). It included population over 10 years old
(3800 people, 7500 days, 41% response rate) who kept a record of
their time-activity on one weekday and one Saturday or Sunday. Activ-
ities were classified into 146 categories and were aggregated into 26
categories. Compiled time-activity data of the two cities, Kuopio and
Lisbon (Lisbon data applied also in Athens, Porto and Treviso), were fur-
ther allocated to 6 MEs: (i) residential outdoor, (ii) school outdoor, (iii)
residential indoor, (iv) school outdoor (v) other indoor, and (vi) traffic.

Based on indoor and outdoor PM2.5 concentrations measured in
Lisbon and Athens, a linear regression was applied to estimate infiltra-
tion factors for South European residences and schools. The regression
slope, which corresponds to the fraction of the outdoor generated parti-
cles penetrating indoors, was found equal to 0.82 for schools (95% Con-
fidence interval 0.55–1.09) and 0.66 for the residences (95% CI
0.61–0.70) (Table 1). In Lisbon, measurements were conducted in
2017–2018, during the occupied period, in 5 schools and 40 residences,
in the context of the LIFE Index-Air project. In schools concentrations
were monitored during the school week from Monday to Friday and
in residences during 4 weekdays and one day in the weekend (Faria
et al., 2020). In Athensmeasurements were conducted in 7 schools dur-
ing the occupied period in twowinter periods in 2003 and 2004 for 2–5
consecutive schooldays (Diapouli et al., 2008). For the Athens resi-
dences, PM2.5 concentrationmeasurementswere conducted in two sep-
arate studies. In 2002 sampling was performed in 3 residences during
the cold and warm period (Diapouli et al., 2011). During the years
2005 and 2006, measurements were conducted in additional nine resi-
dences (Diapouli, 2008; Diapouli et al., 2010).

For Kuopio, the infiltration factor in 2015 was estimated linearly, by
taking into account the annual renewal and renovation rate of building
stock (2%), assuming a better filtration of outdoor particles (Geels et al.,
2015; Hänninen et al., 2015). An infiltration factor (0.59) calculated by
Hänninen et al. (2004) for residences in Helsinki in year 1997 was
used as a starting point. The linear regression resulted in a infiltration
factor of 0.55, which was used both for home and school indoor MEs
(Table 1).

Traffic enrichment factors (EF) were defined by calculating annual
PM concentration ratios measured in traffic and urban background sta-
tions (Table 1). In Kuopio, the enrichment factor (1.30) was assessed
using ratios of PM10 measurements. For Lisbon and Porto, the enrich-
ment factor (1.35) was defined from PM2.5 observations measured in
Lisbon and for Athens and Treviso (EF = 1.58) from PM2.5 measure-
ments conducted in Athens.

2.3. Exposure models

Six exposure models were used to estimate annual outdoor gener-
ated PM2.5 exposures in each city (Table 2). To quantify how ignoring
spatial mobility, time-activity and infiltration affects to exposure esti-
mates, complexity of the models were increased by gradually adding
microenvironments. School children spend the majority of their time
during the year in five major MEs (residential and school indoor and
outdoor and traffic). The sixth microenvironment (other indoor) was
formed from multiple MEs including for example shops, theatres and
restaurants. Models 1 to 3 included outdoor MEs only. In models 4 to
6, the effect of infiltration was incorporated to models. Exposures in
each ME were estimated based on modelled outdoor PM2.5 concentra-
tions at home or school locations, taking into account infiltration factors
for indoor ME, and enrichment factor for traffic ME.

Calculated PM2.5 exposures in each ME were integrated with corre-
sponding time-activity data at annual level to calculate time-activity
weighted exposures (Eq. 1).

E ¼ ∑n
j¼1Cjtj ð1Þ

where E is the total exposure for school children, Cj is the population or
pupil weighted outdoor concentration (PWC) in microenvironment j
and ti is the fraction of time (%) spent by the school children in eachME.

Inmodel 1, annual population-weighted concentration in residential
outdoorMEwas calculated usingmodelled PM2.5 concentrations. Popu-
lation grid centroids were used as residential addresses and number of
inhabitants as weights. The nearest modelled concentration of popula-
tion centroidwas used as exposure level in each grid cell. Model 2 incor-
porated residential and school outdoor exposures. School outdoor
exposures were computed using number of pupils as weights in each
school location and the nearest modelled concentration as exposure
level. For Athens and Treviso, school outdoor exposure was calculated
by multiplying residential outdoor exposure with the ratio of school to
residential outdoor exposure in Lisbon. Traffic exposure was calculated
bymultiplying residential outdoor exposurewith the traffic enrichment
factor determined for each city and was integrated to model 3.

Model 4 included outdoor and indoor exposures in residential areas,
and school indoor and outdoor exposures were further added to model
5. Outdoor-originated indoor exposure was calculated by multiplying
residential and school outdoor exposures with the infiltration factors
defined for each city. School indoor exposure with time spent in other
indoormicroenvironmentswas used to calculate other indoor exposure
in model 6, which included six MEs: (i) residential outdoor, (ii) school

Table 2
Used modelling approaches to assess fine particulate matter exposures.

Exposure model Microenvironments No.
of
MEs

Outdoor air-based models M1. Residential outdoor 1
M2. School outdoor + model 1 2
M3. Traffic + model 2 3

Models taking account of
infiltration

M4. Residential indoor + model 1 2
M5. School indoor and outdoor +

model 4
4

M6. Other indoor and traffic +model 5 6

A. Korhonen, H. Relvas, A.I. Miranda et al. Science of the Total Environment 785 (2021) 147111

4



outdoor, (iii) residential indoor, (iv) school indoor, (v) other indoor and
(vi) traffic.

3. Results

Outdoor-originated annual particulate matter (PM2.5) exposures of
school children were assessed using six exposure models based on at-
mospheric chemical transport models, starting from residential based
outdoor exposures and adding complexity to the model in each step.
Relative bias in comparison to themost complexmodel was quantified.
Furthermore, bias and error in modelled PM2.5 concentrations were
evaluated.

3.1. Outdoor-originated fine particulate matter exposures

The annual residential outdoor exposures ranged from 4.5 μg/m3 in
Porto to 27.3 μg/m3 in Treviso representing well the high variability of
outdoor air pollution levels within the European region (Table 3). Tradi-
tional population weighting of residential outdoor concentrations
(model 1), lead on average to 26% higher exposure estimates in compar-
ison tomodel 6. Inmodels 2 and 3 the effect of spatial variability of out-
door school and traffic exposures modestly increased estimated
outdoor exposure levels by 3.1% and 5.0%, respectively, compared to
model 1. In comparison to outdoor air-based models, the numerical es-
timates dropped by up to 32% on average when adding infiltration to
themodels 4–6. Residential basedmodel (# 4) resulted in 14% lower ex-
posures compared to model 6. Spatial supplements to the models 5–6
increased exposure estimates by 8.7% and 16% in comparison to model
4. Accordingly, the underestimation in comparison to model 6
decreased.

In all cities,models relying on outdoor concentrations (#1–3) highly
overestimated the exposures in comparison tomodel number 6 results,
ranging from 3.5 μg/m3 in Porto to 21.7 μg/m3 in Treviso. In Kuopio, the
residential outdoor exposure overestimation (+49%) was the highest.
In South European cities overestimationwere smaller, but still consider-
able, ranging from+26% to+30%. Adding the school outdoor microen-
vironment (ME) (model 2) had virtually no effect on exposure level in
Kuopio (+0.2%), but it increased exposure estimates in the South by
1.5% to 3.2%. Traffic (model 3) increased the exposure estimateswith re-
spect to model 1 by 5.3% in Athens and Treviso, by 4.5% in Lisbon, by
2.8% in Porto, and by 1.4% in Kuopio.

Including infiltration (models 4–6) decreased residential outdoor
based exposure estimates by up to 32% in South European cities and
by up to 44% in Kuopio. In residential based model (# 4) exposures
were between 11% and 16% lower than the model 6 estimates. Adding
the school ME (model 5) increased exposure estimates in Athens,
Lisbon and Treviso (by 8.8%), in Porto by 6.8% and in Kuopio by 2.2%,
and decreased the underestimation of exposures, with respect to the
reference value (model 6).

3.2. Contribution of microenvironments on outdoor-originated PM2.5

exposures

School children were estimated to spent annually 87% of their time
indoors and 10% outdoors in Lisbon and other South European cities
(Athens, Porto and Treviso) (Fig. 2). In Finland school children spent
more time indoors (91%) and less time outdoors (5%) in comparison
to South Europe. Time spent in traffic was the same in all cities (4%).

The time spend in residential indoor ME contributed themost to the
school children's PM2.5 exposure originated from outdoors (55–59%).
School indoor contributions were 5–6% points greater in South Europe
(15–16%) and 13% of exposures occurred outdoors. In Kuopio outdoor
contribution was smaller (8%). Traffic contributed slightly less in
South Europe (6–7%) in comparison to Kuopio (8%). The contribution
of other indoor ME was higher in Kuopio (14%) than in the South
(8–9%). Even though outdoor and traffic exposure levels were up to
over 2 times higher in comparison to outdoor-originated indoor expo-
sures, the amount of time spent indoors makes indoor environments
the largest contributors to the estimated exposures.

4. Discussion

We assessed outdoor-originated annual fine particulate matter ex-
posures of school children in five European cities using six exposure
models. In comparison to the most complete microenvironmental
model (# 6; including residential and school in- and outdoor, other in-
door and traffic), the common use of residential outdoor PM2.5 concen-
trations resulted on average in 26% higher estimates. Time spent
indoors greatly reduced exposure to outdoor generated particles,
while adding school and traffic MEs increased the exposure estimates.
Most of the exposure to outdoor-originated PM2.5 occurred in
indoor MEs.

4.1. Estimation of bias and error in modelled PM2.5 concentrations and
implications on exposure, health impact assessment and epidemiology

Over all modelling domains there was on average minor positive
bias (0.9 μg/m3), slightly more variation in predicted concentrations
(underestimation of variance, UEV −2%) and modest random error
(2.0 μg/m3) (Table 4). In the city domains, Athens had the largest
mean bias (2.1 μg/m3) while in other cities bias was smaller
(0.1–0.3 μg/m3). Contrary to all station average, there was more varia-
tion in observed concentrations in individual city domains. The highest
UEV was in Kuopio (99%) where measurement stations were situated
within 1 km radius of each other and lead to negligible variation in pre-
dicted concentrations. Also in Treviso UEV of predictions was high
(51%), while in Athens (11%) and Lisbon (16%) the variations of pre-
dicted and observed concentrations were closest to each other. Highest
random errors between predicted and observed concentrations inmea-
surement station locationswas in Kuopio (2.7 μg/m3) and lowest in Tre-
viso (0.7 μg/m3). In Athens (1.8 μg/m3) and Lisbon random errors (2.1
μg/m3) were modest.

Table 3
Annual outdoor generated PM2.5 exposures (μg/m3) calculatedwith sixmodels. City-specific and combinedweighted exposure across all cities and relative bias (%) to the referencemodel
(#6).

Athens Kuopio Lisbon Porto Treviso Averagea

μg/m3 (%) μg/m3 (%) μg/m3 (%) μg/m3 (%) μg/m3 (%) μg/m3 (%)

M1. Residential outdoor 19.7 (+26) 6.5 (+49) 12.0 (+27) 4.5 (+30) 27.3 (+26) 15.7 (+26)
M2. School outdoor + M1 20.3 (+30) 6.5 (+49) 12.4 (+31) 4.6 (+32) 28.1 (+30) 16.2 (+30)
M3. Traffic + M2 20.7 (+32) 6.6 (+51) 12.6 (+33) 4.6 (+34) 28.7 (+32) 16.5 (+32)
M4. Residential indoor + M1 13.4 (−14) 3.7 (−16) 8.2 (−14) 3.1 (−11) 18.6 (−14) 10.7 (−14)
M5. School (in + out) + M4 14.6 (−7) 3.7 (−15) 8.9 (−6) 3.3 (−5) 20.2 (−7) 11.6 (−7)
M6. Other in and traffic + M5 15.7 4.4 9. 5 3.5 21.7 12.5

a Population size weighted five-city mean.
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The air quality modelling community traditionally uses a rich set of
parameters to characterize model performance, including mean and
fractional bias, and the corresponding error characteristics (Borrego
et al., 2008; Carslaw and Ropkins, 2012; Kukkonen et al., 2018). Inter-
estingly, the twomain uses of health related air quality data, health im-
pact assessment and epidemiology, have contrasting behaviour in
relationship to bias and random error.

Model bias is important in health impact assessments; any bias in
exposureswill be directly reflected in similar bias in estimates. In epide-
miological analysis, bias in exposure has much less significant role. As
the health data is observational, the magnitude of health effects associ-
ated with air pollution does not depend on any bias of the latter, even
though itmay lead to incorrect understanding of excess risk attributable
to unit exposures. However, while in health impact assessment random
error has no net effect on impact estimates, their detrimental effects in
epidemiological analysis are well known (even if less well acknowl-
edged): random error leads to regression attenuation, or bias towards
zero and thus underestimation of health responses associated with air
pollution (Berkson, 1950). As this regression attenuation effect is pro-
portional to relative standard error, the attenuation becomes more pro-
found at lower exposure levels. The traditional air quality model
evaluation parameters are barely used, probably also due to the chal-
lenges to propagate them through health effect analyses.

4.2. Uncertainties related to exposure models

People spendmost of their time indoors at homewhich considerably
lowers the exposure to outdoor-originated particles, but in the same

timemakes homes themajorME contributing to overall PM2.5 exposure.
Besides building envelope, also time of the year and climate affect infil-
tration of outdoor particles indoors (Canha et al., 2017; Hänninen et al.,
2011; Taylor et al., 2014). In summer time and in warmer climate areas,
windows are likely kept open more and more time is spent outdoors,
leading to higher infiltration and exposures. These are also the reasons
for the highest overestimation of exposures in Kuopio. Due to colder cli-
mate in North Europemore time is spent inside and the particle infiltra-
tion rate indoors is lower in comparison to South. Thus better filtration
of outdoor air wouldmost likely have great impact on human exposure.
On the other hand, in cities that have high outdoor pollutant levels, pri-
marily mitigating pollution from local sources may be themost efficient
solution to reduce exposure to PM2.5.

Exposure estimates are sensitive to time-activity patterns, especially
if an individual or certain population groups spend significant amount
of time outdoors or indoors (e.g. elderly). This effect of lifestyle to the
personal exposure was studied in urban-traffic area near city centre of
Athens (Assimakopoulos et al., 2018). Personal exposures of pensioner
(2ndfloor) and student (4th floor)weremonitored in 15-day campaign
living in the same naturally ventilated building. The exposurewas lower
for pensionerwho spentmore than 90% of the time in residentialmicro-
environment in comparison to student who spent more time (around
40%) in other more polluted MEs. On average residential outdoor
PM2.5 concentrations were higher outdoors (24.2 μg/m3) than in
pensioner's 2nd floor flat (21.6 μg/m3) that was closer to trafficked
street compared to student's 4th floor flat (15.8 μg/m3). In seven other
ME's concentrations ranged from 10.6 μg/m3 in car to 126 μg/m3 in
café where smoking was allowed.

Fig. 2. Time-activity and contribution of each microenvironment to outdoor-originated PM2.5 exposures of school children. Exposures are clearly dominated by indoor environments.

Table 4
Estimate of mean bias, random error and underestimation of variance between observed and predicted (WRF-CAMx) PM2.5 concentrations in 17 measurement stations.

Athens Kuopio Lisbon Porto Treviso Total

Monitoring stations n 6 3 5 1 2 17
Observed mean ± SD μg/m3 16.0 ± 4.1 6.5 ± 2.7 12.3 ± 2.1 5.1 27.5 ± 1.4 13.9 ± 6.9
Predicted mean ± SD μg/m3 18.1 ± 3.7 6.6 ± 0.0 12.6 ± 1.7 5.2 27.7 ± 0.7 14.8 ± 7.1
Mean bias (MB) μg/m3 2.1 0.1 0.3 0.1 0.3 0.9
Random error (RE) μg/m3 1.8 2.7 2.1 a 0.7 2.0
Underestimation of variance (UEV) % 11% 99% 16% a 51% −2%

a Limited data (n ≤ 2) for estimation.
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Time-activity patterns in Kuopio differed from other cities and led to
different contributions of MEs to PM2.5 exposures. Same time-activity
data used for South European cities largely resulted in similar contribu-
tions. Nevertheless Lisbon survey results do not necessarily differ dras-
tically from time-activity patterns of school children of those in Greece
and Italy. Gatto et al. (2014) monitored time-activity patterns of five
children aged between 8 and 11 years in Rome during the spring and
summer/autumn campaigns in 2012, each lasting for 15 days. School
children spent on average 69% of their time in residences, 18% in
schools, 8% outdoors and 5% in other microenvironments including
buses, cars and gyms. The results were similar to our annual estimate
for time-activity patterns of school children in Lisbon, which was fur-
ther applied in Porto, Athens and Treviso. Also in Athens time-activity
patterns of students were found very similar to the ones of Lisbon.
Based on a small-scale (100 elementary school children) survey con-
ducted in the Athens metropolitan area during 2018–2019, children
spend on average 83% of their time indoors (66% in residences, 13% in
schools and 5% in other indoor ME), 8% in traffic and 8% outdoors
(Laskari, 2019).

Our results indicate that when health impacts are analysed in an ep-
idemiological study using outdoor pollution levels, the unit toxicitymay
be substantially underestimated. This is because the outdoor-originated
personal exposure is lower than outdoor concentrations due to major
fraction of exposure is happening in indoor ME where the concentra-
tions are lowered by infiltration. According to the most comprehensive
model (#6) considered here, the reduction of outdoor-originated expo-
sures and thus underestimation in particulate matter toxicity is on
average 21%.

True personal exposures indoors include also particles from indoor
sources, which were not considered in the current paper. Chen et al.
(2020) in their recent work observed that peak exposures in schools
due to indoor sources lead to 10% - 90% higher total exposures for stu-
dents, in comparison to outdoor levels. They further estimated that
37–89% of the personal exposure could result from indoor sources,
which become more dominant when outdoor air gets cleaner. Amato
et al. (2014) estimated that about half (47%) of the school children ex-
posures were originated from indoor sources. Unpaved playgrounds in
comparison to paved playgrounds, and windows oriented directly to
the street rather than to the interior block, were factors that increased
exposure to soil particles and road traffic emissions. In residences, the
role of indoor sources is usually lower. Azimi and Stephens (2020)
tested 4 scenarios to estimate total PM2.5 exposures in the United
States in 2012. They estimated that residential indoor exposure of out-
door origin was the largest contributor (40 to 60%) to the related mor-
tality (230−300k) followed by residential indoor generated sources
(20 to 40%). Outdoor concentrations of air pollutants are most often
used in epidemiological studies (Evangelopoulos et al., 2020), ignoring
exposures to indoor sources in air pollution health impact studies.
This also suggests, in addition to possibly underestimated unit toxicity
of outdoor-originated particles, that the overall health impacts are con-
sistently underestimated.

The choice of a transport mode (active vs. passive), vehicle window
position (closed vs. open) and ventilation settings are among factors
that affect the exposure levels which occur during commuting. Active
commuters route further away from the roads leads to lower exposure;
thus the route choice is an important parameter in the estimation of ex-
posure in traffic.When taking account the higher inhalation rates of cy-
clists or those who are walking, inhaled doses are commonly higher
among active commuters than passive commuters (Correia et al.,
2020). Adams et al. (2016) further demonstrated that inhaled dose dur-
ing walking trip (3.2 μg) for students was greater compared to cycling
(2.2 μg). Okokon et al. (2017) estimated that in three European cities
(Helsinki, Rotterdamand Athens) highest intakeswere found during bi-
cycle rides (24; 28 and 37 μg) in comparison to buses (8; 5 and 21 μg),
closed window (3; 5 and 6 μg) and open window car (7; 7 and 13 μg)
commuters.

Here we assumed that exposure in traffic happens in outdoors or in
other words, all school children were actively commuting near roads
where pollution levels are higher than background levels. Although
the time school children spent in traffic was low, higher concentrations
during commuting increased the exposure estimates up to 5% (between
model 1 and 3) and up to 14% (model 4 and 6). Even though significant
amount of school children in reality are travelling in vehicle and their
exposures and inhaled doseswould be lower, the health benefits gained
during active commuting (Tainio et al., 2016) likely counterbalance the
differences in health impacts, and therefore neglecting the commuting
choice may not lead to bias in associated health impacts.

Time spent in traffic increased exposures most in the bigger cities
(Athens, Lisbon and Treviso) most likely due to higher traffic volumes.
Also the exposures in school locationswere higher in comparison to res-
idential areas and were relatively higher in bigger than in smaller cities
(Kuopio). This indicates that schoolswere located in areaswhere contri-
bution of traffic and other local sources were bigger.

4.3. Spatial and temporal resolution of modelled concentration data and
influence of age distributed population data

Use of a higher temporal resolution of the gridded concentration
data instead of annualmeans in exposuremodels, could have led to big-
ger differences between residential and school exposure estimates. Pop-
ulation level time-activity impacts PM2.5 exposures in some areas, for
example during peak traffic hour during morning and afternoon com-
mute and lower activity and corresponding concentrations especially
during the night while people are at home (Fig. S 1). Thus using hourly
concentrations correlating with the time-microenvironment activity,
most likely would have resulted in lower average concentrations in res-
idential areas, and higher in schools.

Spatial resolution of 1 kmused in thisworkwas reasonably accurate,
because school children spent most time close to home. Fagerholm and
Broberg (2011) showed for example that in Turku, Finland, over 50% of
the school children's activity happens within a radius of 0.5 km from
home. Even though it is shown that moving from coarser to finer reso-
lution have increasing effect on PM2.5 exposure and health impact esti-
mates especially in densely populated urban areas, improving model
resolution from 1 km to finer resolution does not necessarily always
lead to considerable change in results (Fenech et al., 2018; Jiang and
Yoo, 2018; Korhonen et al., 2019; Lehtomäki et al., 2020). The choice
of the modelling system (e.g. chemical transport model or satellite-
based estimates), differences in emission data and in methodology
when calculating health burdens may have greater impact to exposure
and health impact estimates (Ford and Heald, 2016). Also location of
the residence and school plays an important role, since in urban areas
PM2.5 concentrations originating from local sources are higher com-
pared to rural areas, thus resulting higher overall exposures (Fig. S 2).
Combining both spatially and temporally high resolution concentration
data with corresponding time-activity and spatial mobility data, could
potentially greatly improve exposure assessment accuracy of the
individuals.

In residential areas school children's exposures were assessed using
total population of Eurostat population grid (1 km2). To test whether
the exposure estimates were sensitive to age group specific
population-weighting, we calculated exposures for three age groups
(under 15, 15–64 and over 64 years old) in Kuopio with Statistics
Finland gridded population data, and found that there were no differ-
ences in exposures. Therefore, we assume that use of total population
to calculate school children's residential outdoor exposures did not re-
sult to any great bias in this work.

5. Conclusions

We created six models to alternative quantification of school
children's annual exposures to outdoor-originated atmospheric
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aerosols defined as fine particles, adding complexity of the model in
each step. Using our best exposure estimate (model 6) as a reference
point, relative bias of each model was quantified. The most important
factor affecting school children's exposure was infiltration of outdoor
particles to indoors.

The most common use of residential outdoor concentration as pop-
ulation exposure descriptor led to 26% higher exposure estimates on av-
erage in comparison to the most complex model (12.5 μg/m3), which
incorporated outdoor and indoor exposures of outdoor sources in resi-
dential areas and schools, other indoor and traffic microenvironments.
Adding spatial variability for schools and traffic increased exposures re-
lying only on residential outdoor concentrations (model 1) on average
by 3.1% and 5.0%, and when infiltration of outdoor particles indoors
was included (model 4) by 8.7% and 16%, reflecting higher exposures
in school and traffic microenvironments. Although outdoor exposure
levels of PM were up to 1.8 times and traffic exposures up to over 2
times higher in comparison to indoor microenvironments here we esti-
mated that 80–84% of the outdoor-originated PM2.5 exposure occurred
indoors.

Relying only on outdoor concentrations in assessment of outdoor
generated PM2.5 exposures leads to considerable overestimations. This
underlines the importance of incorporating time-activity, spatial mobil-
ity and infiltration of outdoor particles indoors as part of the exposure
assessment approach. In epidemiological assessments, overestimation
of exposure leads to underestimation of toxicity of outdoor-originated
exposures, which occur to a substantial extent indoors at lower levels
as demonstrated here. Ignoring infiltration variability also adds to ran-
dom exposure misclassification with similar implications for outdoor
epidemiological studies.
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• Schools displayed the highest concen-
trations of PM2.5 and PM10 chemical
components.

• Indoor/outdoor ratios are higher in
schools than in homes.

• Organic matter was the main contribu-
tor to the PM mass in all measurement
locations.

• Indoor environments are the main con-
tributors to the exposure and inhaled
dose.
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Particulate matter (PM) pollution is one of the major environmental concerns due to its harmful effects on
human health. As children are particularly vulnerable to particle exposure, this study integrates the concentra-
tion of PM chemical compounds measured in the micro-environments (MEs) where children spend most of
their time to assess the daily exposure and inhaled dose. PM samples were analysed for organic and elemental
carbon and for major and trace elements. Results showed that the MEs that contribute most to the children's
daily exposure (80%) and inhaled dose (65%) were homes and schools. Results indicated that the high contribu-
tion of particulate organicmatter (POM) indoors indicate high contributions of indoor sources to the organic frac-
tion of the particles. The highest concentrations of PM chemical compounds and the highest Indoor/Outdoor
ratios were measured in schools, where the contribution ofmineral elements stands out due to the resuspension
of dust caused by the students and to the chalk used in blackboards. The contribution of the outdoor particles to
inhaled dose (24%)was higher than to the exposure (12%), due to the highest inhalation rates associatedwith the
activities performed outdoor. This study indicates the importance of indoor air quality for the children's exposure
and health.

© 2021 Elsevier B.V. All rights reserved.
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1. Introduction

Particulate Matter (PM) is a complexmixture of small diameter par-
ticles whose components have different physical and chemical charac-
teristics (Calvo et al., 2013; EPA, 2017; Seinfeld and Pandis, 2006).
Several studies have shown that PM exposure is strongly linked to in-
creased respiratory and heart disease (Brunekreef and Forsberg, 2005;
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Davidson et al., 2005; Hauck et al., 2004; Sandström et al., 2005) and the
European Environment Agency (EEA) 2020 report “Air Quality in
Europe” indicates that PM2.5 levels in 2018 were responsible for
about 417,000 premature deaths in Europe (EEA, 2020).

The health effects depend on the place where the PM is deposited in
the respiratory system. This deposition is influenced by PM physico-
chemical characteristics and subject's breathing parameters (Yeh et al.,
1976). The coarse fraction of the particles is deposited in the upper air-
ways (from the nasal or/and oral cavities to the larynx), while the fine
fraction of the particles can be transported to the lower airways (lungs
and alveolar region).

The chemical constituents of PM, including organic compounds,
heavy metals, acids, among others, define the effect of PM on human
health, as their toxicity varies significantly with composition. Previous
studies have found links between the exposure to elements such as
Zn, Al, Br, V, Si, As, Cr, and Ni (in PM2.5) and the increase of cardiovas-
cular and respiratory hospital admissions (Bell et al., 2009; Zanobetti
et al., 2009), the exposure to V, Fe, and Ni and systolic blood pressure
(Jacobs et al., 2012), and the exposure to sulphate and respiratory ill-
nesses (Lippmann and Thurston, 1996; Pope et al., 1995).

Therefore, the chemical characterization of PM is crucial for identify-
ing sources and determining health effects (Hama et al., 2018; Lighty
et al., 2000). However, little is known about the chemical composition
of the PM from the micro-environments (MEs) that mostly affect chil-
dren's daily exposure.

Children belong to a population group with greater sensitivity to
particle exposure. This sensitivity to pollutants is due to the fact that
their immune and respiratory systems are still developing and also be-
cause they breathe greater volumes of air in relation to their body
weight (Burtscher and Schüepp, 2012). On average, a child in the city
of Lisbon spends more than 85% of their time in indoor environments,
whether at home, school, transportation, or in physical activities (Faria
et al., 2020). Therefore, high concentrations of pollutants in these MEs
can negatively affect the health, brain development, and learning per-
formance of children (Brumberg and Karr, 2021; Mohai et al., 2011;
Sunyer et al., 2015).

To assess children's exposure to the different PM chemical com-
pounds and the respective inhaled dose, it is necessary to consider the
time they spent in eachME and outdoors, the concentrations of the pol-
lutants in each ME, and the activity performed by the children.

This study focuses on the assessment of children's exposure to car-
bonaceous matter and to PM major and trace elements. The carbona-
ceous matter in particles is assessed in terms of Organic Carbon (OC)
and Elemental Carbon (EC). OC refers to the carbon found in the form
of organic compounds, which constitute a significant part of atmo-
spheric aerosol, and comprises a complex mixture of different classes
of organic compounds. OC can be considered primary if emitted directly
into the atmosphere, through fireplaces, dust from paved roads, forest
fires, industry, fossil fuels, biogenic material, cooking, among others
(Alves et al., 2014; Amato et al., 2014; Medeiros et al., 2006). The
secondary OC is formed by the fast condensation of gases after their
emission and by photochemical reactions in the atmosphere from gas-
eous precursors (Gelencsér et al., 2007; Seinfeld and Pandis, 2006).
Bertrand et al. (1987), Slezakova et al. (2007) and Lewtas (2007)
showed that OC can cause carcinogenic effects on the population's
health, due to some organic compounds with toxic capacities such as
polycyclic aromatic hydrocarbons (PAH) and organic halogenated com-
pounds like dioxins and furans. EC has a chemical structure similar to
impure graphite and is produced mainly by combustion processes. It is
efficient at absorbing light in the atmosphere and turns that energy
into heat, having a significant impact on climate change, affecting global
warming of Earth (Bahadur et al., 2012; Evangeliou et al., 2018; Kuzu
et al., 2020). The main sources of EC are the combustion of biomass for
heating, the production of energy, the incomplete combustion coming
from transports and industrial processes (Jaeckels et al., 2007), and
cooking (Cunha-Lopes et al., 2019). Newman et al. (2013) found an

association between EC from traffic and higher hyperactivity scores in
children. Grahame and Schlesinger (2010) present a summary of differ-
ent studies that associate EC emitted from diesel engines and other ve-
hicles withmortality from cardiopulmonary and cardiovascular disease.

There is a wide variety of major and trace elements identified in at-
mospheric aerosol particles. Elements in PM can be of primary origin,
related either to anthropogenic or natural sources (such asmarine aero-
sol and mineral components) or they may be of secondary origin,
resulting from photochemical reactions (Seinfeld and Pandis, 2006).
Toxicological and epidemiological studies established a relationship be-
tween chemical components and the toxicity of the particles, referring
the metal content as a possible harmful component of PM (Zanobetti
et al., 2009). Some metallic trace elements of PM, such as As, Cd, Cr,
Pb, and Hg, were associated with carcinogenic effects (Tchounwou
et al., 2012).

This work was developed in the framework of the LIFE Index-Air
project (www.lifeindexair.net) and aims to estimate the integrated chil-
dren exposure to PM chemical components; it should be noted that the
number of studies on the exposure of children to specific PM compo-
nents is scarce, while this knowledge is critical for the determination
of the daily inhaled dose and for the assessment of the health effects
of PM on this sensitive population subgroup.

2. Methodology

2.1. Particulate matter sampling

PM was sampled in 5 primary schools (classrooms), 40 homes
(living-rooms), and respective outdoors in the city of Lisbon, Portugal,
from September 2017 to October 2018. Lisbon has a Mediterranean cli-
mate and is surrounded by the Tagus River (south and east), the forest
park of Monsanto (west), and neighbouring municipalities (north and
northwest). Lisbon has 24 parishes, and the centre is set on seven hills
with the predominance of narrow streets. Due to its geographic position
and the fact that it is the highest populated city in Portugal (508,368 in-
habitants, with a population density of 5081 people per km2) (FFMS,
2019), Lisbon is affected by marine aerosol (Almeida et al., 2013), min-
eral dust from North Africa (Almeida et al., 2008), and road traffic
(Almeida et al., 2009).

The sampling at each home and school lasted for 5 days, during the
occupancy hours (schools: 9 am–6 pm only during weekdays; homes:
6 pm–9 am, duringweekdays, and 24 h duringweekends). In each loca-
tion, four medium volume samplers (MVS6, Leckel, Sven Leckel,
Germany) were used to collect PM in parallel, at a flow rate of 2.3 m3/
h. PM2.5–10 and PM2.5 were collected by the same sampler, though a
specially designed impactor (Faria et al., 2020). Two samplers were
installed indoors and the other two outdoors, in order to simultaneously
collect PM at two differentfilter substrates. Specifically, at each location,
one sampler sampled on 25 mm and 47 mm Quartz fibre filters (Pall),
for PM2.5–10 and PM2.5, respectively. The other sampler sampled on
Nuclepore and polytetrafluoroethylene filters (PTFE). PM2.5–10 were
sampled in 25 mm Nuclepore filters (Whatman) with 0.4 μm pore
size, and PM2.5 were sampled in PTFE 47 mm filters (Whatman) with
2 μm pore size. PM mass concentrations were determined gravimetri-
cally. More details about sampling and quality assurance and control
are described in Faria et al. (2020).

2.2. Chemical characterization

PM2.5–10 and PM2.5 samples collected on Nuclepore and PTFE fil-
ters, respectively, were analysed by X-Ray Fluorescence (XRF) to deter-
mine the following major and trace elements: Na, Mg, Al, Si, S, Cl, K, Ca,
Ti, V, Cr, Mn, Fe, Ni, Cu, Zn, As, Br, Sr, Ba, and Pb. The analysis was per-
formed using an Energy Dispersive X-ray Spectrometer (ED-XRF) Labo-
ratory Instrument (Epsilon 5, PANalytical, the Netherlands). The
instrument was calibrated for aerosol filters by utilizing the NIST 2783
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andCRMs2584 and 2583 standards dispersed onfiltermedia. Analytical
uncertainty ranged from 0.3 to 10%. The detection limits for the mea-
sured elements are provided in Table S1, in the supplementarymaterial.

PM2.5–10 and PM2.5 samples collected on quartz filters were
analysed by the Thermo-Optical Transmittance method (TOT) for the
determination of the OC and EC. A punch of 1 × 1.5 cm was cut from
all quartz filters for the analysis. The TOT analysis was performed
using the Lab OC-EC Aerosol Analyser (Sunset Laboratory Inc., USA)
and the EUSAAR2 protocol, following the QA/QC procedures described
in EN 16909: 2017. The limit of detectionwas 0.02 μg/m3. The analytical
uncertainty was in the range of 5–9% for OC and 6–54% for EC. The high
uncertainties (above 20%) were related to very low EC concentrations,
mostly measured in PM2.5–10 samples. The chemical characterization
methodology is detailed in Manousakas et al. (2018) and Popovicheva
et al. (2019).

2.3. Mass closure

Chemical mass closure was calculated including the assessment of
the contribution of particle organic matter (POM), EC, non-sea salt sul-
phate (nssSO4

2−), mineral dust (MD), sea salt (SS), and trace elements
(Trace) to the total mass, in order to better understand the chemical
composition and aerosol type sampled in the different MEs. The sum
of the chemical species in the aerosol with values lower than the total
mass concentration indicates the existence of unidentified mass (UM).

POMwas calculated by multiplying OC by a factor of 1.6. This factor
is consensual for outdoor urban background locations (Turpin and Lim,
2001; Viidanoja et al., 2002; Wu et al., 2017; Xing et al., 2013; Zheng
et al., 2019). For the indoor the same factor was used because all the
spaces are naturally ventilated and are highly influenced by the urban
outdoor air. However, in homes and schools, fresh OC is expected due
to the emissions from indoor sources, which cause different oxidation
states. For this reason, this factor could be less accurate for indoor envi-
ronments. The contribution of each aerosol type was calculated accord-
ing the equations presented in Table 1. The mineral dust was
determined considering the oxides of Al, Si, Ca, K, Fe, Ti, Mn, Sr, and Ba
(Calvo et al., 2013; Kong et al., 2015; Zhang et al., 2013) and the soil frac-
tions of Ca, K and Fe were calculated using their typical crustal ratios
(Mason, 1966). Sea salt was calculated through the sum of Na, Mg, Cl,
ssK, ssCa, and ssSO₄2− (Calvo et al., 2013; Diapouli et al., 2017). The ele-
ments V, Cr, Ni, Cu, Zn, As, Br, and Pb and the anthropogenic fractions of
K, Ca, and Fe were associated to the trace elements group (Calvo et al.,
2013) (Table 1). EC and nssSO₄2− were considered separately from
any group.

2.4. Children's daily exposure and dose assessment

A self-report questionnaire on time-activity patterns was applied
in 26 schools and obtained 1189 completed responses, allowing to
identify the different MEs frequented by the children and the time

spent in each one of them. The microenvironments considered in
the calculation of exposure and dose were the home, school, and out-
door. These are the 3 MEs where children spend most of their day,
with time spent of 56%, 27%, and 10%, respectively, as described in
Faria et al. (2020). The children's daily exposure was estimated by
integrating the temporal activity data of each child that answered
the questionnaire with the average concentrations of the chemical
constituents measured in each MEs, and afterwards by averaging
all the individual exposure values.

The potential inhaled dose for each childwas estimated bymultiply-
ing the exposure in each ME by the inhalation rate (IR, m3/h), which
was defined based on the activities performed by the children
(5–10 years old) in that ME. Afterwards, the average of all individual
doses was calculated. The different IR used in this work (0.31, 0.42,
and 0.91 m3/h for the activities performed in homes, schools, and out-
door, respectively) were based on the study developed by Buonanno
et al. (2011).

Table 2 summarizes the equations used for the calculation of the dif-
ferent parameters.

The outdoor concentrations used in the calculation of exposure and
dose were measured outside the schools, to better represent the day-
time period.

2.5. Statistical analysis

Statistical calculations using STATISTICA software were performed.
Non-parametric tests were used to compare different populations
hence they do not consider any assumptions related to the distribution.
The Wilcoxon Matched pairs test was applied when both populations
were dependent of each other (differences between pairs of indoor
and outdoor levels) and the Mann–Whitney U test was selected when
the populations were independent (differences between schools and
homes). Statistical significance refers to p < 0.05.

Table 1
Equations used in the mass closure assessment.

Equations Where

POM 1.6 × [OC]
Sea salt [Na] + [Cl] + [Mg] + [ssK] + [ssCa] + [ssSO4

2−] [ssK] = 0.037 × [ssNa]
[ssCa] = 0.038 × [ssNa]
[ssSO4

2−] = 0.253 × [ssNa]
Mineral dust 1.89 × [Al] + 2.14 × [Si] + 1.67 × [Ti] + 1.4 × [soilCa] + 1.2 ×

[soilK] + 1.4 × [soilFe] + 1.58 × Mn + 1.12 × Ba + 1.18 × Sr
[soilCa] = 0.45 × [Al]
[soilK] = 0.32 × [Al]
[soilFe] = 0.62 × [Al]

Trace elements [anthropoK] + [anthropoCa] + [anthropoFe] + [V] + [Cr] + [Ni] +
[Cu] + [Zn] + [As] + [Br] + [Pb]

[anthropoK] = K - soilK – ssK
[anthropoCa] = Ca - soilCa – ssCa
[anthropoFe] = Fe - soilFe

nssSO4
2− SO4

2− − ssSO42−

Table 2
Equations used to calculate the average daily exposure, potentially inhaled dose, and con-
tribution of the different MEs for the daily exposure and dose.

Equations

Average daily exposure
(ng/m3)

∑
m

j¼1
Cj ∙tj

∑
m

j¼1
tj

Cj: concentration measured in the
ME (j) tj: time spent in the ME (j)
IRj: inhalation rate in the ME (j)

Potential inhaled dose (ng)
∑
m

j¼1
Cj ∙tj ∙IRj
� �

Contribution of the ME (a)
to the daily exposure (%)

Ca�ta

∑
m

j¼1
Cj�tj

� 100

Contribution of the ME (a)
to the daily inhaled dose
(%)

Ca�ta�IRa

∑
m

j¼1
Cj�tj�IRj

� 100
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3. Results

3.1. Particulate matter mass concentration

Summary statistics of the concentrations of PM and associated
chemical components measured at homes, schools, and outdoor are
provided in Table S2, in the supplementary material.

The PM2.5 and PM10 average concentrations in the living rooms
were 15 and 18 μg/m3, respectively, and the mean PM2.5 and PM10 in-
door/outdoor (I/O) ratio was 1.4 and 0.90, respectively. On average, the
PM2.5/PM10 ratios were higher indoors (0.78) than outdoors (0.59),
evidencing the important contribution of the indoor sources for the
fine fraction and higher penetration rates for outdoor-generated fine
particles than for the coarse fraction (Chen and Zhao, 2011; Diapouli
et al., 2011; Nadali et al., 2020).

These results were similar to the levels found in homes from Porto
(PM2.5: 12 μg/m3) (Madureira et al., 2016), Athens (PM2.5: 13 μg/m3;
PM10: 21 μg/m3) (Stamatelopoulou et al., 2019), Antwerp (PM2.5:
15 μg/m3) (Stranger et al., 2007), and Boston (PM10: 20 μg/m3) (Abt
et al., 2000).

In classrooms, the PM2.5 and PM10 average concentrations were 35
and 65 μg/m3, respectively, and themean PM2.5 and PM10 I/O ratiowas
2.4 and 2.3, respectively. On average, the PM2.5/PM10 ratio indoor
(0.57) was lower than outdoor (0.65). The results were similar to the
ones measured inMilan of 33 μg/m3 (Rovelli et al., 2014) and Barcelona
of 37 μg/m3 (Rivas et al., 2014) for PM2.5 and the onesmeasured inMu-
nich of 72 μg/m3 (Fromme et al., 2007) for PM10.

The low PM2.5/PM10 ratios found inside schools indicate an
increased contribution from the coarse fraction, due to resuspension
of dust and generation of particles (coarse principally), related to
the movement and different activities performed by the children
(Diapouli et al., 2008). The PM levels measured in this study are
discussed in more detail in Faria et al. (2020).

3.2. Mass closure

Mass closure reconstructed the PM mass concentrations by achiev-
ing closure between gravimetric PMmass and the sumof the PM chem-
ical compounds, in order to determine the contribution of the different
aerosol types in each ME and quantify the percentage of non-identified

Fig. 1. Average indoor (inner circle) and outdoor (outer circle) PM2.5 and PM10 chemical composition in homes and schools.
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compounds in the analysis. Fig. 1 presents the contribution of each
chemical compound/aerosol type to the PM mass indoor and outdoor
of the homes and schools.

On average, the analysed chemical compounds accounted for 80% of
the total PMmassmeasured in all ME. The remaining fraction can be at-
tributed to nitrates and ammonium, which were not measured in this
study besides their importance for the share of the PM mass. Indoors,
the contribution of the undefined mass (UM) to the gravimetric mass
varied between 10% and 16%. Outdoors the contribution was higher
(26% to 36%), which can be attributed to the fact that the contribution
of some species like nitrate is higher outdoors than indoors. Sarnat
et al. (2006) showed that indoor NH4NO3 levels are significantly lower
than outdoors since nitrate tends to volatilize at warmer indoor
temperatures.

POM was the dominant contributor to the total mass of PM princi-
pally inside of homes (63% for PM2.5 and 61% for PM10) and schools
(57% for PM2.5 and 54% for PM10). The mineral dust was the second
main contributor in schools, accounting for 11% of PM2.5 mass and
10% of PM10 mass followed by trace elements with a contribution of
8–9% and by nssSO₄2− with a contribution of 6–8%. In homes, the sum
of nssSO₄2− and the mineral dust accounted for 15% of the PM2.5 and
PM10.

3.2.1. Carbonaceous species
The concentration of OC is expressed, in mass balance, as POMwith

the intention of adding the heteroatoms of the organic matter (H, N, O),
also present in organic compounds (Rivas et al., 2014). POM is the dom-
inant contributor in all measured locations. In both fractions, the con-
centrations of OC inside the homes (PM2.5: 6.2 μg/m3; PM10: 7.5 μg/
m3) were significantly higher (p < 0.05) than the outdoor levels
(PM2.5: 3.0 μg/m3; PM10: 3.8 μg/m3), with an I/O ratio of 3.2–2.7, re-
spectively. This high contribution of the POM indoors can be related to
the infiltration of outdoor particles and the contribution of indoor
sources, such as cleaning and hygiene products, cooking, skin debris,
sub micrometric fragments of paper, and clothing fibres (Alves et al.,
2014).

The highest indoor OC concentrations were registered in a home
where two of the residents smoke indoors (OC Range: in PM2.5–26-
54 μg/m3; in PM10: 36–56 μg/m3). The very high I/O ratios (23 for
PM2.5 and 18 for PM10) point towards the importance of cigarette

smoke as a primary source of OC (Rogge et al., 1996; Subramanian
et al., 2007). Custódio et al. (2014) in residences of Aveiro and São
João da Madeira, in Portugal, also measured the highest OC concentra-
tions in smokers' homes (27 ± 18 μg/m3).

On average, our results were lower than those obtained in other
studies conducted in homes, with OC values in PM2.5 of 13 μg/m3

(Perrino et al., 2016), 15 μg/m3 (Na and Cocker, 2005), and 17 μg/m3

(Ho et al., 2004). In all the mentioned studies, the I/O ratio for OC was
higher than 1.0.

Regarding schools, the concentrations of OCwere higher in the class-
room than outdoors for PM2.5 (I/O ratio: 2.7) and PM10 (I/O ratio: 3.4).
The OC concentrations in the classrooms (PM2.5: 13 μg/m3 and
PM10: 21 μg/m3) were significantly higher than in the homes (PM2.5:
6.2 μg/m3 and PM10: 7.5 μg/m3) (p < 0.05). Levels found in the litera-
ture for schools, varied between 10 and 14 μg/m3 for OC in PM2.5
(Pegas et al., 2012; Rivas et al., 2014; Viana et al., 2014). For OC in coarse
particles, Viana et al. (2014)measured values of 22 μg/m3. These results
are within the range of the ones reported in the present study. Pegas
et al. (2012) obtained for schools in the centre of Aveiro, Portugal, I/O ra-
tios for OC in PM10 of 3.4 ± 1.4, which were also similar to those found
in this study. The high OC I/O ratios suggest that indoor activities/occu-
pancy lead to OC generation. The condensation of semi-volatile organic
compounds during the ambient air infiltration indoors and the forma-
tion of secondary organic aerosol (SOA) indoors may also contribute
to these I/O ratios above 1.0 (Amato et al., 2016; Waring et al., 2011).
The study of the Polidori et al. (2006) estimated that 40–75%of themea-
sured organic aerosol is generated indoors and speculated that SOA is an
important contributor. The SOA forms due to products of oxidative reac-
tions with reactive organic compounds indoors (Waring, 2014). The
higher I/O ratios of OC in PM10 measured in schools, besides a signifi-
cant contribution from resuspension indoors, due to the presence and
movement of a high number of children, could be partly related to the
emission of carbonate carbon (CC) indoors, due to the use of chalk-
boards in some of the schools. On average, the I/O ratio for OC in
PM10 in schools that have chalkboards was 3.0, while in schools with-
out chalkboards the I/O ratio was 1.3. The presence of significant
amounts of CC in PM samples causes interferencewith the TOT analysis,
leading to overestimation of the OC concentrations mainly (Karanasiou
et al., 2011) This is supported by the lower PM2.5/PM10 ratios observed
in schools (0.59) compared to homes (0.79) (Figs. 2 and 3).

Fig. 2. Mass concentrations in PM2.5 and PM10 measured in homes (values in ng/m3). Contribution of PM2.5 and PM2.5–10 to PM10 (values in percentage).
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For EC, the concentrations were lower in living rooms (PM2.5:
1.0 μg/m3; PM10: 1.1 μg/m3) than in the respective outdoor (PM2.5:
1.2 μg/m3; PM10: 1.3 μg/m3), representing an I/O ratio of 0.9 and 1.0, re-
spectively, probably due to the fact that the traffic is the main source of
EC. These EC concentrations were lower than those obtained in similar
studies (Perrino et al., 2016; Na and Cocker, 2005; Ho et al., 2004).

The EC concentrations obtained in schools (PM2.5: 1.3 μg/m3 and
PM10: 1.7 μg/m3) were similar to the home's levels (PM2.5: 1.0 μg/m3

and PM10: 1.1 μg/m3) with an I/O ratio of 1.0 in PM2.5 and of 1.3 in
PM10. These results indicate that EC indoors is mainly of ambient origin
(Assimakopoulos et al., 2018; Diapouli et al., 2010). Similar concentra-
tions in schools have been found in the literature, with reported values
of 1.3 μg/m3 for EC in PM2.5 (Rivas et al., 2014) and 1.1 μg/m3 for EC in
PM10 (Pegas et al., 2012).

The indoor and outdoor OC and EC concentrationswere significantly
higher at the school sites because measurements occurred during the
occupied periods of the MEs. In schools, the sampling was performed
during the period with higher traffic intensity (between 9 am and
6 pm) while in homes occurred mainly during the night-time (from
6 pm to 9 am). The mean ambient OC and EC concentrations were sim-
ilar to those found in the literature. Other studies measured daily aver-
ages between 2.5 and 13 μg/m3 for ambient OC and between 0.50 and
6.4 μg/m3 for EC in PM2.5 (Ho et al., 2004; Landis et al., 2001; Na and
Cocker, 2005; Olson et al., 2008; Perrino et al., 2016; Viana et al.,
2007). Amato et al. (2016) also reported similar OC and EC levels for
urban background sites in Southern European cities.

The PM2.5/PM10 ratio has been usually used as an indication in the
identification of sources of pollution since different sizes of PM are asso-
ciated to different sources. Figs. 2 and 3 shows the PM2.5/PM10 ratio for
each PM chemical compound and the respective concentrations. The
PM2.5/PM10 ratios in the homes (OC: 0.79 and EC: 0.97) were higher
than those observed in classroom, pointing towards a significant contri-
bution from coarse particles in schools. In accordancewithMartins et al.
(2020), OC and EC can adhere to the surface of coarser particles depos-
ited on the surfaces and subsequently resuspendedwith people'smove-
ment. Thus, in the classrooms, the elevated contribution of OC and EC in
PM2.5–10 can be related to the higher occupancy and consequent ele-
vated children's activity.

The OC/EC ratio is used to study the differences in the characteristics
of carbonaceous aerosol and its sources (Kumar et al., 2016; Pio et al.,
2011; Zhao et al., 2019). OC/EC ratios are influenced by emission

sources, removal rates by deposition, and SOA formation (Cao et al.,
2005). This ratio can vary widely as can be seen in the available litera-
ture. In the studies developed by Hueglin et al. (2005); Pio et al.
(2011) and Puxbaum et al. (2004) the OC/EC ratio ranged between 1.2
and 3.1, showing an association with vehicle exhaust emissions and
fuel burning (Kumar et al., 2016; Zhao et al., 2019). In the studies devel-
oped by Long et al. (2000); Na and Cocker (2005); Olson et al. (2008)
and Viana et al. (2007) the ratio varied between 4.4 and 9.1 indicating
an association with the combustion of coal, burning of biomass
(Almeida-Silva et al., 2015; Zhao et al., 2019), formation of SOA or inter-
nal sources such as cleaning products, sub-micrometre fragments of
paper, and waxes (Almeida-Silva et al., 2015; Alves et al., 2014; Cao
et al., 2005). Even though the ratio vary a lot depending on the domi-
nant sources of EC and OC in each region, it has been found that it is
rather constant in certain environments, as for example in urban back-
ground atmospheres, and it has been used in the past as an effective tool
to derive the ratio of OC and EC from fossil fuel combustion and conse-
quently to differentiate OC from primary and secondary sources (Pio
et al., 2011).

In this study, the OC/EC ratio was 9.3 and 11 for the living rooms and
3.3 and 4.1 for the respective outdoors in the fraction of PM2.5 and
PM10, respectively. In the classrooms, the OC/EC ratio was 12 and 15
for PM2.5 and PM10 and outdoors, the values were 4.9 and 6.1, respec-
tively. These outdoor values of the ratio are typical of urban environ-
ments (Lonati et al., 2007).

3.2.2. Sulphate
SO₄2− is a secondary aerosol formed in the atmosphere from precur-

sor gases such as sulphur dioxide (SO2) (Stockwell et al., 2003), with
different sources such as industrial processes, energy production and
road traffic (Amato et al., 2014; Calvo et al., 2013). The contribution of
SO₄2− to the total mass was higher outdoors (Fig. 1). The I/O ratio was
0.90 in homes and 1.2 in schools for PM2.5 and 0.80 in homes and 1.2
in schools for PM10. The PM2.5/PM10 ratio was 0.90 in homes, 0.82 in
schools and 0.79 outdoor, demonstrating that the SO₄2− is principally
found in the fine fraction.

3.2.3. Mineral dust
Mineral dust contributed 11% and 10% to the totalmass of PM2.5 and

PM10, respectively in schools and 4% for PM2.5 and 5% for PM10 in liv-
ing rooms. Outdoors, the mineral dust contribution varied between 9%

Fig. 3.Mass concentrations in PM2.5 and PM10 measured in schools (values in ng/m3). Contribution of PM2.5 and PM2.5–10 to PM10 (values in percentage).
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in PM2.5 and 11% in PM10. Mineral dust is generated by the action of
wind on the Earth's surface and the main sources are deserts or semi-
arid surfaces (Calvo et al., 2013). The dust released into the air depends
on several factors intrinsic to the soil and weather conditions
(Washington and Todd, 2005). The chemical composition of the dust re-
lated particles is dependent on the soil and location where they origi-
nate from. Portugal is located in the Iberian Peninsula with semi-arid
zones (Artíñano et al., 2001), and frequently affected by Sahara dust
events (Almeida et al., 2008). In cities, the road/sidewalk resuspension,
construction, and demolition activities and the green spaces can be also
sources of mineral dust. Contrary to what happens in homes, in the
schools, the I/O ratio for themineral dustwashigher than 1.0. In schools,
some elements, such as Si and Ti presented I/O ratios above 2.0, which
can be attributed to the transfer of dust from the soil (playground)
caused by the students entering in school buildings, and the respective
resuspension of dust due to the intense movement of the children.

The PM2.5/PM10 of these mineral elements (such as Al and Si) was
slightly higher indoor than in outdoor environments. This result is in ac-
cordance with Martins et al. (2020) study, which showed that the min-
eral elements outdoors are mainly present in the coarse fraction
(PM2.5–10), while indoors the fine fraction is more relevant due to
the most efficient infiltration rates observed for the fine PM (Nadali
et al., 2020).

3.2.4. Sea salt
The contribution of sea salt to the totalmass of PMwasmore evident

outdoors than indoors. The Na, Cl, Mg, K and SO42− are the main ele-
ments contributing for the sea salt source (Calvo et al., 2013; Diapouli
et al., 2017). In Lisbon city, the main source of sea salt is the ocean
(Putaud et al., 2004), due to its geographical position and the dominant
regime of western winds, influenced by the presence of semi-
permanent air masses over the North Atlantic Ocean (i.e. Azores anticy-
clone and Icelandic cyclone).

Inside the homes and schools, the PM2.5/PM10 ratio was 0.49 and
outside it was 0.24, probably due to the influence of marine air masses
that are essentially composed of coarse particles and to higher infiltra-
tion rates attributed to the fine particles. The same conclusion is found
in the literature (Almeida et al., 2006; Alves et al., 2007).

3.2.5. Trace elements
The trace elements contributed 3% for the total mass of PM2.5 and

PM10 in homes. The sum of these elements were significantly higher

in the classroom (PM2.5: 2700 ng/m3; PM10: 6300 ng/m3) than in
living-rooms (PM2.5: 400 ng/m3; PM10: 620 ng/m3) and significantly
higher indoor than outdoor of schools (PM2.5 and PM10 in playground:
1100 ng/m3 and 1900 ng/m3). These results can be explained by the
high levels of anthropogenic calcium measured in schools. The average
anthropogenic Ca concentrations in schools were 2300 ng/m3 for PM2.5
and 5600 ng/m3 for PM10, while in homes, the respective levels were
170 and 490 ng/m3. These high concentrations of Ca in schools are
caused by the use of chalk on blackboards as also observed by
Almeida et al. (2011) and Viana et al. (2014). The Ca concentration
was from 1.6 to 5.4 times higher in the schools that use chalk than in
the ones that use a whiteboard marker.

Outdoors, the concentrations of elements related to the road dust
and mechanical abrasion of tyres and brakes, such as Ca, Ti, Si, Al, Ba,
Zn, Cu, and Pb (Calvo et al., 2013), were higher in school locations com-
pared to homes, which may indicate a greater contribution from road
traffic. According to the time-activity study performed by Faria et al.
(2020), the majority of children in Lisbon go to school by private car,
which favours traffic congestion on the roads around the school. More-
over, as the sampling was conducted during the normal occupied pe-
riod, the home samples mostly covered the night-hours. The PM2.5/
PM10 ratio shows higher levels of these elements in the fine fraction
in homes (0.70) and outdoor (0.60) and the opposite in schools (0.44).

3.3. Exposure and inhaled dose assessment

Figs. 4 and 5 present the contributions of the different MEs to the
daily PM2.5 and PM10 exposure. The results show that home and school
together have a contribution higher than 80% to the daily exposure of
the children to all PM chemical compounds.

Although children spend most of their day at home, the schools
displayed the highest contribution for the exposure to the mineral ele-
ments. Al, Si, Sr, and Ti concentrations were significantly higher in
schools, compensating for the effect of time in calculating the exposure.
The contribution of the school ME in the daily exposure to Ca was 78%
for PM2.5 and 81% for PM10. The children's exposure to Ca in school
was 38,000 ng/m3·h for PM10, while in the home was 5100 ng/m3·h
(Table S3, in supplementary material). As explained in the previous
chapter, this exposure to Ca is related to the use of chalk in the
classrooms.

For EC, S, Cl, Na, As, Cu, Ni and V, homes represented the main con-
tributor for the daily exposure of the children, not because their

Fig. 4. Contribution of each ME to the daily PM2.5 exposure.
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concentrations were higher in the homes, but because time compen-
sated the effect of the concentration in the calculation of the exposure.

These results agree with other studies about the importance of the
assessment and improvement of the air quality indoors. In a study car-
ried out in Denmark, 90% of people's daily exposure to ultrafine particles
took place indoors (Bekö et al., 2015). Wu et al. (2005a, 2005b) con-
cluded that indoor locations in Southern Californiawere themost signif-
icant MEs for the exposure to the pollutants CO, NO2, PM10, PM2.5, and
EC. In the study performed by Chau et al. (2002), residential homes in
Hong Kong were the major contributors for NO2, PM10, and CO expo-
sures for young, adults, and elderly. Wu et al. (2005a, 2005b) studied
the exposure of asthmatic children to PM2.5 and concluded that expo-
sures in MEs with high concentrations of PM, even if occupied for a
short period, can still have significant contributions to total exposure.
In their study, 45% of the exposure to PM2.5 occurred at home, where
they spent more than 60% of their time, and 29% in the school, where
they spent only 16% of the time.

Figs. 6 and 7 show that the contribution of each ME to the daily in-
haled dose follows the same pattern as the daily exposure, with the
home and school together contributing to more than 65%. Themain dif-
ference is that there is an increase in the contribution of the outdoor

atmosphere to the inhaled dose (24%) compared to the contribution
to the exposure (12%), due to the higher inhalation rate associated
with more intense physical activity during the time spent outdoors by
children (outdoor inhalation rate: 0.91). A ventilation rate between
2.2 and 2.9 times higher than when sleeping/resting and studying, re-
spectively. These data reinforce the idea already defended in other stud-
ies (Carlisle and Sharp, 2001; Giles and Koehle, 2014; Qin et al., 2019;
Ramos et al., 2017, 2016), that physical activity should be carried out
away from highly polluted areas, because higher rates of inhalation, po-
tentiates higher inhaled dose of pollutants with effects on health.

4. Conclusions

This work aimed to integrate the concentrations of PM components
measured in theMEs where children spend most of their time to assess
their exposure, since this is a key determinant of the received dose and
thus directly influences the impacts on their health.

The main findings from this work may be summarised as follows:

• Schools displayed the highest concentrations of PM2.5 and PM10
chemical components, which can be attributed to the transfer of

Fig. 5. Contribution of each ME to the daily PM10 exposure.

Fig. 6. Contribution of each ME to the PM2.5 inhaled daily dose.
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dust from the soil (playground) to the school buildings and its resus-
pension due to the intense movement of the children.

• POM was the main contributor to the PM mass in all locations, espe-
cially in homes. The mineral dust was the second main contributor
in schools and summed with nssSO₄2− accounted for 15% of the
PM2.5 and PM10 in homes

• Home and school were the MEs that contribute the most to the chil-
dren's daily exposure (80%) and to the inhaled dose (65%), highlight-
ing the importance of indoor air quality.

• The contribution from the outdoor was higher in the case of the in-
haled dose (24%), in comparison to exposure, due to the higher inha-
lation rates associated with the activities performed outdoors. This
reinforces the importance of developing outdoor activities far away
from places with high levels of pollutants.

• As the tools used in this work only provide an indication for possible
PM sources, this study should be regarded as a first approach in
describing the characteristics of aerosols and children's exposure,
and it should be followed by a dedicated work focused on source
identification.
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